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Preface

ix

This assessment report presents the results of the 2016 AMAP
Assessment of Chemicals of Emerging Arctic Concern. This
assessment updates the AMAP POPs assessments delivered in
1998,2002 and 2009, specifically with respect to information on
chemicals newly identified in the Arctic environment.

The Arctic Monitoring and Assessment Programme (AMAP)
is a Working Group of the Arctic Council. The Arctic Council
Ministers have requested AMAP to:

» produce integrated assessment reports on the status and
trends of Arctic ecosystems;

o identify possible causes for the changing conditions;

o detect emerging problems, their possible causes, and the
potential risk to Arctic ecosystems including indigenous
peoples and other Arctic residents;

o recommend actions required to reduce risks to Arctic
ecosystems.

This report provides the accessible scientific basis and validation
for the statements and recommendations made in the Chemicals
of Emerging Arctic Concern Summary for Policy-makers
report' that was delivered to Arctic Council Ministers at their
meeting in Fairbanks, Alaska, USA in May 2017. The present
report includes extensive background data and references to
the scientific literature, and details the sources for graphics
reproduced in the policy-makers summary report. Whereas the
Summary for Policy-makers report contains recommendations
that focus mainly on policy-relevant actions concerned with
addressing contaminant impacts on Arctic human populations,
the conclusions and recommendations presented in this report
also cover issues of a more scientific nature, such as proposals
for filling gaps in knowledge, and recommendations relevant
to future monitoring and research work.

This assessment of chemicals of emerging Arctic concern was
conducted between 2014 and 2016 by an international group
of experts. The expert group members and lead authors were
appointed following an open nomination process coordinated
by AMAP. A similar process was used to select international
experts who independently reviewed this report.

Information contained in this report is fully referenced and
based first and foremost on results of research and monitoring
undertaken since 2009. It incorporates some new (unpublished)
information from monitoring and research conducted according
to well established and documented national and international
standards and quality assurance/quality control protocols. Care
was taken to ensure that no critical probability statements are
based on non peer-reviewed materials. Access to reliable and
up-to-date information is essential for the development of
science-based decision-making regarding ongoing changes in
the Arctic and their global implications.

The assessment lead authors have confirmed that both this
report and its derivative products accurately and fully reflect
their scientific assessment. Al AMAP assessment reports are
freely available from the AMAP Secretariat and on the AMAP
website: www.amap.no, and their use for educational purposes
is encouraged.

AMAP would like to express its appreciation to all experts who
have contributed their time, efforts and data, in particular the
lead authors who coordinated the production of this report.
Thanks are also due to the reviewers who contributed to
the assessment peer-review process and provided valuable
comments that helped to ensure the quality of the report. A
list of contributors is included in the acknowledgements at the
start of this report and lead authors are identified at the start
of each chapter, and each main sub-section of Chapter 2. The
acknowledgements list is not comprehensive. Specifically, it
does not include the many national institutes, laboratories and
organizations, and their staff that have been involved in various
countries in contaminants-related monitoring and research.
Apologies, and no lesser thanks are given to any individuals
unintentionally omitted from the list.

The support from the Arctic countries and non-Arctic countries
implementing research and monitoring in the Arctic is vital to
the success of AMAP. The AMAP work is essentially based on
ongoing activities within these countries, and the countries that
provide the necessary support for most of the experts involved
in the preparation of the AMAP assessments. In particular,
AMAP would like to acknowledge Canada, the Kingdom of
Denmark and Sweden for taking the lead country role in this
assessment and thank Canada, Norway (Ministry of Foreign
Affairs) and the Nordic Council of Ministers for their financial
support to this assessment work.

The AMAP Working Group is pleased to present its assessment
to the Arctic Council and the international science community.
Cynthia de Wit (POPs Expert Group co-lead, Sweden)
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Extract from Chemicals of Emerging Arctic Concern:

Summary for Policy Makers

The Arctic Monitoring and Assessment Programme (AMAP) Chemicals of Emerging Arctic Concern 2016 assessment was
presented to Arctic Council Ministers in 2017 in the form of a Summary for Policy-makers document. The following pages
(xi-xv) are an extract of that document showing how the content of this report has been interpreted in the form of findings
and recommendations for policy-makers. Access to reliable and up-to-date information is essential for the development of

science-based decision-making.

The changing face of Arctic pollution

Though distantly located from industrialized centers and
agricultural source regions, the Arctic is a sink for global
pollutants. The atmosphere, oceans and rivers transport
the pollutants released at lower latitudes and deposit them
in Arctic ecosystems. Since its establishment in 1991, the
Arctic Monitoring and Assessment Programme (AMAP) has
documented the extent and effects of pollution in the Arctic and
tracked new developments in order to inform policy decisions.

AMAPs initial assessments of these issues in 1997 contributed
significantly to the negotiation of international agreements, such
as the ‘UNECE’s Convention on Long-range Transboundary
Air Pollution (LRTAP) Protocol on Persistent Organic
Pollutants’ and the ‘Stockholm Convention on Persistent
Organic Pollutants, to restrict and phase out the use of these
chemicals on a regional and global scale. As a result of global
regulations and other national and regional controls, levels of
many Persistent Organic Pollutants (POPs) are now declining
in the Arctic and elsewhere. But, the issue of Arctic pollution
is not a solved problem.

Chemicals of emerging concern

Tens of thousands of chemicals are presently on the market and
new substances continue to enter commerce each year. Many of
the chemicals currently registered for use have characteristics
similar to legacy pollutants, including a potential to reach the
Arctic; however, most are not subject to international (global)
regulation. Although international conventions, such as the
Stockholm Convention, continue to add new chemicals of
concern to the list subject to restrictions, their scope is limited.
This, together with the sheer number of chemicals that are in
everyday use may constrain their effectiveness in addressing
all emerging Arctic pollutants.

Improved analytical technologies, research and screening
programmes continue to reveal the presence of chemicals
that have previously gone unnoticed, or were not expected
to be present in the Arctic. Although newly detected in the
Arctic, these so-called ‘chemicals of emerging concern, have
often been in use and present in the environment for years,
even decades. Chemicals found in the Arctic may originate
from local sources within the region or come from distant
locations. The detection of a new substance in the Arctic that
has no local sources is particularly important, as it provides
evidence of the chemical’s potential to disperse globally. As
new substances and their breakdown products continue to be

discovered, the notion of what constitutes an ‘environmental
pollutant’ warranting concern also changes, and updated
regulatory actions may be needed.

This policy summary refers to the most recent AMAP assessment
which looks at a wide range of chemicals newly and recently
detected in Arctic ecosystems. These ‘chemicals of emerging
Arctic concern’ should be considered potential candidates for
future research or monitoring and possibly for consideration
under relevant global and/or regional regulations. In addition,
these chemicals of emerging concern contribute to an even
broader understanding of how Arctic pollution is changing,
which is the primary focus of this summary document and the
basis for the recommendations of the AMAP working group
given later in this document.

How are new chemicals of
emerging concern identified?

There are an estimated 150000 substances in commerce
today, of which less than 1000 are routinely monitored in the
environment. Despite the large number of chemicals currently
in use, several approaches can be used to recognize those that
present a potential concern for Arctic ecosystems.

Database screening

Given the large number of chemicals currently in commerce,
initial steps are needed to narrow the pool of potential pollutants
to those with the highest probability of being chemicals of
concern for the Arctic as well as for the rest of the world. This
can be done by screening databases for substances currently in
use that have chemical properties similar to known pollutants
and the potential for long-range atmospheric transport. The list
of chemicals meeting such specifications can then be targeted
for possible regulation or additional study. Recent screening of
chemical databases in Europe and North America has identified
up to about 1200 substances with the potential to reach the
Arctic and accumulate in food webs.

Environmental analysis

While database screening can identify chemicals with the
potential to be chemicals of emerging Arctic concern, the
analysis of environmental samples is required to verify the
presence of a suspected chemical and its concentrations in
Arctic ecosystems and their inhabitants. Such targeted analysis
is responsible for identifying the chemicals of emerging Arctic
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concern presented in the current AMAP assessment. New
technologies also permit environmental samples to be screened
for the presence of unknown or unrecognized pollutants. This
type of ‘non-target’ analysis allows substances to be identified
without specifically looking for them and if regularly employed,
could hasten the discovery of chemicals of emerging concern
in the Arctic.

Long-term monitoring programmes and
sample archives

Often, chemicals newly identified in the Arctic have been
in use for years, or even decades, prior to their discovery.
Thus, additional information is needed to establish how
long a chemical has been present in the Arctic and whether
its levels have changed through time. Historical levels of
many chemicals can be determined through the analysis
of archived samples stored specifically for this purpose as
well as through the use of natural ‘records’ such as sediment
layers and ice cores. The inclusion of suspected chemicals
of concern in long-term monitoring programmes helps to
establish trends in environmental levels moving forward,
and is useful for informing policies and monitoring the
effectiveness of regulations.

Differences between chemicals of
emerging concern and ‘conventional’
pollutants

Four criteria are used to establish whether a chemical qualifies
for consideration as a POP according to the Stockholm
Convention: chemicals need to persist in the environment
for extended periods of time, have the potential to undergo
long range transport; accumulate in humans, flora or fauna,
and cause adverse effects. Some of the chemicals of emerging
Arctic concern meet these criteria and are already under
consideration for global regulation or have yet to be assessed.
However, other emerging chemicals possess characteristics
that fall outside of these criteria or, in some cases information
on their environmental behavior and potential to cause
adverse health effects is lacking. Such chemicals may therefore
not qualify for inclusion under the existing global conventions
and may require alternative actions in order to control their
releases in a timely manner.

Regional and local sources

Because of the remote location of the Arctic and its small
population, the occurrence of chemicals in the region has
mostly been attributed to their transport from distantly-located,
industrial and agricultural areas. However, several chemicals of
emerging concern are being found at elevated levels near Arctic
towns and villages, indicating that local settlements may also
serve as point sources of chemicals of concern to the Arctic
region. Inadequate wastewater treatment in particular seems
to be a source of some pharmaceuticals and chemicals used
in personal care products, as well as other chemicals found in
household products such as some siloxanes and phthalates.

Such sources could be addressed through improvement
in wastewater treatment in Arctic communities. Targeted
monitoring in remote areas can also help to distinguish between
long-range transport and local emissions as the main source.

Shorter lifespans

Some chemicals of emerging Arctic concern degrade
readily in the hours to weeks following their release into
the environment. Despite having shorter lifespans than
POPs, these chemicals may still be a concern in the Arctic
as a result of their continuous releases in high amounts or
transformation into stable degradation products. For example,
pharmaceuticals and personal care products released by local
wastewater sources are generally not considered to persist in
the environment. However, continuous release from northern
communities and slow breakdown that results from the
colder temperatures and reduced sunlight conditions unique
to the Arctic could have consequences for local ecosystems
and populations.

Unique chemical makeups

Some emerging pollution threats do not fit the mould of POPs,
and thus are not eligible for consideration under current
global regulatory practices. For example, plastic debris, and in
particular, ‘microplastics’ are emerging as a major environmental
concern world-wide, including in the Arctic. Microplastics are
small particles comprised of a wide and diverse range of organic
polymers. Although microplastics exhibit some similarities
to POPs in terms of long-range transport and potential for
harmful effects, because of their complex makeup, they cannot
be evaluated with current risk assessment tools and criteria used
for POPs, which were developed to focus very specifically on
individual chemicals with specific properties.

Unknown toxicity

Owing to their more recent detection in the environment,
less data are available on chemicals of emerging concern
compared with legacy pollutants. Important information on
the toxicity of these chemicals is particularly lacking. Without
knowledge of the potential adverse effects of emerging
chemicals on Arctic wildlife and human health, regulatory
efforts may be delayed.

Sources of chemicals of emerging
Arctic concern are changing

The Arctic has unique geographical and climatic characteristics
that make it a ‘sink’ for pollutants transported into the region
from distant sources. Atmospheric, riverine and marine
pathways carry contaminants from industrialized areas, over
long distances where they are deposited in Arctic ecosystems.
However, the unique sources and physicochemical properties
of emerging pollutants combined with impacts of regulations
and environmental changes, are changing where contaminants
of Arctic concern originate from and how they are transported
into the Arctic.



Climate change

Changes to hydrology, declining sea ice, increased economic
development, and changes in air and ocean currents, as well
as changes in the way chemicals distribute between air, water
and soils are all consequences of a warming climate that are
expected to alter how chemicals are released, transported to,
and move around within the Arctic. Melting glaciers and sea
ice, as well as thawing permafrost and surface soils, could act
as an additional source of chemicals of concern as pollutants
previously deposited and stored in the Arctic are re-released
to the environment. Disruptions to Arctic food webs will
also change how Arctic fauna and peoples are exposed to
contaminants. These forthcoming ecological changes are
uncertain and need to be understood to properly interpret
future contaminant data and provide reliable information to
policy-makers. An AMAP assessment on the impact of climate
change on Arctic pollution is planned for 2017.

New source regions

Prior to the turn of the century, Europe and North America
were the major sources for most chemicals entering the market.
However, due to new regulations, shifts in production and
increasing economic development in regions such as Asia,
source regions for chemicals are changing.

Local origins

Many chemicals of emerging Arctic concern are found in
consumer products such as electronics, clothing, furniture
and building materials, as well as personal care products and
pharmaceuticals. Thus, their existence in the Arctic may be
due not only to transport from distant regions, but also local
sources, such as Arctic towns and villages, community waste
sites and sewage outflows. Human presence in the Arctic is also
increasing in some areas; as tourism and industrial activities
such as mining and gas exploration increase, Arctic regions
subject to economic development will also be at a heightened
risk of exposure to chemicals of emerging concern.

Long range transport by ocean currents

Our early understanding of POPs considered air to be the primary
delivery route of chemicals from distant locations to the Arctic.
However, several chemicals of emerging concern, such as PFASs,
are more soluble in water than conventional POPs, and appear
to be brought to the Arctic via ocean currents to a larger extent.

There is a need for timely and effective
action on chemicals of emerging
Arctic concern

A large number of unregulated chemicals are already in
use and continue to enter commerce each year

As noted, a large number of chemicals are currently in
commerce - many in large volumes and with the potential to
reach the Arctic - and additional chemicals continue to enter the
marketplace each year, often with limited documentation and
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testing. Given limitations in time and resources, international
agreements such as the Stockholm Convention and LRTAP
POPs protocol, can only address a fraction of the thousands of
chemicals in use. Additional controls, in the form of national
and regional actions may therefore be needed to address
emerging pollution threats.

Most national regulatory systems do not sufficiently
account for a chemical’s potential for long range transport

While many countries have environmental regulations in place
to restrict the use of chemicals meeting criteria of persistence
and bioaccumulation, Canada specifically considers the
potential for a chemical to be transported over long distances
in air in its national Toxic Substances Management Policy
and Persistence and Bioaccumulation Regulations. However,
including both atmospheric and oceanic long-range transport
potential in national regulatory standards could reduce the
number of chemicals with the potential to become Arctic or
global pollutants from entering commerce.

The time lag between detection of a harmful chemical
and regulation is substantial

History has shown that several decades can pass between the
introduction of a new chemical and an eventual agreement
to ban or restrict its use. It can take several decades after a
chemical has entered the environment before unintended
harmful effects on wildlife (or humans) are first noticeable,
and many years in addition for regulations to be introduced.
Even after a chemical is officially added to the Stockholm
Convention, it can take many more years for regulations to take
effect and be reflected by declining levels in the environment.
The implication is a need for more effective proactive
arrangements to reduce risk from chemical pollutants before
they are released into the environment.

The timely delivery of scientific information to appropriate
regulatory bodies is essential for rapid action

AMAP’s primary function is to make scientific knowledge
accessible for policy and decision-making processes. Thus,
AMAP is uniquely placed to recognize new POPs and other
emerging chemical threats and relay such information to
appropriate regulatory bodies. Mechanisms to facilitate
the timely delivery of AMAP deliverables will be critical in
accelerating regional and international actions on emerging
chemicals of Arctic concern.

What questions remain unanswered?

The current AMAP assessment confirms that a broad range
of chemicals of emerging concern that are being found at
lower latitudes are now also present in the Arctic. Given their
recent discovery, there is less information available on these
chemicals compared to legacy contaminants. Increasing our
understanding of these pollutants will be especially important
as the Arctic region continues to undergo changes from a
warming climate and associated increases in human activity.
Environmental monitoring and Arctic-focused studies will be
important for filling in current knowledge gaps and assessing
the significance of these chemicals to the region.



Xiv

Current extent of Arctic contamination

Monitoring data for chemicals of emerging concern are not
available for large areas of the Arctic, and particularly for Russia
and Alaska, US. Thus, the extent and magnitude of contamination
of the region is unknown. More information on the levels of
these chemicals in different polar ecosystems and over wider
geographical areas are needed for a better understanding of the
fate of these chemicals in the Arctic environment.

Effects on wildlife and human health

It is largely unknown whether newly identified chemicals
of concern will adversely impact the health of the Arctic’s
human inhabitants and ecosystems. With a few exceptions,
most emerging chemicals are being found in the Arctic at
concentrations lower than those of legacy POPs. Although

their environmental levels may be low, this information is not
sufficient to conclude that emerging chemicals present a low
risk. There is a general lack of information with regards to
the extent to which emerging chemicals may be taken up and
accumulated by Arctic fauna or indigenous Arctic peoples
whose diets depend heavily on local wildlife.

Cumulative effects

The limited information on the environmental levels combined
with a general lack of information regarding effects of individual
emerging chemicals make assessing risks to Arctic wildlife
and human inhabitants difficult. Even more challenging is
understanding the risks from emerging chemicals against a
background of exposures to legacy POPs and methyl mercury,
as well as additional stressors, such as climate change. Thisis a
focus of a forthcoming AMAP Assessment on Biological Effects.

Next steps: recommendations for future action

Pollution threats to the Arctic are continually evolving. The long-term monitoring data generated by AMAP shows international
and national pollution control activities have generally been effective at reducing the occurrence and ecosystem impacts of the
chemicals they regulate. Yet, the current AMAP assessment confirms a broad range of new chemicals of emerging concern are now
found in the Arctic. Moreover, an even larger number of chemicals with the potential to reach the Arctic are presently in use, with

new chemicals continuing to enter commerce each year.

AMAP therefore recommends that:

1. To strengthen efforts under existing global chemicals
regulatory systems:

Information on chemicals of emerging Arctic concern be
delivered to global and national regulatory bodies in an
effective and timely manner.

This recommendation is addressed to the Arctic Council/ AMAP
to disseminate relevant information on chemicals of emerging
Arctic concern to UNECE CLRTAP and the Parties to the
Stockholm Convention.

To minimize the time from the discovery of a new chemical
of concern in the Arctic to its regulation, it is essential that
environmental monitoring data be efficiently delivered to
relevant regulatory bodies — both global, for international
regulation, and national for regional controls. Currently,
national (screening monitoring) programs such as those
in Nordic countries (including Greenland) and Canada
conduct analyses that document the presence of chemicals
of emerging concern in the Arctic and provide this
information to relevant parties. The environmental data
produced by these national programs and other scientific
groups is summarized by AMAP, typically at five-year
intervals. Systematized screening monitoring and improved
communication between AMAP and relevant regulatory
bodies and Parties to Conventions, such as the Stockholm
Convention, would streamline this flow of information and
accelerate the regulatory review process.

AMAP’s 2017-2019 work-plan aims to address the need for
more timely provision of information on the presence, levels,
and trends in Arctic environmental contamination to global
and national regulatory bodies. However, this undertaking will
require improved cooperation with the intended recipients
of such information, such as the Stockholm Convention
Persistent Organic Pollutant Review Committee (POPRC), and
commitment at the national level from Arctic States and observer
countries in the form of additional nominations of candidate
substances and enhanced engagement of scientific experts.

Parties to the Stockholm Convention are encouraged to
nominate those chemicals of emerging Arctic concern
that exhibit POPs properties.

This recommendation is addressed to governments of Arctic States
and observer countries.

The recent AMAP assessment has identified new chemicals
that may warrant consideration for regulation under the
Stockholm Convention. Only Parties to the Stockholm
Convention may propose chemicals for review of their
POPs properties by the POPRC. The POPRC review process
evaluates whether a chemical meets the criteria for listing
it as a POP under the Stockholm Convention, including
consideration of whether the chemical is likely, as a result
of its long-range transport, to lead to significant adverse
human health or environmental effects. Long-range transport
resulting in Arctic contamination is an important piece of
evidence used by the POPRC when evaluating candidate
POPs, but is not the only criteria that is applied.



2. To address chemicals of emerging Arctic concern that
may not meet criteria for inclusion under existing
international chemicals regulatory systems, or lack
information necessary to establish this:

Monitoring programmes and research be continued, with
an increased capacity for new pollutants and a focus on
documenting long-range transport.

This recommendation is addressed to governments of Arctic States
and observer countries, and international and national research
funding agencies.

Monitoring data is important in evaluating the effectiveness
of international agreements to control pollutants, and
providing information needed to evaluate whether new
chemicals are causing harm to human health or the
environment and should be regulated either nationally or
internationally through existing Conventions. In light of
the large number of potential chemicals of Arctic concern
presently in commerce, a wider application of targeted and
non-targeted analytical screening efforts to include candidate
POPs and additional contaminants, as well as their long-
range transport potential, is needed. Comparable methods
and QA/QC need to be developed for chemicals of emerging
Arctic concern. Monitoring approaches may need to be
modified to cover new POPs and other emerging chemicals,
particularly for microplastics, which require new, harmonized
methods for assessing their presence and significance in
Arctic ecosystems. New research on the ‘cocktail effect’
of pollutants to assess the long-term effects of pollutant
mixtures in the Arctic environment, and the fate and effects
of transformation products of chemicals of emerging Arctic
concern is needed. Monitoring programmes will need to be
coordinated to address both chemicals from local sources
associated with Arctic communities, industrial activities and
tourism, as well as long-range transport pollutants from
global sources, and expanded to cover additional regions.
In addition, the continued archiving of samples in specimen
banks is critical for assessing risks of new and emerging
chemicals of concern.

The Arctic Council engage with relevant global initiatives
such as the UN Environment Programme and SAICM
to improve the management of chemicals of emerging
Arctic concern.

This recommendation is addressed to the Arctic Council (States
and Permanent Participants) and governments of observer
countries, to further enhance their engagement with the governing
bodies of regulatory conventions including UN ECE (LRTAP
Convention) and UNEP (the Stockholm, Basel and Rotterdam
Conventions), and voluntary international chemical management
initiatives, such as the Strategic Approach to International
Chemicals Management (SAICM) and the International
Programme on Chemical Safety (IPCS).

New approaches to chemicals and waste management
should be considered. Many chemicals of emerging Arctic
concern, such as the organophosphate-based flame retardants
(PFRs), phthalates, some siloxanes, and some current-use
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pesticides, as well as pollutants that are not chemicals, such
as microplastics, may not meet criteria currently applied in
the existing mechanisms for the global regulation of long-
range transported pollutants. Furthermore, existing global
chemicals management systems are addressing chemicals that
have already contaminated the environment, However, there is
an increased need for proactively preventing the introduction of
chemicals with the potential to pollute the Arctic. Consequently,
a new generation of policy instruments should be considered
to address associated challenges.

Arctic States and observer countries consider the need
for additional national and regional actions to control
and communicate the risks of pollutants within Arctic
communities.

This recommendation is addressed to governments of Arctic States
and observers.

There is evidence that some chemicals of emerging Arctic
concern - such as pharmaceuticals and personal care products
- originate from local sources within the Arctic and therefore
their risks may not be adequately managed by international
conventions that focus on long-range transported chemicals.
In these instances, independent actions by Arctic countries in
implementing national and regional controls will be important
for protecting the health of Arctic communities and ecosystems.

With regards to pollutants brought to the region via both
local and long-range transport, outreach efforts led by Arctic
countries will be important for informing local communities
of potential health risks and exposure prevention measures
until global regulatory controls are effective.

Where they do not already do so, national regulatory systems
should be encouraged to take evidence of long-range transport
obtained from, e.g., monitoring programmes into account in
chemical risk assessment.

Access to information acquired by industry during
both research and development as well as chemical
manufacturing lifecycle stages be improved

This recommendation is addressed to industry producing
chemicals or using them in manufactured products, as well
as SAICM for consideration in its Chemicals in Products
Programme.

In addition to routine monitoring programmes, non-target
approaches — such as database screening and analytical
approaches that identify chemicals previously unsearched
for can aid the earlier identification of potential chemicals
of concern. Such approaches can therefore shorten the time
from identification of risk to implementation of regulation.
Information on use and chemical properties, including toxicity
profiles, from industry is essential for identifying chemicals via
database screening and assessing the sufficiency of the existing
risk management measures. At present, such information is not
always comprehensive or sufficiently accessible to the scientific
community and steps should be taken to engage with industry
to address this.
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1. Introduction

AUTHORS: JENNIFER BALMER, CYNTHIA DE WIT, DEREK MUIR, SIMON WILSON

This report presents the fourth in a series of assessments produced
by the Arctic Monitoring and Assessment Programme (AMAP)
that addresses the presence in the Arctic of environmental
contaminants characterized as persistent organic pollutants
(POPs). In this regard, this assessment represents something of a
departure in that, as well as including ‘emerging’ chemicals with
POP-like characteristics; it also considers some chemicals and
groups of substances that may not meet the classical definition
of POPs?. The term ‘chemicals of emerging concern’ (CEC) is
increasingly being applied to refer to environmental contaminants
that are gaining attention, either because they are being newly
introduced (in some cases as replacements for chemicals that are
being phased out or banned) or because advances in analytical
chemistry permit their identification and/or quantification in
(environmental) samples with a sufficient degree of reliability. The
current assessment is purposely entitled Chemicals of Emerging
Arctic Concern because the intention here is to consider CECs
that are being found in the Arctic.

The report also constitutes the second part of a multi-
component assessment that updates information on temporal
trends of POPs in the Arctic (AMAP, 2014a, 2016); chemicals
of emerging Arctic concern (this report); biological effects of
POPs and mercury on Arctic wildlife (2018); and POPs and
climate change (to be undertaken in 2018/2019).

AMAP was established as an international program for
monitoring and assessing Arctic pollution in 1991, under the
Arctic Environmental Protection Strategy (AEPS, 1991). It is
now the Working Group of the Arctic Council® responsible
for monitoring and assessing a range of pollution- and
climate change-related issues in order to “provide reliable and
sufficient information on the status of, and threats to, the Arctic
environment, and scientific advice on actions to be taken in order
to support Arctic governments in their efforts to take remedial
and preventive actions relating to contaminants and adverse
effects of climate change” (see AMAP, 2010a).

AMAP’s first assessment report contained a chapter presenting
data available up to 1996 that essentially established a
baseline for (spatial) trends in POPs in Arctic air, seawater,
sediments, soils, plants and biota from terrestrial, freshwater
and marine environments (de March et al., 1998). These
included polychlorinated biphenyls (PCBs), DDTs, chlordanes,
hexachlorocyclohexanes (HCHs), dieldin, endrin, chlorinated
benzenes, toxaphene, mirex and polychlorinated dibenzodioxins
and furans. Information presented in the first AMAP assessment
report (de March et al., 1998) supported national initiatives
and was instrumental in stimulating regional and international
agreements to regulate 16 selected POPs. In 1998, the Protocol
on Persistent Organic Pollutants (POPs) to the United Nations

Economic Commission for Europe (UNECE) Convention
on Long-Range Transboundary Air Pollution (CLRTAP) was
adopted*.In 2001 the global Stockholm Convention on Persistent
Organic Pollutants was adopted® (UNEP, 2001) initially taking
action on 12 POPs (often called the ‘Dirty Dozer).

Under the Stockholm Convention, there are four screening
criteria for establishing that chemicals may be recommended
for listing under the annexes to the Convention: they need to be
persistent, bioaccumulative, have potential for environmental
long-range transport, and display adverse effects. Evidence
supporting the criteria of potential for long-range environmental
transport include that the chemicals are found at locations “distant
from sources” or “where monitoring data show that long-range
environmental transport of the chemical...may have occurred”
(UNEP, 2009b: Annex D, paragraph (d) i and ii). Owing to its
remoteness from major source areas, the Arctic is important
for identifying chemicals that undergo long-range transport
in the environment, and thus for identifying substances that
may be relevant for listing under the Stockholm Convention.
The chemicals listed under the Stockholm Convention when it
entered into force in 2004 were aldrin, chlordane, dieldrin, DDT,
endrin, heptachlor, hexachlorobenzene, mirex, toxaphene, PCBs,
polychlorinated dibenzo-p-dioxins and dibenzofurans; these
chemicals are referred to by the Convention secretariat as the
‘initial POPS. The term ‘legacy POPS’is also commonly applied to
several of these chemicals, as their presence in the environment
is to a large degree a legacy of past use; however, fresh releases
to the environment may continue to occur from, for example,
wastes and stockpiles that are not properly stored or disposed of.
Also, a number of industrial processes still constitute sources of
dioxins and furans.

In 2009, nine more chemicals were added to (listed under)
the Stockholm Convention (a- and p-HCHs, lindane,
pentachlorobenzene, penta- and octabrominated diphenyl
ether mixtures (tetra-, penta-, hexa- and heptabrominated
diphenyl ether congeners), hexabromobiphenyl, chlordecone
and perfluorooctane sulfonate (PFOS) (UNEP, 2009a). In
2011, endosulfan was added to the Stockholm Convention
and hexabromocyclododecane (HBCDD) was added in 2013.
At the most recent meeting of the Conference of the Parties of
the Stockholm Convention in May 2015, hexachlorobutadiene,
pentachlorophenol and polychlorinated naphthalenes were
added (UNEP, 2015a). Within the context of the Stockholm
Convention, the additional chemicals added are referred to
as ‘new POPs. Over time, ‘new POPs’ will themselves become
‘legacy POPs. DecaBDE, dicofol, short-chain chlorinated
paraffins and perfluorooctanoic acid (PFOA) are currently
under review by the POPs Review Committee (POPRC) for
inclusion under the Stockholm Convention (UNEP, 2015b).°

http://www.arctic-council.org
http://www.unece.org/env/Irtap/pops_h1.htm
http://chm.pops.int

N

http://chm.pops.int/TheConvention/ThePOPs/tabid/673/Default.aspx (see also Table 5.2)

DecaBDE, dicofol and short-chain chlorinated paraffins were listed (2017) at the time of production of this report.



The second AMAP POPs assessment (AMAP, 2004) updated
the initial assessment with respect to previously reported POPs;
additional data for the period since 1996 allowed some of the
first reliable results to be presented for temporal trends for some
POPs at Arctic locations. The 2004 assessment also showed
that some ‘new’ contaminants were being found in the Arctic,
such as brominated flame retardants (BFRs), and in particular,
components (congeners) of the pentaBDE mixture (tetra- and
pentaBDEs), and HBCDD (isomers but mainly the sum isomer
concentrations), as well as the surfactant PFOS.In 2006, the AMAP
POPs Expert Group was tasked by the Arctic Council ministers to
produce an updated report on new (or emerging) contaminants
in the Arctic, which led to the publication of AMAP’s third POPs
assessment in 2010 as a series of review articles in a special issue
of Science of the Total Environment (AMAP, 2010b). These articles
covered levels and trends of known BFRs (de Wit et al., 2010),
polychlorinated naphthalenes (Bidleman et al., 2010), per-/
polyfluoroalkyl substances (PFASs), primarily PFOS and other
perfluorinated sulfonic acids as well as perfluorinated carboxylic
acids (Butt et al., 2010), endosulfan (Weber et al., 2010), and
current use pesticides (Hoferkamp et al., 2010). The articles also
reviewed temporal trends in legacy and new contaminants in
Arctic air (Hung et al.,, 2010), temporal trends in legacy POPs in
biota (Rigét et al., 2010) and effects of POPs on exposed wildlife
and fish (Letcher et al., 2010).

Data from the Arctic can provide evidence for persistence and
bioaccumulation, and for assessing long-range transport of
chemicals; the Arctic thus has become an important indicator
region. AMAP’s mandate in relation to POPs is therefore to
support the further development and implementation of
the Stockholm Convention and similar global agreements,
including the Stockholm Convention’s POPs Global Monitoring
Plan (UNEP, 2007). The information compiled by AMAP feeds
into both national and international activities to further develop
and refine regulation of harmful chemicals. AMAP results
are communicated to groups responsible for evaluating the
‘effectiveness and sufficiency’ of international agreements, such
as the Stockholm Convention and CLRTAP (AMAP, 2014a) as
well as to the Stockholm Convention’s technical body, POPRC.

Owing to both national and international regulations,
environmental concentrations of most legacy POPs are
now declining in the Arctic and elsewhere (AMAP, 2016a).
However, in many cases, the (relatively few) chemicals which
have been phased out are being replaced in production and
commercial use by numerous other chemicals that can be used
for the same applications. Often, these chemicals have physical-
chemical characteristics that are similar to the legacy POPs
they substitute; some therefore have the potential to reach
the Arctic. It is too early to know whether these chemicals are
POPs in the sense that they meet all criteria for persistence,
bioaccumulation and adverse effects. Although often referred
to as ‘new’ or ‘emerging’ chemicals, several of these (groups
of) chemicals have been in commerce for many years and are
therefore not really new in terms of only now appearing on
the market. Their ‘emerging concern’ is often related to the
fact that their production, use and releases to the environment
are increasing; and some are now being found in Arctic air,
water, biota and humans (Vorkamp and Rigét, 2014). In this
respect, they qualify as chemicals of emerging Arctic concern.

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

However, because many CECs are used in consumer products
(e.g. electronics, clothing, furniture, plastics) and in building
materials and insulation, their presence in the Arctic may be due
not only to long-range transport, but also to sources within the
region. These ‘local sources’ are associated with Arctic towns and
villages (including community waste sites and sewage disposal)
and with resource development and the generally increasing
economic activity in Arctic regions.

It is also worth noting that previous focus has been on semi-
volatile chemicals that undergo long-range atmospheric transport
in the gas-phase or on aerosols/particles as their primary route
for transport to the Arctic. However, it is now clear that some
substances such as PFOS and perfluorooctane carboxylic acids
(e.g. PFOA), undergo long-range transport to the Arctic via
ocean currents due to their propensity to partition to water
(Prevedouros et al., 2006; Brown and Wania, 2008; Armitage et al.,
2009b; Benskin et al., 2012a). Also, PFAS precursors such as
fluorinated sulfonamides (FOSAs) and fluorotelemer alcohols
(FTOHs) undergo long-range transport via the atmosphere but
are subsequently degraded to water-soluble acids.

There are an estimated 150 000 substances in commerce today
based on registrations on the European and US chemical
inventories over the past 30 years. Screening exercises based on
physical-chemical properties and production volumes (etc.)
have been performed to identify chemicals with potential to
reach the Arctic (Howard and Muir, 2010; Muir and Howard,
2006; Scheringer et al., 2012) (see also Chapter 4). A primary
objective of the current assessment is therefore to review both
the peer-reviewed and grey literature for existing data on a
wide range of CECs that have recently been detected in the
Arctic environment. The emphasis is on environmental levels
and trends; analytical methods for these new chemicals are
not reviewed or evaluated in the current assessment. Most
laboratories reporting data to AMAP participate in inter-
laboratory studies and inter-comparison exercises for legacy
POPs. However, analytical methods for CEC are still at an
early stage of development and the authors of the current
assessment are very aware of both the limitations that exist
and the need for further development of the quality assurance
and quality control (QA/QC) methods that are currently
lacking for many CECs.

This assessment compiles available Arctic data for many
chemicals that have potential for being considered for
inclusion in the Stockholm Convention, and some that may
need to be addressed under other regulatory arrangements.
The chemicals included in this assessment are PFASs,
brominated, chlorinated and organophosphorus-based
flame retardants, organophosphorus-based plasticizers,
phthalates, short-chain chlorinated paraffins, siloxanes,
pharmaceuticals and personal care products, polychlorinated
naphthalenes, hexachlorobutadiene, current use pesticides,
pentachlorophenol/pentachloroanisole, mono- and dibutyltins,
polycyclic aromatic hydrocarbons, non-Aroclor and byproduct
PCBs, halogenated natural products (HNPs), and microplastics.

Owing to the large number of chemicals covered in Chapter 2,
to aid the reader, some sections are structured with shorter sub-
sections for specific chemical groups or for individual chemicals.
This is the case for BFRs (Section 2.2) and HNPs (Section 2.16).



2.1 Per- and polyfluoroalkyl substances

AUTHORS: DEREK MUIR, ROsSANA Bossi, PERNILLA CARLSSON

CONTRIBUTORS: MARLENE EVANs, CRISPIN HALSALL, ToM HARNER, DORTE HERSKE, HAYLEY HUNG, ROB LETCHER, FRANK RIGET, ANNA ROOS

2.1.1 Introduction

Butt et al. (2010) reviewed information available for per- and
polyfluoroalkyl substances (PFASs) in the Arctic and Letcher et al.
(2010) reviewed PFAS exposure in wildlife and fish, both as
part of a previous AMAP assessment. This review therefore
focuses mainly on data published between about 2009 and early
2015 and on replacement PFASs of emerging concern such as
perfluorocarboxylates (PFCAs) and short-chain perfluoroalkyl
sulfonates (PFSAs) and their precursors (Table 2.1).

Table 2.2 summarizes the detection of PFASs in Arctic
environmental media. It includes all reports to date, i.e.
data summarized in previous reviews (Butt et al., 2010) as
well as more recent published and unpublished results. Each
environmental compartment is discussed separately in the
relevant parts of this section.

2.1.2 Physical-chemical properties

The PFAS group is a large suite of highly fluorinated aliphatic
compounds, which differ in their functional groups and
the length of the carbon chains (Buck et al., 2011). For the
perfluoroalkyl substances, all the carbon atoms of the alkyl
chain are fully fluorinated as illustrated in Figure 2.1. The
high chemical and thermal stability of the C-F bond and the
surfactant-like properties of PFASs are the main characteristics
that have made this group of compounds suitable for many
different uses in industrial and commercial applications.

The PFAS group is further divided into the PFSA and PFCA
sub-groups, which include some of the most investigated
PFASs over the past 15 years, i.e. perfluorooctane sulfonate
(PFOS) and perfluorooctanoate (PFOA). Another large
subgroup of PFASs is the fluorotelomer alcohols (FTOHs),
considered the neutral precursors of the more stable acidic
compounds, the PFCAs. PFASs have varying chain lengths.
A distinction is often made between long-chain PFASs (with
eight or more perfluorinated C atoms) and short-chain PFASs
(with seven perfluorinated C atoms or less).

The environmental fate of PFASs is influenced by their physical-
chemical properties, which vary depending on their chain length

F F F F F F F

SOs-sulfonate - PFOS
CO,-carboxylate - PFOA
CH,CH,OH alcohol - 8:2 FTOH
SO,NH, amide - FOSA

Figure 2.1 Molecular structure of perfluorinated alkyl substances.

and functional groups. Wang et al. (2011) and Gomis et al. (2015)
summarized the limited information available on the physical-
chemical properties of PFASs, including newer replacement
compounds. Selected physical-chemical properties of the PFASs
discussed in this section are provided in Annex Table A2.1/1.
The PFCAs and PFSAs have very low acid dissociation constants
(pKa) and are almost fully ionized under most environmental
conditions (Cheng et al., 2009; Vierke et al., 2013). As anionic
substances, the PFCAs and PFSAs also bind to proteins and
phospholipids (reviewed by Armitage et al., 2013). They are
typically found at elevated concentrations in tissues with high
protein and phospholipid contents (e.g. liver, kidney, blood).
Several PFASs have been shown to accumulate in food chains,
including those in remote environments such as the Arctic
(Butt et al., 2010; Letcher et al., 2010).

Perfluorocarbon chain length and functional group are
the predominant parameters influencing the partitioning
of PFASs in abiotic environments (Ahrens et al., 2010). The
organic carbon partition coefficients (log Koc) of PFCAs
and PFSAs are relatively low (Annex Table A2.1/1) ranging
from ~1.3 to 3.5 compared to neutral halogenated organics.
The short-chain PFCAs (< C; chain length) were exclusively
found in the dissolved phase, while long-chain PFCAs (= Cs
chain length), PESAs, ethylperfluorooctane sulfonamidoacetic
acid (EtFOSAA), and perfluorooctanesulfonamide (PFOSA)
appeared to bind more strongly to particles (Higgins and
Luthy, 2006; Ahrens et al., 2010). The partitioning also varied
depending on the conditions (e.g. organic carbon content,
pH, metal ions), for example, increasing sorption was found
with increasing organic carbon content (Ahrens et al., 2010).
As a consequence, the short-chain PFCAs have a higher
potential for long-range transport in aquatic environments,
while PFSAs, EtFOSAA and perfluorooctane sulfonamide
(FOSA) are preferentially distributed in biota or the abiotic
environment such as sediments, which could act as a sink for
PFASs. The physical-chemical characteristics also influence
the type of long-range transport in the aqueous environment
(e.g. sea spray, microlayer, surface water, deep ocean water).

2.1.3 Sources, production, use, and transport

PFASs have been produced since the 1950s and used in
surfactants and polymers (Buck et al., 2011). PFASs have been
used in polymers developed for stain repellent treatments of
textiles and carpets and for use in grease-proof, food-contact
paper. As surfactants they have been used (in free acid or salt
forms) as the processing aids for fluoropolymer manufacture
(e.g. Teflon™), in aqueous film-forming foams and in wetting and
leveling agents, emulsifiers, foaming agents, and dispersants due to
their ability to lower aqueous surface tension (Prevedouros et al.,
2006; Paul et al., 2009; Buck et al., 2011; Wang et al., 2014b).
Worldwide production of perfluorooctane sulfonyl fluoride
(POSEF), the key building block for PFOS-related compounds,
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Table 2.1 Per- and polyfluoroalkyl substances (PFASs) referred to in this chapter with nomenclature as recommended by Buck et al. (2011).

Compound Acronym CAS number

Perfluorocarboxylates (PFCAs)

perfluorobutanoate PFBA 375-22-4
perfluoropentanoate PFPeA 2706-90-3
perfluorohexanoate PFHxA 68259-11-0
perfluoroheptanoate PFHpA 375-85-9
perfluorooctanoate PFOA 335-67-1
perfluorononanoate PENA 375-95-1
perfluorodecanoate PFDA 335-76-2
perfluoroundecanoate PFUnDA 2058-94-8
perfluorododecanoate PFDoDA 307-55-1
perfluorotridecanoate PFTrDA 72629-94-8
perfluorotetradecanoate PFTeDA 373-06-7
perfluoropentadecanoate PFPeDA 141074-63-7
perfluorohexadecanoate PFHxDA 67905-19-5

Perfluoroalkylsulfonates (PFSAs)

2-(6-chloro-1,1,2,2,3,3,4,4,5,5,6,6-dodecafluorohexyloxy) 6:2-Cl-PFAES or F-53B 756426-58-1
-1,1,2,2-tetrafluoroethanesulfonate

perfluorobutane sulfonate PFBS 29420-49-3
perfluorohexane sulfonate PFHxS 432-50-7
perfluoroheptane sulfonate PFHpS 375-92-8
perfluorooctane sulfonate PFOS 1763-23-1
perfluorodecane sulfonate PEDS 335-77-3
perfluorododecane sulfonate PFDoS 79780-39-5
perfluoroethylcyclohexane sulfonate PFECHS 335-24-0
1H,1H,2H,2H-perfluorohexanesulfonate 4:2 FTS 414911-30-1
1H,1H,2H,2H-perfluorooctanesulfonate 6:2 FTS 27619-97-2

Perfluorosulfonamides and Sulfonamide Ethanols

perfluorobutane sulfonamide FBSA 30334-69-1
perfluorooctane sulfonamide FOSA 754-91-6
N-methyl perfluorobutanesulfonamide MeFBSA 68298-12-4
N-methyl perfluorooctanesulfonamide MeFOSA 122526-47-0
N-ethyl perfluorooctanesulfonamide N-EtFOSA 4151-50-2
N-ethyl perfluorooctanesulfonamide ethanol N-EtFOSE 1691-99-2
N-methyl perfluorooctanesulfonamide ethanol N-MeFOSE 24448-09-7
N-methyl perfluorooctanesulfonamide ethylacrylate N-MeFOSEA 25268-77-3
N-ethylperfluorooctane sulfonamidoacetic acid EtFOSAA

Fluorotelomer Alcohols

1H,1H,2H,2H-perfluorooctanol 6:2 FTOH 647-42-7
1H,1H,2H,2H-perfluorodecanol 8:2 FTOH 678-39-7
1H,1H,2H,2H-perfluorododecanol 10:2 FTOH 647-42-7

Saturated and Unsaturated Fluorotelomer Acids

2H-hexadecafluoro-2-decenoic acid 8:2 FTUCA 70887-84-2
2H-octadecafluoro-2-dodecenoic acid 10:2 FTUCA 70887-94-4
2H,2H,3H,3H-pentadecafluoro decanoic acid 7:3 FTCA 812-70-4

2H,2H-heptadecafluoro decanoic acid 8:2 FTCA 27854-31-5

2H,2H-nonadecafluoro dodecanoic acid 10:2 FTCA 53826-13-4




Chapter 2 Section 2.1 - Per- and polyfluoroalkyl substances

Table 2.2 Summary of Arctic media for which PFAS data have been reported.

Atmosphere Terrestrial Freshwater Marine

Air Snow Soil Biota Water Sediment Biota Water Sediment Biota
PFBA X X X X X X X
PFPeA X X X X
PFHxA X X X X X X X
PFHpA X X X X X X
PFOA X X X X X X
PFNA X X X X X X X
PFDA X X X X X X X
PFUnDA X X X X X X X
PFDoDA X X X X X
PFTrDA X X
PFTeDA X
PFPeDA 3
PFHxDA X
6:2-CI-PFAES X X
PFBS X X X X X
PFHxS 3 X X X X X
PFHpS X X X X
PFOS X X X X X X X X X X
PFDS X X X
PFDoS X
4:2 FTS X
6:2 FTS X X
FBSA X
PFOSA X X X X X X X X X X
N-EtFOSA X
N-EtFOSE X
N-MeFOSE X
N-MeFOSEA X
PFECHS X X X X
6:2 FTOH X
8:2 FTOH X
10:2 FTOH X
8:2FTUCA X
10:2 FTUCA X
7:3 FTCA
8:2 FTCA
10:2 FTCA

was estimated at 96 000 tonnes (or 122 500 tonnes, when unusable
waste production is included) during the period 1972-2002
(Paul et al., 2009). After discovering that several PFASs were
globally distributed in the abiotic environment, biota, food
items and humans, measures have been taken by international
authorities to regulate their production and use. PFOS and
related Cs sulfonate chemicals were included in the Stockholm
Convention in 2009 (under Annex B, which allows exemptions
for use) owing to their persistence, bioaccumulation and toxicity.
PFOA is currently under review for listing.

PFCAs are degradation products of perfluoro- and polyfluoro-
substances including fluorotelomer alcohols, perfluoroalkyl
phosphates, phosphonates, acrylates, and other compounds
with perfluorinated carbon chains (Buck et al., 2011). Some
PFCAs, especially PFOA and perfluorononanoate (PFNA), had
commercial uses as processing aids for fluoropolymers. Two
manufacturing techniques have been used to produce PFOA: (i)
electrochemical fluorination (ECF) in which octanoyl fluoride,
C;H,5COF, undergoes electrolysis in anhydrous hydrogen
fluoride, and (ii) telomerization in which pentafluoroethyl



iodide is reacted with tetrafluoroethylene to yield a mixture
of perfluoroalkyl iodides. The two manufacturing processes
for PFOA and other PFCAs are readily distingannuishable by
the isomeric composition of the final commercial products
because ECF yields straight-chain and branched isomers while
telomerization retains the geometry of the starting material
with the majority of the product being straight-chain isomers
(Benskin et al., 2010). These differences have been used to
identify sources to the Arctic Ocean (Benskin et al., 2012a).

Under the United States Environmental Protection Agency
(US EPA) PFOA Stewardship Program (US EPA, 2006), eight
leading fluorochemical manufacturing companies agreed
to reduce emissions and product content of PFOA and
related chemicals in fluorinated polymers (i.e. containing
perfluoroalkyl moieties) by 95% by 2010 and to work toward
their elimination by 2015 (US EPA, 2015a). Recent trends
among the global PFAS producers are to replace the long-chain
PFSAs and PFCAs with shorter-chain homologues or other
types of fluorinated chemicals (Wang et al., 2014b). However
not all global manufacturers have participated in this voluntary
agreement and production of Cs-related perfluorinated
chemicals continues in China (Jiang et al., 2015) as well as in
Russia and India (SAICM/ICCM4, 2015). Wang et al. (2014a)
concluded that releases from fluoropolymer production
contributed most to historical PFCA emissions (e.g. 55-83%
in the period 1951-2002). They also noted that since 2002, there
has been a geographical shift in industrial sources (particularly
fluoropolymer production sites) from North America, Europe
and Japan to emerging Asian economies, especially China.

Wang et al. (2014a) quantified global emissions of C,;~Cys -PFCA
homologues during the life-cycle of products based on PFOA,
PENA, PFOS and fluorotelomer compounds. Their approach
improved upon previous estimates of emissions of PFOA by
assigning an average duration to each stage in the product life-
cycle, estimating amounts of PFOA- and PFNA-based derivatives
used as fluoropolymer processing aids, and incorporating
information on the PFOA reduction process under the US EPA
Stewardship Program. Their estimated time trends of PFCAs

Total global emission of C,-C, PFCAs, t/y
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suggest significant ongoing emissions until at least 2020,
depending on lower and higher use and emission scenarios
(Figure 2.2). These trends can be compared with ongoing
monitoring of PFCAs in Arctic wildlife (see Section 2.1.6).

The long-range transport of PFASs to remote areas has been
explained by two processes: (i) transport by ocean currents
(Armitage et al., 2009b) and (ii) atmospheric oxidative
transformations and subsequent wet and dry deposition of
airborne precursors, such as FTOHs, FOSAs, and sulfonamido
ethanols (FOSEs) (Ellis et al., 2004; D’Eon et al., 2006). PFSAs
and PFCAs are persistent and most often found as anions
in aquatic environments due to their relatively low pKx
(Armitage et al., 2009a; Butt et al., 2010). The main pathway
for PFASs to Northern oceans is transport by ocean currents.
However, atmospheric long-range transport, degradation
of volatile precursors to PFCAs in the atmosphere (e.g.
8:2 FTOH to PFOA) and secondary sources, such as melting
glaciers and snow packs also contribute (Prevedouros et al.,
2006; Armitage et al., 2009a,b; Stemmler and Lammel, 2010;
Zhao et al., 2012).

2.1.4 Transformation processes

There are multiple pathways in the environment that can
account for the presence of PFCAs and other PFASs in Arctic
abiotic and biotic compartments. In addition to ocean transport
and atmospheric long-range transport of PFCAs and PFSAs
(reviewed by Wang et al., 2013b), PFASs can also be produced
from perfluoroalkyl-containing precursors that undergo
degradation processes such as atmospheric oxidation (Young
and Mabury, 2010). A new degradation pathway for FTOHs
on metal-rich atmospheric surfaces was recently recognized
(Styler et al., 2013).

It is unlikely that Arctic biota are exposed to volatile fluorotelomer
precursors of the PFCAs through their tendency to be transported
in the atmosphere (Butt et al., 2010). However, fluorotelomers
could be present in microplastics transported in ocean waters
and released from melting Arctic sea ice (Obbard et al., 2014).

Total global emission of C,-C, PFCAs, t/y
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Figure 2.2 Estimated total global annual emissions of C,~Cys PECAs (1951-2030) (Wang et al., 2014a).
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Figure 2.3 Modelled concentrations of PFOA in surface ocean waters in 2005 (Armitage et al., 2009b).

In general, biotransformation pathways are important for
explaining the relative proportions of PFCAs and PFSAs in
exposed biota (Butt et al., 2014). Controlled studies have not
been performed on biotransformation of fluorotelomer-related
compounds by Arctic biota. Studies with laboratory animals have
shown that the 8:2 FTOH, widely used as starting material for
fluoropolymers, and present as a volatile residual in the polymer,
undergoes metabolism to PFOA and, to a smaller degree, PFNA
and shorter chain-length PFCAs (Butt et al., 2014). There have
been a few studies of other fluorotelomer-related products
including biotransformation of polyfluoroalkyl phosphates
(PAPs), 8:2 fluorotelomer acrylate (8:2 FTAC) and fluorotelomer
carboxylates (FTCAs, FTUCASs), all of which yielded PFOA and
other PFCAs as persistent degradation products. Galatius et al.
(2013) compared PFCA and short-chain PFSAs in three
marine mammal species in the North Sea. They found that
harbor porpoises (Phocoena phocoena) and harbor seals (Phoca
vitulina) showed lower concentrations of PFCAs than white-
beaked dolphins (Lagenorhynchus albirostris), and that the seals
had higher proportions of perfluorohexane sulfonate (PFHxS)
(Cs). The differences were attributed to more rapid excretion in
cetaceans. Pinnipeds also appear to have a much higher metabolic
capacity for transforming PFOSA to PFOS than cetacean species.

2.1.5 Modelling studies

Global modelling has been used successfully to assess
transport of PFASs to the Arctic and to try to explain
empirical observations in air, ocean waters and biota (Wania,
2007; Armitage et al., 2009a,b; Stemmler and Lammel,
2010). Processes that transport PFASs to the Arctic include
transport of parent compounds in air or water and/or of
the precursors that can undergo transformation to the
ionic form (PFOS and PFCAs). Butt et al. (2010) reviewed
the initial modelling work; here more recent (post-2009)
literature that focuses on PFOA and long-chain PFCAs is
included. The initial studies showed that ocean transport of
directly emitted PFOA is the main source of this compound
to the Arctic Ocean and, with continued transport from
lower latitudes, concentrations of PFOA are expected to
increase over the next couple of decades. However, with
the regulation and phase-out of some PFASs, emissions are

predicted to decrease and lead over time to reduced levels
in the Arctic (Wang et al., 2014a).

Armitage et al. (2009a,b) used the BETR Global model to
show that transport via ocean currents is the major pathway
to the Arctic for PFOA and long-chain PFCAs that are directly
discharged to aquatic environments of urban and industrial
areas at mid-latitudes. They predicted PFOA concentrations
in the range 30-250 pg/L for the Arctic Ocean and adjacent
northern seas (Figure 2.3) which were within the range
observed in seawater monitoring (see Section 2.1.6.4).

Stemmler and Lammel (2010) used a global multi-
compartment model (MPIMCTM) to assess transport of
PFOA to the Arctic. This model allowed a comparison of
the relative importance of different ocean pathways and
showed that the main source of PFOA to the Arctic Ocean
was inflow through the Norwegian Sea and that this was
strongly influenced by changes in water transport, which
thus determined its interannual variability. The atmospheric
component of the model suggested that PFOA deposition
occurred via episodic transport events (timescale of days)
into the Arctic and that wet deposition occurred over land
with maxima in winter (Figure 2.4).

Yamashita et al. (2008) hypothesized that PFASs could be
transported globally with the thermohaline circulation system,
and that open-ocean water acts as a final sink for PFOS and
PFOA. Lohmann et al. (2013) showed that a vertical eddy
diffusion model could reproduce the observed depth profile of
PFOA concentrations at sites in the Pacific and Atlantic Oceans.
This process has not been considered in previous modelling of
hydrophobic persistent organic pollutants (POPs) in the ocean,
which has assumed they are removed from the water column
mainly by settling particles (Lohmann et al., 2006).

However, atmospheric long-range transport and degradation of
volatile precursors, such as fluorotelomer alcohols, to PECAs in
the atmosphere are important for Arctic terrestrial environments
and could contribute to oceanic inputs via melting glaciers
and snow packs (see Section 2.1.6.1). Wallington et al. (2006)
used a three-dimensional global atmospheric chemistry model
(IMPACT) to show that 8:2 FTOH, a major precursor of PFOA,
would be globally distributed, consistent with the measured
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half-life of approximately 20 days. PFOA was also predicted
to be present at higher atmospheric concentrations during
the Arctic summer due to degradation of 8:2 FTOH by photo-
oxidants, such as OH radical, and very low concentrations
during the Arctic winter due to low light intensity and removal
in precipitation. Atmospheric oxidative transformations of
other airborne precursors, such as short-chain FTOHs and
short-chain FOSAs, and FOSEs (Ellis et al., 2004; D’Eon et al.,
2006), and subsequent wet and dry deposition of PFSAs and
PFCAs are also likely to occur although they have not been
subject to detailed atmospheric deposition modelling.

2.1.6 Environmental concentrations

2.1.6.1 Air and precipitation

Air

To better understand the fate and long-range transport of PFAS
to the Arctic, both neutral precursors and ionic PFASs have
been measured in the atmosphere at Arctic sites and in the
northern Atlantic Ocean. Ionic PFASs are usually measured in

the particulate phase, while the neutral precursors are measured
in both the gas- and particulate phase.

Results of long-term air monitoring for PFOS and PFOA in
airborne particles have been reported for Svalbard (Zeppelin
Station) for the period 2006-2012. Recent data show that
PFOA continues to be the predominant ionic PFAS in
air at Zeppelin (Figure 2.5). PFASs are monitored in air at
several locations in Norway, but not many samples have
been analyzed and the concentrations of many compounds
are below detection limits. For example, 1H,1H,2H,2H-
perfluorooctanesulfonate (6:2 FTS), perfluorobutane sulfonate
(PEBS), perfluorodecanoate (PFDA), perfluorodecane sulfonate
(PEDS), perfluoroheptanoate (PFHpA), perfluorohexanoate
(PFHxA) and PFHxS were not detected in samples from any
month at Andeya (northern Norway) in 2014. The situation
was similar at Zeppelin, although PFDA was found in samples
from four months in 2014 (Figure 2.5). PFDA was reported
from the southernmost station (Birkenes; southern Norway)
as was 6:2 FTS; but they were only found during two months
and a single month, respectively (NILU, 2015). There is no clear
south-north trend for the number of PFASs detected, or for
concentrations of PFOA measured (Figure 2.5). All stations
show peak concentrations during summer (NILU, 2015).
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Figure 2.4 Four-year
time series of monthly
sums of total (wet + dry)
deposition of PFOA to
the Arctic predicted by
the MPIMCTM model
(Stemmler and Lammel,
2010). The blue and pink
bars represent modelled
PFOA deposition assuming
a log organic carbon
partition coefficient of 2.06
and 4.06, respectively.
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Neutral and ionic PFASs were monitored at Alert (Nunavut,
Canada) in air (gas and particles) from August 2006 to 2012
(AMAP, 2014a). 8:2 FTOH was the compound measured at
highest concentrations at Alert, followed by 10:2 FTOH. PFOS
precursors (MeFOSE and EtFOSE) were also detected at Alert.

Atmospheric data for PFASs have also been collected during ship
cruises along the northern Atlantic Ocean including Arctic coastal
regions. Cai et al. (2012a) investigated the inter-hemispheric
gradient of neutral precursors in atmospheric samples, starting
from the Japan Sea and then on a transect towards the Arctic
Ocean. Samples north of 66°N were taken in the period July-
August 2010.8:2 FTOH was the compound detected at the highest
concentrations (range: 83.4-160 pg/m’) followed by 10:2 FTOH
(range: 6.2-31.2 pg/m®). Other neutral precursors (FOSA and
FOSE) were also detected at concentrations in the pg/m? range.
Concentrations of fluorotelomer acrylates (6:2 FTAC,8:2 FTAC
and 10:2 FTAC) were also reported.
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Figure 2.5. Monthly mean concentrations of ionic PFASs and PFOSA in
air at Zeppelin in 2014 and mean monthly PFOA at Birkenes, Andoya and
Zeppelin in 2014 (NILU, 2015).
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Figure 2.6 Box and whisker plots of PFAS concentrations for PFAS groups
and XPFSAs (upper) and individual PFSAs and PFCAs in air (sum of
particle and gas phases) (lower). Boxes correspond to the interquartile
range (25th and 75th percentiles), whiskers to the 5th and 95th percentiles.
2010 FOSAs and FOSEs are excluded owing to contamination in 2010 by
MeFOSA and MeFOSEs.

Air samples collected on the Amundsen icebreaker during annual
cruises in the Canadian Arctic since 2007 have been analyzed
for PFASs. These data build on earlier studies of PFAS in the
Canadian Arctic using oceanographic cruises (Shoeib et al., 2006;
Ahrens et al., 2011). Figure 2.6 shows data for 2010-2011.

Air concentrations of most PFAS compounds measured in
the Arctic in 2010 and 2011 were slightly lower or within the
same range as those measured in air along a cruise track from
coastal Germany to the center of the North Sea in May 2009
by Xie et al. (2013).

Passive air sampling using polyurethane foam (PUF) or
sorbent-impregnated polyurethane foam (SIP) has also been
used to measure atmospheric concentrations of neutral PFASs
at remote sites. The Global Atmospheric Passive Sampling
(GAPS) network currently includes about 60 sites, including
five in the Arctic: Alert and Little Fox Lake (Canada); Barrow
(Alaska, USA); Ny-Alesund (Svalbard) and Stérhofdi, (Iceland).
In the 2009 global-scale pilot study using SIP disk samplers,

Table 2.3 Air concentration (pg/m?®) for PFASs measured in Arctic air at
GAPS sites. Data show first quarter passive sampling in 2009 using SIP
disks (Genualdi et al., 2010).

Chemical Alert Barrow  Little. Fox Storhofdi Ny-Alesund
Lake

6:2FTOH <MDL 0.78 <MDL <MDL <MDL

8:2 FTOH 6.4 6.8 16 <MDL 1.72

PFOS 2.0 <MDL <MDL <MDL <MDL

MDL: minimum detection limit

Genualdi et al. (2010) found 8:2 FTOH was the predominant
compound and the most abundant of the FTOHs (Table 2.3).
EtFOSA and MeFOSA were below detection limits at the
four Arctic sites, whereas MeFOSE and EtFOSE were only
detected at Barrow with air concentrations of 0.54 and
0.44 pg/m’, respectively. Ionizable PFASs were quantifiable
only at Alert. PFOS was the predominant compound with an
air concentration of 2.0 pg/m?®. Shorter-chain PFSAs were also
detected at Alert with concentrations of 0.77 pg/m? (PFBS) and
0.087 pg/m’ (PFHxS) (Genualdi et al., 2010).

However, in more recent work, a greater number of PFECAs
were determined (Rauert and Harner, unpubl. data).
Perfluorobutanoate (PFBA) predominated at all locations
(Figure 2.7). PFBA has multiple non-fluorotelomer gas-phase
sources, including chlorofluorocarbon replacements HFC-329
(CF;(CF,);H) (Young et al., 2009), HFE-7100 (C4FsOCH3), and
HFE-7200 (C,FsOC,Hs) (Wallington et al., 1997; Chen et al.,

PFCAs in air, pg/m?
4000

3500
3000
2500 -
2000 -|
1500
1000
500 -
o -
250 -
H PFNA
1 PFOA
B PFHPA
W PFBA

200

150

100

50

2009 2011 2013 2009 2011 2013 2009 2011 2013

Alert, Nunavut Ny-Alesund, Svalbard Storhofdi, Iceland

Figure 2.7 Concentrations of PFCAs, including PFBA (upper) and excluding
PFBA (lower), measured in the GAPS program in 2009,2011 and 2013 at
three Arctic locations using SIP disks (Rauert and Harner, unpubl. data).
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2011b). Among the longer-chain PFCAs, PENA and PFOA
predominated at Stérhofdi and Ny-Alesund, while PFHpA
predominated at Alert (Figure 2.6).

Gawor et al. (2014) reported results for neutral PFASs from XAD-
type samplers deployed at a global-scale for one-year intervals
during the period 2006-2011. These data include the Arctic sites
mentioned above and are reported as ng/sampler to allow for
comparable spatial and temporal trends to be assessed. Levels of
FOSAs and FOSEs tended to decrease globally during the six years
of measurements, whereas an initial decline in the concentrations
of FTOHs from 2006 to 2008 did not continue in 2009 to 2011.

Precipitation/snow

The geographical coverage for PFASs in snow or wet
precipitation in the Arctic is very limited, with data available
for northern Sweden, northern Norway, the Canadian Arctic
islands, Svalbard and from ice/snow in the Beaufort Sea. Due to
their physical-chemical properties, deposited PFASs accumulate
during winter instead of volatilizing back to the atmosphere,
and the accumulated PFAS are delivered to the receiving marine
systems (from snow on top of sea ice and terrestrial catchment
areas) and terrestrial systems (from the snow pack) when the
snow/ice melts (AMAP, 2014b; Bertrand et al., 2014).

Kwok et al. (2013) investigated PFAS concentrations in ice cores,
surface snow and water samples collected from glaciers and
downstream coastal areas of Svalbard. PFBA, PFOA, and PFNA
were the predominant compounds found in ice-core samples
(Annex Table A2.1/2). Kwok et al. (2013) found an increase in
PFAS concentrations in snow and surface water with increasing
proximity to Longyearbyen (Svalbard), suggesting the presence
of local sources. PFOA was the main PFAS detected in surface
snow, while PFBA and perfluoropentanoate (PFPeA) were
mainly found in surface water samples from glacial meltwater
(Annex Table A2.1/2).

Snow collected in the Lake Hazen (Ellesmere Island)
catchment in 2014 had high concentrations of PFBA (1.5 ng/L),
PFHpA (1.1 ng/L), PFOA (2.4 ng/L) and PFNA (1.2 ng/L)
(St. Louis et al., 2015). Deposition of Cs-C;, PFCAs and PFOS
in snow has been measured at Station Nord (Greenland) since
2008 (Bossi, unpubl. data) in samples collected three times per
year. PFNA and PFOA were the predominant PFASs detected
with average concentrations of 0.45 and 0.53 ng/L, respectively
(Annex Table A2.1/2).

Veillette et al. (2012) reported 6- to 15-fold lower concentrations
of PFHpA, PFOA and PFNA in snow from the Lake A catchment
near the northern coast of Ellesmere Island than inland at Lake
Hazen. A study of snow collected in 2008 from the Devon
Ice Cap in the Canadian Arctic (a follow-up to the original
study by Young et al., 2007) also reported concentrations for
PFOA (0.07-0.68 ng/L), PFNA (0.03-1.42 ng/L) and PFDA
(0.01-0.23 ng/L) which were similar to those at Station
Nord (DeSilva and Muir, unpubl. data). Codling et al. (2014)
measured PFASs in the snowpack of a boreal forest in northern
Sweden (64°N, 19°E). The highest median concentrations
ranged from 0.067 to 0.34 ng/L in the order PFBA > PFPeA
> PFBS > PFOA. They found evidence of migration to deeper
snow layers as melt progressed and a declining proportion
of PFBA, the most water-soluble PFAS. They also noted that

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

PEBS and the longer chain Cy,-Ci; PFCAs were retained in
the melting snow pack. PFBA and PFPeA concentrations in
northern Sweden were similar (within a factor of 2) to those
found in snow from the Longyearbyen area while C;-C,, PECA
concentrations were more than 5-fold higher at the Swedish
site. PFCA concentrations in snow at Station Nord were similar
to those found in northern Sweden (Codling et al., 2014) and
Svalbard (Longyearbyen; Xie et al., 2015) but lower than for
snow from the Lake Hazen (Ellesmere Island) catchment.
Overall, the levels of C4-C;o PFCAs in snow in the Canadian
Arctic and northern Greenland (Lake Hazen, Devon Ice Cap,
Station Nord) appear to be higher than in the European Arctic
(Svalbard, northern Sweden).

A study of PFAS compounds in snow in northern Norway
(Tromse area) revealed that EPFCAs (C4—Cy,) was the major
group present with concentrations ranging from 0.294 to
5.206 ng/L. PFHpA dominated the samples with a maximum
concentration of 3.866 ng/L. Only two of the PFSAs (PFBS
and PFOS) were detected, and levels of PFBS varied from
below the limit of detection to 0.178 ng/L. Concentrations
of particle-bound PFAS were low and often below the
detection limit. Particle-associated PFBA showed levels
up to 0.383 ng/L, although the detection frequency was
highest in samples near the city of Tromse (Bertrand et al.,
unpubl. data). The flux of PFCAs to the snowpack seemed
to be related to temperature at the time the snow fell, with
higher temperatures linked to larger fluxes. This might
be due to greater scavenging of PFCAs from air with wet
snow and/or that snowflakes formed a larger surface area
during milder conditions, which could facilitate surface-
mediated photochemical transformation of PFAS precursors
(Bertrand et al., unpubl. data). Hence, snowfall at mild
temperatures can lead to a significant contribution of PFAS
to the snowpack, where it accumulates through winter to
be released to the surrounding environment at snow melt.

Xie et al. (2015) measured neutral PFASs in air and snow collected
from Ny-Alesund (Svalbard) and determined their air-snow
exchange fluxes. Concentrations of the XFTOHs in air over a
one-year period varied from 5.6 to 34 pg/m’® with a mean of
14 pg/m’ (Figure 2.8). Among the perfluorosulfonates, MeFBSA,
the precursor of PFBS, was the principal component followed by
MeFOSA and EtFOSA. In snow, 8:2 FTOH was the predominant
species accounting for 45% of ZFTOHs. Concentrations of
YFTOHs in snow ranged from 0.218 to 0.507 ng/L (mean:
0.369 ng/L). The composition of PFASs was different in snow
compared to air; 10:2 FTOH, MeFOSE and 12:2 FTOH were
the three most abundant species in snow. For FTOHs and
fluorotelomer acrylateS (FTAs), the total air-snow exchange fluxes
were positive indicating exchange back into the atmosphere,
whereas fluxes for FOSEs were negative (Xie et al., 2015).

Ice caps

Kwok et al. (2013) reported historical profiles of PFCAs from
two ice cores collected on the glacier near Longyearbyen.
Consistent patterns were observed in the vertical profiles of
PFCAs in both ice cores with PFBA predominating (39%),
followed by PFOA (17%) and PFNA (11%). PFCAs were
the major PFASs in the ice cores. Fluxes (concentrations
in pg/L multiplied by water equivalents in L/m? for each
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Figure 2.8 FTOHs measured in air at Ny-Alesund (Svalbard) between September 2011 and September 2012 (Xie et al., 2015). The grey line shows average
temperatures during the air sampling.

year) showed maximum PFCA deposition occurred in the ~ 2.1.6.2 Terrestrial environment
late 1990s (Figure 2.9). Young et al. (2007) also observed
elevated PFOA and PFNA deposition from the late 1990s
in a snow pit from the Devon Ice Cap along with higher

There are currently fewer data available for the terrestrial
environment than for the freshwater and marine environments.
Miiller et al. (2011) detected low levels of PFASs in plants,

deposition in near-surface samples (2005). However, fluxes of . ) .
p ples ( ) moss and lichen from locations in the northern Yukon and

PFOA, PFNA, PFDA and perfluoroundecanoate (PFUnDA)
found in the Norwegian ice cores (Kwok et al., 2013) were
two- to 10-fold lower than in the Canadian Arctic ice
cap samples (Young et al., 2007). This result is consistent
with higher mean concentrations of PFOA and its volatile
precursors (i.e. FTOHs) found in the air masses at Alert and
in oceanographic cruise measurements in Nunavut compared
to Svalbard (Butt et al., 2010; Hung et al., 2013a).

from western Nunavut near Bathurst Inlet, Canada (Annex
Table A2.1/3). Overall, average concentrations of XPFCAs
in lichen in the two regions were similar. However, the PFAS
patterns differed widely between vascular plants and lichen
(Figure 2.10). Lowest average XPFCA concentrations were found
in aquatic sedge (Carex aquatilis) and cottongrass (Eriophorum
vaginatum) in the northern Yukon (0.01-0.02 ng/g ww),
while cottongrass in the Bathurst Inlet area had higher

PFCAs deposition, ng/m*/y PFCAs deposition, ng/m?/y
1200 1200
Ice Core 1 Ice Core 2
B PFHxA
B PFOA
1000 = PFNA 1000

800

0
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Figure 2.9 Estimated annual fluxes of PFCAs (PFHxA, PFOA, and PFNA) in ice cores from Svalbard, Norway (Kwok et al., 2013). [Note the original
graph published by Kwok et al. showed fg/(m? - yr) flux units whereas the correct units are shown here.]
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Figure 2.10 PFCA homologue composition of vegetation, caribou and
wolf in the Porcupine (Yukon) and Bathurst (Nunavut) caribou summer
grazing areas (Miiller et al., 2011).

average concentrations (0.12+0.04 ng/g ww). Higher ZPFCA
concentrations were found in lichen (Cladonia mitis/rangiferina
and Flavocetraria nivalis/cucullata) (0.17-0.22 ng/g ww) and
Arctic willow (Salix pulchra) (0.08-0.26 ng/g ww) and were
similar in both areas. The PFCA composition differed among
vegetation types. PFOA was the predominant PFCA in all plants
(grass, sedge, willow and moss, Rythidium rugosum), while both
lichen species showed a predominance of odd-carbon-chain
lengths (Cs<Co, C10<Ci1, C12<Cy3).

Miiller et al. (2011) measured PFASs in liver and muscle of
caribou (Rangifer tarandus) from the Porcupine herd in the
northern Yukon and the Bathurst herd from NWT-western
Nunavut as part of a terrestrial food web study. Highest
PFAS liver concentrations were found for PFNA (2.2+0.2
and 3.2+0.4 ng/g ww for the Porcupine and Bathurst herds,
respectively) followed by PFDA (1.9+0.1 and 2.2+0.2 ng/g ww,
respectively) and PFUnDA (1.7+0.1 and 3.2+0.2 ng/g ww,
respectively). The Bathurst caribou had relatively high PFOS
concentrations (2.2+0.3 ng/g ww) compared to the Porcupine
herd. In general, XPFCAs and PFOS were about 2-fold higher
in the Bathurst herd. This geographical difference may be due
to the more remote location of the Porcupine herd relative to
PFAS sources although concentrations in lichen were similar
(Figure 2.10). Differences in diet may also play a role.
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Miiller et al. (2011) evaluated the biomagnification of PFAS
in vegetation to caribou and wolves (Canis lupus). The
biomagnification factors were tissue-specific and highest for
Co—Cy; PFCAs (2.2-2.9) and PFOS (2.3-2.6) although these
factors were lower compared to earlier studies of the marine food
web (Miiller et al.,2011). Not surprisingly, wolf liver contained
the highest concentrations of XPFAS, followed by caribou liver
and XPFCAs/PFOS ratios were >10 in vegetation and 5-10 in
mammals (Figure 2.10). Muscle and kidney contained 10-20
times lower concentrations (Annex Table A2.1/3).

The distribution pattern of PFAS compounds varied with tissue
and trophic level. PFOA predominated in plants (willow, grass)
while PENA and PFDA predominated in lichen and moss.
PENA and PFUnDA predominated in caribou and wolf. The
odd-carbon-chain PFCAs predominated in caribou, wolf,
grasses and moss.

PFAS concentrations in terrestrial animals are summarized in
Annex Table A2.1/3. PFNA predominated in wolf, moose and
caribou liver among terrestrial mammals in northern Canada,
and in reindeer (Rangifer tarandus) from Svalbard (Miiller et al.,,
2011). PFNA was followed by PFOS, PFUnDA, PFDA,
perfluorotridecanoate (PFTrDA) and PFHXA as the predominant
PFASs, although the pattern varied between these animals.

Concentrations of PFCAs in muscle tissue from Svalbard
reindeer were dominated by the long-chained compounds
perfluorododecanoate (PFDoDA) and PFIrDA, while PFNA
and PFTrDA predominated in liver closely followed by PFOS
and PFHXxS (Figure 2.11). Long-chain PFCAs were also detectable
in reindeer fat. No results for caribou fat or muscle are available
from Canada or Greenland. However, comparing data for liver,
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Figure 2.11 Comparison of PFAS profiles in caribou liver from the
Qamamirjuaq herd (near Arviat, Canada) (Gamberg and Muir, unpubl.
data) and reindeer liver, fat and muscle from Svalbard (Carlsson et al.,
2012a). Results from southern Greenland from Bossi et al. (2015).
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the Svalbard reindeer differ in having much higher PFTrDA levels
(Figure 2.11). PFOS was the PFAS with the highest concentration
(1.42 ng/g ww) in reindeer liver from southern Greenland
followed by PENA (0.84 ng/g ww) and PFUnDA (0.45 ng/g ww)
(Bossietal.,2015). A long-term study of reindeer and moose (Alces
alces) during 1987-2006 from Sweden reported PFOSA, PFOS
and PFOA above detection limits in reindeer muscle, but not at
concentrations that could be quantified (Danielsson et al.,2008).

Norwegian moose livers showed a slightly different pattern,
with PFOS as the predominant compound, followed by PFNA,
PFUnDA and PFDA. The PFAS pattern varies with species; liver
from wood mice (Apodemus sp.) and shrews (Soricidae) from the
same area had the highest concentrations of PFTrDA, followed
by perfluorotetradecanoate (PFTeDA) and PFUnDA and PFOS
(Norwegian Environment Agency, 2013). Liver samples from
Arctic fox (Vulpes lagopus) from Svalbard had the same PFAS
distribution pattern as the Norwegian moose, except that
PFTrDA was present at similar levels to PEUNDA (Aas et al.,
2014). Concentrations of PFAS in these foxes varied with body
condition. Lean foxes had higher wet weight concentrations of
2PFSA and XPFCA in their adipose tissue than fat foxes.

Larter et al. (2017) analyzed PFASs in the liver of moose from
the Dehcho Region in the southwestern Northwest Territories.
PFASs were the major POPs in moose liver ranking ahead
of polychlorinated biphenyls (PCBs) and polybrominated
diphenyl ethers (PBDEs): XPFCAs > PFOS > XPCBs >
XPBDEs. Concentrations of PFASs in moose liver ranged
from 2.2-4.3 ng/g ww for XPFCAs and the Co—-C,; PFCAs
(PFNA-PFUnDA) predominated.

Bossi et al. (2015) reported PFAS concentrations in liver
samples from terrestrial biota (birds and mammals) from
Greenland. Samples from ptarmigan (Lagopus muta; western
Greenland), reindeer (southwestern Greenland) and muskox
(Ovibos moschatus; eastern Greenland) were analyzed. PFAS
concentrations in ptarmigan were mostly below detection limits
but PFNA was detected in all samples analyzed (Bossi et al.
2015). The mean PFNA concentration was significantly
higher in ptarmigan from Nuuk than from Qeqertarsuaq
(ANOVA, p<0.01). PFNA, PFDA, PFUnDA and PFDoDA
were detected in all samples. Interestingly, ptarmigan had
much lower concentrations and different patterns of PFCAs
than piscivorus seabirds where long-chain Cy-Ci3 PFCAs
predominate in liver. In the three muskox liver samples, PENA,
PFDA and PFUnDA were detected at similar concentrations,
ranging from 1.18 to 5.25 ng/g ww. PFDoDA and PFTrDA
were found at concentrations between 0.21 and 0.72 ng/g ww,
whereas PFTeDA was not detected (Annex Table A2.1/3).
Although sample size was limited, muskox had much higher
concentrations of PFNA, PFDA, PFUnDA, PFDoDA and
PFTrDA than reindeer from the same region of Greenland.

2.1.6.3 Freshwater environment
Lake and river waters

Studies on PFASs in water and sediments from Arctic freshwater
environments are very limited. As of 2015, results for water and
sediment samples were available for the Canadian Arctic, Faroe
Islands,and Norway (Svalbard) and are summarized in Annex
Table A2.1/2.
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Stock et al. (2007) determined PFASs in water from
Amituk, Char, Merretta and Resolute Lakes on Cornwallis
Island in Arctic Canada. Further studies were conducted
on PFASs in these and other lakes on Cornwallis Island by
Lescord et al. (2015). The analyses included C4,—Cs PFCAs as
well as the first report of a new perfluorinated alkyl sulfonate
(perfluoro-4-ethylcyclohexane sulfonate) (PFECHS) in the
Arctic (Annex Table A2.1/3). Concentrations of all PFAS
congeners in the remote lakes on Cornwallis Island were very
similar, with mean concentrations of PFOA of 0.20-0.27 ng/L.
PFAS ratios of PFOA:PFNA and PFDA:PFUnDA in Amituk and
Char Lakes were generally consistent with ratios observed in
Arctic glacial ice caps by Young et al. (2007) and in precipitation
from rural and remote sites in North America (Scott et al., 2006)
suggestive of a common atmospheric source.

The study by Lescord et al. (2015) compared PFAS concentrations
in Resolute and Meretta Lakes, which Stock et al. (2007) had
shown to be contaminated with high levels of PFOS, with other
lakes near Resolute Bay. Other, non-PFOS-related PFASs were
identified in Resolute and Meretta Lakes including PFECHS
and fluorotelomer sulfonates (FTS) (4:2-, 6:2-, and 8:2 FTS).
Stock et al. (2007) concluded that the pattern of contamination
observed in water samples from Resolute and Meretta Lakes,
with extremely high levels of PFHxS and PFOS, in addition
to PFHpA and PFOA, relative to background sites (e.g. Char
Lake) was consistent with the use of aqueous fire-fighting
foams; these have been detected following spills at airports
(Moody et al., 2002) and in groundwater at military bases in
Canada (Scott et al., 2007) and the United States (Moody and
Field, 2000; Schultz et al., 2004). The 4:2 and 8:2 FT'Ss may also
be associated with fire-fighting foams, while PFECHS is used
as an abrasion inhibitor for hydraulic fuels in aircraft and thus
also associated with airport emissions.

PFBA was the most prominent PFAS in water from Lake Hazen,
a large lake on Ellesmere Island, as well as in snow from the
lake surface and nearby catchment (St. Louis and Muir, 2014;
St. Louis et al., 2015). The depth profile for total PFCAs in Lake
Hazen (Figure 2.12) showed a sharp increase in the near surface
waters during snow melt indicative of inflow of snow melt water
having much higher concentrations than deeper waters.

Lowest PFAS concentrations in Arctic lakes were found in
Lake A, on northern Ellesmere Island (Veillette et al., 2012)
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Figure 2.12 Depth profile for total (Cs~Ci2) PFCAs in Lake Hazen (Ellesmere
Island, Nunavut) showing elevated concentrations during snow and ice melt
(St. Louis and Muir, 2014).
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Figure 2.13 Comparison of PFAS concentrations and profiles in landlocked
Arctic char from the Canadian Arctic, Svalbard, Faroe Islands and southern
Greenland. Results from Canada are for muscle while liver was analyzed at
the other sites. All data are for the period 2010-2013 (Annex Table A2.1/4).
Data from Garsjo (2014), Bossi et al. (2015) and Muir et al. (unpubl. data).
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and in Pingualuk, an isolated crater lake in northern Quebec
(Gantner et al., 2012). However, PFAS concentrations in Lake A
catchment snow were similar to spring-summer concentrations in
accumulated snow from the Devon Ice Cap (8° in latitude south
of Lake A) sampled in spring 2006 (Young et al., 2007). Thus, the
supply of PFAS from snow melt is likely to be relatively similar at
Lake A as it is on lakes on Cornwallis Island (Amituk, Char). Both
Lake A and Pingualuk were sampled prior to the snowmelt freshet
which would deliver snow-bound PFAS as shown in Figure 2.12.

Four lakes on the Faroe Islands used for drinking water supply
had low C,~C,, PFCA concentrations (Eriksson et al., 2013),
broadly similar to those in remote lakes on Cornwallis Island
(Annex Table A2.1/2).

Kwok et al. (2013) reported a wide range of PFCAs in river water
at Longyearbyen. PFBA and PFPeA were predominant in the
surface water samples. Approximately 2-3 times higher average
PFAS concentrations were detected in both surface snow and
water samples collected from the locations downstream of the
glacier near Longyearbyen compared to glacial water. Because
the river flows near the town of Longyearbyen there may be an
influence of local sources in addition to long-range atmospheric
transport. St. Louis and Muir (2014) reported PFCAs in water
from the Abbe River, which drains a glaciated region near Lake
Hazen (Ellesmere Island). PFBA and PFOA were the prominent
PFCAs (Annex Table A2.1/2).

Freshwater fish

A large number of measurements have been made on PFASs in
freshwater fish, particularly in the Canadian Arctic and Norway,
and recently in Greenland and the Faroe Islands (Muir et al.,
2013b; Norwegian Environment Agency, 2013; Bossi et al., 2015;
Lescord et al., 2015). Detailed results for PECAs are provided
in Annex Table A2.1/4. The long-chained (Co-C,,) PFCAs
predominate in freshwater fish, however the pattern differs in
the European Arctic compared with Greenland and Canada.

Muscle from Arctic char (Salvelinus alpinus) collected in
2010 and 2013 from Lake Linnévatnet, a remote lake near
Barentsburg and Longyearbyen on Svalbard showed a different
pattern of PFASs compared to other locations. PFBA and
PFUnDA were the most prominent congeners detected in more
than 50% of samples (Figure 2.13). PFOA was present in lower
concentrations than expected; 0.05 ng/g ww in muscle from
Arctic char collected in 2010 and 0.02-0.04 ng/g ww in 2013.
However, PFOA was only detected in 20-25% of Arctic char
muscle samples. Three years earlier (in 2010), PFUnDA was
the most was prominent PFAS in char samples from the same
lake, together with 6:2 FTS and PFNA. There is insufficient
information about local PFAS sources on Svalbard to explain the
different PFAS patterns compared to the Norwegian mainland.
Longer-chain (Co-Cis) PFCAs predominated in Arctic char
from Greenland and the Faroe Islands (Figure 2.13).

Concentrations of PFOS, PFDoDA and PFTrDA were similar
in char from Lake 4 Myranar (Faroe Islands) and the unnamed
lake in southern Greenland, whereas concentrations of PFNA,
PFDA and PFUnDA were higher in Greenland. In contrast,
landlocked char from the Canadian Arctic had overall lower
concentrations of all PFASs than in the Faroe Islands or
Greenland and much lower proportions of C;,-Cy4 PFCAs.
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Figure 2.14 Comparison of PFAS concentrations and profiles in brown trout (liver) from northern Norway, the Faroe Islands and southern Greenland, as
well as lake trout (muscle) from Great Slave Lake, Kusawa Lake, and Lake Laberge in Canada. Results are from Muir et al. (2013b), Norwegian Environment
Agency (2013), Stern et al. (2014b), Bossi et al. (2015) and Evans and Muir (unpubl. data).

Low levels of PFASs in lake trout (Salvelinus namaycush)
have been reported from Great Slave Lake (Muir et al., 2013b;
Evans and Muir, 2015, unpubl. data), Lake Laberge and Kusawa
Lake in Canada (Muir et al., 2013b; Stern et al., 2014b) and
in brown trout (Salmo trutta) from the Faroe Islands and
southern Greenland (Bossi et al., 2015) and Telemark,
Norway (Norwegian Environment Agency, 2013). PFCAs
predominated in all trout samples (Figure 2.14), similar to
the pattern found in landlocked char. The pattern differs
between the European Arctic and Canada, with Co-C,, PFCAs
predominating in Norway, the Faroe Islands and southern
Greenland samples (Figure 2.14). The C,; and C,4s PFCAs were
not detected (<0.01 ng/g ww) in lake trout from northern
Canada. The pattern in brown trout from Telemark was:
PFTrDA < PFUnDA < PFDoDA (and PFOS). However, none
of these PFCAs were above the detection limits in the water
or sediment, and PFTrDA was only detected in 30% of brown
trout samples (Norwegian Environment Agency, 2013). For

those samples in which it was detected, the levels of PFTrDA
were higher (mean: 16.3 ng/g ww) than for other PFCAs,
which varied from 5.07 ng/g ww (PFDoDA) to 0.09 ng/g ww
(PFOA). Mean XPFCA was 32 ng/g ww, which is slightly
higher than ZPFCA reported in liver (mean 5.9-21.0 ng/g ww)
from burbot (Lota lota) in the Northwest Territories, Fort
Good Hope, Canada (Muir et al., 2013b).

PFCAs were also prominent components of total PFASs in
burbot liver from Fort Good Hope (Stern et al., 2012) and
Great Slave Lake (Muir et al., 2013b; Evans and Muir, unpubl.
data). PFNA was the predominant PFCA (2.0 ng/g in burbot
from both locations). However, burbot liver from Great Slave
Lake differed from lake trout muscle by having detectable
long-chain (C;3-Cis) PFCAs with mean concentrations of
0.05-0.25 ng/g ww (Annex Table A2.1/4).

PFASs were determined in sea-run char muscle from Cambridge
Bay, Pond Inlet and Nain in Arctic Canada (Evans and Muir,
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unpubl. data). PFOS was detectable in all samples along with
PFOA, PENA, PFDA, PFUnDA, PFDoDA, and PFTrDA (Annex
Table A2.1/4). PFOS and XPFCA concentrations were very low,
averaging 0.04+0.014 and 0.12+0.03 ng/g ww, respectively, at
Cambridge Bay and 0.07+0.06 and 0.12+0.15 ng/g ww; respectively,
at Pond Inlet. The range in PFAS concentration in sea-run char was
2- to 3-fold lower than in landlocked Arctic char in Lake Hazen
and Amituk Lake, which are remote lakes (Annex Table A2.1/4).

2.1.6.4 Marine environment

Seawater

PFASs are globally distributed in the marine environment
(Yamashita et al., 2005). The movement of PFASs, from coastal
areas influenced by urban emissions, to subarctic and Arctic
Ocean waters, was illustrated by Ahrens et al. (2010), who found
Cs—Cio PFCAs averaging about 700 pg/L in coastal seawater
of southern Norway and at detection limits (~10 pg/L) in
the open Norwegian Sea. Overall, ocean currents and related
dilution effects have a crucial influence on PFAS distribution in
seawater, in which industrial and coastal areas and atmospheric
deposition are considered as sources of PFASs, and ocean
waters are important as sinks and for transportation of these
compounds (Ahrens et al., 2010).

Other reports for PECAs and PFBS in the Arctic Ocean and
adjacent waters show higher levels than reported by Ahrens and
co-workers with the sum of C4—C,o PFCAs (the PFASs that have
been determined in all studies) averaging 80-245 pg/L for the
eight studies available as of January 2016 (Annex Table A2.1/5).
Benskin et al. (2012a,b) found that PFHxA, PFHpA and PFOA
were the major PFASs in seawater in the Canadian Arctic
Archipelago and Beaufort/Chukchi Sea waters. However,

Barrow
Strait

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

those studies did not include PFBA and PFPeA. More recent
measurements of PECAs show that PFBA and PFPeA are the
major PFAS in seawater at Barrow Strait in the central Canadian
Arctic Archipelago (Muir et al.,2015¢) and in Chukchi Sea waters
(Cai etal.,2012a) with concentrations 2- to 3-fold higher than for
PFOA. Kwok et al. (2013) also found PFBA to be the predominant
PFAS in Adventfjorden/Isfjorden, Svalbard. However, PFBA was
not reported in two seawater studies that sampled the Greenland
Sea and Greenland coastal waters (Busch et al., 2010; Zhao et al.,
2012) (Figure 2.15). The short-chain sulfonate, PEBS is also widely
detected (Ahrens et al., 2010; Cai et al., 2012a; Kwok et al., 2013).
In Adventfjorden/Isfjorden, PFPeA was 5-fold higher than PFOA
(Kwok et al., 2013), however, this sampling site may have been
influenced by the nearby town of Longyearbyen. Analysis of PFBA
in water is challenging due to matrix effects, possibly from early
eluting natural organic acids (Van Leeuwen et al., 2009).

PFAS concentrations were generally higher in Greenland coastal
waters than in open ocean measurements in the northern
North Atlantic analyzed in the same studies (Busch et al.,2010;
Zhao et al., 2012). This may reflect the influence of freshwater
inputs to these nearshore waters, as well as to sampling during
the period of ice melt. In the case of the southern Beaufort Sea
and Canadian Arctic Archipelago, there are major inflows from
the Mackenzie, Coppermine and Back Rivers which peak in
June and July (Barrie et al., 1998; Murray et al., 1998). Thus,
geographical trends, if any, are obscured by the influence of
seasonality. All ship-based sampling has been conducted in
open waters or with limited ice cover.

Bertrand et al. (2013, 2014) showed that PFAS concentrations
are higher in ice than in the underlying seawater in samples
from the Canadian and European Arctic (Figure 2.16). In the
southeastern Beaufort Sea XPFCAs (Cs—C,,) were similar in snow

PFCAs in seawater, pg/L
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Figure 2.15 Reported average concentrations of
Cs—Cio PFCAs in Arctic seawater based on eight
studies (data sources in Annex Table A2.1/5).
Sampling areas mentioned in the text are identified.

Adventfjorden/
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and ice but about 4-fold higher than in water. In the Barents Sea
near Svalbard, PFOA and other PECAs were 5- to 10-fold higher
in ice than seawater (Figure 2.16). Thus, ice is a source of PFASs
to surface waters during spring-summer in polar regions while
sealing off surface waters from precipitation inputs during winter.

Ongoing measurements of PFOA and other PFASs in the
Canadian Arctic Archipelago have shown that concentrations
are often elevated in surface seawaters during ice melt each year
(Muir et al., 2015¢). This is illustrated in Figure 2.17 for depth
profiles of PECAs (sum of C¢—Cj) in waters from Barrow Strait
near Resolute collected in May-June 2007, 2008 and 2010.

Benskin et al. (2012a) measured PFOA isomers in seawater from
the Canadian Arctic Archipelago and Beaufort/Chukchi Seas.
They found a distinct spatial trend whereby PFOA in seawater
originating from the Atlantic was predominantly historic (up
to 99% ECF), whereas water in the Archipelago along the
ship transect from Barrow Strait to the Bering/Chukchi Seas
(Figure 2.15) had a significant telomer PFOA contribution
indicating that it was predominantly of contemporary origin
(Figure 2.18). The percentage ECF was also significantly
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Figure 2.17 ZPFCAs (sum of Cs-Cio-perfluorocarboxylates) in seawater
from Barrow Strait (Resolute, Nunavut). Sample collection was conducted
from the ice during late May to early June each year (Muir et al., 2015c).
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Figure 2.18 Spatial trends in PFOA isomers in seawater from the
Canadian Arctic Archipelago and Beaufort/Chukchi Seas. Redrawn from
Benskin et al. (2012a).
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Figure 2.19 Concentrations of PFAS (not including PFOS) in halibut
muscle, shrimp, cod liver, eider and herring gull eggs, and harbour seal
liver from northern Norway (Norwegian Environment Agency, 2013;
Carlsson et al. 2016).

correlated with salinity (r=0.58, p<0.01; Figure 2.18) but not
with seawater temperature (Figure 2.18). This suggests that
water collected in the Archipelago is more influenced by riverine
discharges, which would presumably contain PFOA derived from
an atmospheric source (i.e. FTOH). Summer salinity gradients
in the Arctic Ocean show a major influence of freshwater inputs
in the southern Beaufort Sea and in the southern Archipelago
waters (Murray et al., 1998) which supports this hypothesis.

Total extractable organofluorine (EOF) measurements have
been made in non-Arctic seawater, which indicates that the
PFASs so far identified represent only a small proportion of the
EOF (10-40%) (Miyake et al., 2007). The majority of the EOF
has not been identified, which suggests the presence of other
PFASs in addition to the known PFASs. No EOF measurements
appear to have been conducted on Arctic seawaters.

Marine invertebrates

Invertebrates, including copepods and ice amphipods, were
included in food web studies conducted in the mid-2000s and
reviewed by Butt et al. (2010). There are few recent studies of
PFASs in marine invertebrates and plankton. Recent studies of
shrimp from northern Norway revealed that they contained
higher PFAS levels than found in cod liver or in halibut
(Hippoglossus hippoglossus) muscle samples from northern
Norway (Figure 2.19).

Marine fish

There are few recent studies on PFASs in Arctic marine fish
species. Earlier work on marine fish was based mainly on
food web studies and was reviewed by Butt et al. (2010). PFAS
concentrations were below detection limits in fish from West
Greenland, Iceland and the Faroe Islands (Jorundsdottir et al.,
2012; Eriksson et al.,2013; Carlsson et al., 2016). Studies from
the Barents Sea (polar cod, Boreogadus saida), Beaufort Sea
(polar cod) and the Norwegian west coast (halibut) have
shown low levels of PFASs in fish (Haukés et al., 2007;
Powley et al., 2008; Carlsson et al., 2016). PFOA was not
detected in these studies. The levels of PFNA and PFHxA
in the Barents Sea samples were 0.19 and 2.06 ng/g ww,
respectively (Haukas et al., 2007).
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Braune et al. (2014a) determined C¢~C,5-PFCAs and PFBS, and
PFHXS in forage fish from Coats Island (northern Hudson Bay;,
Nunavut). PFUnDA and PFTrDA were the most prominent
PFCAs, with concentrations (whole fish) of <0.1-0.68 ng/g ww.
Arctic cod had the highest concentrations of XCs—C,5-PFCAs
(1.45,range: 1.0-2.1 ng/g ww) followed by sculpins (1.40, range:
1.0-1.7 ng/g ww) (Annex Table A2.1/6).

Median concentrations of long-chain PFCAs (Co—C3) in halibut
muscle from the Norwegian west coast were 0.07-0.49 ng/g ww,
with PFTrDA and PFUnDA present at the highest levels
(Figure 2.19). The short-chain PFCAs and PFSAs were below
detection limits (Carlsson et al., 2016). Atlantic cod liver from
Lofoten (Norway) and Svalbard showed comparable levels of
all PFASs analyzed, except for PFOS (0.59 and 0.28 ng/g ww,
respectively) and PFTrDA (0.40 and 0.18 ng/g ww, respectively)
(Norwegian Environment Agency, 2013). These levels were
comparable to PFASs in halibut muscle from northern Norway.
PFTrDA concentrations in halibut muscle (0.49 ng/g ww) and
cod liver from Lofoten were similar, but PFOS was higher in the
halibut than the Lofoten cod; 0.95 and 0.59 ng/g ww; respectively
(Norwegian Environment Agency, 2013; Carlsson et al.,2016).

Seals

Early studies on spatial and temporal trends of PFASs in Arctic
marine mammals were reviewed by Butt et al. (2010) and
temporal trends of PFOS in marine biota have been included
in the recent AMAP temporal trend assessment (AMAP, 2014a).
This sub-section focuses on more recent reports for PFCAs
and on newly detected PFASs. Rigét et al. (2013) reported that
in ringed seal (Pusa hispida) liver samples collected up until
2010, PFOS was still by far the most predominant compound
constituting 92% (West Greenland seals) and 88% (East
Greenland seals) of total PFASs. However PFCAs constituted
an increasing proportion of total PFASs in ringed seals from
Greenland and in the Canadian Arctic.

YPFCA concentrations in liver from harbor seal (Phoca vitulina)
liver from northern Norway were 15 ng/g ww (Norwegian
Environment Agency, 2013). The longer, odd-chain PFASs
predominated (PFUnDA, PFNA and PFTrDA), which is the
commonly observed trend among biological samples in the
European Arctic. Other than the investigation by the Norwegian
Environment Agency, there are no recent data available for PFASs
in seals in the Norwegian part of the Arctic. Data on new PFASs
and less reported PFCAs in ringed seals have been reported by
Rotander et al. (2012c), Muir et al. (2014) and Gebbink et al. (2016)
and are summarized in Figure 2.20 and in Annex Table A2.1/6.
Rotander et al. (2012c) reported a suite of PFCAs in liver of ringed
seals from northwest Greenland and hooded seals (Cystophora
cristata) from the Greenland Sea (west ice). They found relatively
high levels of PFTriDA especially in hooded seals (21 ng/g ww).
Gebbink et al. (2016) found (C,4)-PFTeDA and (C;5)-PFPeCA
in ringed seal liver from East Greenland and Muir et al. (2015¢)
detected the C,6-PFCA in seal liver (Figure 2.20).

Gebbink et al. (2016) reported the first detection of F53B (also
known as 6:2-CI-PFAES, a chlorinated polyfluorinated ether
sulfonic acid) in Arctic biota. This compound has previously
been reported in rivers in China (~40 ng/L) and sewage sludge
(~2 ng/g) at comparable concentrations to PFOS (Wang et al.,
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Figure 2.20 Concentrations and patterns of a large suite of PFASs in ringed
seal liver from northern Canada and ringed seal, polar bear and killer whale
from Greenland. Based on data from Muir et al. (2015¢) and Gebbink et al.
(2016).
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2013a; Ruan etal.,2015). 6:2-Cl-PFAES was detected in ringed seal
liver from East Greenland at 0.045+0.004 ng/g ww (Figure 2.20).
Muir et al. (unpubl. data) reported the detection of PFECHS, the
cyclic analog of PFOS, in ringed seal liver from the Canadian
Arctic. This perfluoro-compound was previously reported in lake
water and landlocked char (Salvelinus alpinus) from Cornwallis
Island (Lescord et al., 2015). In seal liver, PFECHS was present
at similar concentrations as for PFHxS and PFTeDA.

Gebbink et al. (2016) analyzed seal liver samples for
polyfluoroalkyl phosphate esters (mono- and diPAPs) but did
not detect them (<0.5 ng/g ww).

Whales

Few new data were available on new or less studied PFASs in
whales from the Norwegian or Canadian Arctic beyond what
was reviewed by Butt et al. (2010) and reported in the Canadian
Arctic POPs assessment (Muir et al.,2013b). Reiner et al. (2011)
determined PFASs in liver of beluga (Delphinapterus leucas) from
Cook Inlet (southeast Alaska) and the eastern Chukchi Sea. The
Co—Cyo-PFCAs along with PFOS and PFOSA were major PFASs;
PFOA, PFHpA, and PFHxA were detected infrequently (<2% of
samples). Total Co—Ci4-PFCAs were nearly 3-fold higher in Cook
Inlet beluga (70.4+46.1 ng/g ww; 2001-2006) than in eastern
Chukchi Sea animals (24.0+22.5 ng/g; 1999-2000). Total PECAs
in Cook Inlet beluga were higher than reported for Hudson Bay
beluga (Kelly et al., 2009) (Annex Table A2.1/6) mainly due to
higher proportions of PFUnDA, PFDoDA, PFTrDA and PFTeDA.

Rotander et al. (2012c) reported concentrations of a suite of
PFCAs in liver of whales from the northern North Atlantic,
including the Faroe Islands, west Iceland and Greenland,
based on samples collected in the mid-2000s as well as older
archived samples. PFUnDA was the most prominent PECA with
concentrations ranging from 0.4 ng/g (fin whales, Balaenoptera
physalus) to 52 ng/g (white-sided dolphin, Lagenorhynchus
acutus) (Annex Table A2.1/6). Gebbink et al. (2016) reported a
suite of PFASs in liver of killer whales (Orcinus orca) collected
off East Greenland (Figure 2.20); the first report for PFASs
in this species. Long-chain (Co—C,5)-PFCAs were prominent
contaminants in killer whale liver ranging from 3.4 ng/g
(PFPeDA) to 67 ng/g (PFUnDA). Gebbink et al. (2016) also
detected 6:2-Cl-PFAES in killer whale liver. Levels of PFAES
(0.023 ng/g) were about 10-fold lower than in polar bear (Ursus
maritimus) liver and relatively low compared to PFOA or PFOS.

Polar bears

The information available about new or emerging PFASs in
polar bears is scarce for the Norwegian Arctic (Svalbard),
but is increasing for bears from sub-populations in East
Greenland (Figure 2.20) and in southern and western
Hudson Bay in Canada. One recent study investigated levels
of PFASs in plasma from Svalbard polar bears. PEFOS was
the predominant PFAS (205 ng/mL plasma), followed by
the longer odd-chained PFCAs; PFNA and PFUnDA at 37.6
and 25.5 ng/mL, respectively (Norwegian Environment
Agency, 2013). The same distribution pattern was observed
in a polar bear mother-cub pair study with samples from
Svalbard in 1998 and 2008 (Bytingsvik et al., 2012). Mean
levels of PFOS were 432 and 309 ng/mL plasma in the polar
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bear mothers from 1998 and 2008, respectively, while PENA
was present at 28 and 38 ng/mL plasma in 1998 and 2008
(Annex Table A2.1/6). Most of the PFCAs increased over
the same period. Maternal transfer is an important exposure
pathway for the cubs, although it is less important than for
the lipophilic, legacy POPs (Bytingsvik et al., 2012).

In East Greenland polar bears, PESA and PFCA concentrations
were reported to be highest in liver followed by blood > brain >
muscle ~ adipose (Greaves et al., 2012). Also, liver and blood samples
contained proportionally more of the shorter/medium-chain
(Cs—Ci1) PFCAs, whereas fat and brain samples were dominated
by longer-chain (Ci;-Cys) PFCAs. In different brain region samples
for the same bears, PFOS and the longer-chain PFCAs (Cy—Cis)
were found to be significantly and positively correlated with lipid
content for all brain regions (Greaves et al., 2013).

Co—Cy; PFCAs were prominent, with PFNA dominating, in
polar bear liver samples collected in 2014 from the southern
and western Hudson Bay sub-populations. This is similar to the
pattern found in East Greenland bears. In addition to PFOS,
PFHXxS and several ‘Pre-FOS’ precursors (ultimate precursors to
PFOS) were quantifiable, for example, N-EtFOSA and PFOSA
at low levels (Letcher et al., unpubl. data).

Low ng/g concentrations of C, perfluorobutane sulfonamide
(FBSA) were reported for the first time in polar bear liver
(Letcher et al., unpubl. data). This was the first detection of
FBSA, a precursor of PFBS, in an Arctic biota sample. No
corresponding PFBS was detectable in any polar bear liver
sample. It has been shown that Canadian ringed seal and
Icelandic polar bear, but not Canadian beluga, can rapidly
dealkylate N-EtFOSA to PFOSA in vitro in liver microsomes
from these Arctic species (Letcher et al., 2014) and the same
pathway probably applies to FBSA.

Gebbink et al. (2016) reported the first detection of F53B (aka
6:2-Cl-PFAES, a chlorinated polyfluorinated ether sulfonic
acid) in polar bear liver. Concentrations (0.27 ng/g) were about
6-fold higher than in seal liver but relatively low compared to
PFOA or PFOS.

PFBA was measurable at low ng/g levels at almost 100% frequency
in all western and southern Hudson Bay bear livers (Letcher etal.,
unpubl. data). However PFBA was not detected in plasma of
Svalbard bears (Bytingsvik et al.,2012). The cyclic analog of PFOS,
PFECHS was quantifiable in all Hudson Bay bear liver samples
(low ng/g levels). Detection is consistent with its detection in
ringed seals from the same region (Muir et al., unpubl. data).

Seabirds

Butt etal. (2010) previously reviewed spatial and temporal trends
of PFSAs in seabirds and therefore only reports published after
2009 are considered here. More recent work has involved analyses
of seabird liver or eggs from Norway, the Faroe Islands, and
Greenland, as well as Nunavut, and is summarized in Annex
Table A2.1/6. However, comparing locations is difficult because
different species have been sampled. The data are summarized
here with an emphasis on the PFCA pattern in liver (Figure 2.21).

Miljeteig et al. (2009) determined PFASs in ivory gull (Pagophila
eburnea) eggs from four colonies in the Norwegian (Svalbard)
and Russian Arctic islands (Franz Josef Land and Severnaya
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Figure 2.21 Concentrations and patterns of Cs—Ci6-PFCAs in plasma of
black-legged kittiwake (Kongsfjorden, Svalbard) and in liver of common
eider (Sklinna, Rest, Norway), herring gull and shag (Sklinna, Rest,
Norway), thick-billed murre and northern fulmar (Prince Leopold Island,
Lancaster Sound, Nunavut). Results from Norway are from Tartu et al.
(2014) and Huber et al. (2015), and for Nunavut from Braune et al. (2014b).
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Figure 2.22 Mean contributions of Cs—Cis-PFCAs to XPFCA in eggs of
five seabird species sampled from Prince Leopold Island, Nunavut, 2008
(Braune and Letcher, 2013).
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Zemlya). C;1—Cy3-PFCAs predominated at all locations and the
range in concentration was similar among colonies (Annex
Table A2.1/6). Lucia et al. (2015) analyzed PFOA and PFNA in
ivory gull eggs from Station Nord (Greenland) and found that
concentrations were significantly higher compared to results
from Miljeteig et al. (2009) implying higher exposure further
west. However no data for PFASs in ivory gulls are available
from the Canadian Arctic or Alaska for comparison.

Nost et al. (2012) determined PFASs in plasma of black-legged
kittiwake (Rissa tridactyla) and northern fulmar (Fulmarus
glacialis) chicks from Kongsfjorden (Svalbard). Median
concentrations of total (Cs—Cy,)-PFCAs were 3-fold higher in
fulmar than kittiwakes. Tartu et al. (2014) reported on C;—Cs-
PFCAs in plasma of adult chick-rearing kittiwakes from the
same population on Svalbard. The pattern of PFCAs was similar
to that in livers of other seabirds (Figure 2.21) with PFUnDA
and PFTrDA predominating.

Braune et al. (2014b) determined PFASs in liver of adult thick-
billed murres (Uria lomvia) and northern fulmars from several
locations in the eastern Canadian Arctic during 2007-2008.
2PFCA varied significantly among the five murre colonies with
the highest concentrations found at Coats Island in Hudson Strait.
Patterns varied among colonies and, at some colonies, between
sexes, most notably for murres at Akpatok Island. The PFAS
patterns and concentrations noted between murres could be at
least partially because Pacific waters influence Lancaster Sound
while Atlantic waters and freshwater sources influence Hudson
Bay. While no results for liver of murres or fulmars are available
for the European Arctic there are nevertheless distinct differences
when comparing the proportions of PFCAs in common eider
(Somateria mollissima), shag (Phalacrocorax aristotelis), kittiwakes,
and herring gull (Larus argentatus) from Norway. C,,—Cis PFCAs
are more prominent in the Norwegian species (Figure 2.21).

Braune and Letcher (2013) examined the profile of Cs—C;s-
PFCAs in eggs of five species of seabird from the Canadian
Arctic, collected in 2008. PFUnDA was the predominant
congener in glaucous gull (Larus hyperboreus), thick-billed
murre, and black guillemot (Cepphus grylle), while PFTrDA
predominated in black-legged kittiwake and northern fulmar
(Figure 2.22). Although long-chain PFCAs predominated
in eggs, the Co-Ci; PFCAs predominated in liver of adult
murres and fulmars from Prince Leopold Island (Lancaster
Sound) (Braune et al., 2014b). This may be due to preferential
accumulation of long-chain PFCAs in egg yolk as demonstrated
in herring gull eggs (Gebbink and Letcher, 2012).

Braune and Letcher (2013) also detected PFBS in the murre
and fulmar eggs. This was the first detection in these species
of PFBS, which is a degradation product of perfluorobutane
sulfonyl products, which have replaced PFOS-related chemicals.
However, it was detected only in samples from 2010 and 2011
and at low levels ranging from means of 0.04 ng/g (murres) to
0.57 ng/g (fulmars). By comparison, mean PFOS concentrations
for 2011 ranged from 19.8 ng/g (fulmars) to 23.8 ng/g (murres).

Tartu et al. (2014) did not detect PFBS or short-chain (C,-Cs)
PFCAs in plasma of chick-feeding black kittiwakes from
Svalbard. However the pattern of PFCAs in the kittiwakes from
Svalbard was very similar to that for kittiwake eggs from Prince
Leopold Island, Nunavut.
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2.1.7 Environmental trends

2.1.7.1 Spatial trends

Information on spatial trends is included in Section 2.1.6.

2.1.7.2 Temporal trends

Long-term temporal trend data sets are available for Cs—Ci2-
PFCAs in selected Arctic freshwater and marine biota and for
PFOA and FTOH precursors, as well as for MeFOSE and EtFOSE
in atmospheric samples. Butt et al. (2010) reviewed temporal
trends of PFASs for studies published to 2009. The Canadian
Arctic Contaminants Assessment Report on POPs reported
temporal trends of PFASs to 2011 in freshwater fish, seabirds
and marine mammals (Muir et al., 2013b). This section includes
areview of recently published and unpublished trend data with
a focus on results for PECAs reported since 2009. Additional
information on temporal trends is available in Section 2.1.6.

Air

The recent AMAP overview of temporal trends in POPs
(AMAP, 2014a) included trends for MeFOSE and EtFOSE at
Alert (Canada). Both compounds showed non-changing and
declining trends, respectively in air (gas + particles) samples
collected from August 2006 to 2012. In contrast, 8:2 FTOH
and 10:2 FTOH showed increasing tendencies in air at Alert
with doubling times of 2.3 to 3.3 years over this period. PFOA
did not show any significant decline at Zeppelin (Svalbard)
and no consistent seasonality was observed (AMAP, 2014a).
Gawor et al. (2014) reported results for neutral PFASs from
XAD-type samplers deployed on a global-scale for one-year
intervals during the period 2006-2011. Levels of FOSAs and
FOSEs tended to decrease globally during the six years of

measurements, whereas an initial decline in the concentrations
of FTOHs from 2006 to 2008 did not continue in 2009 to 2011.

Freshwater fish

The Canadian Arctic Contaminants Assessment Report on POPs
reported temporal trends of PFCAs to 2011 in Arctic char, lake
trout and burbot (Muir et al., 2013b). Updated results from that
report are provided here. C,—~Cy4 PFCAs appear to be declining
in landlocked Arctic char from Lake Hazen, Char Lake and
Amituk Lake (Canada), from their peak in the period 2006-2009
(Figure 2.23). The mean annual declines between 2009 and 2013
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Figure 2.23 Trends of C;-Ci4 perfluorocarboxylates (SPFCAs) in landlocked
char muscle from Lake Hazen, Char Lake and Amituk Lake in the Canadian
Arctic (Muir, unpubl. data).
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Figure 2.24 Trends in C;-Cis perfluorocarboxylate concentration in lake
trout muscle and burbot liver from Great Slave Lake (Muir et al., 2013b;
Evans and Muir, unpubl. data), lake trout muscle from Lake Laberge and
Kusawa Lake (Stern et al., 2014b), and burbot liver from Fort Good Hope,
Mackenzie River (Stern et al., 2014a).
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are quite rapid ranging from 8.8% for Lake Amituk to 26% for
Lake Hazen using the AMAP PIA program (Bignert, 2007).

Declining trends for C;—Cys PFCAs were also observed in lake
trout from Great Slave Lake (Northwest Territories) over the
period 2000-2011 (Muir et al., 2013b; Evans and Muir, unpubl.
data) (Figure 2.24). These represented declines of about 40%
per year from the early 2000s to 2010. Between 2011 and 2013
concentrations levelled off or increased slightly. In lake trout
from Lake Laberge and Kusawa Lake (Yukon) total Co-Cy:-
PFCA concentrations declined over the period 2007-2012 at
very similar rates in both lakes.

Trends for PFCAs in burbot liver were distinctly different from
those for lake trout (Figure 2.24) possibly reflecting differences
in contamination of the benthic versus pelagic food webs.
Rising C;—Cy4-PFCA concentrations were observed in the West
Basin of Great Slave Lake over the period 2007-2012, while
concentrations remained the same in burbot from the East Arm.
At Fort Good Hope, Co—C,;-PFCA concentrations declined in
burbot from 2003 but increased between 2010 and 2013.
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Seawater

Time series measurements are lacking for PFASs in seawater
although annual measurements at fixed locations such as Barrow
Strait (Nunavut, Canada) have begun (Muir et al., 2015c).
Additional studies are necessary to investigate seasonality and
long-term changes.

Seals

Rigét et al. (2013) found declining trends in PFOA, PFNA,
PFDA and PFUnDA in ringed seals from Qeqertarsuaq
(West Greenland) over the period 2008-2010 after a steady
increase. The decline was particularly striking for PFOA with
a clearing half-life of about one year. While PFOA in seal liver
also declined (half-life ~ 2 years) at Ittoqqortoormiit (East
Greenland), PFNA, PFDA and PFUnDA continued to increase
(Figure 2.25).

In the Canadian Arctic, declining trends for total (C;—Cus)-
PFCAs were observed in ringed seals from four locations in the
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Figure 2.25 Temporal trends in PFOA, PFNA, PFDA, PFUnDA (ng/g ww) in liver tissue of ringed seals from Qeqertarsuaq (West Greenland) and
Ittoqqortoormiit (East Greenland). Results reproduced from Rigét et al. (2013).
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Figure 2.26 Temporal trends of total PFCAs (sum C;—Cis-PFCAs) in ringed seal liver from four locations (SE Beaufort Sea= Sachs Harbour and
Ulukhaktok; Lancaster Sound=Resolute, Grise Fiord and Arctic Bay; W. Hudson Bay = Arviat; E Baffin Is = Pangnirtung, Pond Inlet and Qikiqtarjuaq)
in the Canadian Arctic (Muir et al., 2014). Blue lines represent trend; green lines represent 2-year moving average; larger red symbols and vertical lines

are annual means and standard deviations.

period 2005-2010 (Figure 2.26). However, more recent results
suggest an increase in total PFCAs in Hudson Bay and Lancaster
Sound; the declining trend occurred later in the southeastern
Beaufort Sea seals. The trend for total PECAs reflects changes
in the major components (PFNA, PFDA, PFUnDA; Figure 2.20)
which have very similar individual trends (Muir et al. 2014;
Muir, unpubl. data). Similar differences in trends between ringed
seals in the Beaufort Sea and in Hudson Bay and Lancaster
Sound have been observed for B-HCH isomers (Addison et al.,
2014). They are thought to reflect the influence of Pacific Ocean
waters and Russian rivers as sources for the Beaufort Sea (Li
and Macdonald, 2005) whereas sources for western Hudson
Bay reflect inflowing rivers and atmospheric deposition from
North American sources (Armitage et al., 2009c).
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Whales

Rotander et al. (2012c¢) reported increasing trends for PFNA,
PFDA and PFUnDA in pilot whales (Globicephala melas) and
white-sided dolphins from the Faroe Islands. Samples were
from the period 1986-2006 (pilot whales) and 2001-2006
(dolphins). Calculated on an annual basis the increases were
generally over 10% per year, reflecting the sharp increases
seen for other Arctic marine species up to the mid-2000s.
However only three sampling years were available for pilot
whales and two for dolphins.

Reiner et al. (2011) examined temporal trends of PFCAs in
beluga from Cook Inlet and the Chukchi Sea (northwestern
Alaska). Although sample sizes were limited (n=1 or 2 per year
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Figure 2.27 Temporal trends in XPFCAs in beluga liver samples from the Cook Inlet and Chukchi Sea (northwest Alaska) reported by Reiner etal. (2011)
and from the southern Beaufort Sea and Cumberland Sound stocks (Tomy et al., 2011; Tomy and Loseto, 2014). Symbols represent geometric mean
concentrations. Vertical bars are 95% confidence intervals for the Alaskan results and minimum and maxima for the Canadian samples.
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Figure 2.28 Temporal trends in geometric mean concentration of XPFCA and PFOS in the liver of western Hudson Bay bears (2007-2014) and southern
Hudson Bay bears (2007-2014) (Letcher et al., unpubl. data). Error bars are standard deviations (SDs). Sample numbers are shown above bars. Data not

corrected for sex, age or diet.

for Cook Inlet 2001-2006) the overall trend appears to show a
rapid increase in concentration of total PECAs over the period
1993-2003 with a decline thereafter (Figure 2.27). However
no significant trend was evident for the Chukchi Sea beluga.

Total (Cs—Cy,)-PFCAs declined over the period 1993-2011
in the southern Beaufort Sea beluga while showing a general
decline from 2000-2011 in the Cumberland Sound population
(Tomy et al., 2011). More recent results suggest an increasing
trend in the southern Beaufort Sea beluga over the period
2010-2013 (Tomy and Loseto,2014). Total PECA concentrations
in the Beaufort Sea beluga in the 1990s were generally higher
than reported for the Chukchi Sea animals.

PFOA in polar bear liver, ng/g ww

Polar bears

PFASs have been measured in polar bears in Canada
(Figure 2.28) and Greenland (Figure 2.29).

Hudson Bay polar bears appeared to have relatively constant
concentrations of ZPFCAs for the period 2007-2014 while
PFOS appears to have declined at least in southern Hudson Bay
(Figure 2.28). Even though concentrations were uncorrected
for sex, age, and diet, Letcher et al. (unpubl. data) found that
in polar bear livers collected for all years between 2007 and
2014, mean concentrations in the Hudson Bay population
were continuously very high at >400 ng/g ww (XPFCAs) and
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Figure 2.29 Temporal trends in PFOA, PENA, PFDA, and PFUnDA in polar bear liver from Ittoqqortoormiit (East Greenland), after Rigét et al. (2013).



26

ZPFCAs in seabird eggs, ng/g ww

404
—e— Northern fulmar
—e— Thick-billed murre
304
20+
104
0_

T T T T T T T T T
1975 1980 1985 1990 1995 2000 2005 2010 2015

Figure 2.30 Mean (+ SE) annual concentrations of total perfluorinated
carboxylates (sum of Cs—C,4-PFCA) in eggs of northern fulmars and thick-
billed murres from Prince Leopold Island, 1975-2014 (Braune, 2015).

>900 ng/g ww (PFOS). This stresses the importance of PECA
and PFOS precursors as sources, which are transported to the
Arctic and/or degraded in bears and/or their prey/food web.

Rigét et al. (2013) reported that PFOS was still the most
predominant PFAS in polar bear liver samples up to 2010,
constituting 85% in East Greenland polar bears, and until 2006
had doubling times of about 14 years. PFOS as well as PFHxS
and PFOSA concentrations showed decreasing trends in recent
years as did PFDA and PFUnDA. Rigét et al. (2013) updated
the temporal trends of PFCAs in East Greenland polar bears
that were first reported by Dietz et al. (2008). PFOA, PFNA and
PFUnDA all showed declining trends in polar bear liver over
the period 2006 to 2011 (Figure 2.29) with annual declines
ranging from 6% (PFNA) to 15% (PFOA).

Seabirds

Braune and Letcher (2013) and Braune (2015) examined
temporal trends in PFCAs in thick-billed murre and northern
fulmar eggs over the period 1975-2014 (14 sampling years
including annual samples from 2006 to 2014). Increasing
trends were observed in fulmars until 2008 and until 2010
in murres. From 2010 to 2014, PFCAs declined rapidly in
fulmar eggs (~12%/y) while remaining more or less constant
in murres (Figure 2.30). The long-chain (Cs—Ci5) PFCAs
contributed to the increasing XPFCA concentrations in the
murres and fulmars during the period 1993-2014. PFUnDA
and PFTrDA were the predominant PFCAs and together
constituted over 60% of XPFCA in all years, with PFTrDA
dominating the fulmar PFCA profile (except in 1975) and
PFUnDA generally dominating the murre PFCA profile.
PFOA (Cs) was detected (>0.08 ng/g ww) in eggs of both
species from 2008 onward and comprised <3% of the PFCA
profile in murres and northern fulmars.

2.1.8 Conclusions

New data are available for a wider range of perfluoro- and
polyfluorinated substances in the Arctic since the previous
detailed review (Butt et al., 2010). New PFASs detected
include PFECHS (an analog of PFOS), FBSA (a precursor
of PFBS), and 6:2-CI-PFAES (a chlorinated polyfluorinated
ether sulfonic acid). Concentrations of these new substances
are not elevated relative to PFOS or most PFCAs, however,
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particularly in the case of 6:2-Cl-PFAES and FBSA, they may
be replacement compounds for PFOS-related uses, and so
deserve additional scrutiny.

More studies on the partitioning behavior of PFASs are needed,
such as between solid/water and air/water phases (Ahrens et al.,
2010) to get a better understanding of the relationship between
sources, seawater concentrations and the mechanisms of long-
range global transport.

Although C;3-Cy5-PFCAs had been reported previously in
Arctic marine biota, particularly in seabirds (Butt et al., 2007)
additional measurements have shown these compounds to
be present in most top predators. Information on the tissue
distribution of these long-chain PFCAs, which are more
hydrophobic than PFOS or more commonly detected Cs—Cy,
PFCAs, is limited. For example, results from analysis of reindeer
showed that C,;5-C,s PFCAs were detectable in fatty tissue.
Similarly, in seabirds the eggs have higher proportions of C;3-Cis
PFCAs than liver (Braune and Letcher, 2013). Accumulation of
long-chain PFCAs in egg yolk as demonstrated in herring gull
eggs (Gebbink and Letcher, 2012) may be the reason. Additional
studies of fatty tissues for other mammals are needed. The
relative proportions or pattern of the PFCA congeners also
differs between the European Arctic, Greenland and Canada.
For example, Cy3- and C,4-PFCAs were not detected in lake
trout from northern Canada but readily detected in fish in the
European Arctic, the Faroe Islands and Greenland. However,
additional studies are needed because most analyses of fish from
the European Arctic have used liver, while muscle has generally
been used in Canada (except for burbot). The differences may
thus also reflect tissue distribution.

There are an increasing number of measurements of PFBA
in freshwater, seawater, snow and air samples which indicate
that it is the most prominent PFCA in these abiotic media. For
example, PFBA predominated in all air samples collected by the
GAPS program using sorbent-impregnated polyurethane foam
or polyurethane foam disks. However, PFBA has multiple non-
fluorotelomer gas-phase sources, including chlorofluorocarbon
replacements HFC-329 (CF;(CFE,);H), HFE-7100162 (C,FsOCHs),
and HFE-7200 (C,FsOC;Hs), and this is likely to explain its
predominance. PFBA is also detectable in fish (e.g.in landlocked
char from a lake in Svalbard) and in liver of polar bears from
Hudson Bay. Although it is expected to be eliminated quickly due
to its high water solubility, the predominance of PFBA in abiotic
samples suggests that it could be present, particularly in fish and
invertebrates that are continuously exposed via gill respiration.
Thus further measurements of PFBA in biota are needed.

An extensive dataset exists for long-term trends of long-chain
PFCAs in Arctic biota with some datasets including archived
samples from the 1970s and 1980s. However, with the exception
of air, results are mainly from Canada and Greenland. Trends
in PFCAs over time vary across the North American Arctic
and between East and West Greenland. Rising levels of some
PFCAs have been explained by continued emissions of long-
chain PFCAs and/or their precursors (Wang et al., 2014a).
Continuing production of precursors of the long-chain PFCAs
in Asia (including India and Russia) while reductions in these
precursors occur in Europe and North America may explain
some of this pattern.
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Another temporal pattern that has emerged since 2010 is
increasing PFCAs in biota following previous declines from
higher concentrations in the early 2000s. This is most evident
in ringed seals and beluga in the Canadian Arctic. Annual
biological sampling is helping to determine this trend. The
trend has not appeared in the data for atmospheric sampling
of volatile precursors (FTOHs) or of PFOA on filters.

While the effectiveness of biological sampling for temporal
trends in long-chain PFCAs has been demonstrated, this does
not apply to the C4~Cs-PFCAs or PFBS which are generally
present at low concentrations in biota. In addition to air
sampling, sampling abiotic media such as glacial cores, and
annual sampling of lake waters and seawater would appear
to be the best approaches for investigating trends in the less
bioaccumulative PFASs.
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Section 2.1 Annex

Table A2.1/1 Physical-chemical properties of selected PFASs. Data based on supporting information given by Wang et al. (2011) except for PFOA, PFOS,
PFDS and 6:2-Cl-PFAES for which parameters are estimated by COSMOtherm (Wang et al., 2011; Gomis et al., 2015).

PFAS abbreviation pK, log Ky log Kow, ary log Ko, log P, (Pa) log Sy (mg/L)  log Kyc*(L/kg)
PFOA 0.9 -1.93 5.3 7.23 0.62 1.31-2.35
PFNA 0.82 0.1 2.39+0.09
PFDA -0.64 2.76+0.11
PFUnDA -0.98 3.30+0.11
PFDoDA -2.29

PFOS -3.41 -1.65 6.43 8.07 2.57£0.13
PFDS -2.86 3.53+0.12
6:2-Cl-PFAES -1.36 7.03 8.4 3.28
4:2 FTOH -1.52 3.30+0.04 4.57+0.55 2.33 2.99 0.93
6:2 FTOH -0.56 4.54+0.01 4.84+0.71 1.26 1.27 2.43
8:2 FTOH 0.58 5.58+0.06 5.58+0.60 0.6 -0.86 3.84
10:2 FTOH 1.6 6.63 5.71+£0.47 -0.70 -1.96 6.2
12:2 FTOH 6.20+0.49

N-MeFOSA 6.310.3

N-EtFOSA 6.4+0.3

N-MeFOSA 6.6£0.5 -3.40

N-EtFOSA 6.7£0.2 -2.77

* Organic carbon-water partition coefficient for anionic species
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Table A2.1/2 Measured concentrations of selected PFASs in snow, glaciers, sediment and freshwater. Data sources listed below table.

29

Snow, pg/L
Area Longyearbyen glacier ~ Longyearbyen City  Devon Ice Cap, Canada ~ Northern Sweden  Lake Hazen catchment Station Nord
Sample Glacial surface snow Surface snow Snow pack, median Snow pack Snow pack
type values®
Year 2006 2006 2008 2012 2008-2014
Detection 5-25 5-25 2-5
limit
No. samples 4 5 28 8
PFBA 108 58] 120-2020 1485+235
PFPA 30.2 81.2 40-460 167£116
PFHxA 75.8 88.7 <10-410 411+474 110
PFHpA 17.1 123.2 <10-690 1141+1411 320
PFOA 112.5 395.7 70-680 66.5 2428+3518 450
PFNA 50.5 245.2 30-1420 1172+1132 530
PFDA 21.8 89.7 10-230 207+191 130
PFUnDA <MDL 35 10-350 87+43 140
PFDoDA 6.7 15.8 <10-30 22+15
PFTrDA <10-30 <MDL
PFTeDA <MDL 22 <10-10 19+7
PFHxDA <MDL <MDL <10
PFOcDA <MDL <MDL <10
PFBS <10-230 65+146
PFHxS <MDL <10 222+308
PFHpS <10
PFOS_1 <10-30 20.5
PFDS <10-10 <MDL
PFOS_b <10-930 161+387
PFOSA 10-130 6+4
4:2FTS <10
6:2FTS <10-130
8:2FTS <10-10
pfechs <10-20 31+14
Data (1) (1) (2 ®3) () (5)

sources

* PFCAs also analyzed, but not presented in abstract.
PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)

Data sources: (1) Kwok et al., 2013; (2) MacInnis et al., 2017; (3) Codling et al., 2014; (4) St. Louis et al., 2015; (5) Bossi, pers comm.
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Table A2.1/2 Cont.
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Glacier, pg/L

Area Longyearbyen glacier

Sample type Ice core I Ice core IT Glacial meltwater
Year 2006 2007 2008
Detection limit 5-25 5-25 5-25
No. samples 13 13 4
PFBA 22.7 80 287
PFPA 6.4 20.9 839
PFHxA 13.5 10.7 104.4
PFHpA <MDL <MDL 110.1
PFOA 19.5 24.5 107.1
PFNA 14.3 14.4 778
PFDA 4.43 BL974 289,
PFUnDA 1.69 2.02 4.37
PFDoDA 3.68 0.65 5.72
PFTrDA

PFTeDA <MDL <MDL <MDL
PFHxDA <MDL <MDL <MDL
PFOcDA <MDL <MDL <MDL
PFBS

PFHxS <MDL <MDL <MDL
PFHpS

PFOS_1 8.6 8.59

PFDS

PFOS_b

PFOSA

4:2FTS

6:2FTS

8:2FTS

pfechs

Data source (1) (1) (1)

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)

Data source: (1) Kwok et al., 2013.
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Table A2.1/2 Cont.

Sediment, ng/g dw
Area Lofoten, Norway Telemark, Norway Cornwallis Is. (Nunavut)
Sample Marine, lake Dalsvatn Meretta Lake ~ Resolute Lake Char Lake Small Lake North Lake 9 Mile Lake
type Flakstad
Year 2012 2012
Detection 0.001 0.001 0.001 0.001 0.001 0.001
limit
No. samples 3 3 4 3 4 3 4 5
PFBA
PFPA
PFHxA 0.67+1.15 0.23+0.21 0.10+0.06 0.05+0.05 <MDL 0.01+0.02
PFHpA 0.81+1.3 0.59+0.26 0.51+0.37 0.14+0.09 <MDL 0.15+0.11
PFOA 0.08 <MDL 1.75+2.42 1.78+0.29 0.74+0.55 0.37+0.05 0.04+0.03 0.33+0.21
PENA 0.09 <MDL 1.44+1.85 1.47+0.49 0.44+0.3 0.21+0.08 0.08+0.14 0.28+0.14
PFDA 33% 0.09 <MDL 0.14+0.16 0.04+0.04 0.03+0.02 <MDL 0.01+0.02 0.02+0.01
PFUnDA 0.08 0.16 0.16+0.17 0.1+0.17 0.07+0.01 0.09+0.08 0.02+0.02 0.03+0.03
PFDoDA <MDL <MDL 0.053+0.095 0.051+0.088 0.004+0.006 0.003+0.005 0.002+0.004 0.001£0.001
PFTrDA <MDL <MDL 0.047+0.065 0.073£0.126 <MDL 0.005+0.008 <MDL <MDL
PFTeDA <MDL <MDL 0.035+0.07 0.032+0.054 <MDL <MDL <MDL <MDL
PFHxDA
PFOcDA
PFBS 0.01+0.01 0.08+0.07 0.02+0.02 <MDL 0.002+0.001 0.07+0.12
PFHxS 0.95+1.29 0.67+0.17 0.36+0.45 1.00£1.58 <MDL 0.62+1.37
PFHpS 0.11+0.13 0.26+0.32 0.002+0.002 <MDL <MDL <MDL
PFOS_1
PFDS <MDL <MDL 0.05+0.07 0.63£1.09 <MDL <MDL <MDL <MDL
PFOS_b <MDL <MDL 27.8+42.9 48.5+£28.9 0.44+0.08 0.22+0.13 0.02+0.029 0.102+0.122
PFOSA 0.13+0.2 <MDL 0.009+0.007 0.018+0.03 0.007+0.008 <MDL
4:2FTS 0.12+0.24 0.2+0.31 0.002+0.001 <MDL <MDL 0.002+0.002
6:2FTS <MDL <MDL 10.0+11.5 3.41+0.98 <MDL 0.02+0.03 0.008+0.016 0.03+0.05
8:2FTS 13.3£20.8 6.31+5.69 0.002+0.002 0.01+0.02 0.002+0.001 0.01+0.01
pfechs 0.07+0.11 0.01+0.01 <MDL <MDL <MDL <MDL
Data source (1) 2) 3) 3) 3) 3) 3) 3)

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)
Data sources: (1) NILU, 2013; (2) NILU, 2014; (3) Lescord et al., 2015.
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Table A2.1/2 Cont.

Freshwater, pg/L

Area Longyearbyen Longyearbyen, Isdammen Faroe Islands Telemark, Norway Ellesmere Is.
(Nunavut)
Sample type River Lake Lake Lake Dalsvatn Lake Hazen
Year 2006 2012 2012
Detection limit 5-25 5-25 2-5
No. samples 6 1 4 3 4
PFBA 1158 427 560 739+137
PFPA 1047 1388 <LOD 12345
PFHxA 259 73 <LOD 193£19
PFHpA 153 61 140 285%15
PFOA 305 174 250 560 644+26
PFNA 103 131 150 300 255+27
PFDA 19 18 335 200 12245
PFUnDA 11 12 43 nd 31+3
PFDoDA 8 6 nd 31+11
PFTrDA nd 24+18
PFTeDA <MDL <MDL nd 24+18
PFHxDA <MDL <MDL
PFOcDA <MDL <MDL
PFBS <MDL 13+5
PFHxS <MDL 16+4
PFHpS 440
PFOS_1 <MDL
PFDS nd <MDL
PFOS_b nd 97+70
PFOSA 18+10
4:2FTS
6:2FTS nd
8:2FTS
pfechs 71+39
Data source (1) (1) (2) (3) (5)

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)
Data sources: (1) Kwok et al., 2013; (2) Eriksson et al., 2013; (3) NILU, 2013; (4) Lescord et al., 2015 ; (5) DeSilva and Muir, unpubl.
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Table A2.1/2 cont.

Freshwater, pg/L

Cornwallis Is. (Nunavut)

Meretta Lake Resolute Lake Char Lake Small Lake North Lake Nine Mile Lake Amituk Lake
2-5 2-5 2-5 2-5 2-5 2-5 2-5
5 5 5 5 5 5 2
29.6+4.65 22.3+2.97 0.43+0.15 0.60+0.12 0.43+0.33 0.43+0.09 0.087
20.9+3.08 24.9+19.28 0.31+0.04 0.46%0.06 0.30+0.06 0.31+0.02 0.179
16.9£1.25 9.39+1.97 0.62+0.27 0.60+0.22 0.66+0.41 0.69+0.31 0.230
3.8+0.86 2.85%0.95 0.09+0.02 0.17+0.03 0.21+0.01 0.14+0.01 0.180
0.13+0.05 0.11+0.06 0.04+0.04 0.06+0.03 0.08+0.04 0.08+0.03 0.021
0.08+0.01 0.06+0.02 0.006+0.002 <MDL <MDL 0.009+0.002 0.007
0.003+0.001 0.002+0.001 <MDL 0.002+0.002 0.003+0.002 0.002+0.001 0.005
<MDL <MDL <MDL <MDL <MDL <MDL 0.002
<MDL <MDL <MDL <MDL <MDL <MDL 0.002
4.86+1.01 3.4%0.26 0.17+0.04 0.19+0.03 0.08+0.02 0.07£0.01 0.027
29.72+3.51 19.73+3.87 0.12+0.01 0.11+0.02 <MDL <MDL 0.010
0.002
0.021
0.002+0.002 0.003+0.004 0.001+0.001 <MDL <MDL <MDL 0.033
41.1+9.31 26.2+5.15 0.05%0.01 0.09+0.02 <MDL 0.02£0.01
<MDL <MDL <MDL <MDL <MDL <MDL 0.002
0.183+0.123 0.054+0.068 <MDL <MDL <MDL <MDL
1.41+1.651 0.20+0.213 0.003+0.003 0.002+0.002 0.001+0.001 0.002+0.002
0.20+0.26 0.01£0.01 0.001+0.001 <MDL <MDL <MDL
4.3+1.36 2.59+1.16 0.09+0.02 0.13+0.03 0.06+0.01 0.10+0.06
4 (4 (4) 4 (4) 4 (5)
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Table A2.1/3 Measured concentrations of selected PFASs in terrestrial plants, soil and terrestrial animals. Data sources listed below table.

Terrestrial plants, ng/g ww

Crinkled snow lichen Cottongrass Reindeer lichen
Flavocetraria nivalis/ Eriophorum vaginatum Cladonia rangiferina
cucullata

Area Porcupine Bathurst Porcupine Bathurst Porcupine
Year 2008 2009 2008 2009 2008
Tissue whole whole whole whole whole
No 10 3 10 9 8
samples
PFBA
PFPA
PFHxA
PFHpA
PFOA 0.038+0.014 0.020+0.004 0.003+0.002 0.041+0.005 0.049+0.010
PFNA 0.023+0.009 0.047+0.015 0.013+0.009 <0.003 0.025+0.010
PFDA 0.056+0.018 0.038+0.012 <0.004 0.099+0.017 0.083+0.010
PFUnDA
PFDoDA
PFTrDA
PFTeDA
PFBS
PFHxS
PFOS_1 0.014+0.008 0.014:0.007 0.002+0.002 0.021+0.003 0.013+0.006
PFDS
PFOS_b
PFOSA 0.025£0.013 0.005+0.003 0.003+0.003 0.067+0.039 0.021+0.010
6:2FTS
Data ) o) ey ey M

source

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)
Data sources: (1) Miiller et al., 2011; (2) NILU, 2014.
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Table A2.1/3 cont.

Terrestrial plants, ng/g ww

Terrestrial soils, ng/g ww

Willow Moss Mushrooms Soil
Salix pulchra Rythidium rugosum
Porcupine Bathurst Bathurst Bathurst Telemark, Norway
(Dalsvatn)
2008 2009 2009 2009 2012
whole whole whole whole
7 3 5 3 1 pooled sample from 3
locations
0.003+0.002 0.013+0.002 0.020£0.009 0.008+0.003 0.25
0.191+0.100 0.034:0.005 0.024+0.004 0.188+0.075 0.12
0.056+0.021 0.021+0.001 0.058+0.018 0.012+0.007 <MDL.
<MDL.
<MDL.
<MDL.
<MDL.
0.062+0.029 0.018+0.003 0.008+0.002 0.038+0.006
0.06
0.22
0.010£0.010 0.005+0.001 0.006+0.002 <0.005
<MDL.
(1 ¢Y) (1) ¢9) (2)

35



36 AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

Table A2.1/3 cont.

Terrestrial animals, ng/g ww

Caribou Moose Wolf
Rangifer tarandus groenlandicus Alces alces Canis lupus
Area Bathurst Porcupine Qamanirjuaq Jean Marie Porcupine
R., Dehcho
Year 2008 2008 2007 2007 2008 2007 2008 2006 2007 2010 2010
Tissue Muscle Liver Muscle Liver Liver Kidney Liver Kidney Liver Muscle Liver
No 9 7 7 10 10 10 10 11 7 6 6
samples
PFBA
PFPA
PFHxA
PFHpA
PFOA 0.18+£0.01  3.21+0.23  0.07+0.01  1.72+0.10 0.71 0.02+0.01 1.68 0.02 0.34 0.15+£0.02  2.47+0.41
PFNA 0.02+£0.01  0.11£0.01  0.02+0.01 <0.01 0.01 <0.01 0.007 <0.002 0.33 0.08+0.01  0.23+0.08
PFDA 0.09+0.01  3.15+0.41  0.06+0.01  2.22+0.23 0.4 0.10+0.02 2.37 0.1 1.02 0.44+0.06  4.68+0.94
PFUnDA
PFDoDA
PFTrDA
PFTeDA
PEBS
PFHxS
PFOS_1 0.08+£0.02  2.18+0.29  0.03+0.02  0.67+0.13 0.62 0.02+0.00 1.81 0.04 0.35 0.13£0.02  1.41%0.26
PEDS
PFOS_b
PFOSA 0.07+£0.01  2.21+0.16  0.03+0.01  1.90+0.11 1.13 0.02+0.01 2.26 0.02 0.38 0.11+£0.02  1.98+0.19
6:2FTS
Data (1) 1) (1) (1) )} (1) () @ ®3) (1) (1)

source

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)

Data sources: (1) Miiller et al., 2011; (2) Gamberg et al., 2017; (3) Larter et al., 2017; (4) NILU, 2014; (5) Aas et al., 2014; (6) AMAP, 2016b; (7)
Bossi et al., 2015.
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Table A2.1/3 cont.
Terrestrial animals, ng/g ww
Shrew Moose Reindeer Musk-ox Ptarmigan
Soricidae Alces alces Rangifer tarandus Ovibos Lagopus muta
moschatus
Telemark, Telemark, Svalbard South South Nuuk  Qegertarsuaq
Norway Norway Greenland  Greenland
2012 2012 2014 2014 2014 2008 2012 2011 2011
Liver Liver Blubber Liver Muscle Liver Liver Liver Liver
2 9 8 7 9 10 3 12 10
<MDL <MDL <MDL
<MDL <MDL <MDL
0.08 - 0.07
- - 0.14
N.D. <MDL 0.28 = = 1.42 0.87 <MDL <MDL
(1.02-2.06)  (0.67-1.08)
N.D. 0.28 0.16 0.49 0.11 0.84 2.58 1.04 0.27
(0.50-1.24)  (2.0-3.55)  (0.43-1.82) (0.10-0.45)
0.46 0.29 0.17 0.22 = 0.28 322 <MDL <MDL
(0.17-0.38)  (1.59-5.25)
0.86 0.25 0.15 0.25 - 0.45 2.44 <MDL <MDL
(0.44-0.46) (1.18-4.07)
0.25 0.08 - - 0.33 <MDL 0.33
(0.21-0.52)
0.82 30% 0.09 0.37 0.44 0.30 <MDL 0.62
(0.52-0.72)
<MDL <MDL <MDL <MDL <MDL <MDL <MDL
<MDL <MDL <MDL
- 0.44 0.17
= 0.42 -
<MDL <MDL <MDL <MDL <MDL
1.21 0.43 1.273
<MDL <MDL <MDL 1.42 0.87
(1.02-2.06)  (0.67-1.08)
<MDL <MDL <MDL <MDL <MDL
4) 4) (6) (6) (6) @) @) (7) @)
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Table A2.1/4. Measured concentrations of selected PFASs in freshwater fish and invertebrates Data sources listed below table.

Freshwater fish, ng/g ww

Perch Brown trout Capelin Cod Salmon Searun char
Area Northern Norway Eastern Hudson Bay Cambridge Bay Nain Pond Inlet
Sample type Liver Liver Whole body Muscle Muscle Muscle Muscle Muscle
Year 2010-2012 2010 2010-2012
No. samples 3 10 5 3 6 31 10 20
Statistic M+SD M+SD GM GM GM AM+SD AM=SD AM=SD
PFBA
PFHxA 0.06+0.06 0.07+0.01 0.04+0.04
PFHpA 0.27 <0.06-0.40 1.6 0.06+0.05 0.09+0.01 0.06+0.05
PFOA N.A 0.09 0.12 0.36 0.3 0.14+0.11 0.28+0.04 0.13£0.11
PFNA N.A. 0.46 0.09 <0.09-1.3 0.64 0.08+0.17 0.02+0.01 0.04+0.04
PFDA N.A. 1.45 0.06 0.18 0.19 0.02+0.03 0.01+0.01 0.01+0.01
PFUnDA N.A. 8.14 0.23 0.3 0.48 0.08+0.1 0.06+0.03 0.05+0.04
PFDoDA N.A. 5.07 0.1 0.1 0.23 0.01+0.01 0.01+0.01 0.01+0.01
PFTrDA N.A. 16.3 0.09 <0.04-0.28 <0.03 0.05+0.06 0.03+0.01 0.03+0.02
PFTeDA N.A. 0.77 0.01+0.02 0+0 0.01+0.01
PFHxDA <0.01 <0.01 <0.01
PFBS <0.06 <0.08 <0.2 <0.01 <0.01 <0.01
PFHxS <0.07 <0.09-3.5 <0.2 0.01+0.01 <0.01 0.01+0.01
PFHpS
PFOS_1
PFDS <0.03 <0.04 <0.08 <0.01 <0.01 <0.01
PFOS_b N.A. 4.57 <0.1 0.82 <0.3-1.3 0.11+0.06 1.7+£5.1 0.12+0.07
PFOSA 0.74 1.5 0.65 0+0 0+0 0+0
42 FTS
6:2FTS N.A. N.D.
82 FTS
PFECHS
Data source (1) 1) (2),(3) (2),(3) (2),(3) (7) (7) (7)

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)
M: mean, GM: geometric mean, AM: arithmetic mean, SD: standard deviation

Data sources: (1) NILU, 2013; (2) Kelly et al; (3) NCP, 2013; (4) Muir et al., 2015b; (5) Lescord et al., 2015; (6) Bossi et al., 2015; (7) Evans and Muir,
unpubl,; (8) Stern et al., 2012; (9) Stern et al., 2014; (10) NILU, 2014; (11) NILU, 2015; (12) Garsje, 2014, (13) AMAP, 2016b.
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Table A2.1/4 cont.

39

Freshwater fish, ng/g ww

Landlocked Arctic char
Amituk Lake Char Lake Hazen Lake  9-Mile Lake =~ Meretta Lake =~ North Lake  Resolute Lake ~ Small Lake Lake 4 Unnamed
Myranar lake, South
(Faroes) Greenland
Muscle Muscle Muscle Muscle Muscle Muscle Muscle Muscle Liver Liver
2011-2013 2010-2012 2010-2013 2010-11 2010-11 2010-11 2010-11 2010-11 2011-2012 2010
38 18 40 23 21 25 18 21 10 10
AM+SD AM+SD AM+SD AM+SD AM+SD AM+SD AM+SD AM+SD
0.03£0.02 0.01+0.01 0.03+0.01 0.001+0.002 0.011+0.03 0.001£0.001 0.01+0.01 0.002+0.004
0.03£0.02 0.02+0.02 0.02+0.01 0.001+0.002 0.016%0.05 0.001£0.002  0.013+0.005  0.001£0.002
0.04+0.04 0.03£0.04 0.01+0.03 0.006+0.007  0.028+0.036  0.007£0.009  0.095+0.026  0.007+0.007
0.16£0.07 0.2+0.08 0.05+£0.04 0.04+0.02 0.152+0.067  0.031+0.017 0.34+0.37 0.05+0.02 0.28 0.42
(0.12-0.53)  (0.20-1.23)
0.07+0.04 0.07+£0.03 0.05%0.03 0.006+0.003  0.022+0.032  0.013%0.006 0.04+0.04 <MDL 0.2 0.32
(0.17-0.22)  (0.18-0.84)
0.04+0.02 0.04+0.02 0.05%0.05 0.007+0.006 0.014+0.03 0.01+0.007 0.02+0.016 0.006+0.004 0.63 1.29
(0.39-0.79)  (0.73-3.06)
<0.01 0.01£0.01 0.02+0.03 <MDL 0.011+0.028 <MDL 0.003+0.007  0.001+0.002 0.51 0.61
(0.43-0.65) (0.49-1.04)
0.01£0.01 0.02+0.01 0.05+0.04 <MDL 0.027+0.041 <MDL <MDL 0.001+0.002 1.57 1.5
(0.90-2.52) (0.96-3.47)
<0.01 0.01+0.01 0.01+0.01 0.001+0.003  0.016+0.039 <MDL 0.005+0.007  0.001+0.004 1.73 0.63
(0.83-2.80) (0.44-1.30)
<0.01 <0.01 <0.01
<0.01 <0.01 <0.01 0.01+0.009 0.021+0.023 0.006+0.008  0.016+0.036 0.01+£0.017
<0.01 0.01£0.01 0.01£0.01 <MDL 0.08+0.03 <MDL 0.33+0.39 <MDL
0.001+0.001 0.03£0.03 0.001£0.001 0.14+0.09 0.001£0.002
0.01£0.01 <0.01 0.05+0.09 <MDL 0.02+0.03 <MDL <MDL 0.001+0.002
0.11+0.05 0.68+0.47 0.25+0.84 0.001+0.002 6.59+1.72 <MDL 31.75+16.34 0.009+0.01 0.75 0.51
(0.46-1.09)  (0.38-0.68)
0.01+0.01 <0.01 0.05%0.09 0.003+0.006 0.25+0.08 0.013+£0.011  31.78+16.34  0.004+0.004
0.002+0.002  0.005+£0.009  0.006+0.015 0.02+0.05 0.001£0.002
<MDL 0.005+0.011 <MDL 0.003%0.013 <MDL
0.011+0.034 0.15+0.17 0.012+0.029 0.11+£0.07 0.001+0.001
<MDL <MDL <MDL <MDL <MDL
(4) (4),(5) 4), (5) (5) (5) (5) (5) (5) (6) (6)
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Table A2.1/4 cont.

Freshwater fish, ng/g ww

Burbot Lake trout
Area Fort Resolution LutselKe Ft Good Hope Hay River LutselK’e Kusawa Lake Lake Laberge
Sample type Liver Liver Liver Muscle Muscle Muscle Muscle
Year 2010-2013 2010-2013 2011 2010-2013 2010-2013 2011 2011
No. samples 10 10 10 0 0 10 10
Statistic AM+SD AM=+SD AM+SD AM+SD
PFBA
PFHxA 0.18+0.21 0.18+0.5 0.04+0.05 0.01+0.01
PFHpA 0.02+0.02 0.03+0.03 0.01+0.03 0.02+0.02
PFOA 0.07+0.12 0.11+0.11 T3E21 0.01+0.03 0.01+0.03
PFNA 1.7+1.6 2.2+1.97 2.0+3.2 0.08+0.11 0.06+0.08 1.5+2.5 3.9+7.5
PFDA 0.42+0.42 0.41+0.34 5.0+6.0 0.02+0.03 0.02+0.02 5.7+5.7 1.1£11.6
PFUnDA 0.54+0.56 0.62+0.5 0.92+2.4 0.04+0.04 0.04+0.04
PFDoDA 0.07+0.07 0.07+0.06 0.01+0.01 0.01+0.01
PFTrDA 0.17+0.2 0.19+0.13 0.04+0.03 0.06+0.1
PFTeDA 0.07+0.03 0.05+0.04 <0.01 <0.01
PFHxDA 0.15+0.16 0.25+0.33 <0.01 <0.01
PFBS 0.14+0.19 0.1+0.12 <0.01 <0.01
PFHxS 0.04+0.03 0.04+0.03 0.01+0.01 0.01+0.01
PFHpS
PFOS_1
PFDS 0.02+0.01 0.02+0.01 0.02+0.02 0.02+0.05
PFOS_b 2.0+1.4 1.6+1.0 1.7+1.6 0.14+0.09 0.11+0.09 0.21+0.40 1.61+1.62
PFOSA 0.02+0.01 0.02+0.01 0.02+0.02 0.02+0.05
42 FTS
6:2FTS
82 FTS
PFECHS
Data source 7) (7) 8) 7) (7) 9) 9)

PFOS_I: PFOS (linear); PFOS_b: PFOS (branched)
AM: arithmetic mean, SD: standard deviation

Data sources: (1) NILU, 2013 ; (2) Kelly et al; (3) NCP, 2013; (4) Muir et al., unpubl,; (5) Lescord et al., 2015; (6) Bossi et al., 2015; (7) Evans and Muir,
unpubl,; (8) Stern et al., 2012; (9) Stern et al., 2014; (10) NILU, 2014; (11) NILU, 2015; (12) Garsjo MSc thesis, 2014; (13) AMAP, 2016b.
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Table A2.1/4 cont.

Freshwater fish, ng/g ww

Trout

Brown trout
Salmo trutta

Perch
Perca fluviatilis

Arctic char

Lake 4 Myranar Unnamed Lake, Telemark, Norway Linnévatnet, Svalbard
(Faroes) Sandur (Faroes)
Liver Liver Liver Liver Muscle Muscle Liver
2011-2012 2011-2012 2012 2012 2010 2013 2013
5 5 10 3 20 12 6
10 3 20 12 6
0.102 0.132
ND ND
ND ND ND
30% 0.09 N.A. 0.048 ND ND
1.11 (0.26-1.86) 1.6 (1.02-3.32) 0.46 N.A. 0.061 ND 0.313
1.84 (0.35-2.92) 0.97 (0.47-1.81) 1.45 N.A. ND ND 0.665
6.81 (1.31-10.9) 3.44 (1.76-6.13) 8.14 N.A. 0.143 0.03 1.599
3.03 (0.52-4.45) 1.36 (0.84-2.05) 5.07 N.A. ND ND 0.147
8.35(1.09-11.9) 3.19 (2.07-4.72) 30% 16.3 N.A. ND ND 0.214
1.52 (1.23-1.9)  0.67 (0.51-0.82) 20% 0.77 N.A.
ND ND ND
N.D. N.A.
4.71 (4.11-5.51)  1.75(0.79-2.71) 4.57 N.A. ND ND
ND
N.D. N.A. 0.202 ND 0.771
(6) (6) (10) (11) (12), (13) (12), (13) (12), (13)
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Table A2.1/4 cont.

Freshwater invertebrates, ng/g ww

Adult and larval chironomids

Area 9-Mile Lake Char Lake Meretta Lake North Lake Resolute Lake Small Lake
Year 2010-11 2010-11 2010-11 2010-11 2010-11 2010-11
No. samples 6 6 8 10 10 4
Statistic AM+SD AM+SD AM+SD AM+SD AM+SD AM+SD
PFHxA 0.03+0.04 0.01+0.01 0.02+0.02 0.01+0.01 0.04+0.03 0.04+0.08
PFHpA 0.01+0.013 0.004+0.005 0.019+0.018 0.005+0.006 0.013+0.012 0.006+0.005
PFOA 0.12+0.19 0.06+0.07 0.19+0.2 0.05%0.08 0.12+0.1 0.04+0.03
PFNA 0.08+0.14 0.06+0.04 0.84+0.72 0.07+0.07 1.02+1.42 0.32+0.31
PFDA 0.11+0.24 0.02+0.01 0.18+0.16 0.04+0.05 0.28+0.46 0.22+0.23
PFUnDA 0.22+0.47 0.02+0.01 0.08+0.08 0.04+0.06 0.15+0.21 0.29£0.32
PFDoDA 0.03+0.04 0.01+0.01 0.01£0.01 0.01£0.01 0.01+0.01 0.04+0.04
PFTrDA 0.03+0.05 0.02+0.03 0.01+0.01 0.01+0.01 0.01+0.01 0.03+0.03
PFTeDA 0.005+0.002 0.005+0.004 0.005+0.004 0.003+0.003 0.003+0.003 0.002+0.002
PFBS <MDL <MDL 0.017+0.019 0.004+0.009 0.022+0.064 0.003+0.005
PFHxS 0.04+0.06 0.02+0.02 0.13+£0.13 0.01+0.01 0.11+0.09 0.01+0
PFHpS 0.007+0.012 0.003+0.005 0.047+0.053 0.004+0.005 0.199+0.37 0.002+0.002
PFDS 0.01+0.02 0.02+0.02 0.006+0.011 0.007+0.01 0.08+0.19 <MDL
PFOS_b 3.08+6.72 3.22+4.88 28.1+£30.3 0.96+2.23 77.24+117.64 0.74%0.69
PFOSA 0.05%0.09 0.03+0.04 0.23+0.25 0.04+0.1 0.09+0.12 <MDL
42 FTS 0.001+0.002 <MDL 0.064+0.133 0.077+0.144 0.056+0.082 0.467+0.517
6:2FTS 0.14+0.1 0.07£0.1 0.08+0.1 0.06+0.1 0.07+0.05 0.01+0.02
82 FTS 0.02+0.01 0.14+0.22 3.16£2.09 0.02+0.02 1.11£1.35 0.03+£0.01
PFECHS 0.006+0.009 0.005+0.01 0.01+0.017 0.009+0.018 0.06+0.11 0.003+0.006
Data source (1) (1) (1) (1) (1) (1)

PFOS_b: PFOS (branched)
AM: arithmetic mean, SD: standard deviation

Data sources: (1) Lescord et al., 2015.
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Table A2.1/4 cont.

Freshwater invertebrates, ng/g ww

zooplankton
9-Mile Lake Char Lake Meretta Lake North Lake Resolute Lake Small Lake
2010-11 2010-11 2010-11 2010-11 2010-11 2010-11
7 6 13 5 9 7
AM+SD AM+SD AM+SD AM+SD AM+SD AM+SD
0.56+0.56 0.009+0.009 0.019+0.019 0.011+0.011 0.006+0.006 0.021+0.021
0.47+0.47 0.004+0.004 0.011+0.011 0.001+0.001 0.004+0.004 0.012+0.012
0.47+0.47 0.002+0.002 0.064+0.064 0.006+0.006 0.015+0.015 0.002+0.002
0.55+0.55 0.002+0.002 0.152+0.152 0.006+0.006 0.026+0.026 0.005+0.005
0.002+0.002 0.011+0.011 0.021+0.021 0.012+0.012 0.004+0.004 0.001+0.001
0.63+0.63 0.55+0.55 0.012+0.012 0.005+0.005 0.003+0.003 0.001+0.001
0.015+0.015 0.01+0.01 0.005+0.005 0.005+0.005 0.005+0.005 0.002+0.002
<MDL 0.01+0.01 0.008+0.008 0.003+0.003 <MDL <MDL
0.002+0.002 0.01+0.01 0.001+0.001 0.002+0.002 0.005+0.005 0.002+0.002
0.01+0.01 0.02+0.02 0.014+0.014 0.005+0.005 0.004+0.004 0.016+0.016
0.005+0.005 0.08+0.08 0.06+0.06 0.05+0.05 0.03+0.03 0.004+0.004
0.001+0.001 0.005+0.005 0.02+0.02 0.02+0.02 0.01+0.01 <MDL
0.003+0.003 0.05+0.05 0.04+0.04 0.007+0.007 0.007+0.007 0.005+0.005
0.03+0.03 5.71£5.71 7.47+7.47 4.54+4.54 1.25£1.25 0.022+0.022
<MDL <MDL 0.02+0.02 0.002+0.002 <MDL 0.002+0.002
0.07+0.07 0.02+0.02 0.01+0.01 0.31+0.31 0.07+0.07 0.11+0.11
<MDL 0.04+0.04 0.04+0.04 0.03+0.03 15.95+15.95 <MDL
0.002+0.001 0.116+0.001 0.09+0.001 0.064+0.001 0.082+0.001 0.003+0.001
0.005+0.005 0.15+0.15 0.10+0.10 0.03+0.03 0.01+0.01 0.01+0.01
(6] 1) ) 1 1 (1)
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Table A2.1/5 Measured concentrations of selected PFASs in seawater. Data sources listed below table.

Ocean water, pg/L

Area Adventfjorden  Greenlandicsea  Greenland Sea ~ Norwegian Sea,  East Greenland, NW Atlantic, east ~ Labrador Sea,

75-80°N 72-75°N AO-2 of Newfoundland coastal
surface water

Year 2006 2009 2003 2003 2003 2003 2005

No. samples 3

PFBA 57.2

PFPA 352 <MDL

PFHxA 557 24.5 <MDL <MDL <5.7

PFHpA 14.6

PFOA 74.4 85 25-80 45-60 50-55 40-81 8-182

PFNA 38.6 <MDL <5.1 <MDL

PFDA <MDL

PFUnDA <MDL

PFDoDA <MDL

PFTrDA

PFTeDA <MDL

PFHxDA <MDL

PFOcDA <MDL

PFBS <MDL

PFHxS 25.5 <2-20 5-16 2.3-10

PFHpS <MDL

PFOS (branched) <MDL 12-32 25-80 20-40 <10 24-73

PFDS

4_2FTS

6:2FTS

8_2FTs

PFECHS

Data source 1) (2) (3) (3) 4) (4) (5)

No data: PFOS (linear)

Data sources: (1) Kwok et al., 2013; (2) Zhao et al., 2012; (3) Caliebe et al., 2005; (4) Yamashita et al., 2005; (5) Rosenberg et al., 2008; (6) Cai et al., 2012a;
(7) Benskin et al., 2012b; (8) NILU, 2013; (9) Muir et al., 2015c.
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Table A2.1/5 cont.

Ocean water, pg/L

Chukchi Sea/Arctic Northwest Labrador Sea/ Canadian Arctic Beaufort Sea/  Flakstad, Lofoten, Canadian Arctic,
Ocean Pacific Ocean and ~ Davis Strait/ Archipelago, Chukchi Sea/ Norway Barrow Strait
Bering Sea North Baffin Bay 87-124°W Bering Strait,
(59-77°N) 137-169°W
2010 2010 2005 2005 2005 2012 2011 2012
3 7 12
751 (50-2035) 1630 (50-5370)
466 (207-805) 49.9 (5-406)
<27-28 <27 0.4-26 3-65 11-45 384 (97.9-1187) 93.6 (41-246)
117 (56-181) 55.6 (25-135)
<20-67 <20-100 21-41 6-54 26-39 200 321 (42-769) 133 (64.3-275)
<22-51 <22-70 n.d.-13 2-47 5-13 <MDL 24.3 (0-73) 35.6 (13.6-79)
<MDL 13.7 (1-55) 3.6 (1-20.4)
<MDL 1(1-1) 3.5 (1-30.6)
<MDL 1(1-1) 1(1-1)
<MDL 1(1-1) 4.1 (1-39)
<MDL 1(1-1) 1(1-1)
<1 <1
<66 <66 <MDL-15 <MDL-19 n.d-15 1.6 (1-3.4) 1(<1-1.5)
<1 <1
<21-53 <21-60 <MDL-39 <MDL-32 9-27 <MDL 7.8 (1-12.3) 14.5 (1-95)
<MDL <1 <1
<1 <1
<1 1(<1-1.3)
<1 <1
<1 25.3 (4.2-64)
(6) (6) ) (7) (7) ®) (©)] ©)
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Table A2.1/6 Measured concentrations of selected PFASs in marine sediments, invertebrates, fish, birds and mammals. Data sources listed below table.

Tissue Area Year(s) No. Statistic PFBA PFPA PFHxA
samples
Cod Liver N. Norway 10 M+SD
Mussel Pooled N. Norway 3 M=SD
Sediment E. Hudson Bay 9 GM
Macroalgae E. Hudson Bay 6 GM
Capelin Whole body E. Hudson Bay 5 GM
Cod Muscle E. Hudson Bay 3 GM
Salmon Muscle E. Hudson Bay 6 GM
Polar cod Whole fish, Beaufort Sea MorR ND
Boreogadus saida pooled
Liver Barents Sea MorR 2.06
Halibut Muscle N. Norway 2008-12 Mor R ND ND ND
Hippoglossus
hippoglossus
Atlantic cod Muscle Faroe Islands MorR <0.0063
Gadus morhua
Saithe Muscle Faroe Islands MorR <0.0063
Pollachius virens
Farmed salmon Muscle Faroe Islands MorR <0.0063
Salmo salar
Salmon, halibut, ? Nuuk, Greenland
seal, whale
Atlantic cod Liver Lofoten, Norway M+SD
Gadus morhua
Greenland Liver, Roe, Iceland 2011
halibut, haddock, Sperm
lumpfish,
mackerel, saithe
Common eider Liver? Sklinna, Rest (Norway) Med <MDL
Shag Liver? Toppskarv, Sklinna, Rest (Norway) Med. 0.012
Herring gull Liver? Gramake, Sklinna, Rest (Norway) Med 0.006
Eider Egg N. Norway 10 M+SD <MDL
Herring gull Egg N. Norway 10 M=SD <MDL
Ivory gull Egg Station Nord 2010 10 M (R)
Egg Svenskoya 2007 10 M (R)
Egg Nagurskoe 2006 6 M (R)
Egg Cape Klyuv 2006 7 M (R)
Egg Domashny 2006 12 M (R)
Black-legged Plasma, Kongsfjorden, Svalbard 2012 10 AM=+SD <0.03 <0.03 <0.03
kittiwake female
Plasma, Kongsfjorden, Svalbard 2012 10 AM+SD <0.03 <0.03 <0.03
male
Northern fulmar Liver Cape Vera 2003 10 AM+SD
Liver Prince Leopold Is. 2003 10 AM+SD
Thick-billed Liver Coats Is. 2007-08 5 AM=+SD 0.15£0.09
murre
Liver Digges Is. 2007-08 10 AM=SD 0.07+0.03
Liver Akpatok Ts. 2007-08 10 AM=SD 0.03£0.03
Liver Minarets 2007-08 10 AM=+SD 0.11+0.05
Liver Prince Leopold Is. 2007-08 10 AM=£SD 0.01£0.01
Northern fulmar Liver Minarets 2007-08 10 AM+SD 0.07+0.05
Liver Prince Leopold Is. 2007-08 10 AM+SD 0.10+0.04
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PFHpA PFOA PENA PFDA PFUnDA PFDoDA PFTrDA PFTeDA Data
source
0.09+0.01 0.14 0.13 0.43 0.11 0.40 ND (1)
NA NA NA NA NA NA NA 1)
<0.05 0.05 <0.06-0.14 0.03 0.05 <0.03 0.02 2),(3)
<0.01-0.09 0.14 <0.2-0.33 <0.03-0.05 0.04 <0.01 <0.03 2),(3)
0.27 0.12 0.09 0.06 0.23 0.1 0.09 2),(3)
<0.06-0.40 0.36 <0.09-1.3 0.18 0.3 0.1 <0.04-0.28 2),(3)
1.6 0.3 0.64 0.19 0.48 0.23 <0.03 2),(3)
ND ND ND 0.3-0.5 ND-0.6 0.1-0.2 4)
ND 0.19 ND 5)
ND ND 0.08 0.07 0.38 0.08 0.49 ND (6)
0.105 <0.035 <0.027 <0.024 %)
<0.1-0.12 <0.035 <0.027 <0.024 %)
<0.1 <0.035 <0.027 <0.024 )
<MDL <MDL <MDL <MDL <MDL <MDL (8)
0.09+0.01 0.14 0.13 0.43 0.11 0.40 ND 9)
(10)
<MDL 0.425 2.92 0.666 1.95 0.558 1.81 0.322 (11)
0.015 0.468 0.979 0.493 2.525 0.827 2.55 0.438 (11)
0.02 0.369 0.972 1.010 3.475 0.907 2.87 0.362 (11)
<MDL 1.62 3.61 0.59 1.23 0.36 0.98 0.11 (1)
<MDL 0.18 1.55 227 8.78 1.85 8.32 0.54 (1)
133 (0.98-1.89) 4.89 (3.32-6.47) (12)
<0.05 1.04 (0.40-2.70)  2.41 (0.85-4.35) 12.6(3.16-19.1)  3.44 (0.94-4.09) 107 (2.7-17.7)  0.78 (nd-1.37) (13)
0.3 (nd-0.40)  1.34 (0.77-1.48)  3.11 (1.42-5.63) 12.9 (5.82-24.7) 2.29(1.04-5.71) 8.21 (4.80-19.8)  1.07 (0.80-2.46) (13)
0.23 (nd-0.31)  0.99 (0.65-1.21)  3.36 (1.10-4.43)  11.7 (4.66-17.6)  2.12(0.89-3.98)  7.86 (3.54-15.9)  0.97 (0.31-2.61) (13)
0.22 (nd-0.37)  1.49(0.83-2.15)  3.5(1.21-5.61)  10.7 (4.84-20.8)  1.51 (0.87-3.65) 5.67 (3.43-13.2) 0.7 (0.43-1.72) (13)
<0.03 <0.027-0.122 0.97+0.70 1.71+0.46 10.45+2.64 2.19+0.709 12.96+7.33 1174084  (14)
<0.03 <0.027-0.167 1.24+0.55 2.16+0.53 11.4+2.81 2.66+0.662 18.16+4.02 1.80+0.53 (14)
0.34+1.01 0.52+0.59 1.842.22 0.3£0.56 1.2520.89 1.92+3.43 1.15+0.58 0.97+1.16  (15)
0.01+0.02 1.330.52 0.32+0.57 0.3320.66 0.7320.66 0.12+0.24 0.97+0.67 0.12+0.23 (15)
0.0620.04 <0.1 0.30+0.27 0.17+0.17 3.94+0.38 0.25+0.15 0.91+0.38 <0.1 (16)
<0.1 0.01  0.01 0.20+0.05 0.07+0.05 0.6420.15 <0.1 0.12+0.10 <0.1 (16)
<0.1 0.09+0.09 0.14+0.09 0.11+0.06 0.23+0.08 <0.1 <0.1 <0.1 (16)
0.04+0.02 0.03+0.02 0.30+0.15 0.14+0.08 1.67+0.19 0.09+0.05 0.19+0.13 <0.1 (16)
<0.1 0.02+0.02 0.54+0.13 0.27+0.09 1.1320.16 <0.1 0.01£0.01 <0.1 (16)
0.04+0.03 0.1320.06 0.54+0.19 0.33£0.15 2.72+1.09 0.15£0.15 0.9620.57 <0.1 (16)
<0.1 <0.1 0.36+0.11 0.3420.07 0.92+0.18 <0.1 0.12+0.08 001 001 (16)
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Tissue Area Year(s) No. Statistic PFPeDA PFHxDA PFBS
samples
Cod Liver N. Norway 10 M+SD
Mussel Pooled N. Norway 3 M+SD
Sediment E. Hudson Bay 9 GM <0.02
Macroalgae E. Hudson Bay 6 GM <0.04
Capelin Whole body E. Hudson Bay 5 GM <0.06
Cod Muscle E. Hudson Bay 3 GM <0.08
Salmon Muscle E. Hudson Bay 6 GM <0.2
Polar cod Whole fish, Beaufort Sea MorR
Boreogadus saida pooled
Liver Barents Sea MorR
Halibut Muscle N. Norway 2008-12 Mor R ND ND
Hippoglossus
hippoglossus
Atlantic cod Muscle Faroe Islands MorR <0.011
Gadus morhua
Saithe Muscle Faroe Islands MorR <0.011
Pollachius virens
Farmed salmon Muscle Faroe Islands MorR <0.011
Salmo salar
Salmon, halibut, Muscle, Nuuk, Greenland
seal, whale Meat
Atlantic cod Liver Lofoten, Norway M+SD
Gadus morhua
Greenland Liver, Roe, Iceland 2011
halibut, haddock, Sperm
lumpfish,
mackerel, saithe*
Common eider Liver? Sklinna, Rost (Norway) Med. 0.416
Shag Liver? Toppskarv, Sklinna, Rest (Norway) Med 0.326
Herring gull Liver? Gramake, Sklinna, Rest (Norway) Med 0.336
Eider Egg N. Norway 10 M+SD <MDL
Herring gull Egg N. Norway 10 M=SD <MDL
Ivory gull Egg Station Nord 2010 10 M (R)
Egg Svenskoya 2007 10 M (R) 0.58 (0.14-1.0)
Egg Nagurskoe 2006 6 M (R) 1.19 (0.85-3.50)
Egg Cape Klyuv 2006 7 M (R) 0.91 (0.53-3.07)
Egg Domashny 2006 12 M(@R)  0.76 (0.48-1.69)
Black-legged Plasma, Kongsfjorden, Svalbard 2012 10 AM=+SD <0.03
kittiwake female
Plasma, Kongsfjorden, Svalbard 2012 10 AM+SD <0.03
male
Northern fulmar Liver Cape Vera 2003 10 AM+SD 0.33+0.35 <0.01
Liver Prince Leopold Is. 2003 10 AM+SD 0.31+0.38 <0.01
Thick-billed Liver Coats Is. 2007-08 5 AM+SD 0.65+0.40
murre
Liver Digges Is. 2007-08 10 AM=SD 0.07+0.04
Liver Akpatok Is. 2007-08 10 AM+SD 0.02£0.02
Liver Minarets 2007-08 10 AM=+SD 0.52+0.19
Liver Prince Leopold Is. 2007-08 10 AM=£SD 0.07£0.03
Northern fulmar Liver Minarets 2007-08 10 AM+SD 0.27+0.11
Liver Prince Leopold Is. 2007-08 10 AM+SD <0.1
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PFHxS PFOS (linear) PFDS PFDoS PFOS PFOSA 6:2FTS F-53B Data
(branched) source
ND 0.59 ND 1)
NA NA NA 1)
<0.03 <0.04 <0.04 <0.01-0.04 (2),(3)
<0.04 <0.02 <0.02-0.21 <0.02 ), (3)
<0.07 <0.03 <0.1 0.74 2),(3)
<0.09-3.5 <0.04 0.82 1.5 ), (3)
<0.2 <0.08 <0.3-1.3 0.65 ), (3)
ND ND (4)
0.04 2.02 ND (5)
ND 0.95 ND 0.07 ND (6)
0.038 (7)
0.037 (7)
<0.004.1 (7)
(8)
ND 0.59 ND ©)
(10)
0.848 0.15 10.065 133 0.050 <0.001 11)
0.666 0.071 11.6 13.95 0.276 <0.001 11)
0.518 0.130 21.45 0.038 24.35 0.015 <0.001 (1)
0.21 10.1 ND 1)
0.3 48.2 ND 1)
25.8 (10.9-60.8) (12)
0.37 (0.19-1.46) 0.22 (nd-0.76) 79.2 (24.2-113)  0.05 (0.03-0.20) <0.1 (13)
0.77 (0.30-1.38) 0.62 (0.25-1.27) 59.1 (25.2-89.9) <0.05 0.25 (0.22-0.32) (13)
0.69 (0.24-1.31) 0.86 (0.28-1.32) 66.1 (20.9-97.3) <0.05 0.28 (0.23-0.37) (13)
0.79 (0.30-1.90) 0.68 (0.21-1.80) 57.7 (17.7-117) <0.05 0.37 (0.27-0.47) (13)
<0.011 - 0.22] 9.30+2.61 (14)
<0.011 - 0.130] 10.23+2.69 (14)
<0.01 <0.01 1.74+1.39 0.04+0.02 (15)
<0.01 <0.01 1.59+0.69 <0.05 (15)
0.29+0.15 0.23+0.17 104+30.4 (16)
0.02:0.02 1.27+0.22 113+30.6 (16)
0.40+0.34 1.36+0.16 230+40.9 (16)
0.13+0.07 0.35+0.15 120+36.4 (16)
0.47+0.17 0.60+0.16 289+87.9 (16)
0.22+0.13 0.40+0.17 349+105 (16)
0.25+0.09 0.24+0.16 657+118 (16)



50

Table A2.1/6 cont.
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Tissue Area Year(s) No. Statistic PFPA PFHxA
samples
Narwhal Skin/ Nuuk, Greenland M+SD <MDL
blubber
Muscle Nuuk, Greenland M+SD
Beluga, female Blood E. Hudson Bay 9 GM
Muscle E. Hudson Bay 9 GM
Liver E. Hudson Bay 9 GM
Milk E. Hudson Bay 6 GM
Beluga, male Blood E. Hudson Bay 9 GM
Muscle E. Hudson Bay 9 GM
Liver E. Hudson Bay 13 GM
Blubber E. Hudson Bay 6 GM
Beluga Liver Cook Inlet (SE Alaska) 2001-06 AM+SD
Liver E. Chukchi Sea 1999-2000 AM+SD
Ringed seal Liver Arviat 2010-2012 28 AM+SD 0.11+0.10
Liver Pangnirtung 2009-2011 7 AM+SD 0.03+0.07
Liver Resolute 2010-2013 46 AM+SD 0.05+0.04
Liver Sachs Harbour 2011-2013 29 AM+SD 0.11+0.13
Liver Ulukhaktok 2010-2013 9 AM+SD 0.22+0.02
Liver Qeqertarsuaq, West Greenland 2010.00 19 AM+SD
liver Ittoqqortoormiit, East Greenland 2010.00 16 AM=+SD
Ringed seal Liver NW Greenland 1984 4-5PJ, <0.03 <0.04
3CS
Liver NW Greenland 1998 4-5P], <0.03 <0.05
BI@S
Liver NW Greenland 2006 4-57P], <0.03 <0.04
3CS
Liver East Greenland 2012-13 AM+SD
Muscle Nuuk, Greenland M+SD <MDL
Harbour seal Liver N. Norway 10 M+SD
hoca vitulina
Harbour seal, Plasma Svalbard (Karls Forland) 2009-2010 <0.02-0.04
male
Harbour seal, Plasma Svalbard (Karls Forland) 2009-2010 <0.02-0.04
female
Harbour seal, Plasma Svalbard (Karls Forland) 2009-2010 <0.02-0.04
juvenile
Hooded seal, Liver West Ice 1990 4-5 PI, <0.03 <0.04
female 3CS
Liver West Ice 1991 4-5PI, <0.03 <0.04
3CS
Pilot whale, male Liver Faroe Islands 1986 3-5PI, <0.08 <0.04
3CS
Liver Faroe Islands 2001-02 3-5PI, <0.03 <0.04
3CS
Liver Faroe Islands 2006-07 3-5P], <0.03 <0.04
3CS
Whitesided Liver Faroe Islands 2001-02 3-5PI, <0.04 <0.04
dolphin, male 3CS
Liver Faroe Islands 2006 3-5PI, <0.02 <0.04
3CS
Harbor porpoise, Liver W Iceland 1992 5PL,3CS <0.02 <0.07
male
Liver W Iceland 1997 5PL3CS <0.02 <0.07
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PFHpA PFOA PENA PFDA PFUnDA PFDoDA PFTrDA PFTeDA Data
source
<MDL <MDL <MDL 0.2+0.1 1.1+0.4 <MDL 0.8+0.4 <MDL (17)
<MDL <MDL <MDL <MDL 0.9+0.2 <MDL 0.8+1.7 <MDL-2.6  (17)
<0.1 0.6 0.82 15 2.39 132 0.42 2),(3)
<0.07 <0.03 <0.02 <0.09 <0.38 <0.9 <0.1 2),(3)
<0.05-0.47 0.54 2.13 6.15 12.3 3.07 0.92 2),(3)
0.19 0.57 1.16 0.59 1.52 0.39 0.25 2),3)
0.27 1.03 1.52 3.96 0.8 0.31 2),3)
<0.07 <0.03 <0.02 <0.09 <0.38 <0.9 <0.1 2),3)
0.25 0.46 2.05 6.3 11.5 247 0.8 2),(3)
<0.1 1.52 <0.9 <0.01- 0.23 <0.08-0.13 <0.1 <0.6 2),(3)
3.13+1.696 3.61£1.603 23.67+8.724 3.29+1.215 30.41426.154 6.32£7.908  (18)
1.44+1.21 3.53+3.252 12.09+11.393 1.59+1.316 5.84+5.135 2332351 (18)
0.23+0.25 0.62+0.6 6.143.5 3.16+1.74 8.3+4.6 1.30.88 2.842.0 0.44+0.4 (19)
0.02+0.01 0.2240.15 6.0+6.2 3.17+3.53 4.544.8 0.44+0.34 0.44+0.17 0.12+0.02 (19)
0.02+0.02 0.23+0.16 44426 2.07+1.14 26413 0.46+0.19 0.71+0.39 0.1240.06  (19)
0.05+0.02 0.54+0.36 8.9+3.5 3.9+1.6 7.243.1 0.91+0.37 1.3£0.58 0.23£0.07  (19)
0.5620.04 1.420.11 12444 5.6+2.3 8.543.6 1.6£0.48 2.440.56 0.6920.15 (19)
<MDL 2.0+1.9 2.240.9 8.542.9 (20)
<MDL 7.646.0 8.4+2.5 19.9+5.5 (20)
<0.03 <0.2 0.5-0.8 1.4-1.7 1.0-1.3 0.2-0.4 0.3-0.5 (21)
<0.03 <0.2-0.1 3.3-4.0 3.1-3.8 3.3-4.1 0.5-0.6 0.1-0.7 (21)
<0.03 <0.1-0.1 7.3-15.4 6.4-9.1 7.7-10 1.1-1.7 0.3-0.4 (21)
<0.03-0.071 0.56+0.15 1141 9.4+0.5 18+1 2.340.1 1.30.1 0.2420.02 (22)
<MDL-0.1 0.1-0.2 0.4-0.5 1.6-3.0 0.4-0.6 0.5-1.2 <MDL (17)
0.80+0.80 443 3.28 6.88 0.83 2.86 ND (1)
0.03 (0.01-0.04) 0.8 (0.45-1.75) 4.3 (3.6-7.4) 3.9 (3.2-4.2) 10 (8.8-11) 1.3 (1-1.4) 29(2.7-32)  0.24(0.15-0.36) (23)
0.02 (0-0.02)  0.58 (0.31-0.78) 4(2.6-5) 3.1(2.1-4.2) 8.3 (6.7-11) 1.1 (0.8-1.3) 22(1.5-32)  0.14(0.08-0.19) (23)
0.01 (0-0.01)  0.59(0.5-0.86) 4.5 (3.4-7.8) 3.7 (2.4-4.1) 9.4 (6.6-10) 1.1 (0.8-1.4) 22(2.1-28)  0.12(0.1-0.19) (23)
<0.03 0.1-0.2 2.8-4.0 2.4-4.7 12-20 3.0-3.1 21-22 (21)
<0.03 0.2-0.3 4.0-7.0 3.9-6.1 15-22 2.5-3.0 6.5-15 (21)
<0.03 <0.2-0.2 13-15 2.8-3.9 11-16 3.0-3.9 43-8.8 (21)
<0.03 0.2-0.4 24-88 50-16 23-52 6.1-11 15-29 (21)
<0.03 0.2-0.3 55-8.3 11-12 46-52 9.4-11 22-49 (21)
<0.03 0.1-0.2 14-25 6.8-10 22-37 4.2-6.0 13-18 (21)
<0.03 <0.2-0.3 1.3-5.5 11-18 45-68 6.6-10 16-26 (21)
<0.03 <0.2 0.4-0.7 3.9-46 22-27 3.5-3.7 2.8-5.4 (1)
<0.03 <0.2 1.3-1.9 3.2-54 16-24 2.8-37 4.0-5.4 (21)
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Tissue Area Year(s) No. Statistic PFPeDA PFHxDA PFBS
samples
Narwhal Skin/ Nuuk, Greenland M+SD
blubber
Muscle Nuuk, Greenland M+SD
Beluga, female Blood E. Hudson Bay 9 GM <0.2
Muscle E. Hudson Bay 9 GM <0.3
Liver E. Hudson Bay 9 GM <0.1
Milk E. Hudson Bay 6 GM <0.1
Beluga, male Blood E. Hudson Bay 9 GM <0.2
Muscle E. Hudson Bay 9 GM <0.3
Liver E. Hudson Bay 13 GM <0.1
Blubber E. Hudson Bay 6 GM <0.1
Beluga Liver Cook Inlet (SE Alaska) 2001-06 AM+SD
Liver E. Chukchi Sea 1999-2000 AM+SD
Ringed seal Liver Arviat 2010-2012 28 AM+SD <0.01 0.18+0.26
Liver Pangnirtung 2009-2011 7 AM=*SD <0.01 0.01+0.02
Liver Resolute 2010-2013 46 AM=SD <0.01 0.08+0.11
Liver Sachs Harbour 2011-2013 29 AM+SD 0.02+0.01 0.07+0.1
Liver Ulukhaktok 2010-2013 9 AM+SD <0.01 0.22+0.33
Liver Qegqertarsuaq, West Greenland 2010.00 19 AM+SD
liver Ittoqqortoormiit, East Greenland 2010.00 16 AM+SD
Ringed seal Liver NW Greenland 1984 4-5PI, <0.02
3CS
Liver NW Greenland 1998 4-57P], <0.02
3CS
Liver NW Greenland 2006 4-5PI, <0.02
3CS
Liver East Greenland 2012-13 AM=SD 0.16+0.02 <0.002b
Muscle Nuuk, Greenland M+SD
Harbour seal Liver N. Norway 10 M=SD
hoca vitulina
Harbour seal, Plasma Svalbard (Karls Forland) 2009-2010 <0.001
male
Harbour seal, Plasma Svalbard (Karls Forland) 2009-2010 <0.001
female
Harbour seal, Plasma Svalbard (Karls Forland) 2009-2010 <0.001
juvenile
Hooded seal, Liver West Ice 1990 4-5 PI, <0.02
female 3CS
Liver West Ice 1991 4-5PI, <0.03
3CS
Pilot whale, male Liver Faroe Islands 1986 3-5PI, <0.02
3CS
Liver Faroe Islands 2001-02 3-5PI, <0.02
3CS
Liver Faroe Islands 2006-07 3-5P], <0.02
3CS
Whitesided Liver Faroe Islands 2001-02 3-5PI, <0.02
dolphin, male 3CS
Liver Faroe Islands 2006 3-5PI, <0.03
3CS
Harbor porpoise, Liver W Iceland 1992 5PL3CS <0.04
male
Liver W Iceland 1997 5P, 3CS <0.04
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PFHxS PFOS (linear) PFDS PFDoS PFOS PFOSA 6:2FTS F-53B Data
(branched) source
<MDL <MDL 1.2+1.0 (8)
<MDL <MDL 1.5+0.4 (8)
<0.3 <0.1 10.6 65.5 (2),(3)
<0.2 <0.1 <0.06 16.5 (2),(3)
<0.1 <0.1 27.4 437 2),(3)
<0.1 <0.1 2.78 4.3 2),(3)
<0.3 <0.1 13.7 78.2 2),(3)
<0.2 <0.1 118 11.4 ), (3)
<0.1-3.76 <0.1-5.12 373 483 ), (3)
<0.1 <0.1 223 24 ), (3)
0.46+0.33 25.51+16.637 17.37+7.37 (18)
0.15+0.073 13.43+8.821 34.05+15.24 (18)
0.28+0.21 0.06+0.09 20+7.2 0.06+0.09 (19)
0.27+0.19 <0.01 16£16 0£0 (19)
0.21+0.14 0.02+0.04 6.6+4.2 0.02+0.04 (19)
0.2+0.09 0.01+0.01 12+6.5 0.01+0.01 (19)
0.54+0.06 0.04+0.12 18+8.8 0.04+0.12 (19)
<MDL 16.3+10.0 <MDL (20)
<MDL 1124372 <MDL (20)
0.1 44-59 <0.02 1)
0.1-0.2 39-62 <0.02 (21)
0.7 51-87 <0.02 1)
0.71+0.06 855 0.27+0.19 93+6 0.027+0.007 0.045+0.004 (22)
0.2-0.6 <MDL-0.2 5.9-10.2 (17)
0.11 66.3 0.03+0.04 (1)
1.8 (1.6-2.4) <0.02 43 (40-52) <0.05 (23)
1.4 (1.3-2.3) <0.02 35 (25-39) <0.05 (23)
2.3(2.1-32) <0.02-0.22 38 (27-46) <0.05 (23)
0.1-0.2 58-95 0.1-0.2 (21)
0.2 35-47 0.1-02 (1)
0.1-0.2 24-29 0.1 1)
0.3 51-76 0.3-0.9 (21)
0.2-0.5 40-55 0.4-0.8 1)
0.3-0.4 95-126 0.5-1.9 (21)
0.4-0.6 104-126 1.3-2.1 (21)
0.1-0.2 38-57 <0.02-0.1 (21)
0.3-0.5 30-67 <0.03-0.2 (21)
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Tissue Area Year(s) No. Statistic PFBA PFPA PFHxA
samples
Minke whale, Liver CW Greenland 1998 4PL3CS <0.04 <0.04
female
Fin whale, male Muscle W Iceland 1986-89 3-5PI, <0.02 <0.04
3CS
Muscle W Iceland 2009 3-5PI, <0.02 <0.04
3CS
Killer whale Liver East Greenland 2012-13 AM+SD
Polar bear Liver East Greenland 2012-13 AM=*SD
Plasma, Svalbard 2008 <MDL <MDL <MDL
maternal
Plasma, cub Svalbard 2008 <MDL <MDL <MDL
Liver Scoresby Sound, East Greenland 2006 19 AM*SD 18.5£0.6
Blood Scoresby Sound, East Greenland 2006 19 AM=*SD nd
Brain Scoresby Sound, East Greenland 2006 115  AM+SD nd
Muscle Scoresby Sound, East Greenland 2006 20 AM+SD 0.2740.05
Adipose Scoresby Sound, East Greenland 2006 20 AM=*SD nd
Liver Ittoqqortoormiit, East Greenland 2011 10 AM+SD
Arctic cod Coats Is., N. Hudson Bay 2007 M (R) <0.1
Capelin Coats Is., N. Hudson Bay 2007-08 M (R) <0.1
Sand lance Coats Is., N. Hudson Bay 2007 M (R) <0.1
Arctic shanny Coats Is., N. Hudson Bay 2007 M (R) <0.1
Daubed shanny Coats Is., N. Hudson Bay 2009 M (R) <0.1
Banded gunnel Coats Is., N. Hudson Bay 2009 M (R) 0.37
Fish doctor Coats Is., N. Hudson Bay 2007, 2009 M (R) <0.1
Fourline snake Coats Is., N. Hudson Bay 2009 M (R) <0.1
blenny
Sculpin Coats Is., N. Hudson Bay 2007,2009 M (R) <0.1
Triglops spp.
Arctic staghorn Coats Is., N. Hudson Bay 2009 M (R) <0.1
sculpin
Snailfish Coats Is., N. Hudson Bay 2009 M (R) <0.1
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PFHpA PFOA PENA PFDA PFUnDA PFDoDA PFTrDA PFTeDA Data
source
<0.03 0.1-0.2 0.6-2.7 2.7-11 9.5-14 1.4-1.7 1.8-4.6 (21)
<0.03 <0.2 <0.05 <0.02-0.1 0.03-0.2 0.1 0.2-0.3 (21)
<0.03 <0.2 <0.05-0.1 <0.02-0.1 0.2-0.7 0.1-0.2 0.5-0.7 21)
0.16+0.07 0.27+0.09 1216 24+10 67+23 12+4 15+3 4.8+1.3 (22)
0.74+0.16 13+2 250+30 96+10 122+13 13+2 8.5+1.1 1.5£0.2 (22)
0.4+0.2 4.1£0.3 38.1+3.6 11.9+1.8 28.3+4.3 3.3+£0.5 5.8+0.9 0.6+0.03 (24)
1.1+£0.2 2.3+0.2 5.6x0.5 1.9+0.2 8.4x1 1.3+0.4 2.5+0.3 <MDL (24)
8.39+1.36 39.2+3.4 497+44 184+17 276124 41.5+£3.3 82.1+7.2 18.0£0.7 (25)
0.50+0.06 3.53+0.31 17.8+1.6 7.05+0.79 21.842.6 5.16+0.57 14.3+1.5 2.66+0.14 (25)
nd 0.27+0.06 1.87+0.14 2.12+0.13 16.0+0.7 7.21+£0.33 31.4%1.5 7.45%0.34 (25)
0.19+0.02 0.42+0.05 1.99+0.18 1.00£0.10 3.67+0.37 0.98+0.08 2.96+0.23 1.56+0.22 (25)
nd 0.42+0.10 1.57+0.23 0.74+0.14 3.07+0.45 0.84+0.13 3.05+0.34 1.32+0.15 (25)
4.8+2.7 174+81.5 48.5+20.0 71.8+£36.9 (20)
<0.1 <0.1 0.16 <0.1 0.68 <0.1 0.55 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.26 <0.1 0.14 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.6 <0.1 0.3 <0.1 (16)
<0.1 <0.2 <0.1 <0.1 0.1 <0.1 <0.1 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.18 <0.1 <0.1 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.43 <0.1 0.18 <0.1 (16)
<0.1 <0.1 0.18 <0.1 0.19 <0.1 0.17 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.14 <0.1 <0.1 <0.1 (16)
<0.1 <0.1 0.2 <0.1 0.5 <0.1 0.55 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.19 <0.1 <0.1 <0.1 (16)
<0.1 <0.1 <0.1 <0.1 0.42 <0.1 <0.1 <0.1 (16)
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Tissue Area Year(s) No. Statistic PFPeDA PFHxDA PFBS
samples
Minke whale, Liver CW Greenland 1998 4PL3CS <0.04
female
Fin whale, male Muscle W Iceland 1986-89 3-5P], <0.02
3CS
Muscle W Iceland 2009 3-5PI, <0.02
3CS
Killer whale Liver East Greenland 2012-13 AM+SD 3.4+0.7 0.005+0.002
Polar bear Liver East Greenland 2012-13 AM=+SD 0.72+0.09 0.032+0.008
Plasma, Svalbard 2008 <MDL
maternal
Plasma, cub Svalbard 2008 <MDL
Liver Scoresby Sound, East Greenland 2006 19 AM=+SD 0.81+0.08
Blood Scoresby Sound, East Greenland 2006 19 AM=*SD 1.35+0.13
Brain Scoresby Sound, East Greenland 2006 115 AM+SD 10.4+0.5
Muscle Scoresby Sound, East Greenland 2006 20 AM=*SD 0.65+0.07
Adipose Scoresby Sound, East Greenland 2006 20 AM=*SD 0.57+0.07
Liver Ittoqqortoormiit, East Greenland 2011 10 AM+SD
Arctic cod Coats Is., N. Hudson Bay 2007 M (R) <0.1
Capelin Coats Is., N. Hudson Bay 2007-08 M (R) <0.1
Sand lance Coats Is., N. Hudson Bay 2007 M (R) <0.1
Arctic shanny Coats Is., N. Hudson Bay 2007 M (R) <0.1
Daubed shanny Coats Is., N. Hudson Bay 2009 M (R) <0.1
Banded gunnel Coats Is., N. Hudson Bay 2009 M (R) <0.1
Fish doctor Coats Is., N. Hudson Bay 2007,2009 M (R) <0.1
Fourline snake Coats Is., N. Hudson Bay 2009 M (R) <0.1
blenny
Sculpin Coats Is., N. Hudson Bay 2007, 2009 M (R) <0.1
Triglops spp.
Arctic staghorn Coats Is., N. Hudson Bay 2009 M (R) <0.1
sculpin
Snailfish Coats Is., N. Hudson Bay 2009 M (R) <0.1

“No PFAS >MDL in fish. PEOS only compound >MDL in fish liver, roes and sperm.
M: mean, GM: geometric mean, AM: arithmetic mean, Med.: Median, R: range, PI: pooled individuals, CS: composite samples

Data source: (1) NILU, 2013; (2) Kelly et al., 2009; (3) Muir et al., 2013b; (4) Powley et al., 2008; (5) Haukas et al., 2007; (6) Carlsson et al., 2016; (7) Eriksson et al.,
2013; (8) Carlsson et al., 2014; (9) NILU, 2014; (10) Jorundsdottir et al., 2012; (11) NILU ORB, 2014; (12) Lucia et al., 2015; (13) Miljeteig et al., 2009; (14) Tartu
et al,, 2014; (15) Braune et al., 2010; (16) Braune et al., 2014; (17) Carlsson et al., 2014; (18) Reiner et al., 2011; (19) Muir et al., 2014; (20) Riget et al., 2013;

(21) Rotander et al., 2012; (22) Gebbink et al., 2016; (23) Routti et al., 2014; (24) Bytingsvik et al., 2012; (25) Greaves et al., 2012.
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PFHxS PFOS (linear) PEDS PEDoS PFOS PFOSA 6:2FTS F-53B Data
(branched) source
0.03-0.3 39-49 0.2-0.6 (21)
<0.03 0.3-0.5 <0.03 (21)
<0.03 0.3-0.5 <0.03 (21)
1.5+0.3 11540 1.2+0.4 122442 0.32+0.10 0.023+0.009 (22)
13+2 1597+189 1.5£0.2 18114218 0.055+0.020 0.27+0.04 (22)
32.6+£3.4 309+38.2 (24)
12.240.9 65.37.4 (24)
30.9+2.1 nd 3270+290 15132 (25)
18.0£1.1 1.28+0.22 128+17 3.50+0.99 (25)
1.37+0.10 1.30£0.15 35.2+2.0 1.33£0.10 (25)
1.87+0.11 1.40+0.04 15.9+1.7 1.56+0.13 (25)
1.55+£0.20 nd 15.4£1.9 0.69+0.10 (25)
5.8£3.8 1061+274 0.5£3.0 (20)
<0.1 1.45 (1.0-2.1) <3.1 (16)
<0.1 0.11 (nd,1.2) 3.37 (<3.1-23) (16)
<0.1 0.2 <3.1 (16)
<0.1 0.7 <3.1 (16)
0.16 0.37 6.24 (16)
0.22 0.6 <0.1 (16)
<0.1 <0.1 <0.1 (16)
0.1 (nd,0.21) <0.1 <0.1 (16)
<0.1 1.45 427 (16)
<0.1 <0.1 <3.1 (16)

<0.1 <0.1 <0.1 (16)
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2.2 Brominated flame retardants (BFRs)

AUTHORS: KATRIN VORKAMP, FRANK RIGET, HAYLEY HUNG, CYNTHIA DE WIT

CONTRIBUTOR: CRISPIN HALSALL, ToM HARNER, ROBERT LETCHER, JAAKKO MANNIO, AMINA SALAMOVA

2.2.1 Introduction

Halogens are effective in capturing free radicals in a
combustion process, which hampers the propagation of the
flame (Alaee etal.,2003). Hence, halogenated compounds have
been widely used as flame retardants and account for about a
quarter of the total production of flame retardants. Balancing
effectiveness in capturing free radicals and molecule stability
at elevated temperatures, only chlorinated and brominated
compounds have been used as halogenated flame retardants
(Alaee et al., 2003).

Brominated flame retardants (BFRs) cover a large group of
chemically diverse compounds, which are additive or reactive
substances and part of - or, to a minor extent, bound to -
synthetic polymers to delay ignition and thus increase fire safety.
The majority of BFRs that are contaminants of emerging concern
(CECs) with respect to the Arctic are additive flame retardants.
Several BFRs that were previously produced in high volumes,
such as polybrominated biphenyls (PBBs), polybrominated
diphenyl ethers (PBDEs; specifically commercial penta- and
octaBDE mixtures) and hexabromocyclododecane (HBCDD)
are now globally regulated as they are listed under Annex A of
the Stockholm Convention on Persistent Organic Pollutants
(POPs). Their POP characterization includes an evaluation
of long-range transport, for which Arctic data have been of
great value. In addition, data from Arctic biota monitoring
has provided information on BFR bioaccumulation and
biomagnification (de Wit et al., 2010). PBDEs other than
decaBDE were addressed in the recent AMAP assessment of

temporal trends in POPs (AMAP, 2016a), because these are no
longer considered CECs.

The ban on penta- and octaBDE mixtures (added to the
Stockholm Convention in 2009), has moved the focus to
potential replacement flame retardant products requiring an
understanding of their environmental behavior, including in the
Arctic. The BFR review of the most recent AMAP assessment
included new candidates for which Arctic data were just
emerging (de Wit et al., 2010). These included the compounds
decabromodiphenyl ethane (DBDPE), 1,2-bis(2,4,6-
tribromophenoxy)ethane (BTBPE), hexabromobenzene
(HBBz), pentabromoethylbenzene (PBEB), pentabromotoluene
(PBT) and the B-isomer of 1,2-dibromo-4-(1,2-dibromoethyl)
cyclohexane (B-tetrabromocyclohexane, B-TBECH, or 3-DBE-
DBCH). As of 2009, BTBPE, HBBz, PBEB and PBT had been
detected in seabirds, while BTBPE, HBBz and p-DBE-DBCH
had been detected in marine mammals, thus providing initial
evidence of their long-range transport and accumulation in
Arctic biota (de Wit et al., 2010).

The current AMAP assessment reviews the Arctic data that have
been published on these and other ‘emerging’ BFRs between
2009 and the end of 2014. In addition to the compounds just
listed, this assessment covers BDE-209 (deca-BDE), HBCDD,
tetrabromobisphenol A (TBBPA), 2,4,6-tribromophenyl
2,3-dibromopropyl ether (TBP-DBPE), 2-ethylhexyl-2,3,4,5-
tetrabromobenzoate (EH-TBB), bis(2-ethylhexyl)tetrabromo
phthalate (BEH-TEBP), 2,3,5,6-tetrabromo-p-xylene (TBX)
and pentabromobenzene (PBBz) and related compounds

Table 2.4 Standardized abbreviations adopted for brominated flame retardants referred to in this chapter, as suggested by Bergman et al. (2012).

Standardized abbreviation = CAS number Chemical name Other abbreviations commonly used in literature
BDE-209 1163-19-5 polybrominated diphenyl ether 209 DecaBDE, BDE209
BEH-TEBP 26040-51-7 bis(2-ethylhexyl)tetrabromophthalate TBPH

BTBPE 37853-59-1 1,2-bis(2,4,6-tribromophenoxy)ethane

DBDPE 84852-53-9 decabromodiphenyl ethane BDPE-209, DBDE
DBE-DBCH 3322-93-8 1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane =~ TBECH, TEBC
EH-TBB 183658-27-7 2-ethylhexyl-2,3,4,5-tetrabromobenzoate TBB

HBBz 87-82-1 hexabromobenzene HxBBz, HxBrBz
HBCDD 3194-55-6 hexabromocyclododecane HBCD

OBTMPI 1084889-51-9 octabromotrimethylphenylindane OBIND

PBB-Acr 59447-55-1 pentabromobenzyl acrylate PBBA

PBBz 608-90-2 pentabromobenzene PeBBZ

PBEB 85-22-3 pentabromoethylbenzene

PBT 87-83-2 pentabromotoluene

TBBPA 79-94-7 tetrabromobisphenol A

TBBz 626-39-1 1,3,5-tribromobenzene TeBBz

TBCT 39569-21-6 tetrabromo-o-chlorotoluene

TBP-AE 3278-89-5 2,4,6-tribromophenyl allyl ether ATE

TBP-BAE N/A 2,4,6-tribromophenyl 2-bromoallyl ether BATE

TBP-DBPE 35109-60-5 2,4,6-tribromophenyl 2,3-dibromopropyl ether ~ DPTE

TBX 23488-38-2 2,3,5,6-tetrabromo-p-xylene
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Table 2.5 Summary of Arctic media for which brominated flame retardants have been reported between 2009 and the end of 2014. The brackets indicate

that the compound was sought, but not detected in the respective medium.

Air Terrestrial Freshwater Marine

Air Snow Soil Biota Water Sediment Biota Water Sediment Biota
BDE-209 X X (x) (x) X X X
BEH-TEBP X (%) X X
BTBPE X X X X X X
DBDPE X X (x) (x) (x) X X
DBE-DBCH X X (x) X
EH-TBB X X X X
HBBz X X (x) X X X
HBCDD X X (%) (%) X X
OBTMPI (x) ()
PBB-Acr X
PBBz x x (x) (%)
PBEB x x () ) x
PBT X X (x) X X X
TBBPA x () ()
TBBz X
TBCT x ()
TBP-AE X (x) X
TBP-BAE X (%) X
TBP-DBPE X (%) X X
TBX X X

(Table 2.4). Hydroxy- (OH-) and methoxy- (MeO-) PBDEs
are discussed in Section 2.15. BFR data from the Arctic were
also recently reviewed by Vorkamp and Rigét (2014). The
data in this section cover atmospheric, terrestrial, freshwater
and marine environments and originate from peer-reviewed
publications, extended conference abstracts and government
scientific reports (Table 2.5).

2.2.2 Polybrominated diphenyl ether 209
(BDE-209)

2.2.2.1 Introduction

BDE-209 is the main component of the commercial decaBDE
flame retardant mixture (La Guardia et al., 2006). The chemical
structure of BDE-209 is given in Figure 2.31. It was added to the
Stockholm Convention in 2017. In the EU, BDE-209 is covered
by the Directive on the restriction of the use of certain hazardous
substances in electrical and electronic equipment (RoHS
Directive), which restricts the mass percentage of PBDEs to 0.1%
in electrical and electronic equipment (EU,2011). DecaBDE is also
included on the candidate list of substances of very high concern
(SVHC) of the European Chemicals Agency (ECHA, 2012). The
Voluntary Emissions Control Action Programme (VECAP) of
the European Flame Retardant Association was initiated in 2004
with a focus on decaBDE in textiles and plastics (EFRA, 2015).

In the most recent AMAP assessment of BFRs in the
Arctic (de Wit et al., 2010), BDE-209 concentrations were
reported to be increasing in air at Alert, Canada, based on
measurements to 2004 (de Wit et al., 2010; Hung et al., 2010).
This confirmed atmospheric transport of BDE-209 to the
Arctic, probably primarily via association with airborne
particles. Deposition in the Arctic environment was
reflected by BDE-209 being a predominant PBDE congener
in soil and vegetation (de Wit et al., 2010). Results were
ambiguous with regard to the accumulation of BDE-209
in biota. While contributing significantly to total PBDE
(XPBDE) in invertebrates and some fish, BDE-209 had low
concentrations in higher trophic level animals, implying low
bioaccumulation and biomagnification.

Br Br Br Br

Br Br Br Br

Figure 2.31 Chemical structure of BDE-209.
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2.2.2.2 Physical-chemical properties

BDE-209 is very hydrophobic, with several reported log Kow
values: 8.70 (Wania and Dugani, 2003), 9.87 (Bao et al., 2011)
and 9.97 (Watanabe and Tatsukawa, 1990). BDE-209 has a low
volatility and water solubility. It thus adsorbs strongly to organic
carbon in sediments and soils and to particulates in air, and
partitions to lipids. See Appendix 1 for more detailed information.

2.2.2.3 Sources, production, use and trends

The decaBDE commercial product has been used in hard
plastics such as high-impact polystyrene (HIPS) in electrical
and electronic devices, such as the back-covers of cathode-ray
TV sets and PC monitors (de Wit et al., 2010). It has also been
used in textile back-coating in furniture, rubber coating for
wiring, and in building, construction and transportation sectors
(Abbasi et al., 2015). For the North American market only,
Abbasi et al. (2015) calculated a maximum stock of decaBDE
of 140000 tonnes in in-use products in 2008.

Global market demand of decaBDE was about 56400 tonnes
in 2003 (de Wit et al.,2010). Abbasi et al. (2015) estimated total
global production to be between 1100000 and 1250 000 tonnes
for the period 1970-2005. They also reported an estimated
annual production of 60000 tonnes by 2005, of which 40%
was used in North America. Production has been phased out in
North America and Europe, but decaBDE i still manufactured
and widely used in China (Ma et al., 2012a; Ni and Lu, 2013).
In 2011, production of the decaBDE mixture in China was
estimated at 20500 tonnes (Ni and Lu, 2013). EFRA (2015)
reported that two of the three major global producers had
stopped selling decaBDE in 2013.

2.2.2.4 Transformation processes

BDE-209 has been shown to degrade to lower brominated
BDE congeners via photolysis (e.g. Eriksson et al., 2004;
Soderstrom et al., 2004; Stapleton and Dodder, 2008) and via
metabolic debromination (e.g. Kierkegaard et al., 1999, 2007;
Stapleton et al., 2003; Van den Steen et al., 2007). In laboratory
rats, BDE-209 has been shown to produce several hydroxylated
metabolites containing 5-9 bromines (Morck et al., 2003;
Sandholm et al., 2003). In liver microsomes of polar bear (Ursus
maritimus), beluga (Delphinapterus leucas) and ringed seal (Pusa
hispida), BDE-209 depletion by 14-25% was found, while that of
lower brominated congeners was <3% (McKinney et al.,2011a).
Metabolite identification proved challenging, and no brominated
or phenolic metabolites of BDE-209 could be identified.

2.2.2.5 Modeling studies

Breivik et al. (2006) modeled long-range atmospheric transport
of BDE-209 on particulates and found that periods of high winds
and no precipitation would facilitate transport to the Arctic.

Particle-gas partitioning of BDE-209 in Arctic air was recently
addressed in a theoretical approach (Li et al., 2015a). Pointing
out that steady state rather than equilibrium states should be
applied in these considerations, Li et al. (2015a) showed that
BDE-209 was in the maximum partition domain at Arctic
temperatures, resulting in a constant partition coefficient
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(log Kpsy of -1.53) and a particle fraction of <1. For a particle
concentration of 10 ug/m’, for example, the particle-phase
fraction of BDE-209 was 0.23. Li et al. (2015a) found their
predictions agreed well with monitoring data from Alert
(Canada) and that the air data reported by Moller et al. (2011b)
(see next section), were better described by the steady state
model than by the equilibrium model.

2.2.2.6 Environmental concentrations

Air and precipitation

Studies published since the previous AMAP assessments on
BFRs (de Wit et al., 2010) have provided more evidence that
BDE-209 is an important PBDE congener in abiotic media
in the Arctic. BDE-209 has been part of the atmospheric
monitoring programs at Alert in the Canadian Arctic
and at Zeppelin on Svalbard (Norway) since 2002 and
2006, respectively (Hung et al., 2016). The data measured
at Alert until 2010 were reported in the Canadian Arctic
Contaminants Assessment Report (Hung et al., 2013a). The
data from Zeppelin are published in reports of the Norwegian
Institute for Air Research (NILU), the most recent data
considered here are for 2014 (NILU, 2015).

At Alert, BDE-209 accounted for 24% of XPBDE on average
(range 0.66-79%), which is unchanged compared to the
previous AMAP assessment of atmospheric monitoring
(Hung et al., 2010). While lower brominated PBDE congeners
showed a seasonal cycle of higher concentrations in summer
than in winter, the correlation with temperature was low for
BDE-209.In 2012, concentrations of BDE-209 at Alert ranged
from 0.18 to 2.2 pg/m’, with mean and median concentrations
of 0.34 and 0.26 pg/m’, respectively.

At Zeppelin, concentrations of BDE-209 ranged between 0.10
and 0.67 pg/m” in 2012, with mean and median concentrations
of 0.30 and 0.25 pg/m’, respectively (Aas et al., 2013).In 2014,
over half the air samples collected at Zeppelin were below
detection limit for BDE-209. However, the detection limits
were relatively high owing to analytical challenges (NILU,
2015). The highest concentration was 0.80 pg/m’, while the
lowest measurable concentration was 0.34 pg/m’. In general,
concentrations at Zeppelin in 2014 were comparable to those
measured during the period 2008-2012. At Pallas in northern
Finland, BDE-209 was sought in four air samples from 2009
to 2012 (Kaj et al., 2010; Remberger et al., 2014), but only
detected in two: 2011 (0.33 pg/m?) and 2012 (0.69 pg/m®)
(Remberger et al.,2014). Levels were similar to those measured
at Alert and Zeppelin.

BDE-209 was also detected in all air samples collected at
Longyearbyen (Svalbard) between September 2012 and May
2013. BDE-209 was only analyzed in the particle phase of
these air samples (Salamova et al., 2014). As for the Canadian
data, BDE-209 accounted for 24% of XPBDE, making it
the most abundant PBDE congener. The mean and median
concentrations of BDE-209 in the particle phase were 1.3+0.31
and 0.46 pg/m’, respectively (range 0.12-6.8 pg/m®). These
concentrations appear slightly higher than at Alert and
Zeppelin. Salamova et al. (2014) could not rule out that local
sources could affect levels of flame retardants at Longyearbyen.
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High maximum particle-bound concentrations of BDE-209
(3.43 pg/m’) were also found on a cruise from the East China
Sea to the Arctic (Moller et al.,2011a). Stations at latitudes north
of 60°N were considered as Arctic stations. Although mainly
detected in the particle phase, BDE-209 was also detected in the
gas phase of some samples, at concentrations up to 0.54 pg/m?>.
As discussed in Section 2.2.2.5, studies applying a steady state
model rather than an equilibrium model have shown that at
Arctic temperatures, the majority of BDE-209 might occur in
the gas phase (Li et al., 2015a).

BDE-209 was by far the predominant PBDE congener in air in
the Bering and Chukchi Sea, accounting for 72% of XPBDE,
possibly owing to ongoing production and use of commercial
decaBDE in Asia (Moller et al.,2011a). Based on data for 2003,
about half the global demand for decaBDE occurred in Asia,
compared to only 2% of the global demand for pentaBDE
(de Wit et al., 2010).

The same study design was applied in a cruise to the East
Greenland Sea (Moller et al., 2011b). In these measurements,
BDE-209 was not found in the gas phase. In the particle phase,
it was only detected in 30% of samples (at 0.05-0.07 pg/m?).
Thus, the results were different to those for Longyearbyen on
Svalbard (Salamova et al.,2014). Moller et al. (2011a) discussed
the possibility of photolytic degradation of BDE-209 as an
explanation for these results.

Atmospheric deposition has been documented by detecting
BDE-209 in snow. Snow cores were analyzed from the Devon
Ice Cap, Nunavut (Canada) (Meyer et al., 2012). BDE-209
was the main PBDE congener found, accounting for 89% of
2PBDE. NonaBDE congeners were the second most important
congener group, possibly reflecting degradation of BDE-209.
This interpretation was supported by correlations between
BDE-209 and lower brominated congeners, which were higher
with increasing bromine content, as well as by the presence of
BDE-201 and BDE-202 in the samples, which are not found in
commercial PBDE mixtures (Meyer et al., 2012).

Fluxes determined at the Devon Ice Cap ranged from 90 to
2000 pg/cm?/y (1993-2008). The mean total flux of BDE-209
to the ice cap was estimated at 7 kg/y. Back trajectories of air
masses showed correlations with highly populated areas of North
America, which was not the case for other BFRs such as HBCDD
(Meyer etal.,2012). Fluxes at the Devon Ice Cap can be compared
to those calculated for an ice core at Svalbard (Hermanson et al.,
2010). BDE-209 was again the main PBDE congener, and fluxes
were 320 pg/cm?*/y between 1995 and 2005, i.e. in the lower end
of the range reported for the Devon Ice Cap (Meyer et al.,2012).
The input of BDE-209 to the location of the ice core could be
traced back to flow from Eurasian sources and was associated
with Arctic haze events (Hermanson et al.,2010). Market demand
for decaBDE was lower in Europe than in North America
(de Wit et al., 2010). Although this is not per se equivalent to
higher inputs to the Devon Ice Cap, Hermanson et al. (2010)
found that the amounts of various BFRs in the Svalbard ice cores
were primarily a function of the amounts used in commerce,
rather than being determined by vapor pressure or other physical-
chemical characteristics of the compounds. The link to particle
transport during Arctic haze events discussed in this study is in
line with previous findings of BDE-209 being the predominant
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congener in air in winter, but not in summer (Su et al., 2007).
The same pattern is also seen in the monitoring data at Zeppelin,
which found the highest concentrations of BDE-47 occur in
the summer months, while BDE-209 predominates in other
months (Aas et al., 2013). BDE-209 was not detected in two air
and deposition samples from Pallas collected in July 2009 and
January 2010 (Kaj et al., 2010).

Terrestrial environment

BDE-209 concentrations were below detection limit in a study
of bank voles (Myodes glareolus) collected in 2001 in Ammarnds,
Valadalen and Vindeln in northern Sweden (Lind and Odsjo,
2010). Lind (2012) investigated BFRs in Eurasian lynx (Lynx
lynx),but BDE-209 was below detection limit in a sample from
Bydalen in Jimtland (northern Sweden) collected in 2000.
BDE-209 was below detection limit in reindeer (Rangifer
tarandus) muscle from Sweden (Danielsson et al., 2008). As
discussed in the previous AMAP assessment (de Wit et al.,2010),
BDE-209 was detectable at relatively high (up to 250 ng/g lw)
and increasing concentrations in peregrine falcon (Falco
peregrinus) eggs from Greenland. Although the birds were
probably exposed during migration and not necessarily in the
Arctic, the results show that some bioaccumulation of BDE-209
can take place. This was supported by studies on peregrine
falcon eggs from Sweden and elsewhere (see subsection on
marine biota), and could indicate differences in exposure for
terrestrial and marine top predators.

Freshwater environment

Surface water samples collected in 2006 from two lakes in
northern Sweden - Lake Abiskojaure (background) and
Kalixdlvens gruvsambhille (a former mining village, point
source) - had no detectable concentrations of BDE-209
(SWECO VIAK, 2007).

Marine environment

Seawater

Seawater samples were analyzed on two cruises, from the
East China Sea to the Arctic and in the East Greenland
Sea. In agreement with the air samples (see sub-section on
air and precipitation), BDE-209 was mainly associated with
particles. On the transect from the East China Sea, BDE-209
was below detection limit (0.17 pg/L) in the dissolved phase
and ranged from <0.092 to 0.17 pg/L in the particle phase
(Moller et al., 2011a). From these data (seawater and air),
Moller et al. (2011a) concluded that this indicated atmospheric
deposition of BDE-209 to the ocean. In the East Greenland
Sea, BDE-209 was only detected in one seawater sample, at
concentrations of 0.37 pg/L (dissolved phase) and 0.11 pg/L
(particle phase) (Moller et al., 2011b), an unexpected finding
given the hydrophobic characteristics of BDE-209.

Sediments

In marine surface sediments sampled in the Bering Sea and
Chukchi Sea between July and September 2008, BDE-209 was
clearly the predominant PBDE congener, with concentrations
1-2 orders of magnitude higher than summed concentrations of
the other PBDEs (Cai et al.,2012b). In Canada Basin, BDE-209
concentrations in sediment were comparable to those for other
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Table 2.6 Arithmetic mean and median concentrations (pg/g dw) of BDE-209 and DBDPE in marine surface sediment from three Arctic regions

(Cai et al., 2012b).

Canada Basin Bering Sea Chukchi Sea
n Mean Median n Mean Median n Mean Median
BDE-209 8 39.5 24.7 7 146 15.6 9 141 34.7
DBDPE 8 176 163 7 181 151 9 147 107

PBDEs in total (Cai et al., 2012b). This pattern corresponds to
observations by Moller et al. (2011a,b) of higher concentrations
of BDE-209 (and a higher contribution to ZPBDE) in the Bering
and Chukchi Sea than in the East Greenland Sea, which is
possibly related to the production and use of commercial
decaBDE in Asia. Mean concentrations of BDE-209 in the
Bering Sea, Chukchi Sea and Canada Basin were much higher
than the median concentrations (Table 2.6). Within each area,
Cai et al. (2012b) noted a few individual stations with high
concentrations of BDE-209 which they assumed were affected
by coastal point sources. While there was no correlation with
other PBDE congeners, a correlation was found with organic
carbon as well as black carbon, which was interpreted as an
indication of atmospheric input of BDE-209.

Biota

There is no clear evidence of BDE-209 accumulation in
marine biota. A recent study on eggs of white-tailed sea eagle
(Haliaeetus albicilla) included two samples from Lapland,
but all samples (n=44) were below detection limits of about
11 ng/g Iw for BDE-209 (Nordlof et al., 2010). This population
of sea eagles mainly feeds on fish, small mammals and carrion
(i.e. aquatic, but not necessarily marine prey). BDE-209 levels
in the sea eagle eggs were different to the findings for peregrine
falcon eggs from Sweden and elsewhere (Lindberg et al,,
2004; Johansson et al., 2009; Chen and Hale, 2010), which
generally contained more of the highly brominated congeners
(Nordlof et al., 2010). Chen et al. (2010) highlighted that the
PBDE pattern was different for fish-eating and terrestrial birds,
with the latter containing more highly brominated congeners.

In a study including 96 eggs of herring gull (Larus argentatus),
Atlantic puffin (Fratercula arctica) and black-legged kittiwake
(Rissa tridactyla), only nine eggs had concentrations of BDE-209
that were significantly above the blank (Helgason et al., 2009).
In these samples, BDE-209 ranged from ~0.5 to 15 ng/g ww. In
addition, the nonabrominated congeners BDE-206, BDE-207
and BDE-208 were also detected in some samples, but not
necessarily in the same ones. Helgason et al. (2009) observed
a higher frequency of BDE-209 detection in herring gull eggs
from 2003 compared to eggs from 1983 and 1993.

Tomy et al. (2009) studied the trophic dynamics of BDE-209 in
a marine food web in the western Canadian Arctic including
(in order of increasing trophic level) Arctic copepods (Calanus
hyperboreus), pelagic amphipods (Themisto libellula), Arctic
cisco (Coregonus autumnalis), Pacific herring (Clupea pallasi),
Arctic cod (Boreogadus saida), ringed seal and beluga. The
study complemented a previous one on a marine food web in
the eastern Canadian Arctic that had shown trophic dilution
of BDE-209 (Tomy et al., 2008b). The concentration data
are given in Table 2.7. No trophic magnification factor was
calculated for BDE-209, but individual biomagnification
factors (BMFs) were generally <1. Exceptions occurred for
the Arctic cod / C. hyperboreus and Arctic cod / T. libellula
transitions, which had BMFs of 12.7 and 4.8, respectively. The
low concentrations of BDE-209 in the marine mammals do
not support biomagnification, which is in agreement with the
outcome of the study from eastern Canada (Tomy et al., 2008b).

Previously described in vitro metabolism findings for polar bear,
ringed seal and beluga (McKinney et al., 2011a) were consistent
with recent BDE-209 assessments and with the lack of any
detection in polar bear adipose samples from 11 sub-populations
spanning Alaska east to Svalbard collected over the 2005-2008
period (McKinney et al., 2011b). BDE-209 in adipose samples
collected annually from Hudson Bay bears between 2007 and
2014, was either not detectable or detected at low frequency (NCP,
2015a). The lack of BDE-209 in the adipose samples is probably
due to a combination of low exposure and low dietary uptake and
to rapid metabolism and debromination (McKinney et al.,2011a).

2.2.2.7 Environmental trends

Spatial trends

Very few data on spatial trends in BDE-209 were available. Air
measurements indicated higher concentrations in the Bering
and Chukchi Sea than in the East Greenland Sea, which is
possibly related to the production and use of commercial
decaBDE in Asia (Moller et al., 2011a,b). The same spatial
pattern was found in marine sediments (Cai et al., 2012b).

Table 2.7 Concentrations of BDE-209 (ng/g Iw) in a marine food web from the western Canadian Arctic, with samples collected between 2004 and 2007

(Tomy et al., 2009).

Arctic copepods Pelagic amphipods Arctic cisco  Pacific herring  Arctic cod Ringed seal Beluga
(Calanus hyperboreus) — (Themisto libellula)
Median 0.04 0.11 7.23 0.25 1.01 <0.23 <0.23
Range - - 2.05-21.67 0.04-0.70 0.23-1.77 <0.23 <0.23-1.13
Mean lipid (%) 0.31 0.07 1.94 6.42 1.62 86.1 81.8




64

Cai et al. (2012b) also noticed individual sediment samples
with elevated concentrations of BDE-209 and attributed these
findings to local point sources.

Temporal trends

Although BDE-209 concentrations in air at Alert appeared
to peak in 2005, due to the lack of data for 2006 this cannot
be confirmed (Figure 2.32) (Hung et al., 2013a). Despite an
increasing trend at Alert between 2002 and 2005, six additional
years of data show that BDE 209 concentrations declined since
the mid-2000s at both Alert and Zeppelin. At Zeppelin, no
significant long-term trend was observed for BDE-209 (NILU,
2015). An ice core from Svalbard showed increasing BDE-209
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Figure 2.32 Temporal trends and seasonal cycles in BDE-209 concentrations
in air at the monitoring stations at Alert (Canada) and Zeppelin (Svalbard,
Norway) (Hung et al., 2013a).
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Figure 2.33 BDE-209 and HBCDD fluxes in Svalbard since the 1950s, as
determined from ice core measurements (Hermanson et al., 2010).
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concentrations and fluxes since the 1950s, but measurements
in the oldest ice layers may have been affected by downward
movement of meltwater (Hermanson et al., 2010) (Figure 2.33).
BDE-209 fluxes at the Devon Ice Cap did not show a trend
between 1993 and 2008 (Meyer et al., 2012).

Observations that BDE-209 concentrations are starting
to decrease could be due to voluntary measures to reduce
emissions initiated in 2004 (EFRA, 2015) in combination
with the phase-out of BDE-209 in two US states (Washington
and Maine) in 2007/2008, its ban in Norway in 2008, and
its restriction in electrical and electronic equipment in the
European Union since July 2008. However, most demand
occurs in Asia. BDE-209 was added to the Stockholm
Convention in 2017.

2.2.3 Hexabromocyclododecane (HBCDD)

2.2.3.1 Introduction

Hexabromocyclododecane (HBCDD) is an additive BFR used
in a commercial mixture mainly consisting of y-HBCDD
(75-89%), a-HBCDD (10-13%) and p-HBCDD (1-12%)
(Covaci et al., 2006). Figure 2.34 shows the general chemical
structure of HBCDD. Other stereoisomers occur in minor
proportions; eight out of the possible 16 stereoisomers of
HBCDD have been isolated from the technical mixture
(Heeb et al., 2005). As a result, it is more correct to
describe HBCDDs as a compound group (analogous to
hexachlorocyclohexanes, HCHs), but the singular form
is common in the scientific literature and is also the term
used in the Stockholm Convention. In the context of the
EU Water Framework Directive, hexabromocyclododecane
is abbreviated HBCDD (EU, 2013). This avoids confusion
with hexabromocyclodecane (C,oH14Brs), which is apparent
in some publications.

The HBCDD isomers have been of environmental concern for
at least ten years (de Wit, 2002). The industrial VECAP and
SECURE initiatives have aimed at reducing HBCDD emissions
to the environment since about 2006 (VECAP, 2007). As of
2014, EFRA (2015) reported that 98% of ‘volumes sold” had
joined the programs. A risk assessment prepared for the EU
concluded that HBCDD was persistent, bioaccumulative and
toxic although some slow biodegradation could occur (EU,
2008a). The assessment also highlighted concerns for HBCDD
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Figure 2.34 General chemical structure of HBCDD.
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biomagnification in food chains. HBCDD was subsequently
included in both the candidate and the authorization list of
Substances of Very High Concern (ECHA, 2008a,b). HBCDD is
also on OSPARS List of Chemicals for Priority Action (OSPAR,
2009¢). Following reviews of an HBCDD risk assessment
dossier (Peltola-Thies, 2008), the United Nations Economic
Commission for Europe (UNECE) concluded that HBCDD
was a persistent organic pollutant (POP) in the context of
the POP protocol of the UNECE Convention of Long-Range
Transboundary Air Pollution (UNECE, 2009a).

HBCDD was proposed to the Stockholm Convention in
2008 and the Conference of the Parties agreed to list it under
Annex A in 2013. The Stockholm Convention allows time-
limited exemptions of HBCDD use in expanded and extruded
polystyrene in buildings (UNEP, 2013b). These products must
be easily identified by labelling or other means.

The previous AMAP assessment documented the ubiquitous
presence of HBCDD in the Arctic environment, including
in air, sediment and various freshwater and marine species
(de Wit et al.,2010). Concentrations were usually comparable
to or lower than those for PBDEs. Temporal trends were
inconclusive, including examples of rising concentrations or
tendencies of a levelling off. Results for seabirds suggested
higher concentrations in the European Arctic than the
North American Arctic, but with the caveat of probable
species differences. Local sources of HBCDD may exist in
the Arctic, for example in terms of wastewater effluents or
waste incineration.

The previous AMAP assessment also showed substantial
differences in the isomer composition of HBCDD in the
Arctic, depending on the matrix. While abiotic matrices often
resembled the commercial HBCDD mixture in terms of a
predominance of y-HBCDD, a-HBCDD was often the only
detectable isomer in high trophic level biota (de Wit et al.,2010).

This section summarizes new results for HBCDD in the Arctic
(i.e.information published since January 2009). Recent reviews
that include HBCDD were published by Marvin et al. (2011)
and Law et al. (2014a).

2.2.3.2 Physical-chemical properties

The three diastereomers of HBCDD have slightly different
physical-chemical properties, with log Kow values of 4.18
(B-HBCDD) to 4.45 (a-HBCDD) and with higher water
solubilities than many other CECs (0.49-1.31 mg/L)
(Mariussen et al., 2010). HBCDD diastereomers are chiral
molecules and are racemic in the technical product. See
Appendix 1 for more detailed information. The variations in
physical-chemical properties may partly explain differences
in the environmental behavior of the three diastereomers,
including bioaccumulation and biomagnification of primarily
the a-HBCDD isomer in biota (Law et al., 2005).

2.2.3.3 Sources, production, use and trends

HBCDD is used in expanded (EPS) and extruded polystyrene
(XPS) foams that are widely used for insulation purposes in
the construction sector (ECHA, 2009). It has also been used in
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textile back coating and high-impact polystyrene (HIPS) used in
electronics housing (US EPA,2014). In Europe, use of HBCDD in
EPS and XPS accounted for 96% of the total use (ECHA, 2009).

Production of HBCDD has been reported in Europe, China,
Japan and the USA (UNEP, 2011a). Global production was
about 20000 tonnes in 2003 (de Wit et al., 2010), i.e. roughly
half the production volume of commercial decaBDE. UNEP
(2011a) gave a global production volume of 28 000 tonnes per
year, of which about 13000 tonnes were produced in the EU
and USA. The volume of HBCDD produced in Europe was
6000 tonnes in 2005 (ECHA, 2009).

In contrast to the PBDEs, the majority of HBCDD was used
in Europe (UNEP, 2011a), which might have implications
for exposure in the Arctic. Use in Europe was estimated at
11000 tonnes in 2006, and may have been rising. An increase
in net import to about 6000 tonnes per year was estimated
(ECHA, 2009). According to EFRA (2015), sales of HBCDD are
declining and HBCDD is expected to be phased out in Europe
‘in the near future’ In Japan, combined production and import
values were close to 3000 tonnes per year (UNEP, 2011a).

ECHA (2009) estimated HBCDD emissions in Europe to be
roughly 3000 kg/y, half of these to wastewater and about a
quarter each to air and surface waters.

2.2.3.4 Transformation processes

A y- to a-isomerization can occur at elevated temperatures
(Heeb et al., 2008) and in biological systems (Law et al., 2006;
Szabo et al., 2010) and has also been shown for HBCDD
associated with dust particles (Harrad et al.,2009). Furthermore,
differences in water solubility and thus bioavailability can have
an effect on the HBCDD isomer profile, as well as different
metabolism rates for the individual isomers (Szabo et al., 2010,
2011). Liver microsomes from marine mammals have been
found to metabolize B- and y-HBCDD faster than a-HBCDD
(Zegers et al., 2005). The study also showed that hydroxylated
metabolites were formed (Zegers et al., 2005).

As the carbon-bromine bond is weaker than the carbon-
chlorine or carbon-fluorine bond, HBCDD is more susceptible
to biodegradation than other POPs (Tomy et al., 2011). In
addition, differences in HBCDD accumulation between
males and females appear likely because HBCDD activates
the pregnane-X-receptor, which is more pronounced in females
(Tomy et al., 2011).

Metabolism of HBCDD in Arctic biota was discussed
by Vorkamp et al. (2012) who studied differences in the
metabolism potential between glaucous gull and ringed seal in
enantiomer-specific analyses: larger deviations from racemic
mixtures can be considered indicative of a higher degree of
biodegradation. While both species showed an accumulation
of (-)-a-HBCDD, deviation from a racemic mixture was
higher for glaucous gull (Vorkamp et al.,2012). Furthermore,
glaucous gull contained relatively low levels of a-HBCDD
compared to their organochlorine accumulation. These results
from East Greenland might suggest some biodegradation of
a-HBCDD in glaucous gull, which is more pronounced than
potential biodegradation in ringed seal.
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2.2.3.5 Modeling studies

No recent modeling studies were available.

2.2.3.6 Environmental concentrations

Air and precipitation

HBCDD has been monitored in air at Alert in the Canadian
Arctic since 2002 and at Zeppelin (Svalbard) since 2006
(NILU, 2015; Hung et al., 2016). Concentrations at Alert
were mostly non-detectable (Hung et al., 2016). At Zeppelin,
concentrations decreased from 7.13 pg/m* (2006) to 0.65 pg/m’
(2014). However, very few measurements were above detection
limits. In 2014, only five samples were above detection limits
for a-HBCDD and/or y-HBCDD (see Table 2.8). The results
are based on 48-hour high volume samples collected weekly.

Even lower HBCDD concentrations in air were found in
northeastern Greenland, based on weekly high volume air samples
collected at Villum Research Station in 2012 (Vorkamp et al.,
2015) and 2013 (unpubl. data). Only filters were analyzed because
previous studies had reported HBCDD as mainly particle-bound
in air (Hoh and Hites, 2005; Yu et al., 2008b). While the 2012
XHBCDD concentrations ranged from 0.0057 to 0.13 pg/m’,
2013 concentrations were considerably lower, with a maximum of
0.016 pg/m’. There was a tendency towards higher concentrations
in winter months, which is comparable to the monitoring data
from Zeppelin, but exceptions exist and more data are needed
to consolidate potential seasonal trends.

Both studies from Svalbard and northeastern Greenland
documented the occurrence of a- and y-HBCDD in air,
while B-HBCDD was of minor importance (NILU, 2015;
Vorkamp etal.,2015). On average, a- and y-HBCDD accounted
for 30% and 60%, respectively, of XHBCDD in the Greenland
samples, but each with a range of 0-100% (Vorkamp et al.,2015).

Passive air samples from the Global Atmospheric Passive
Sampling (GAPS) program collected in 2005 were screened
for HBCDD. Among the Arctic/subarctic GAPS stations,
HBCDD was detected in air at Barrow (<MDL-2.02 pg/m’),
St. Lawrence Island (0.22 pg/m?), Stérh6fdi (<MDL-3.3 pg/m?®)
and Ny-Alesund (<MDL-5.1 pg/m’) (Annex Table A2.2/2)
(Lee et al., 2016).

Deposition of atmospheric HBCDD in the Arctic environment
has been studied by means of an ice core from Svalbard and snow
cores from Nunavut (Arctic Canada) (Hermanson et al., 2010;
Meyer et al.,2012). While HBCDD deposition fluxes exceeded
those for PBDEs in the Svalbard ice core (see Figure 2.33),
HBCDD was present at much lower concentrations than PBDEs
in the snow cores from the Canadian Arctic. The maximum
HBCDD fluxes determined from the individual core slices were
910 pg/cm?/y in Svalbard and about 3.2 pg/cm?/y in Nunavut
(Hermanson et al.,2010; Meyer et al., 2012; Hung et al., 2013a).
Meyer et al. (2012) discussed that this may be related to air mass
transport from Europe to Svalbard, probably in combination
with other factors, while HBCDD present in the Canadian snow
cores could not be related to specific areas of origin.

For the Svalbard ice core, the highest HBCDD flux was
associated with the uppermost layer representing the 1995-2005
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Table 2.8 Monthly mean concentrations (pg/m?®) of HBCDD in air
(with at least one isomer above detection limits) collected in 2014 at the
Zeppelin monitoring station (Svalbard) (NILU, 2015). Detection limits
were calculated as average blank plus three times the standard deviation
of the blank.

January — February =~ March  October December
a-HBCDD <0.02 0.05 <0.02 <0.21 <0.29
B-HBCDD <0.02 <0.04 <0.03 <0.45 <1.16
y-HBCDD 0.03 0.05 0.02 0.55 0.71

period (Figure 2.33). The oldest slice was dated to 1962, and
measurements show the HBCDD flux had increased since then,
although not as continuously as for BDE-209 (Hermanson et al.,
2010). According to the snow cores from Nunavut, the
maximum HBCDD flux occurred in 2004, with variable and
lower fluxes in the other years (1993-2008) (Hung et al.,2013a).
Given the differences in temporal resolution in the cores, these
observations may be consistent. Calculating total contaminant
burdens in the ice core, Hermanson et al. (2010) reported a
burden of about 1000 ng for HBCDD, which exceeded those
for PBDEs (except BDE-209) by a factor of 100. Taken together,
the air and precipitation data might indicate a spatial trend
of higher concentrations in the European Arctic than the
Canadian Arctic.

Terrestrial environment

Results are scarce for HBCDD in terrestrial species from the
Arctic. In Sweden, XHBCDD was sought in muscle of moose
(Alces alces) from central Sweden and reindeer from northern
Sweden, but concentrations were below the detection limit of
0.1 ng/g ww in all samples (Danielsson et al., 2008). Lind and
Odsjo (2010) found concentrations of HBCDD to be below
detection limit in a study of bank voles collected in 2001 in
Ammarnis, Valadalen and Vindeln in northern Sweden.

Freshwater environment

Water

Ahrens et al. (2014a) found no detectable HBCDD
concentrations in water samples from the six most northern
Swedish rivers, sampled close to their entry points to the Baltic
Sea, and from the Ume élv/Vindeldlven river system, including
upstream samples. These waters are representative of the Arctic
or subarctic areas of Sweden.

Biota

HBCDD concentrations in freshwater fish were generally
low (<0.1 ng/g ww) with the exception of burbot (Lota lota)
liver samples from the Canadian Arctic. Besides burbot, lake
trout (Salvelinus namaycush) and landlocked Arctic char
(8. alpinus) from the Canadian Arctic were analyzed for
HBCDD (Muir et al., 2013b). Burbot liver samples from
the Great Slave Lake in the Yukon had mean XHBCDD
concentrations of 1.4 and 2.4 ng/g ww for the West Basin
and East Arm, respectively, while XHBCDD concentrations in
lake trout muscle only were about 0.04-0.08 ng/g ww (Great
Slave Lake and Great Bear Lake in the Yukon). Concentrations
in landlocked Arctic char (muscle and skin) were also low
(Muir et al., 2013b). Samples were analyzed from four lakes,
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and in two (Hazen and Amituk) the HBCDD detection
frequency was 4% and 15%, respectively. In the remaining
lakes (Char and Resolute), the X>HBCDD concentration was
higher, at about 0.1 ng/g ww.

For the European Arctic, HBCDD was monitored in perch
(Perca fluviatilis) from several lakes in Arctic Finland between
2012 and 2014 (Mannio et al., 2016). Ten pooled samples were
analyzed, each comprising 10 to 30 individuals. a-HBCDD
was detected in two samples (0.010 and 0.012 ng/g ww). In
the remaining samples, a-HBCDD was below the level of
quantification, as were - and y-HBCDD in all ten samples.

Marine environment

Fish

Pelagic marine fish were studied by Tomy et al. (2009), in terms
of Arctic cisco, Pacific herring and Arctic cod from the western
Canadian Arctic, all collected in 2004 and 2005. HBCDD
isomers were determined in whole fish minus the liver. Based on
0N values, Arctic cod fed at a higher trophic level than Arctic
cisco and Pacific herring, whose trophic levels were comparable.
Median concentrations of THBCDD were 0.9 ng/g Iw (Arctic
cisco), 1.7 ng/g lw (Pacific herring) and 11.8 ng/g Iw (Arctic
cod). Thus, the lipid normalized concentrations were about
10 times higher in Arctic cod than in ringed seal and beluga
from the same area.

Saithe (Pollachius virens) and Atlantic cod (Gadus morhua) from
stations along the Norwegian coast were analyzed for HBCDD,
including one station in northern Norway (@ksfjord, 70°N)
(Bustnes et al., 2012). Median concentrations of XHBCDD in
liver samples were 6.3 ng/g Iw (saithe) and 6.6 ng/g Iw (Atlantic
cod) for fish caught at @ksfjord. As the overall POP burden
was higher in cod than saithe, HBCDD contributed relatively
more to XPOP in saithe than cod. This suggests differences
in exposure and/or transformation between the two species
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Seabirds

Eggs of seabird species from northern Norway, northern Sweden
and Iceland were analyzed for HBCDD (Helgason et al., 2009;
Nordlof et al., 2010; Jorundsdottir et al., 2013). The Norwegian
study included eggs of herring gull, Atlantic puffin and black-
legged kittiwake, the Swedish study analyzed eggs of white-tailed
sea eagle from Lapland, while the Icelandic study included eggs of
seven species: common eider (Somateria mollissima), Arctic tern
(Sterna paradisaea), guillemot (Uria aalge), fulmar (Fulmarus
glacialis), lesser black-backed gull (Larus fuscus), great black-
backed gull (L. marinus) and great skua (Stercorarius skua). Of
these species, the Arctic tern and great skua are migratory birds,
with great skuas mainly migrating to Canada. It should be noted
that different analytical methods were used in these studies, as
indicated in Table 2.9. Although this means that the studies are
not directly comparable, the actual differences might be small
as the assumption that >HBCDD and a-HBCDD have similar
concentrations seems reasonable in these samples.

HBCDD was widely detected in the eggs (Table 2.9). For
lower trophic level birds, the HBCDD concentration was
comparable to that for BDE-47, but was considerably lower
than BDE-47 in higher trophic level birds. This might suggest
less biomagnification than observed for BDE-47. The Icelandic
study showed PBDEs and HBCDD did not group together in
principal component analysis, which was explained by their
different geographical use patterns (Jorundsdottir et al., 2013).

Studies on HBCDD in glaucous gull are available from Bjorneya
(Bear Island) in the Norwegian Arctic and from East Greenland
(Sagerup et al., 2009; Vorkamp et al., 2012). The study from
Norway sought HBCDD in glaucous gulls found dead or
dying and observed median concentrations of a-HBCDD of
1.1 ng/g lw (liver) and 0.03 ng/g Iw (brain) (Sagerup et al.,2009).
Concentrations for glaucous gull liver from East Greenland
were much higher, i.e. the median concentration of a-HBCDD

Table 2.9 Mean concentrations (ng/g lw) and standard deviations (+) or ranges (in brackets) of a-HBCDD (from LC-MS/MS determinations) and
XHBCDD (from GC-MS determinations) in seabirds from the Arctic, collected in 2002-2004. BDE-47 determined in the same samples is given for
comparison. $- and y-HBCDD were below method detection limits (MDL) in the LC-MS/MS analyses unless specified.

Sample type n Country a-HBCDD XHBCDD BDE-47 Reference

Herring gull eggs 10 Norway 108+48 - 4124191 Helgason et al., 2009
Atlantic puffin eggs 10 Norway 58+20 - 4117

Black-legged kittiwake eggs 10 Norway 142491 - 141+69

White-tailed sea eagle eggs® 12 Sweden (Lapland) - 60 (40-390)® 280 (80-1100)° Nordlof et al., 2010
Arctic tern eggs 6 Iceland - 1.3 (0.54-2.3)" 73 (60-85)>  Jorundsdéttir et al., 2013
Common eider eggs 10 Iceland - 3.4 (1.3-5.9)° 12 (5.5-31)°

Guillemot eggs 10 Iceland - 19 (7.3-47)® 38 (13-96)¢

Fulmar eggs 10 Iceland - 11 (5.0-20)° 26 (13-47)¢

Lesser black-backed gull eggs 8 Iceland - 15 («<MDL-320)> 660 (360-1600)°

Great black-backed gull eggs 9 Iceland - 41 (14-180)° 550 (360-950)°

Great skua eggs 10 Iceland - 29 (<MDL-370)* 660 (300-2200)¢

Glaucous gull liver 21 Bjorneya (Norway) 1.1 (0.2-15)° - 7.4 (1.2-57)°  Sagerup et al., 2009
Glaucous gull brain 21 Bjorngya (Norway) 0.03 (0.005-0.5)¢ 1.1 (0.1-5.9)°

Glaucous gull liver 8 Greenland 68 (11-197)¢ - na Vorkamp et al., 2012

na: Not available; *collected 1994-2005; "geometric mean; “median; “B-HBCDD: <MDL-3 ng/g lw; y-HBCDD: <MDL-1.7 ng/g Iw.
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in 2010 was 22 ng/g lw (Vorkamp et al., 2012). Glaucous gull
liver samples from 2004 showed a median concentration of
38 ng/g Iw for a-HBCDD, which was similar to that in glaucous
gull plasma from Svalbard for the same year (Verreault et al.,
2005a). The reasons for the concentration differences from the
study on Bjerneya are not known, but diet can vary considerably
for glaucous gulls.

Studies including samples from lower latitudes generally
showed higher concentrations than found in the Arctic samples
(Helgason et al., 2009; Nordlof et al., 2010).

Marine mammals

HBCDD levels in ringed seal blubber were determined for
ten locations in the Canadian Arctic, in addition to a western
Canadian Arctic food web study (Holman Island) (Tomy et al.,
2009; Muir et al., 2013b). HBCDD was also studied in ringed
seal from East Greenland (Vorkamp et al., 2011, 2012). Of the
ten Canadian locations, ZHBCDD (in female ringed seals)
was below detection limits at three. At the remaining stations,
mean concentrations ranged from just above detection limits to
about 3 ng/g Iw, with indications of the highest concentrations
in ringed seal from Hudson Bay (Muir et al., 2013b). Ringed
seals from Holman Island (all males) were collected in 2004
and had a median concentration of SHBCDD of 1.1 ng/g lw,
while the 2004 median concentration of a-HBCDD in juvenile
ringed seals from East Greenland was 6.2 ng/g Iw (Tomy et al.,
2009; Vorkamp et al., 2011). The most recent (2010) median
concentration was 11.3 ng/g lw for a-HBCDD in ringed
seal from East Greenland (Vorkamp et al., 2012). Thus, the
geographical trend for HBCDD in ringed seals is consistent
with that described for several sub-populations of polar bears
(as discussed in Section 2.2.3.7).
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More data have become available on HBCDD in beluga,
including concentrations for a sub-population from
Hendrickson Island and three other locations in the
Canadian Arctic, as well as two sub-populations from Alaska
(Cook Inlet and the Eastern Chukchi Sea) (Tomy et al.,,
2009; Hoguet et al., 2013; Muir et al., 2013b). The HBCDD
concentrations in beluga were similar for all sub-populations,
with median a-HBCDD concentrations of 1.9 ng/g lw
(Hendrickson Island) and 1 ng/g Iw (Alaska) (Tomy et al.,
2009; Hoguet et al., 2013), and mean concentrations at the
other Canadian locations of 0.7-1.7 ng/g lw (Muir et al.,
2013Db). The Alaskan study noted that the concentrations
were semi-quantitative owing to quality assurance issues.
Besides, only Alaskan male beluga were considered in
this comparison, since females from the Chukchi Sea had
concentrations below detection limits for a-HBCDD. While
there was no geographical trend for HBCDD in beluga
across the Canadian Arctic (Muir et al., 2013b), the beluga
from Cook Inlet had significantly higher concentrations
of a-HBCDD (and PBDEs) than those from the Eastern
Chukchi Sea (Hoguet et al., 2013). Hoguet et al. (2013)
explained this difference by the proximity of the Cook Inlet
sub-population to more urbanized and industrialized areas.

Adipose samples were collected from polar bears of 11
sub-populations in the period 2005-2008 and screened for
various POPs, including HBCDD (McKinney et al., 2011b).
Detection frequencies of HBCDD were 100% in polar bears
from the European Arctic and Hudson Bay but <80% in the
rest of the Canadian Arctic and <20% in Alaska. Figure 2.35
shows the geometric mean concentrations, which range from
<0.3 ng/g lw (Alaska and the Gulf of Boothia) to 41.1 ng/glw

a-HBCDD in polar bear
adipose, ng/g Iw

40
35
30
25

20

Figure 2.35 Geometric mean concentration of a-HBCDD in adipose of polar bears collected between 2005 and 2008 (data from McKinney et al.,2011b).
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(Svalbard). The HBCDD level of 22 ng/g lw reported for
polar bears from East Greenland (McKinney et al., 2011b)
was confirmed by a subsequent study focusing specifically
on this sub-population (Dietz et al., 2013). The most recent
study period (2006-2010) showed median a-HBCDD
concentrations of 27 ng/g lw (subadults), 19 ng/g lw (adult
females) and 26 ng/g Iw (adult males). These concentrations
are at least double the concentration of a-HBCDD in blubber
of ringed seal (a major prey of polar bears) from the same
location and time period, indicating biomagnification in
this predator-prey relationship (Vorkamp et al., 2011,2012).
As previously discussed, seals had lower lipid-normalized
concentrations than Arctic cod and other pelagic fish in the
western Canadian Arctic.

2.2.3.7 Environmental trends

Spatial trends

HBCDD levels in polar bears were negatively correlated
with longitude (Figure 2.35), which McKinney et al. (2011b)
related to the primary use of HBCDD in Europe. This was also
supported by a comparison with PBDE concentrations: these
were generally higher than HBCDD concentrations in the same
samples, except for those from East Greenland and Svalbard.

Table 2.10 Summary of temporal trend studies on HBCDD in the Arctic.
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This tendency is consistent with that in snow and ice cores
from the Canadian and the European Arctic (Hermanson et al.,
2010; Meyer et al., 2012).

Temporal trends

Many studies have addressed temporal trends of HBCDD
in the Arctic, as summarized in Table 2.10. Air measured at
Zeppelin showed a decline in the first two years of monitoring,
i.e.2006/2007. From 2008 to 2014, the concentrations fluctuated,
and no clear temporal trend could be seen (NILU, 2015). Only
few samples had concentrations above detection limits.

Increasing HBCDD concentrations and fluxes were found in
an ice core from Svalbard dating back to 1962 although some
variation occurred (Hermanson et al., 2010) (Figure 2.33).

The trends available for the Canadian freshwater environment
generally show increasing concentrations in burbot and lake
trout, with maxima of XHBCDD within the last two years
with data (2010, 2011) (Figure 2.36). Only burbot in the West
Basin of the Great Slave Lake showed a maximum in 2008,
but similarly high concentrations since then. For landlocked
Arctic char (Char Lake), the SZHBCDD concentration
increased until about 2008 and has been relatively constant
since then (Muir et al., 2013D).

Sample type Location Study period Result Comments Reference
Air Zeppelin 2006-2014 Inconclusive  Decrease in 2006/2007, fluctuating NILU, 2015
(Svalbard) concentrations subsequently
Ice core Svalbard 1962-1995/2005  Increase Non-continuous increase, i.e. 1988/1995 lower Hermanson et al.,
than 1980/1988 2010
Burbot, lake Yukon, Canada 2007-2011 Increase Burbot in the West Basin of the Great Slave Muir et al., 2013b
trout Lake had a maximum in 2008, but similar
concentrations subsequently. Lake trout
concentrations peaked in 2010/2011
Landlocked Yukon, Canada 1999-2011 Increase Maximum in 2008, but similar concentrations Muir et al., 2013b
Arctic char subsequently
Seabird eggs Northern Norway ~ 1983-2003 Increase 10-year-interval Helgason et al., 2009
Glaucous gull East Greenland 1994-2010 No trend - Vorkamp et al., 2012
liver
Ringed seal East Greenland 1986-2010 Increase Annual change +6.4% Vorkamp et al., 2012
Ringed seal Canadian Arctic 2000-2011 Increase Relatively stable concentrations since 2009/2010 ~ Muir et al., 2013b
Beluga Alaska 1989-2005 Increase Doubling times of 2.4 and 5 years for two sub- Hoguet et al.. 2013
populations
Beluga Beaufort Sea 1993-2009 Increase until  Annual increase of 13% until 2004. Non- Muir et al,, 2013b
(Canadian Arctic) 2004 significant decrease since 2004
Beluga Cumberland 1982-2010 Increase Annual increase 8.7% Muir et al., 2013b
Sound (Canadian
Arctic)
Polar bear East Greenland 1983-2010 Increase - Dietz et al,, 2013
Polar bear Western 1991-2014 Increase Undetectable in samples from 2013 and 2014 McKinney et al.,
Hudson Bay 2010; NCP, 2015a
Polar bear Southern 2007-2014 Increase until ~ Undetectable in samples from 2014 NCP, 2015a

Hudson Bay

2012/2013
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Figure 2.36 Concentration of XHBCDD in burbot and lake trout from
Great Slave Lake (Yukon, Canada) (Muir et al., 2013b).
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Figure 2.37 Concentration of a-HBCDD in blubber of ringed seal from
East Greenland (Vorkamp et al., 2012).
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The concentration of a-HBCDD increased significantly
over the study period (1983-2003) for eggs of herring gull,
Atlantic puffin and black-legged kittiwake from northern
Norway (Helgason et al., 2009). These findings differ to those
for glaucous gull liver from East Greenland, which did not
show any significant trend (p=0.79) between 1994 and 2010
(Vorkamp et al., 2012).

However, ringed seals sampled from the same location in East
Greenland did show a significant log-linear increase (p<0.01)
in a-HBCDD blubber concentrations between 1986 and
2010, with an annual change of +6.4% (Vorkamp et al., 2012)
(Figure 2.37). Increases have also been found for HBCDD in
ringed seal blubber from three areas of the Canadian Arctic:
Beaufort Sea (2001-2011), Lancaster Sound (2000-2011)
and Hudson Bay (2007-2011) (Muir et al., 2013b). At all
locations, HBCDD increased rapidly in ringed seals from
around 2006/2007, but only until 2009/2010. Since then
concentrations have been relatively stable. Owing to the
relatively low number of years with samples, only the trend
in Lancaster Sound was statistically significant (increase by
162%) (Muir et al., 2013b).

Significant increases of a-HBCDD were also observed in
the Alaskan beluga study, which covered the overall period
1989-2005 (Hoguet et al., 2013). Doubling times of 2.4 and
5 years, respectively, were calculated for the two sub-populations
from Cook Inlet and the Eastern Chukchi Sea. Significantly
increasing concentrations of XHBCDD (13% and 8.7% per
year) were also reported for the beluga sub-populations in
the Beaufort Sea (1993-2009, with a maximum in 2004) and
Cumberland Sound (1982-2010) (Muir et al., 2013D).

HBCDD concentrations in adipose for polar bears from Alaska,
East Greenland and Svalbard for the period 2005-2008 were
compared with concentrations for 1996-2002 and found to
be lower in the more recent samples (McKinney et al.,2011b).
However, this decrease was not observed in the more detailed
trend studies reported for HBCDD in polar bears from East
Greenland (Dietz et al., 2013): covering the period 1983-2010,
XHBCDD was found to increase in all groups of polar bears,
i.e. annual changes of 7.6% (subadults), 5.3% (adult females)
and 6.7% (adult males). Thus, this temporal trend was very
similar to that for ringed seal from the same location and
roughly the same period (Vorkamp et al., 2011, 2012).

Although uncorrected for age, sex and diet, the temporal trends
in XHBCDD relative to PBDEs and BB-153 were recently
reported for adipose samples from polar bears from both the
western (1991-2014) and southern (2007-2014) Hudson Bay
sub-populations (NCP, 2015a). EHBCDD concentrations were
much lower than XPBDE concentrations (BDE-47, BDE-99,
BDE-100 and BDE-153 consistently accounted for over 90%
of the ZPBDEs) for both western and southern Hudson Bay
bears in all years up to 2013 and non-detectable in 2014 samples
(Figure 2.38).

In summary, most of the trend studies recently published on
a-HBCDD in the Arctic generally show increasing trends
until about 2005-2010. More recent data, where available,
show relatively stable or declining concentrations. A decrease
was observed in air at Zeppelin in 2006/2007, but not since.
Recent findings from Europe indicate a levelling off or decrease
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Figure 2.38 Temporal trends in geometric mean concentrations of PBDEs,
YHBCDD and BB-153 in western Hudson Bay polar bears (upper panel,
1991-2007: McKinney et al., 2010; 2008-2014: NCP, 2015a) and southern
Hudson Bay polar bears (lower panel,2008-2014: NCP, 2015a). Error bars
are standard deviations. Data not corrected for sex, age or diet. The absence
of XHBCDD in the graphic indicates concentrations below detection limits.

in a-HBCDD in biota (e.g. Sellstrom et al., 2003; Law et al.,
2008; Esslinger et al., 2011). Reports from Asia, however,
often show increasing concentrations of HBCDD in biota
(e.g. Lam et al., 2009).

2.2.3.8 Isomer-specific biomagnification
of HBCDD
A food web study from the Canadian Arctic demonstrated

the enrichment of a-HBCDD with increasing trophic level.
While a-HBCDD only accounted for 20% of XHBCDD in
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Arctic cod and 75% of THBCDD was y-HBCDD, a-HBCDD
made up 95% of ZHBCDD in beluga (Tomy et al., 2009).
As this is a direct predator-prey relationship, y-HBCDD
could be bioisomerized to a-HBCDD in beluga, possibly
in addition to a-HBCDD being more recalcitrant than
y-HBCDD (Szabo et al.,, 2010, 2011). These processes add
to those discussed in the previous AMAP assessment, which
mainly considered trophic dilution for y-HBCDD in the food
web (de Wit et al., 2010).

Isomer-specific analyses of HBCDD in seabirds from
Norway and Greenland also showed that only a-HBCDD
was present in detectable amounts (Helgason et al., 2009;
Vorkamp et al., 2012). However, slightly deviating results
have been reported for the isomer pattern in ringed seal.
Although accounting for about 60% (a-HBCDD) and 40%
(y-HBCDD) of XHBCDD in the Canadian study, a-HBCDD
was the only isomer consistently above detection limits
in ringed seal from East Greenland (Tomy et al., 2009;
Vorkamp et al., 2011).

In pelagic fish, B-HBCDD was found to account for 10-20%
of ZHBCDD, which is similar to percentages in Arctic air
(Tomy et al., 2009; Vorkamp et al., 2015). In high trophic
level animals, B-HBCDD was largely absent, suggesting
biotransformation of -HBCDD (Tomy et al., 2009).

The Canadian food web study shows that HBCDD accumulated
strongly in lower trophic level animals while some metabolic
depletion took place in higher trophic animals (Tomy et al.,
2009). Strong biomagnification was also found in a non-
Arctic food web study with focus on lower trophic levels,
namely invertebrates and fish (Sermo et al., 2009). In terms
of higher trophic levels, however, screening for HBCDD in
ringed seals and polar bears from the same location indicated
a biomagnification factor of >1 for a-HBCDD (Vorkamp et al.,
2011,2012; Dietz et al., 2013).

The offloading of a-HBCDD to offspring was addressed in a
study on beluga in Alaska, which included two mother-fetus
pairs (Hoguet et al.,2013). Ratios between fetal (F) and maternal
(M) concentrations were F/M = 0.5 for a-HBCDD, indicating
areduced transfer of a-HBCDD to the fetus. For comparison,
F/M-ratios >1 were found for HCHs and chlorobenzenes.

2.2.4 Tetrabromobisphenol A (TBBPA)

2.2.4.1 Introduction

Tetrabromobisphenol A (TBBPA) is the flame retardant
produced in greatest quantities (de Wit et al., 2010). It is
different to other BFRs considered in this assessment in that
it is mainly used as a reactive flame retardant (Covaci et al.,
2009). The EU has prepared two risk assessments on TBBPA,
addressing human and environmental health (EU, 2006,
2008b). The human health risk assessment concluded that
no risk was expected because existing risk reduction measures
were considered sufficient. The same conclusion was reached
for the atmospheric environment and for microorganisms in
wastewater treatment plants. However, for the aquatic and
terrestrial ecosystems, further information and testing were
considered necessary, mainly owing to the potential formation
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Figure 2.39 Chemical structure of TBBPA.

of bisphenol A or dimethyl-TBBPA, as well as specific risk
limitation measures for acrylonitrile butadiene styrene (ABS)
compounding sites (EU, 2008b). The European Food Safety
Agency concluded that current dietary exposure to TBBPA
did not raise a health concern (EFSA,2011). TBBPA has been
registered under REACH since 2011 (BSEF, 2012). While it is
not covered by the RoHS Directive, the EU Directive on Waste
of Electrical and Electronic Equipment (WEEE) requires that
plastics containing BFRs must be removed from separately
collected WEEE (EU, 2012). The chemical structure of TBBPA
is shown in Figure 2.39.

TBBPA is included on OSPARSs List of Chemicals for Priority
Action (OSPAR, 2011). However, Stiehl et al. (2008) reviewed
the available TBBPA data and concluded that TBBPA did not
meet the criteria for persistence, bioaccumulation and toxicity
as defined by OSPAR (Wiandt and Poremski, 2002). TBBPA
was added to VECAP in 2006 (VECAP, 2007). According to
EFRA (2015),91% of ‘volumes sold’ had joined the program in
2014. Environment Canada undertook a screening assessment
of TBBPA and concluded that there was a low risk of harm
to organisms or the broader integrity of the environment
for TBBPA, based on currently available information
(Environment Canada, 2013). Furthermore, it concluded that
the low environmental concentrations would not endanger
human health (Environment Canada, 2013). The report also
highlighted the need for re-assessments if the situation changes,
for example, increased use of TBBPA.

The previous AMAP assessment noted that few studies had
addressed TBBPA in the Arctic (de Wit et al., 2010). While
TBBPA had been detected in both the biotic and abiotic
environment of the Arctic, several studies had also reported
concentrations below detection limits. Thus, with the data
available at the time, it was not possible to assess the potential
long-range transport of TBBPA, its prevalence in Arctic samples
or potential spatial/temporal trends (de Wit et al., 2010). The
transformation product dimethyl-TBBPA might also be of
interest because it is less polar and so might be more susceptible
to bioaccumulation (Covaci et al., 2009).

2.2.4.2 Physical-chemical properties

TBBPA is phenolic in structure and so fairly water soluble,and
has alog Kow of 4.5-5.9 (IPCS, 1995; Howard and Muir, 2010).
The dimethylated metabolite is more lipophilic. See Appendix 1
for more detailed information.
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[ Reactive flame retardant in epoxy, polycarbonate
and phenolic resins in printed circuit boards

[ Additive flame retardant in the manufacture of ABS
(and possibly other plastics)

M Production of TBBPA derivatives and oligomers

M Not reported

Figure 2.40 Global use of TBBPA in 2007 (data from Covaci et al., 2009).

2.2.4.3 Sources, production, use and trends

TBBPA is the BFR with the largest production volume, with
production sites in China, Israel, Japan, Jordan and the USA
(BSEE 2012). The global production volume estimated for 2003
in the previous AMAP assessment was about 150000 tonnes,
which is about three times the production volume for decaBDE
(de Wit et al., 2010). This is in line with numbers reported in an
EU risk assessment, which also reported increasing production
from about 50000 tons in the early 1990s (EU, 2006). However,
given developments in the regulation of BFRs, especially the
global ban on PBDEs and HBCDD through the Stockholm
Convention, as well as overall trade developments, for example
the predominant production of electronics in Asia, production
data from 10 to 15 years ago might now be out of date.

One of the main TBBPA applications is the reaction with epoxy
resins typically used in laminated printed circuit boards. The
main type of reinforced laminated printed circuit boards -
the glass fiber based FR4 printed circuit boards - contains
TBBPA in 95% of the products (BSEE 2012). The content of
TBBPA in the epoxy resin is typically 15-17% (EU, 2006). Other
commercially important applications of TBBPA are reactions
with polycarbonate or unsaturated polyester resins used in a
wide variety of products (EU, 2006). Besides its main use as
a reactive flame retardant, TBBPA is also used as an additive
flame retardant mainly for fire proofing of ABS plastics used as
plastic casing for TV sets and other electronic devices (BSEF,
2012). The main TBBPA applications are quantified as shown
in Figure 2.40 (Covaci et al., 2009). EFRA (2015) reported that
emissions of TBBPA to the environment had been ‘at default
levels; i.e. <2 kg/y, for four consecutive years.
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2.2.4.4 Transformation processes

Several studies exist on the microbial and abiotic transformation
of TBBPA, as reviewed by Chen et al. (2015). In the context of
waste disposal, TBBPA is degraded in the presence of metals
and solvents such as acetone (Zhong et al., 2012a). In the
environment, TBBPA could be transformed photolytically
(Bao and Niu, 2015) and biologically, for example by several
species of microalgae (Peng et al., 2014) as well as aerobic
and anaerobic microorganisms (Watanabe et al., 1983;
Chang et al.,, 2012). Dimethyl-TBBPA is a transformation
product of TBBPA previously detected in peregrine falcons
from Greenland (Vorkamp et al., 2005).

2.2.4.5 Modeling studies

No recent modeling studies were available.

2.2.4.6 Environmental concentrations

Air and precipitation

Remberger et al. (2002) investigated TBBPA in air and
deposition from Pallas in northern Finland in two samples
from August and December 2001. TBBPA was detected in air
(2 pg/m’, August) and deposition (380 pg/m?/day, December).

Atmospheric concentrations of TBBPA were studied on a cruise
from the North Sea to the Arctic in 2004 (Xie et al., 2007a).
ETBBPA - indicating the sum of gaseous and particle-bound
TBBPA - ranged from <0.04 to 0.17 pg/m>. However, only two
out of seven Arctic samples, both collected oft the west coast of
Norway, had detectable concentrations of TBBPA. In both cases,
TBBPA was detected in the gas phase (0.05 and 0.17 pg/m’).
The remaining samples originated from the Greenland Sea
and the west coast of Svalbard. An overall decrease in TBBPA
concentrations with latitude was observed. For comparison,
ZTBBPA levels at two stations in the North Sea were 0.31 and
0.69 pg/m’, respectively. Higher concentrations in northern
Finland than in the Greenland Sea or near Svalbard might be
part of this decrease with increasing latitude.

Terrestrial environment

No recent data were available.

Freshwater environment

TBBPA concentrations were below detection limit in Arctic char
muscle samples collected from the lake Ellasjoen on Bjerneya,
Norway (Evenset et al., 2009) (Table 2.11).

Marine environment

Few additional data have been published on TBBPA in Arctic
biota since the previous AMAP assessment, and those that
have show concentrations below detection limits (Table 2.11).
The recent analyses include fish samples from Svalbard and
Bjorneya in the Norwegian Arctic (Evenset et al., 2009), blue
mussel (Mytilus edulis) and fish from Iceland, and bird eggs and
fish from the Faroe Islands (Schlabach et al., 2011).
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Table 2.11 Concentrations of TBBPA in Arctic biota (Evenset et al., 2009;
Schlabach et al., 2011).

Species Sample Location n  TBBPA,
ng/g ww
Atlantic cod Liver Svalbard 5 <3.3
Polar cod Liver Svalbard 6 <1.9
Polar cod Whole fish ~ Svalbard 5 <0.47
Arctic char Muscle Bjorngya (Norway) 5 <0.45
Black guillemot ~ Egg Faroe Islands 2° <0.1
Atlantic cod Liver Faroe Islands 1° <0.2
Arctic char Muscle Faroe Islands 1° <0.03
Cod Liver Iceland 1° <0.3
Blue mussel Tissue Iceland 1° <0.03

*Pooled samples.

2.2.4.7 Environmental trends

Spatial trends

Decreasing air concentrations were observed with increasing
latitude (Remberger et al., 2002; Xie et al., 2007a).

Temporal trends

No data were available with which to assess temporal trends.

2.2.5 Bis(2-ethylhexyl)tetrabromophthalate
(BEH-TEBP) and 2-ethylhexyl-2,3,4,5-
tetrabromobenzoate (EH-TBB)

2.2.5.1 Introduction

Bis(2-ethylhexyl)tetrabromophthalate (BEH-TEBP) is
the brominated analogue of bis(2-ethylhexyl)phthalate
(DEHP), which is suspected to be an endocrine disruptor
(Latini, 2005). BEH-TEBP is currently assessed under the
Community Rolling Action Plan (CoRAP) of the European
Chemicals Agency. A tonnage/use of 100-1000 tons per year
is given in the justification document for this assessment
(Swedish Chemicals Agency, 2015). Moreover, BEH-TEBP
is suspected to be persistent, bioaccumulative and toxic or
even very persistent/very bioaccumulative and a potential
endocrine disrupter (Swedish Chemicals Agency, 2015). Based
on the DEHP analogy, the metabolite mono(2-ethylhexyl)
tetrabromophthalate might also cause adverse effects in the
case of BEH-TEBP exposure (Springer et al., 2012). The US
EPA has issued a Data Needs Assessment on BEH-TEBP
under the Toxic Substances Control Act because of insufficient
data for a quantitative risk assessment (US EPA, 2017a). The
Canadian government has also requested information on
BEH-TEBP and 2-ethylhexyl-2,3,4,5-tetrabromobenzoate
(EH-TBB) under the Canadian Environmental Protection Act
(Canada, 2013). Figure 2.41 shows the chemical structures of
BEH-TEBP and EH-TBB.
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Figure 2.41 Chemical structures of bis(2-ethylhexyl)tetrabromophthalate
(BEH-TEBP) and 2-ethylhexyl-2,3,4,5-tetrabromobenzoate (EH-TBB).

2.2.5.2 Physical-chemical properties

BEH-TEBP has relatively high reported log Kow values of 10
(Covaci et al., 2011) and 11.95 (CECBP, 2008) whereas the
log Kow for EH-TBB is given as 8.75 (CECBP, 2008). Modeled
estimates of parameters related to the long-range transport
of BEH-TEBP have been summarized (Xiao et al., 2012a), as
shown in Table 2.12. Compared with some of the other flame
retardants, such as HBBz (see Section 2.2.9.2) or PBT (see
Section 2.2.9.7), the half-life of BEH-TEBP in the atmosphere
is relatively short. However, this seems to be overruled by the
frequent detection of BEH-TEBP in the Arctic atmosphere. See
Appendix 1 for more detailed information.

2.2.5.3 Sources, production, use and trends

BEH-TEBP has been used as a flame retardant on its own and
in combination with EH-TBB. Marketed as Firemaster 550
and Firemaster BZ-54, mixtures of BEH-TEBP and EH-TBB
have been used as replacements for pentaBDE (Stapleton et al.,
2008; Ma et al., 2012b) (Table 2.13). According to Bearr et al.
(2010), Firemaster 550 is a mixture of Firemaster BZ-54
and aromatic phosphate esters. BEH-TEBP was also used as
an additive flame retardant (DP-45) and as a plasticizer in
neoprene and polyvinylchloride (PVC) (Andersson et al.,
2006; Stapleton et al., 2008), meaning that its presence in the
environment can have multiple sources.

2.2.5.4 Transformation processes

Both BEH-TEBP and EH-TBB have been found to be reductively
debrominated in laboratory photodegradation studies (Davis
and Stapleton, 2009). This process potentially proceeds to non-
brominated degradation products, which for BEH-TEBP would

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

Table 2.12 Model results and estimates of parameters related to the long-
range transport of BEH-TEBP (Xiao et al., 2012a and references therein).

Log Koa 18

Log Kaw -6.0
Half-life in air 5.9 hours
Half-life in water 1400 hours
Half-life in soil 2900 hours
Overall persistence 170 days
Characteristic travel distance 2900 km
Particle bound fraction in air, ®a;r 1.0

Table 2.13 Percentages of bis(2-ethylhexyl)tetrabromophthalate (BEH-
TEBP) and 2-ethylhexyl-2,3,4,5-tetrabromobenzoate (EH-TBB) in
commercial fire retardant products (Ma et al., 2012b).

BEH-TEBP EH-TBB
Firemaster 550* 15% 35%
Firemaster BZ-54 30% 70%
DP-45 100% -

Difference to 100%: aromatic phosphate esters.

lead to formation of DEHP. The cleavage of BEH-TEBP to yield
mono(2-ethylhexyl)tetrabromophthalate has been shown in
vitro (Springer et al., 2012).

2.2.5.5 Modeling studies

No recent modeling studies were available beyond the modeled
parameters summarized in Table 2.12.

2.2.5.6 Environmental concentrations

Air and precipitation

At the western Canadian subarctic site of Little Fox Lake,
EH-TBB and BEH-TEBP were detected in 78% and 38% of
all air samples collected between August 2011 and December
2014, with median concentrations of 0.28 and 0.38 pg/m’,
respectively (Figure 2.42) (Yu et al., 2015). The average ratio
of EH-TBB/BEH-TEBP in Little Fox Lake air was 0.94, based
on samples where both compounds were detected. The ratio
in the Firemaster 550 mixture is 2.3 (Table 2.13). EH-TBB
and BEH-TEBP were weakly correlated with each other
(r=0.37, p=0.015), suggesting differences in environmental
behavior and/or sources other than the Firemaster technical
mixtures. Additional sources of BEH-TEBP were also
concluded from measurements at Alert in the Canadian
High Arctic, also based on lower EH-TBB/BEH-TEBP ratios
than in the Firemaster 550 product (Table 2.13) (Xiao et al.,
2012a). This would be in line with the reported use of BEH-
TEBP individually, as a plasticizer and/or flame retardant
(Andersson et al., 2006).
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Figure 2.42 Novel brominated flame retardants including EH-TBB and BEH-
TEBP in air at Little Fox Lake in the Canadian subarctic (Yu et al., 2015).

Particle phase atmospheric samples collected in Longyearbyen
(Svalbard) from September 2012 to May 2013 showed that
EH-TBB and BEH-TEBP were among the most abundant non-
PBDE BFRs with detection frequencies of 91% (EH-TBB) and
88% (BEH-TEBP) (Salamova et al.,2014) (Annex Table A2.2/3).
These concentrations were higher than those previously
reported for the Canadian and European Arctic: 0.02-2.7 pg/m’

Ln concentration in air, pg/m?

-1, -2
PBBz PBT
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of EH-TBB and <MDL-2.9 pg/m’ of BEH-TEBP at Alert in
2007-2008 (Xiao et al.,2012a); <MDL-0.08 pg/m’ (in particle
phase only) of BEH-TEBP over the East Greenland Sea in
August to September 2009 (Moller et al., 2011b), and non-
detectable concentrations of EH-TBB and <MDL-0.36 pg/m’
of BEH-TEBP over the Arctic Ocean from June to September
2010 (Moller et al., 2011a).

The relatively high concentrations at Svalbard could be related
to increased use of Firemaster 550 (Salamova et al., 2014). The
high volume air sampling at Alert in the Canadian High Arctic
showed increasing concentrations of BEH-TEBP between
2008 and 2012 (Figure 2.43). Increasing trends have also been
observed in air in the Great Lakes region (Ma et al., 2012b).

Recent screening for EH-TBB in air at Alert found concentrations
approaching 10 pg/m’, i.e. they had reached the same level as
BDE-47 and BDE-99 at their maximum (Hung et al., 2013a)
(Annex Table A2.2/1). At Svalbard, the concentration of EH-TBB
in particles was higher than that for PBDEs, accounting for 46% of
2BFR, with PBDEs accounting for 37% of BFR (Salamova et al,,
2014) (Annex Table A2.2/3). BEH-TEBP generally had lower
concentrations than EH-TBB and accounted for 17% of XBFR.
The fraction of EH-TBB to total concentration of EH-TBB and
BEH-TEBP in Firemaster 550 is 0.77+0.03. In this study, the
fraction was found to be 0.65+0.02, close to that of the commercial
mixture (Salamova et al., 2014). Xiao et al. (2012a) and Yu et al.
(2015) reported lower EH-TBB/BEH-TEBP ratios than for the
Firemaster 550 mixture. This could be consistent with the findings

Ln concentration in air, pg/m?

1 T8P-AE 1 HeBz

—— Seasonal cycle

—— Trend

~ Measured

Figure 2.43 Novel
brominated flame
retardants in air at Alert
(concentration below
detection limits are not

2008 | 2009 ' 2010 | 2011 | 2012 2008

2009 | 2010 | 2011 | 2012 displayed).
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Table 2.14 Concentrations (ng/g ww) of bis(2-ethylhexyl)tetrabromophthalate (BEH-TEBP) and 2-ethylhexyl-2,3,4,5-tetrabromobenzoate (EH-TBB)

in marine Arctic biota.

Species Sample Origin BEH-TEBP, mean (range) =~ EH-TBB, mean (range) Reference
Blue mussel Tissue Iceland 0.009* 0.0041* Schlabach et al., 2011
Capelin Whole fish Svalbard 0.72 (<0.12-1.3) 0.38 (0.16-0.92) Sagerup et al., 2010
Polar cod Whole fish Svalbard <0.01 na Harju et al., 2013
Atlantic cod Liver Faroe Islands 0.2 0.12 Schlabach et al., 2011
Liver Iceland <0.18 <0.022 Schlabach et al., 2011
Liver Svalbard <0.01-0.07 na Harju et al,, 2013
Common eider Liver Svalbard 1.65 (<0.14-3.8) 0.86 (0.25-4.4) Sagerup et al., 2010
Egg Svalbard 0.06 (<0.01-0.21) Na Harju et al,, 2013
Black-legged kittiwake  Liver Svalbard/Bjernoya 0.80 (<0.17-1.4) 0.73 (<0.040-1.2) Sagerup et al., 2010
Egg Svalbard 0.10 (0.04-0.29) na Harju et al,, 2013
Briinnich’s guillemot Liver Svalbard 1.8 (<0.16-3.4) 1.2 (<0.032-2.5) Sagerup et al., 2010
Glaucous gull Plasma Svalbard <0.01-0.03 ng/mL na Harju et al,, 2013
Liver East Greenland <0.025 0.18 (0.088-0.27) Vorkamp et al., 2015
Black guillemot Egg East Greenland 0.061 (0.055-0.066) 0.076 (0.063-0.090) Vorkamp et al., 2015
Ringed seal Liver Svalbard 0.57 (<0.14-0.73) 0.44 (0.11-1.2) Sagerup et al., 2010
Plasma Svalbard <0.01-0.04 ng/mL na Harju et al,, 2013
Blubber West Greenland <0.13 0.19 (<0.064-0.50) Vorkamp et al., 2015
Blubber East Greenland <0.14 1.02 (0.65-1.46) Vorkamp et al., 2015
Polar bear Plasma Svalbard <0.29 3.5(<0.077-7.3) Sagerup et al., 2010
Plasma Svalbard 0.15 (<0.018-0.66) na Harju et al., 2013
Adipose East Greenland 0.26 (<0.13-0.40) 0.12 (<0.065-0.15) Vorkamp et al., 2015

na: Not available; “no range is given because n=1.

of Salamova et al. (2014), subject to natural variation, but more
data are needed to confirm this or to determine potential trends.

EH-TBB was sought, but not detected in bulk deposition
samples collected at Abisko and Krycklan in northern Sweden
(Newton et al., 2014).

Terrestrial environment

BEH-TEBP and EH-TBB have been included in several
screening studies of contaminants in Arctic biota, but most
samples originate from the marine environment. For the
terrestrial environment, liver samples of Arctic fox (Alopex
lagopus) from Svalbard had concentrations below detection
limit (<0.14 ng/g ww) for BEH-TEBP, but mean concentrations
of 0.98 ng/g ww for EH-TBB. Ten samples were analyzed, with
a range of <0.037-2.48 ng/g ww (Sagerup et al., 2010).

Freshwater environment

BEH-TEBP and EH-TBB were both detected in Arctic
char from a lake on the Faroe Islands, at concentrations of
0.011 ng/g ww (BEH-TEBP) and 0.0031 ng/g ww (EH-TBB)
(Schlabach et al., 2011).

Marine environment

Most results for biota are available for the marine environment
where EH-TBB and BEH-TEBP were widely detected, albeit
at relatively low concentrations (Table 2.14). Although most
data sets also include samples below detection limits, it was
possible to determine mean values for several species from
various locations.

The database is too small to derive trends, but the results show
that at lower trophic levels, concentrations of BEH-TEBP
exceed those of EH-TBB (Table 2.14). In glaucous gull, ringed
seal and polar bear some but not all results showed higher
concentrations of EH-TBB than BEH-TEBP (Sagerup et al.,
2010; Vorkamp et al., 2015). Vorkamp et al. (2015) pointed
out that concentrations of BEH-TEBP and EH-TBB were
not statistically different in glaucous gull samples from East
Greenland and that they also appeared similar in polar bears.

Sagerup et al. (2010) did not find biomagnification of
BEH-TEBP, however, the analyses were based on ringed seal
liver and polar bear plasma. For EH-TBB, concentrations were
higher in polar bear than ringed seal (Sagerup et al., 2010).
In a second study from Svalbard, this was also the case for
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Figure 2.44 Mean concentrations and standard deviations of EH-TBB,
TBP-DBPE and BTBPE in marine biota from Greenland (data from
Vorkamp et al., 2015).

BEH-TEBP (Harju et al., 2013). It should be noted, however,
that results are on a wet weight or volume basis (Table 2.14).
Biomagnification studies of lipid-associated compounds usually
use lipid-normalized concentrations (Fisk et al., 2001).

While ringed seal samples from East Greenland and Svalbard
had similar concentrations of EH-TBB, larger differences
occurred in polar bears (Sagerup et al., 2010; Vorkamp et al.,
2015). For BEH-TEBP, concentrations were more similar.
EH-TBB concentrations in ringed seal were significantly
higher in East Greenland than West Greenland (p<0.05)
(Figure 2.44) (Vorkamp et al.,, 2015), a pattern also seen for
organochlorine POPs (Vorkamp et al., 2008). Concentrations
below detection limits prevented comparisons between East
and West Greenland for BEH-TEBP, and the results for EH-
TBB, based on only 4-5 samples, also require confirmation
(Vorkamp et al., 2015).

2.2.5.7 Environmental trends

Spatial trends

The current database is insufficient to assess spatial trends of
EH-TBB and BEH-TEBP in the Arctic.

Temporal trends

EH-TBB and BEH-TEBP have been included in the high
volume air sampling at Alert in the Canadian High Arctic,and
concentrations increased between 2008 and 2012 (Figure 2.43).
However, more data are needed to derive temporal trends in
the Arctic. For the atmosphere of the Great Lakes region,
increases in both EH-TBB and BEH-TEBP have been found
(Ma et al., 2012b).
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2.2.6 2,4,6-Tribromophenyl 2,3-dibromopropyl
ether (TBP-DBPE), 2,4,6-tribromophenyl
allyl ether (TBP-AE) and 2,4,6-tribromo-
phenyl 2-bromoallyl ether (TBP-BAE)

2.2.6.1 Introduction

2,4,6-Tribromophenyl 2,3-dibromopropyl ether (TBP-DBPE,
formerly abbreviated as DPTE) has been detected in the Arctic,
but no information is currently available on its production or
use as a flame retardant. The CAS number (35109-60-5) refers
to the trade name Bromkal 73-5PE and to synonymously used
chemical names (2,3-dibromopropyl-2,4,6-tribromophenyl
ether, 1,3,5-tribromo-2-(2,3-dibromopropoxy)benzene;
2,4,6-tribromo-1-(2,3-dibromopropyloxy)benzene).

TBP-DBPE and 2,4,6-tribromophenyl allyl ether (TBP-AE,
formerly abbreviated as ATE, CAS number 3278-89-5) were
included in a prioritization report on flame retardants for risk
assessment (Fisk et al.,2003). For acute toxicity, Fisk et al. (2003)
categorized the compounds as A-1/A-2 (lowest acute L(E)Cso
of <1 and 1-10 mg/L, respectively). They suggested that the
risk might be higher in the terrestrial environment than the
aquatic environment. Based on chronic ecotoxicity, a medium
to very high risk was identified for TBP-AE in aquatic and
terrestrial ecosystems in connection with textile and polymer
processing, the important industrial sectors for flame retardant
use (Fisk et al., 2003). Risk for regional waters was considered
low. A preliminary prioritization by Fisk et al. (2003) did not
classify TBP-DBPE as persistent, bioaccumulative and toxic,
but the authors highlighted that more investigations would be
required for TBP-DBPE and TBP-AE.

The chemical structures of TBP-DBPE, TBP-AE and
2,4,6-tribromophenyl 2-bromoallyl ether (TBP-BAE, formerly
abbreviated as BATE, no CAS number available) are given in
Figure 2.45. The compounds were not included in the previous
AMAP assessment on BFRs (de Wit et al., 2010).

2.2.6.2 Physical-chemical properties

The log Kow value for TBP-DBPE was reported as 5.9
(Vetter et al., 2010) and 6.34 (CECBP, 2008). For TBP-AE, the
log Kow was reported as 4.97 (Covaci et al., 2011). TBP-AE was
defined as a multi-hopper compound with similar partitioning
properties as other known Arctic contaminants (Brown and
Wania, 2008). See Appendix 1 for more detailed information.

TBP-DBPE TBP-AE TBP-BAE
Br
CH CH
Br /|/ ’ Blj/ ’
o (e} O
Br Br Br i Br Br i Br
Br Br Br

Figure 2.45 Chemical structures of 2,4,6-tribromophenyl 2,3-dibromopropyl
ether (TBP-DBPE), 2,4,6-tribromophenyl allyl ether (TBP-AE) and
2,4,6-tribromophenyl 2-bromoallyl ether (TBP-BAE).
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2.2.6.3 Sources, production, use and trends

According to Vetter et al. (2010), TBP-DBPE was produced in
Germany until 1985 under the tradename Bromkal 73-5PE.
The International Programme on Chemical Safety reported
that TBP-DBPE was used as a flame retardant in extrusion
grade polypropylene (IPCS, 1997). Internet searches show
that several suppliers in Europe, North America and Asia offer
minor quantities of this compound for sale.

Under the trade name PHE-65, TBP-AE has also been produced
and used as a reactive flame retardant and as an additive flame
retardant in expandable polystyrene and polystyrene foam
(Covaci et al., 2011). Covaci et al. (2011) reported that the US
production volume was <227 tons in 2006 and that TBP-AE
was listed as a low production volume chemical in the EU.

TBP-BAE has not been produced commercially, based on
currently available information.

2.2.6.4 Transformation processes

TBP-AE and TBP-BAE are transformation products of
TBP-DBPE (von der Recke and Vetter, 2007). As the chiral
molecule TBP-DBPE was still present in nearly racemic
fractions, Vetter et al. (2010) concluded that the transformation
processes were non-enantioselective.

2.2.6.5 Modeling studies

TBP-AE was found to have Arctic contamination and
bioaccumulation potential, based on global transport calculations
and a food chain bioaccumulation model (Brown and Wania,
2008). The study also found that the structure of TBP-AE bore
some resemblance to known Arctic contaminants. However,
TBP-AE was not considered persistent, based on a modelled
atmospheric half-life of <2 days (Brown and Wania, 2008).

2.2.6.6 Environmental concentrations

Air and precipitation

TBP-BAE and TBP-AE have been monitored at Alert in the
Canadian High Arctic since 2008 (Figure 2.43), while TBP-
DBPE was not included. TBP-BAE was only detectable in 2008
and 2012 in <20% of all air samples with concentrations ranging
from <MDL-0.020 pg/m’ (Annex Table A2.2/1). However, TBP-
AE was frequently detectable (annual detectability of 65-100%)
(Annex Table A2.2/1; Figure 2.43). Passive air samples collected
at Arctic/subarctic stations under the GAPS network detected
TBP-AE at Barrow and St Lawrence Island (Alaska), Storhofdi
(Iceland), Ny-Alesund (Svalbard) and Hollola (Finland) with
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the highest concentrations of about 1 pg/m’ at St Lawrence
Island and Ny-Alesund; but TBP-BAE was only detectable at
Barrow (Annex Table A2.2/2) (Lee et al., 2016).

TBP-DBPE was detected in air samples in two studies following
transects into the Bering/Chukchi Sea and the East Greenland
Sea, respectively (Moller et al.,, 2011a,b). On the first cruise,
Arctic stations were considered to be those north of 60°N.
Concentrations were generally low (Table 2.15), but TBP-DBPE
was detected in all gas phase atmospheric samples from the
Bering/Chukchi Sea. In the East Greenland Sea, detection
frequencies were 89% and 100% for TBP-DBPE in the gas
phase and particulate phase of the air samples, respectively.

Compared with the better studied PBDEs, concentrations of
TBP-DBPE in the Bering/Chukchi Sea region exceeded those of
BDE-47 and BDE-99 (Moller et al.,2011a).In the East Greenland
Sea, however, some air samples had lower concentrations of
TBP-DBPE than BDE-47 or BDE-99 (Moller et al., 2011b).
TBP-AE and TBP-BAE were not included in these studies.

Lower concentrations of TBP-DBPE than BDE-47 or BDE-99
were observed at Little Fox Lake in the Canadian subarctic
(Yu et al., 2015). TBP-DBPE was detected in over 75% of
the air samples collected monthly over a three-year period
from August 2011 to December 2014 by means of a flow-
through-sampler containing polyurethane foam (PUF).
TBP-AE and TBP-BAE were detected in about 25% of
samples (Yu et al., 2015). Mean concentrations at Little Fox
Lake were 0.049 pg/m*® (TBP-DBPE), 0.036 pg/m® (TBP-AE)
and 0.012 pg/m’ (TBP-BAE) (Figure 2.42). With a maximum
concentration of 0.2 pg/m’ for TBP-DBPE, these data are
comparable to those reported for the East Greenland Sea, but
lower than those for the Bering/Chukchi Sea (Table 2.15).
Although still occurring at a very low level, TBP-DBPE showed
tendencies of increasing concentration at Little Fox Lake
(Yu et al., 2015). TBP-DBPE was also sought in air samples
collected at Villum Research Station in northeast Greenland in
2012, but was below detection limits of 0.4 pg/m?® in all samples
(Vorkamp et al., 2015). TBP-DBPE was not detected in air
samples at Abisko in northern Sweden (Newton et al., 2014).
TBP-AE and TBP-BAE were not included in these studies.

Terrestrial environment

No data were available.

Freshwater environment

One pooled sample of Arctic char muscle from a lake on the
Faroe Islands was analyzed for TBP-DBPE, TBP-BAE and
TBP-AE, but all three were below detection limits (<0.0042,
<0.0013, <0.0037 ng/g ww) (Schlabach et al., 2011).

Table 2.15 Concentration ranges of TBP-DBPE in Arctic air and seawater (Méller et al., 2011a,b). The Bering/Chukchi Sea data only include stations

north of 60°N.
Bering/Chukchi Sea East Greenland Sea
Air, pg/m’ Seawater, pg/L Air, pg/m’ Seawater, pg/L
Gaseous Particles Dissolved Particles Gaseous Particles Dissolved Particles
0.1-0.28 <0.21 <0.03-0.078 <0.12 <0.021-1.7 0.005-0.05 <0.028-0.3 <0.076
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Marine environment

Sewage sludge

TBP-DBPE, TBP-AE and TBP-BAE were detected in sewage
sludge from Reykjavik (Iceland), at concentrations of up to
120 ng/g dw for TBP-DBPE (Schlabach et al., 2011). This
suggests that discharges from sewage treatment plants could
be a pathway of TBP-DBPE to the Arctic environment.

Seawater

Seawater samples were analyzed for TBP-DBPE on cruises through
the Bering/Chukchi Sea and the East Greenland Sea, respectively
(Moller et al., 2011a,b) (Table 2.15). TBP-DBPE was only found
in the dissolved phase, and only in some samples. Based on the
collective data (see alsoAir and precipitation’), a net deposition of
TBP-DBPE to Arctic seawater was found (Méller et al., 2011a,b).
As was the case for the air samples, the seawater samples had
higher concentrations of TBP-DBPE than BDE-47 and BDE-99.

Biota

TBP-DBPE concentrations exceeded PBDE concentrations in
harp seals (Pagophilus groenlandicus) from the Barents Sea and
Greenland Sea, with concentrations of TBP-DBPE of 322-470
and 130-340 ng/g ww in four samples of blubber and brain,
respectively (von der Recke and Vetter, 2007). Compared to
PCBs and PBDEs, TBP-DBPE was found to be enriched in brain
samples by a factor of five in harp seals from the Greenland Sea,
and 30 for seals from the Barents Sea. TBP-DBPE was also the
predominant brominated compound in blubber samples from
hooded seals (Cystophora cristata) in the Barents Sea, but the
concentration was not determined (Vetter,2001; von der Recke
and Vetter, 2007). While no other harp seal studies are available
to confirm the high concentrations, TBP-DBPE was sought in
other seal species, as summarized in Table 2.16.

TBP-AE and TBP-BAE were also detectable in harp seal
samples (von der Recke and Vetter, 2007). Concentrations were
lower than for TBP-DBPE (i.e. <10 ng/g ww) (Table 2.16). As
TBP-DBPE, TBP-AE and TBP-BAE were the predominant
brominated compounds in harp seal brain, von der Recke and
Vetter (2007) concluded that these compounds passed the
blood-brain barrier more efficiently than PBDEs.

Being a chiral molecule, TBP-DBPE was studied for its
enantiomer-specific accumulation in brain and/or blubber
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of harp and hooded seals from the Barents Sea as well as
harp seals from the Greenland Sea (Vetter et al., 2010). TBP-
DBPE was found to be close to racemic in all samples, except
for a small enrichment (up to 2.5%) of (+)-TBP-DBPE in
samples from the Barents Sea and a similarly small (up to 4%)
enrichment of (-)-TBP-DBPE in samples from the Greenland
Sea. As von der Recke and Vetter (2007) had previously
detected TBP-DBPE transformation products in the same
samples, Vetter et al. (2010) concluded that this transformation
proceeded in non-enantioselective processes.

The screening study by Schlabach et al. (2011) included blue
mussel, fish and bird eggs from Iceland and the Faroe Islands.
TBP-DBPE was below detection limits in all samples except
for blue mussel from Iceland for which a single concentration
of 0.049 ng/g ww was found. Likewise, TBP-DBPE was below
detection limits of 0.1 ng/g ww in pooled eggs of common
eider, European shag and herring gull collected on two
Norwegian islands north of 65°N (Huber et al., 2015). TBP-AE
and TBP-BAE were also included in the study, but were below
detection limits in the samples discussed here.

TBP-DBPE and TBP-AE were also undetectable in capelin,
common eider, black-legged kittiwake, Briinnich’s guillemot
(Uria lomvia), ringed seal, Arctic fox and polar bear from
Svalbard (Sagerup et al., 2010). According to the Canadian
Arctic Contaminants Assessment Report, TBP-DBPE, TBP-
AE and TBP-BAE were below detection limits in seals from
Canada (Muir et al., 2013a) (Table 2.16). However, TBP-DBPE
was detected in ringed seal and polar bear from Greenland,
albeit at low concentrations (Vorkamp et al., 2015). Detection
frequency for TBP-DBPE was 95% in four species of Greenland
wildlife (Figure 2.44). The mean concentrations (ng/g ww) of
TBP-DBPE decreased in the order: ringed seal (East Greenland;
0.078) > glaucous gull (0.050) > polar bear (0.034) > black
guillemot eggs (0.028) > ringed seal (West Greenland; 0.023)
(Vorkamp et al., 2015). Concentrations were higher in ringed
seal from East Greenland than West Greenland, which agrees
with the geographic trend found for chlorinated compounds
and PBDEs (Rigét et al., 2006; Vorkamp et al., 2008, 2011), but
more data are needed to derive spatial trends for TBP-DBPE.
If the results are lipid normalized, the bird samples have the
highest concentrations of TBP-DBPE. TBP-AE and TBP-BAE
were not included in this study.

Table 2.16 Concentration ranges (ng/g ww) of TBP-DBPE, TBP-AE and TBP-BAE in seal species from the Arctic.

Species Tissue Location TBP-DBPE TBP-AE TBP-BAE Reference
Harp seal Blubber Barents Sea, 322-470 5.4-9.1 4.9-6.5 von der Recke and
Greenland Sea Vetter, 2007
Brain 130-340 3.1-10 1.9-8.0
Hooded seal Blubber Barents Sea Predominant brominated na na Vetter, 2001
compound, but not quantified
Ringed seal Blubber Svalbard <0.0064 <0.0012 na Sagerup et al., 2010
Seals Blubber Canada <MDL <MDL <MDL Muir et al., 2013a
Ringed seal Blubber East Greenland 0.0055-0.0096 na na Vorkamp et al., 2015
West Greenland <0.0013-0.032 na na

na: Not available.
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2.2.6.7 Environmental trends

Spatial trends

Insufficient data were available to assess spatial trends in TBP-
DBPE, TBP-AE and TBP-BAE.

Temporal trends

While no temporal trend data were available for TBP-DBPE and
TBP-BAE, TBP-AE has been included in air monitoring at Alert
in the Canadian Arctic since 2008 (Figure 2.43). For the period
2008-2012, no clear change in concentration was observed.

2.2.7 1,2-Bis(2,4,6-tribromophenoxy)ethane
(BTBPE)

2.2.7.1 Introduction

1,2-Bis(2,4,6-tribromophenoxy) ethane (BTBPE) (CAS
number 37853-59-1) is structurally similar to TBP-DBPE,
TBP-AE and TBP-BAE in that they all are synthesized from
2,4,6-TBP and consequently, possess a 2,4,6-tribromophenoxy
moiety (Ma et al., 2012c). The structure of BTBPE is shown in
Figure 2.46.

In a prioritization risk screening, BTBPE was considered to be
of high concern in terms of a relatively low tonnage required
on the market to reach a risk, but further investigations are
warranted (Fisk et al., 2003).

Several studies have indicated that BTBPE can accumulate in
biota and biomagnify in food webs. Although not all predator/
prey pairs showed biomagnification of BTBPE, the trophic
magnification factor in a food web study in Lake Winnipeg
(Canada) was 1.86 (Law et al.,2006). BTBPE was readily taken up
from the diet by rainbow trout (Oncorhynchus mykiss), leading
to a biomagnification factor of 2.3 (Tomy et al., 2007). BTBPE
was also accumulated in fathead minnow (Pimephales promelas
rafinesque) in a mesocosm study (de Jourdan et al., 2014).

BTBPE was included in the previous AMAP assessment
(de Wit et al., 2010). Based on the detection of BTBPE in
seabirds (from the Faroe Islands and the Norwegian Arctic)
and marine mammals (from Canada), de Wit et al. (2010)
concluded that BTBPE could undergo long-range transport
and accumulate in high trophic level biota. Considerably more
data from the Arctic are now available including both abiotic
matrices and biota studies.

Br Br

Br
Br Br

Figure 2.46 Chemical structure of 1,2-bis(2,4,6-tribromophenoxy) ethane
(BTBPE).
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Table 2.17 Model results and estimates for parameters related to the long-
range transport of BTBPE (Xiao et al., 2012a and references therein).

Log Koa 15

Log Kaw -5.2
Half-life in air 8.6h
Half-life in water 4300 h
Half-life in soil 8600 h
Overall persistence 520d
Characteristic travel distance 2800 km
Particle bound fraction in air, @i 1.0

2.2.7.2 Physical-chemical properties

While early studies reported a relatively low log Kow of 3.14
(Karlsson et al., 2006; Verreault et al., 2007b), more recent
studies used a considerably higher log Kow of 7.88 (Covaci et al.,
2011), 7.9 (Klosterhaus et al., 2012) and 9.15 (CECBP, 2008;
Schlabach et al., 2011). As shown in Table 2.17, model results
suggest BTBPE has a particle-bound fraction ®=1 meaning that
all atmospheric BTBPE is attached to particles. See Appendix 1
for more detailed information.

2.2.7.3 Sources, production, use and trends

BTBPE is marketed under the trade name FF-680 by Chemtura
for use as a polymer additive in thermoplastics, ABS polymer
systems and HIPS and was announced in 2005 to replace the
commercial octaBDE product (IPCS, 1997; Hoh et al., 2005;
Verreault et al., 2007b).

Hoh et al. (2005) reported that BTBPE had been produced in
the USA since the early 1970s, reflected by a rapid increase in
concentration in sediment core samples of that period. Between
1986 and 1994, 4500-22 500 tons per year were produced in the
USA, but annual production decreased to 450-4500 tons after
1998 (Hoh et al.,2005). For 2001, worldwide production/use of
BTBPE was estimated at 16710 tons (Verreault et al., 2007b).
These numbers might be outdated if BTBPE now replaces
octaBDE, but information on current use and production
volumes is unavailable (CECBP, 2008). In the EU, BTBPE is
listed as a low production volume chemical (Covaci et al.,2011).

2.2.7.4 Transformation processes

In laboratory experiments with rats, BTBPE could be
degraded to 2,4,6-tribromophenol (Hakk et al., 2004), which
is an endocrine-disrupting chemical (Hamers et al., 2006;
Deng et al., 2010). The majority (94%) of administered
radioactive dose was excreted. Besides tribromophenols and
tribromophenoxyethanol, hydroxylated and debrominated
metabolites were identified (Hakk et al., 2004).

2.2.7.5 Modeling studies

Some physical-chemical characteristics and parameters
characterizing the environmental persistence of BTBPE have
been modeled, as summarized in Table 2.17 (Xiao et al.,2012a).
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2.2.7.6 Environmental concentrations

Air and precipitation

BTBPE has been detected in air at several Arctic monitoring
stations (Table 2.18). It has been included in air monitoring at
Alert (Canada) since 2006/2007. In high volume air samples from
2006/2007, the median concentration was 0.64 pg/m’, and the
range 0.16-1.9 pg/m* (Xiao et al., 2012a). This range was similar to
previously reported concentrations from the Great Lakes (Venier
and Hites, 2008). No clear seasonal effect was observed in these
first BTBPE measurements at Alert. More recent data from Alert
are summarized in Annex Table A2.2/1, generally showing slightly
lower concentrations (also apparent in Figure 2.43).

At Little Fox Lake, BTBPE was detectable in about 25% of samples
between August 2011 and December 2014, with concentrations
ranging from non-detectable to 0.22 pg/m? (Figure 2.42). BTBPE
was detected in passive air samples collected under the GAPS
program with the highest concentration found at Ny-Alesund
(up to 5.2 pg/m’) (Annex Table A2.2/2) (Lee et al., 2016).

BTBPE has a modelled particle-bound fraction ®=1 meaning
that all atmospheric BTBPE is attached to particles. BTBPE was
detected in 43% of the 34 samples at Longyearbyen (Svalbard)
in 2012/2013 (Salamova et al., 2014). The concentrations
were considerably lower than those previously reported
from Alert (Xiao et al., 2012a). BTBPE had among the
lowest concentrations of the novel BFRs in the study, with
concentrations exceeded by BDE-47 and BDE-99 by two orders
of magnitude (Salamova et al., 2014).

Similarly low BTBPE concentrations were found in air of
the East Greenland Sea, however, in this case BTBPE could

Table 2.18 Concentrations of BTBPE in Arctic air.
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also be detected in the gas phase (Moller et al., 2011b), which
challenges the model results in Table 2.17 predicting 100%
particle adsorption of BTBPE. Moller et al. (2011a) analyzed air
samples on a transect in the Bering/Chukchi Sea where a higher
maximum concentration of 0.17 pg/m® was found. However,
this was the only gas phase sample (out of eight samples
collected north of 60°N) with a detectable concentration of
BTBPE. All remaining samples were <0.031 pg/m°.

In a study collecting BTBPE and other compounds on Amberlite
resins from two months of precipitation at Abisko (Arctic) and
Krycklan (subarctic), Sweden, BTBPE was detectable in all
bulk deposition samples, but could not be quantified because
of insuflicient recovery (Newton et al., 2014).

The low atmospheric concentrations of BTBPE at Svalbard are
in line with low concentrations and fluxes of BTBPE in an ice
core from Holtedahlfonna on Svalbard (Hermanson et al.,2010;
Salamova et al., 2014). For BTBPE, the flux was <1 pg/cm?/y
until about 1970 and then increased to 4-5 pg/cm?*/y in
the most recent layers, representing the period 1988-2005
(Hermanson et al., 2010) (Figure 2.47). For comparison, the
maximum flux of HBCDD was 910 pg/cm?/y (Figure 2.33).
The total burden of BTBPE in the upper 34 m of the ice core
was about 10 ng, while that of HBCDD was over 1000 ng. In
snow pits in Nunavut (Canada) of 2005, 2006 and 2008, the
highest concentration of BTBPE in each snow pit was 70, 2
and 120 pg/L, respectively (Meyer et al., 2012). As several
sub-samples had concentrations below detection limits,
average concentrations are likely to be lower than those of
the Svalbard ice core, which was 92 pg/L in the uppermost
layer (Hermanson et al., 2010). No clear trend was observed
in the deposition history of BTBPE in the snow pit.

Station Region (Country) Year BTBPE concentration, pg/m’ Reference

Transect marine atmosphere ~ Bering/Chukchi Sea® 2010 Range gas phase: <0.031-0.17 Moller et al.,2011a
Particle phase: <0.031

Transect marine atmosphere  East Greenland Sea 2009 Range gas phase: <0.019-0.06 Moller et al., 2011b
Range particle phase: <0.0005-0.02

Alert Nunavut (Canada) 2006/2007 Median: 0.64 Xiao et al., 2012a
Range: 0.16-1.9

Longyearbyen Svalbard (Norway) 2012/2013 Median particle phase: 0.03 Salamova et al,, 2014
Range particle phase: 0.01-0.09

Abisko® Northern Sweden (68°N) 2009/2010 Present, but not quantifiable Newton et al., 2014

Krycklan® Northern Sweden (64°N) 2009/2010 Present, but not quantifiable Newton et al., 2014

Villum Research Station Northeast Greenland 2012 <2 Vorkamp et al., 2015

Little Fox Lake Yukon (Canada) 2011-2014 Median: 0.044 Yu et al,, 2015
Range: <0.019-0.22

Barrow® Alaska (USA) 2005/2006 Range: 0.2-1.0 Lee etal., 2016

St. Lawrence Island® Alaska (USA) 2005/2006 0.33 Lee etal., 2016

Ny-Alesund* Svalbard (Norway) 2005/2006 Range: <0.2-5.2 Lee et al., 2016

Stérhofoic Iceland 2005/2006 Range: <0.2-0.94 Lee et al.,, 2016

Hollola* Finland 2005/2006 Range: <0.2-0.21 Lee et al., 2016

*Only sampling stations north of 60°N are considered; "measurement of bulk deposition, not air concentrations; “passive sampling.
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Figure 2.47 Fluxes of BTBPE, DBDPE and PBEB in an ice core from
Svalbard (Hermanson et al., 2010).

Terrestrial environment

Results are available for the terrestrial environment of the
Canadian Arctic where BTBPE increased in the order caribou
< mushrooms < lichen < green plants < wolf (Muir et al,,
2013b). The BTBPE concentration in wolf (Canis lupus), the top
predator of this terrestrial food chain, was about 0.2 ng/g ww,
which is comparable to the concentrations reported for polar
bear and other high trophic animals of the marine environment.
The lowest BTBPE concentration in caribou was about
0.008 ng/g ww. All BTBPE concentrations were exceeded by
PBDE:s by at least one order of magnitude.

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

Freshwater environment

BTBPE was detected in muscle of Arctic char from a lake on
the Faroe Islands (Schlabach et al., 2011). The pooled sample
had a concentration of 0.012 ng/g ww.

Marine environment

Seawater

BTBPE was sought in seawater from the Bering/Chukchi Sea
and from the East Greenland Sea. All concentrations were below
detection limits (0.017 and 0.0007 pg/L for the Bering/Chukchi
and East Greenland Sea, respectively), except for one sample
from the East Greenland Sea at 0.002 pg/L in the particle phase
(Moller et al., 2011a,b).

Biota

Based on the low concentrations found for BTBPE in Arctic
air in combination with indications of bioaccumulation and
biomagnification, low concentrations that increase with
trophic level could be expected for BTBPE in the Arctic
marine food web. A study on BTBPE in liver of Greenland
shark (Somniosus microcephalus),a high trophic level animal
accidentally caught near Iceland, showed a BTBPE median
concentration of 0.61 ng/g Iw (range: <0.16-8.1 ng/g lw)
(Strid et al.,2013). For comparison, the median concentration
of BDE-47 was 24 ng/g Iw in the same samples, which indicates
a lower level of BTBPE even in high trophic level species.

BTBPE was detected in pooled liver samples of Atlantic
cod from the Faroe Islands (0.2 ng/g ww) and Iceland
(0.0045 ng/g ww) (Schlabach et al., 2011), but was below
detection limit (<0.006 ng/g ww) in whole capelin from
Svalbard (Sagerup et al., 2010). BTBPE was also detected in
a pooled sample of blue mussel from Iceland (0.0085 ng/g ww)
(Schlabach et al., 2011).

Several studies have sought BTBPE in seabirds, as summarized
in Table 2.19. The black guillemot eggs from East Greenland
had comparable concentrations to those from the Faroe
Islands (Schlabach et al.,2011). BTBPE was also found in eggs
of Briinnich’s guillemot from the Norwegian Arctic and in

Table 2.19 Mean concentrations and ranges (in brackets) of BTBPE in Arctic seabird tissues and eggs.

Species Tissue Region (Country) Year n BTBPE, ng/g ww Reference

Common eider Liver Svalbard (Norway) 2009 10 <0.006° Sagerup et al., 2010

Black-legged kittiwake ~ Liver Svalbard (Norway) 2009 10 <0.007°

Briinnich’s guillemot Eggs Svalbard and Bjerneya 2008 10 0.664

(Norway) (<0.0005-1.125)

Black guillemot Eggs Faroe Islands 2008 20 0.022 Schlabach et al,, 2011
(0.019-0.024)

Black guillemot Eggs East Greenland 2012 4 0.015 Vorkamp et al., 2015
(0.013-0.017)

Glaucous gull Liver East Greenland 2012 4 <0.012-0.022¢

Common eider Eggs Rost (Norway), 67°N 2012 4° <0.03° Huber et al., 2015

European shag Eggs Rost (Norway), 67°N 2012 4° <0.03¢

Herring gull Eggs Rost (Norway), 67°N 2012 4° <0.03

*All samples below detection limits; "pooled samples; ‘no mean concentration calculated owing to just one sample above detection limit.
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two of five samples of glaucous gull liver from East Greenland
(Sagerup et al., 2010; Vorkamp et al., 2015). However, it was
below detection limits in liver of common eider and black-
legged kittiwake from Svalbard (Sagerup et al., 2010) as well
as in eggs of common eider, European shag and herring gull
from northern Norway (Huber et al., 2015).

BTBPE was sought in two whale species: pilot whale
(Globicephala melas) and minke whale (Balaenoptera
acutorostrata) from the Faroe Islands, but concentrations were
below detection limit (<3 ng/g Iw) in both cases (Dam et al.,
2011). For ringed seal, BTBPE was found in one of five blubber
samples from East Greenland, leading to a concentration range of
<0.063-0.21 ng/g ww (<0.068-0.23 ng/g Iw), while five samples
from West Greenland were below detection limit (0.066 ng/g ww,
0.071 ng/g lw) (Vorkamp et al.,, 2015). Similarly, BTBPE was
below detection limits (0.0019 ng/g ww and 3 ng/g lw) in ringed
seal liver from Svalbard and ringed seal blubber from the Faroe
Islands, respectively (Sagerup et al., 2010; Dam et al., 2011).
In the Canadian Arctic, BTBPE was detected in about 20% of
ringed seal samples, meaning that these had concentrations
above 0.02 ng/g ww (Muir et al., 2013b).

BTBPE was detected in about 25% of polar bear samples
analyzed from the Canadian Arctic, but was undetectable
in polar bear samples from Alaska, Hudson Bay and the
European Arctic (McKinney et al.,2011b). No concentrations
were given. BTBPE was also undetectable (<0.013 ng/g ww)
in polar bear plasma of animals from Svalbard (Sagerup et al.,
2010). In a recent study from East Greenland, polar bears
had a mean BTBPE concentration of 0.13 ng/g Iw (range:
<0.071-0.33 ng/g Iw) (Vorkamp et al., 2015).

2.2.7.7 Environmental trends

Spatial trends

Insufficient data were available to assess spatial trends in BTBPE.

Temporal trends

The Arctic air monitoring at Alert does not indicate an increase
in BTBPE over time (Figure 2.43). In contrast, BTBPE has
been found to increase in landlocked Arctic char in three lakes
(Amituk, Char, Resolute) of the Canadian Arctic since about
2005 (Muir et al., 2013b). Concentrations ranged between
about 0.001 and 3 ng/g Iw and increased at all three locations.
Increasing concentrations of BTBPE have also been found in
blubber of female ringed seals of the Canadian Arctic since
2005, especially in Lancaster Sound and the Beaufort Sea
(Muir et al., 2013b). The ice core and snow pit studies did not
show a temporal trend in BTBPE (Hermanson et al., 2010;
Meyer et al., 2012), but mainly covered the period before the
use of BTBPE as a PBDE replacement was announced.

2.2.8 Decabromodiphenyl ethane (DBDPE)

2.2.8.1 Introduction

Decabromodiphenyl ethane (DBDPE, CAS number 84852-
53-9) was introduced in the early 1990s under the tradename
Saytex 8010 (Kierkegaard et al., 2004a). The acronym DBDPE
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Figure 2.48 Chemical structure of decabromodiphenyl ethane (DBDPE;
CAS number 84852-53-9).

has erroneously also been used for BDE-209 in some reports
and comments, so the use of CAS numbers for unambiguous
identification is advisable. The chemical structure of DBDPE
is given in Figure 2.48.

The US Toxic Substances Control Act and the Canadian
Environmental Protection Control Act regulate DBDPE as
a new chemical and include measures to be taken to avoid
releases to the environment (Dungey and Akintoye, 2007).In a
risk assessment report, Dungey and Akintoye (2007) concluded
that the risks from direct toxicity were low but that DBDPE
might be persistent. The bioaccumulation potential of DBDPE
could not be assessed because of lack of data.

At the time of the previous AMAP assessment, DBDPE had
been sought in blubber of ringed seal from the Canadian
Arctic, but all samples had been below detection limit
(de Wit et al., 2010). As no further data were available at the
time, DBDPE could not be assessed in the same way as the
better studied BFRs.

2.2.8.2 Physical-chemical properties

Widely varying log Kow values have been reported for DBDPE,
ranging from 3.55 to 13.64 (CECBP, 2008; Kuramochi et al.,
2014). Both experimentally determined and modeled log
Kow values are likely to be uncertain owing to the low water
solubility of DBDPE and because of limitations in the model
domain (Dungey and Akintoye, 2007). See Appendix 1 for more
detailed information.

2.2.8.3 Sources, production, use and trends

DBDPE has the same commercial applications as BDE-209,
including addition to HIPS, ABS and polypropylene as well
as to textiles (CECBP, 2008; Covaci et al., 2011). DBDPE is
industrially produced by two companies in the USA and at
least two manufacturers in China (Dungey and Akintoye,
2007; Covaci et al., 2011). In 2006, production in China was
11000 tons (Ma et al., 2012a and references therein). DBDPE
is not produced in Europe, but is imported in volumes over
1000 tons per year, with increasing tendencies (Dungey and
Akintoye, 2007). Since its first environmental detection in
sewage sludge, sediment and indoor air (Kierkegaard et al.,
2004a), DBDPE has gained increasing scientific interest owing
to its use as an alternative to BDE-209.
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2.2.8.4 Transformation processes

Substantial biotransformation has been reported for DBDPE
(McKinney et al.,2011a). Using liver microsomes from several
Arctic species (polar bear, beluga, ringed seal), a 44-74%
depletion of DBDPE was observed, while maximum depletion
of penta- and hexaBDEs was 3%. DBDPE was also transformed
to a greater extent than BDE-209, with transformation capacities
in the order ringed seal > beluga > polar bear. McKinney et al.
(2011a) reasoned that the flexible C-C bond made DBDPE
more susceptible to configurations that allow enzymatic
reactions. Furthermore, their data suggested that BDE-209 and
DBDPE were not substrates for the same enzyme. No simply
debrominated metabolites were found, but phenolic metabolites
might have been formed, possibly in combination with multiple
debromination. These metabolites could not fully account for
the depletion of DBDPE (McKinney et al., 2011a).

2.2.8.5 Modeling studies

No modeling studies were available. However, due to similar
physical-chemical characteristics to BDE-209, DBDPE is
expected to behave similarly to BDE-209 in the environment.
Thus it is expected to partition highly to particles in air, to
organic carbon in sediments and soil, and to lipids in biota.

2.2.8.6 Environmental concentrations

Air and precipitation

DBDPE was not detected in air samples collected at Pallas
(Finland) in the period 2011-2012 (Remberger et al., 2014).
However, DBDPE was widely detected in particle samples from
air sampling at Longyearbyen, Svalbard (Salamova et al.,2014).
The samples were collected from September 2012 to May 2013
by means of high volume air sampling for 48 hours, leading
to sampling volumes of 650 m’. DBDPE was above detection
limit in 88% of the 34 samples (Annex Table A2.2/3). The mean
concentration of DBDPE (0.53 pg/m’) was clearly higher than
the mean concentrations found for BTBPE (0.04 pg/m®), and
about half the mean concentration for BDE-209, which was
1.3 pg/m® in the same samples. As DBDPE concentrations were
not statistically different from those of BDE-47, BDE-99 and
BDE-209, Salamova et al. (2014) concluded that DBDPE was
a significant BFR in the atmosphere of Svalbard.

DBDPE was found in an ice core from Svalbard, but
concentrations and fluxes were lower than those for BDE-209
(Figure 2.47) (Hermanson et al., 2010). In the most recent core
segment, representing the period 1995-2005, the concentration
of DBDPE was 74.4 pg/L, while that of BDE-209 was 6953 pg/L.
This corresponded to a DBDPE flux of 3.4 pg/cm?/y, compared
to a flux of about 320 pg/cm*/y for BDE-209 over the same
period. Hermanson et al. (2010) related the transport of particle-
bound contaminants to Arctic haze phenomena occurring
in March and April and found indications of mass transport
moving from primarily over-ocean to over-land in this period.

In a snow pit at the Devon Ice Cap in northern Canada,
DBDPE was sought in 2005 and 2006, but only detected
sporadically, i.e. in non-consecutive snow layers (Meyer et al.,
2012). The highest concentration (24 pg/L) occurred in the
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surface layer of the 2006 snow pit, which is lower than the
concentrations observed in Svalbard by Hermanson et al.
(2010). The Svalbard > Devon Ice Cap flux was also found for
BDE-209 and HBCDD. Meyer et al. (2012) also mentioned
the Arctic haze period as a time of contaminant deposition,
which in this case lasted from December to April. No links
to likely source regions could be established.

Terrestrial environment

A screening study by Sagerup et al. (2010) included liver
samples of Arctic fox from Svalbard, but the analysis resulted
in undetectable levels of DBDPE (<0.0019 ng/g ww).

Freshwater environment

Ricklund et al. (2009) sought DBDPE in non-Arctic, subarctic
and Arctic Swedish lake sediments collected in 2007. The
DBDPE concentration in non-Arctic Lake Stor-Bjorsjon was
95 pg/g dw, but DBDPE was not detected in samples from
Lakes Abiskojaure (Arctic), Storvindeln or Tjultrask (subarctic).

DBDPE was sought in muscle of Arctic char collected on the
Faroe Islands, but concentrations were below detection limit
(<0.16 ng/g ww) (Schlabach et al.,2011). Although not from the
Arctic, it is worth noting that a biota-sediment accumulation
factor of 53000 was found for brown trout (Salmo trutta) in
lakes of southern Norway (Harju et al., 2013).

Marine environment

Sediment

The concentrations of DBDPE exceeded those for BDE-209 in
surface sediments of the Bering Sea, Chukchi Sea and Canada
Basin (Cai et al., 2012b). The samples were taken in 2008 and
had in common that BDE-209 was the main PBDE congener.
Based on arithmetic mean values, the ratio between DBDPE and
BDE-209 decreased in the order: Canada Basin > Bering Sea >
Chukchi Sea (Table 2.6). For the Bering Sea and the Chukchi
Sea, means were much higher than median values for BDE-209,
but not for DBDPE. Similarly, although mean values were lower
for BDE-209 than for DBDPE, maximum values were higher.
Cai et al. (2012b) gave no explanation for this observation, but
it is interesting that the two compounds — with presumably
exchangeable commercial applications - do not follow the
same statistical distribution in their study.

Biota

Since the previous AMAP assessment, several studies have
addressed DBDPE accumulation in Arctic biota. While most
studies reported DBDPE concentrations below or just above
detection limits, a more recent report showed a widespread
presence of DBDPE in the marine environment of northern
Norway and Svalbard (Harju et al., 2013). Table 2.20 summarizes
the concentrations found above detection limits, which have
been reported for biota so far.

Arctic marine samples below detection limits included fish
(capelin from Svalbard, analyzed as whole fish, and liver of
Atlantic cod from Iceland and the Faroe Islands), seabirds (liver
of common eider, black-legged kittiwake from Svalbard, eggs of
Briinnich’s guillemot from Svalbard and eggs of black guillemot
from the Faroe Islands, glaucous gull liver and black guillemot
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Table 2.20 Arctic biota samples with DBDPE concentrations above detection limits. Studies with 0% detection frequency are described in the text.

Species Sample Origin Detection Statistic Concentration, Reference
frequency ng/g ww (unless
shown otherwise)
Blue mussel Tissue Iceland - n=1 (pool) 0.036 Schlabach et al., 2011
Northern Norway 100% Mean+SD n=3 0.29£0.10 Harju et al,, 2013
(pools)
Atlantic cod Liver Northern Norway 100% Mean+SD n=10 4.29+0.70 Harju et al., 2013
Svalbard (Norway) 90% Mean+SD n=3 5.57+1.38
Polar cod Whole fish  Svalbard (Norway) - n=1 (pool) 0.42 Harju et al., 2013
Common Egg Northern Norway 100% Mean+SD n=10 0.33+0.11 Harju et al,, 2013
eider
Svalbard (Norway) 100% Mean+SD n=12 0.82+0.62
Briinnich’s Egg Svalbard and Bjernoya 10% n=1 0.581 Sagerup et al., 2010
guillemot (Norway)
Black Egg Faroe Islands 50% n=1 (pool) 0.085 Schlabach et al., 2011
guillemot
East Greenland 25% n=1 0.10 Vorkamp et al., 2015
Herring gull Egg Northern Norway 100% Mean+SD n=10 0.44+0.20 Harju et al., 2013
Black-legged  Egg Svalbard (Norway) 100% Mean+SD n=12 1.01+1.55 Harju et al,, 2013
kittiwake
Glaucous gull ~ Plasma Svalbard (Norway) 100% Mean+SD n=12 6.43+2.62 ng/ml Harju et al,, 2013
Ringed seal Plasma Svalbard (Norway) 100% Mean+SD n=12 5.36+1.94 ng/ml Harju et al,, 2013
Blubber East Greenland 17% n=1 0.16 Vorkamp et al., 2015
West Greenland 25% n=1 0.30
Harbour seal ~ Liver Northern Norway 100% Mean+SD n=10 12.9+6.8 Harju et al,, 2013
Polar bear Plasma Svalbard (Norway) 100% Mean+SD n=20 6.94+9.11 ng/ml Harju et al,, 2013

eggs from Greenland) and marine mammals (liver of ringed
seal from Svalbard, blubber of minke whale and pilot whale
from the Faroe Islands, blubber of ringed seal from Greenland
as well as adipose of polar bears from Alaska and the European
Arctic) (Sagerup et al.,2010; Dam et al., 2011; McKinney et al.,
2011b; Schlabach et al., 2011; Vorkamp et al., 2015).

On the other hand, some of the same species analyzed from
northern Norway and Svalbard contained relatively high levels
of DBDPE (Table 2.20). For the Arctic biota samples from
Svalbard, DBDPE concentrations exceeded those of BDE-47
(Harju et al.,2013). The highest concentrations of DBDPE were
found in male polar bear plasma samples, which ranged from
1044 to 4300 ng/g Iw (Harju et al., 2013). Unlike most other
studies, the analyses by Harju et al. (2013) used labelled DBDPE
for quantification, but it is not clear if this had a systematic
effect on the results.

Analyzing polar bear adipose, McKinney et al. (2011b) detected
DBDPE in about 3% and 10% of polar bears from Hudson
Bay and the Canadian Arctic, respectively, but no absolute
concentrations were given. In a recent study of wildlife species
in Greenland, DBDPE was <0.13 ng/g ww in all five samples of
polar bear adipose (Vorkamp et al., 2015). In other Greenland
species, DBDPE was detected sporadically (see Table 2.20).
Infrequent detections of DBDPE and concentrations close to
detection limits have also been reported for ringed seal blubber
from the Canadian Arctic (Muir et al., 2013Db).

Using log transformed lipid normalized DBDPE concentrations
and relative trophic position (nitrogen stable isotope values) for
the species analyzed from northern Norway (Atlantic cod liver,
common eider eggs, herring gull eggs, seal liver) and Svalbard
(polar cod, eider and kittiwake eggs, plasma of glaucous gull,
ringed seal and polar bear), trophic magnification factors
(TMFs) were calculated (Harju et al., 2013). These were >1 for
both food webs and exceeded TMFs calculated for BDE-47 in
the same food webs (Harju et al., 2013). Biomagnification of
DBDPE is in line with the results of a non-Arctic food web
study in Lake Winnipeg, which found a TMF of 8.6 for DBDPE
(Law et al., 2006).

2.2.8.7 Environmental trends

Spatial trends

Sediment analyses showed similar concentrations of DBDPE
in Canada Basin, the Bering Sea and the Chukchi Sea
(Cai et al., 2012D).

Temporal trends

DBDPE concentration increased with time in an ice core from
Svalbard (Figure 2.47) (Hermanson et al., 2010). Similarly,
DBDPE concentrations in a snow pit in northern Canada were
highest in the top layer (Meyer et al., 2012). No further data
were available to assess temporal trends.
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2.2.9 Bromobenzenes

2.2.9.1 Introduction

Information on the occurrence of bromobenzenes in the
Arctic environment is available for 1,3,5-tri-, penta- and
hexabromobenzene, with hexabromobenzene (HBBz,
CAS number 87-82-1) the best studied compound of this
group (Figure 2.49). HBBz is the brominated analogue of
hexachlorobenzene, which was among the ‘dirty dozen’
compounds initially listed for global regulation by the
Stockholm Convention.

In a screening assessment by Environment Canada and Health
Canada, 1,3,5-tribromobenzene (1,3,5-TBBz) was found to meet
the ecological criteria for persistence, bioaccumulation and
inherent toxicity to non-human organisms, while it did not meet
the human health categorization criteria (Environment Canada,
2010). The European Food Safety Agency identified HBBz as
a compound that could raise a concern for bioaccumulation,
based on bioaccumulation factors of 3.3-5.5 for several aquatic
species (EFSA, 2013). It is pre-registered with the European
Chemicals Agency (EFSA, 2013).

HBBz was also assessed in the previous AMAP assessment
(de Wit et al., 2010). Based on detection in seabirds and polar
bears, HBBz was found to undergo long-range transport and
to accumulate in Arctic biota. Concentrations were generally
described as low (de Wit et al., 2010).

Br Br Br
Br Br Br
Br Br BF Br BF Br
Br Br
HBBz PBBz 1,3,5-TBBz

(CAS no. 87-82-1) (CAS no. 608-90-2) (CAS no. 626-39-1)

Figure 2.49 Chemical structures of hexabromobenzene (HBBz),
pentabromobenzene (PBBz) and 1,3,5-tribromobenzene (1,3,5-TBBz).

2.2.9.2 Physical-chemical properties

Log Kow values reported for HBBz are 5.85 and 6.07
(Kuramochi et al., 2004b; Covaci et al., 2011). No Kow values
are available for PBBz or 1,3,5-TBBz, but the log Kow of
1,2,4-TBBz was reported as 4.32 (Kuramochi et al., 2004b).
Some parameters characterizing the long-range atmospheric
transport of HBBz are summarized in Table 2.21 (Xiao et al.,
2012a). The table shows that the predicted half-life in air and the
characteristic travel distance are considerably higher than the
corresponding values for BEH-TEBP (Table 2.12) and BTBPE
(Table 2.17). See Appendix 1 for more detailed information.

2.2.9.3 Sources, production, use and trends

HBBz has been in use since the 1970s for fireproofing of plastics,
textiles and woods, but current production and use numbers are
unavailable (Arp etal.,2011).In 1998, production and/or import
in the USA was 10000 to 500000 pounds (4.5-227 tonnes)
(CECBP, 2009). In Japan, use of HBBz was 350 tons in 2001
(Watanabe and Sakai, 2003). As of 2007, HBBz was still being
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Table 2.21 Model results and estimations of parameters related to the long-
range transport of HBBz (Xiao et al., 2012a and references therein).

Log Koa 9.9

Log Kaw -3.0
Half-life in air 11000 hours
Half-life in water 4300 hours
Half-life in soil 8600 hours
Overall persistence 520 days
Characteristic travel distance 11000 km
Particle bound fraction in air, @i 0.023

produced in Japan and China (Gauthier et al., 2007). Current
production volumes in China are about 600 tons per year
(Covaci et al., 2011). No information seems to be available on
the production and use of pentabromobenzene (PBBz), except
that it was mentioned among flame retardants manufactured
in the late 1980s (Salamova et al., 2014).

1,3,5-Tribromobenzene (1,3,5-TBBz) on the other hand, has been
described as a high production volume chemical (Meyer et al.,
2012). It has been used as a motor oil additive and as an
intermediate in the manufacturing of various organic chemicals.

2.2.9.4 Transformation processes

Lower brominated benzenes can be formed from HBBz via
reductive debromination. PBBz and HBBz can also be formed in
pyrolysis processes of BDE-209 (Thoma and Hutzinger, 1987),and
PBBz can be a degradation product of DBDPE (Venier et al.,2012).
Both HBBz and PBBz were released from pentabromobenzyl
acylate oligomers at relatively low temperatures, namely between
room temperature and 100°C (Gouteux et al., 2008).

2.2.9.5 Modeling studies

Modelling studies have classified 1,3,5-TBBz as a compound
with Arctic contamination and bioaccumulation potential based
on a global transport model and a food chain accumulation
model (Brown and Wania, 2008). It was also considered
persistent in the atmosphere and a potential Arctic contaminant
by analogy to known contaminants (Brown and Wania, 2008).
HBBz was categorized as a POP of moderate concern based on
potential persistence and bioaccumulation (Brown and Wania,
2008; Howard and Muir, 2010). Model data on environmental
persistence are summarized in Table 2.21.

2.2.9.6 Environmental concentrations

Air and precipitation

HBBz was found in air samples from Little Fox Lake collected
between August 2011 and December 2014 (Figure 2.42) with a
mean concentration of 0.023 pg/m’ (range 0.002-0.10 pg/m°)
(Yu et al., 2015). HBBz was detectable in 76% of all samples.
At Alert, the annual mean concentration of HBBz in air was
0.35 pg/m’ in 2006/2007 (Xiao et al., 2012a), but lower in
subsequent years (Figure 2.43) (Annex Table A2.2/1).
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Table 2.22 Concentration ranges of HBBz and PBBz in Arctic air and seawater (Mo6ller et al., 2011a,b). The Bering/Chukchi Sea data only include stations

north of 60°N.
Bering/Chukchi Sea East Greenland Sea
Air, pg/m’ Seawater, pg/L Air, pg/m® Seawater, pg/L
Gaseous Particles Dissolved Particles Gaseous Particles Dissolved Particles
HBBz 0.13-0.40 <0.002-0.03  <0.001-0.020  <0.001-0.012  0.04-0.66 0.001-0.005  <0.0002- 0.003  <0.001- 0.002
PBBz 0.1-0.28 <0.002 <0.001 <0.001 na na na na

na: Not available.

Higher concentrations of HBBz were found in particle phase air
samples from Longyearbyen, Svalbard (Salamova et al., 2014).
HBBz was detectable in all samples collected from September
2012 to May 2013 (Annex Table A2.2/3). The study also
included PBBz, which was detected in 76% of samples. Mean
and median concentrations of PBBz were about half those for
HBBz (Annex Table A2.2/3). Under the GAPS program, HBBz
was detected in air samples collected at Barrow and St Lawrence
Island (Alaska), Storho6fdi (Iceland), Ny—Alesund (Svalbard) and
Hollola (Finland) in 2005/2006 (Annex Table A2.2/2) (Lee et al.,
2016). The highest concentrations were observed at Barrow
and Ny-Alesund.

HBBz and PBBz were also sought in air samples on a
transect from the East China Sea to the Arctic in summer
2010 (Table 2.22). Slightly higher concentration ranges were
observed over the East Greenland Sea in summer 2009,
with 100% detectability in all samples (Table 2.22). These
concentrations were comparable to or higher than those
for BDE-47 and BDE-99 in the same samples (Moller et al.,
2011a,b). In both studies, higher concentrations were found
in the gas phase than the particle phase, which agrees with
the particle bound fractions presented by Xiao et al. (2012a)
(Table 2.21). This could imply that the particle phase data
from Svalbard might underestimate the total atmospheric
concentration of HBBz (Salamova et al., 2014). The PBBz
concentration in the gas phase was similar to, but slightly
lower than that for HBBz in the same samples. Unlike HBBz,
PBBz was not detected in the particle phase of the air samples
(Moller et al., 2011a).

HBBz was also sought in air samples collected at Pallas in
northern Finland in the period 2011-2012 (Remberger et al.,
2014). HBBz was detected in 2011 at 0.10 pg/m?>.

1,3,5-TBBz and PBBz were frequently detected in samples
from a snow core collected at the Devon Ice Cap in Nunavut,
Canada in 2008 (Meyer et al., 2012). HBBz was only detected
in one layer corresponding roughly to the years 2003/2004.
The highest concentration of PBBz (10 pg/L) was found in
the uppermost 50 cm of the snow core representing the years
2007/2008, but the second highest concentration was found
in the deepest layer (650-700 cm), representing the years
1993/1994. Converted to fluxes, however, a maximum occurred
in 2000 (about 0.15 pg/cm?/y), and no trend was observed for
the period 1993/1994 to 2008 (Figure 2.50). Concentrations
(8.8-290 pg/L) and fluxes (see Figure 2.50) were relatively
high for 1,3,5-TBBz. The maximum 1,3,5-TBBz flux occurred
in 1999, which is close to that for PBBz, but fluxes appear to
have since declined.

The fluxes of PBBz were clearly lower than for BDE-209
(maximum 2000 pg/cm?/y) and HBCDD (maximum
3.2 pg/cm?/y), while 1,3,5-TBBz fluxes were generally higher
than for HBCDD (Meyer et al., 2012). The fluxes of 1,3,5-TBBz
were comparable to those for tetra- and pentaBDEs. PBBz
and 1,3,5-TBBz concentrations/fluxes could not be related
to specific areas of origin. Meyer et al. (2012) noted that
PBBz and 1,3,5-TBBz could also be degradation products of
HBBz. The general absence of HBBz from the snow pit, which
seems to differ from the findings of Salamova et al. (2014) of
100% detection, might also be influenced by higher detection
limits for HBBz (6.5 pg/L) compared to PBBz (3.7 pg/L) and
1,3,5-TBBz (0.002 pg/L).
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Figure 2.50 Fluxes of 1,3,5-tribromobenzene (1,3,5-TBBz) and
pentabromobenzene (PBBz) in a snow core at the Devon Ice Cap in
Nunavut, Canada (Meyer et al., 2012).
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Table 2.23 Arctic biota samples with concentrations of HBBz above detection limits. Studies including analysis of undetectable levels of HBBz are

described in the text.

Species Sample Origin Statistic HBBz Reference

Arctic char Muscle Faroe Islands n=1 0.0064 ng/g ww Schlabach et al., 2011
Blue mussel Tissue Iceland n=1 0.0082 ng/g ww

Atlantic cod Liver Iceland n=1 0.042 ng/g ww

Atlantic cod Liver Faroe Islands n=1 0.072 ng/g ww

Black guillemot ~ Eggs Faroe Islands n=2 0.023 and 0.03 ng/g ww

Minke whale Blubber Norway Range (n=6) 1.56-8.77 ng/g lw Dam et al., 2011

Pilot whale Blubber Faroe Islands Range (n=7) <3.0-13.86 ng/g Iw

Ringed seal Blubber Canada Minimum >0.02 ng/g* Muir et al,, 2013b
Polar bear Adipose  Canada Maximum 3.4 ng/glw McKinney et al., 2010
Polar bear Adipose  Alaska, Canada, European Arctic All samples <3 ng/glw McKinney et al., 2011b

“In 5% of samples.

Terrestrial environment

HBBz was determined in Arctic fox liver from Svalbard, but
concentrations were below detection limit (<0.0018 ng/g ww)
(Sagerup et al., 2010).

Freshwater environment

Data are available for one pooled sample of Arctic char muscle
from a lake on the Faroe Islands (0.0064 ng/g ww for HBBz)
(Schlabach et al., 2011) (Table 2.23).

Marine environment

Seawater

The studies by Moller et al. (2011a,b) also included seawater
analysis (Table 2.22). Unlike the air samples, the seawater samples
did not have higher concentrations in the East Greenland Sea. In
contrast to the corresponding air data, the results do not indicate
differences between concentrations in the dissolved and particle
phase. PBBz was undetectable in seawater from the Bering/
Chukchi Sea and not sought in the East Greenland Sea.

Biota

HBBz has been included in several screening studies for marine
biota from the Arctic. All samples had concentrations below
detection limits in a study on marine biota from Svalbard
(Sagerup et al.,2010),i.e. marine fish (capelin), seabirds (common
eider, black-legged kittiwake, Briinich's guillemot) and marine
mammals (ringed seal, polar bear). Detection limits were in the
order of 0.002-0.004 ng/g ww. In another screening study, low
concentrations of HBBz were found in blue mussel (from Iceland)
and Atlantic cod (from Iceland and the Faroe Islands) (Table 2.23).

While ringed seal samples from Svalbard and Greenland had
concentrations below detection limits, HBBz was detected in
5% of ringed seal samples analyzed from Canada (Sagerup et al.,

2010; Dam et al., 2011; Muir et al., 2013b). These samples
had an HBBz concentration of >0.02 ng/g, but a maximum
concentration was not given. Higher detection frequencies were
found in the analyses of polar bear samples (McKinney et al.,
2011b): 50-60% of all polar bear samples (n=163) contained
detectable levels of HBBz, and concentrations were <3 ng/g lw.
Detection frequencies varied between the sub-populations
included in the study and were about 17% (Alaska), 45%
(Canadian Arctic), 33% (southern Hudson Bay) and 100%
(European Arctic) (McKinney et al.,2011a; Muir et al., 2013b).
PBBz was also sought in ringed seals from the Canadian Arctic,
but was not detected (Muir et al., 2013a).

2.2.9.7 Environmental trends

Spatial trends

Insufficient data were available to assess spatial trends in HBBz
or PBBz.

Temporal trends

HBBz was included in a temporal trend study of contaminants
in polar bears from western Hudson Bay covering the period
1991-2007 (McKinney et al.,2010). However, owing to many
concentrations below detection limit (Table 2.24), no temporal
trend could be calculated. Similarly, although 1,3,5-TBBz,
PBBz and HBBz were detected in various layers of a snow
core dating back to 1993/1994, no trend was found for any of
these compounds with the exception of apparent maxima of
1,3,5-TBBz and PBBz in 1999 and 2000, respectively (Figure
2.50) (Meyer et al., 2012). HBBz and PBBz have also been
included in air monitoring from Alert (Canada), but more
years with data will be necessary to establish a temporal trend.

Table 2.24 Concentrations of hexachlorobenzene (HBBz) in a temporal trend study on polar bears from western Hudson Bay (McKinney et al., 2010).

1991 1992 1994

1995 2001 2003 2007

HBBz (ng/g Iw) <0.05 <0.05-3.4 <0.05-0.5

<0.05 <0.05 <0.05-2.6 <0.05-2.6




Chapter 2 Section 2.2 - Brominated flame retardants (BFRs)

2.2.10 Pentabromoethylbenzene (PBEB),
pentabromotoluene (PBT),
2,3,5,6-tetrabromo-p-xylene (TBX)
and 1,2-dibromo-4-(1,2-dibromoethyl)
cyclohexane (DBE-DBCH)

2.2.10.1 Introduction

This section covers several compounds for which there
is relatively little information. Their chemical structures
and CAS numbers are shown in Figure 2.51. Unlike
pentabromoethylbenzene (PBEB), pentabromotoluene (PBT)
and 2,3,5,6-tetrabromo-p-xylene (TBX), 1,2-dibromo-4-(1,2-
dibromoethyl)cyclohexane (DBE-DBCH) is an aliphatic
brominated compound with a cyclohexane structure.

PBEB is included in OSPAR’s List of Chemicals for Priority
Action, with the comment that there was no current production
or use in the OSPAR area (OSPAR, 2013). PBEB, PBT and
TBX are pre-registered with the European Chemicals Agency
(EFSA,2013). Being a brominated analogue of ethylbenzene,a
known carcinogen, PBEB is suspected to cause adverse effects
(CECBP, 2008).

Based on estimated toxicity data, all four compounds are
considered to pose a potential aquatic hazard (Fisk et al.,
2003). PBEB, PBT and TBX were classified as persistent and
bioaccumulative, and DBE-DBCH was classified as very
persistent/very bioaccumulative (Fisk et al., 2003). Using
predicted toxicity data and production volumes, Fisk et al.
(2003) derived small critical tonnages of PBEB and DBE-DBCH,
leading to high concern of toxicity in the aquatic environment,
while TBX and PBT were found to be of medium and low
concern for aquatic toxicity, respectively. A Danish health
and environmental assessment concluded that PBT did not

CH CH

Br Br Br Br

Br Br
Br Br

Pentabromoethylbenzene (PBEB)
(CAS no. 85-22-3)

Pentabromotoluene (PBT)
(CAS no. 87-83-2)

CH

3

Br
Br Br

Br Br

Br Br Br Br
CH

3

2,3,5,6-tetrabromo-p-xylene (TBX)
(CAS no. 23488-38-2)

1,2-dibromo-4-(1,2-dibromoethyl)
cyclohexane (DBE-DBCH)
(CAS no. 3322-93-8)

Figure 2.51 Chemical structures and CAS numbers of
pentabromoethylbenzene (PBEB), pentabromotoluene (PBT),
2,3,5,6-tetrabromo-p-xylene (TBX) and 1,2-dibromo-4-(1,2-dibromoethyl)
cyclohexane (DBE-DBCH).
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Table 2.25 Model results and estimations of parameters related to the long-
range transport of PBT (Xiao et al., 2012a and references therein).

Log Koa 9.5

Log Kaw -3.0
Half-life in air 690 hours
Half-life in water 4300 hours
Half-life in soil 8600 hours
Overall persistence 510 days
Characteristic travel distance 6900 km
Particle bound fraction in air, @i 0.01

present a special hazard to humans, but that PBT was not readily
degradable (Danish EPA,2000). In a study addressing potential
persistence and bioaccumulation, DBE-DBCH was among the
top ten brominated compounds (Howard and Muir, 2010).
Both PBEB and PBT can be degradation products of DBDPE
(Arp et al,,2011).

With the exception of TBX, these compounds were also assessed
in the previous AMAP assessment (de Wit et al., 2010). Based
on relatively high detection frequencies of PBEB and PBT in
glaucous gull samples and of DBE-DBCH in beluga it was
concluded that warning signs existed for long-range transport
of these compounds to the Arctic. It was also concluded that
PBEB, PBT and DBE-DBCH were potentially bioaccumulative
(de Wit et al., 2010).

2.2.10.2 Physical-chemical properties

Log Kow values vary for these chemicals, with reported values
of 6.4 for PBEB (Covaci et al., 2011), 5.43-6.99 for PBT
(CECBP, 2008; Covaci et al., 2011), 6.2 for TBX (EFSA, 2013)
and 5.24 for DBE-DBCH (CECBP, 2008). Based on modeling
results, parameters related to long-range transport have been
summarized for PBT (Table 2.25). See Appendix 1 for more
detailed information.

2.2.10.3 Sources, production, use and trends

PBEB was used in thermoset polyester resins (circuit boards,
textiles, adhesives, wire and cable coatings, polyurethanes) and
thermoplastic resins (Hoh et al., 2005). The latest production
data for the USA are from 1986 when production decreased to
5-225 tons (Hoh et al., 2005). Hoh et al. (2005) also reported
the production of PBEB in France, referring to 2002.

PBT is used in a wide range of polymers, textiles and paint
emulsions (de Wit et al., 2010; Covaci et al.,2011). Covaci et al.
(2011) reported that 600 tons of PBT were produced in China
per year.

Synthesis of TBX for use as a flame retardant was patented in
the 1970s, but little recent information is available (Venier et al.,
2012). TBX might also be used as a starting material for the
synthesis of brominated and phosphorus-based flame retardants
(Venier et al., 2012), but no production or use numbers seem
to be available.
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DBE-DBCH is used in polystyrene beads (e.g. in house
insulation), extruded polystyrene foam, polyurethane, adhesives,
cable coatings and other applications (Andersson et al., 2006;
Arsenault et al., 2008; Tomy et al.,2008a). Production volumes
were 4-225 tonnes in 2002 (Arsenault et al., 2008). Commercial
DBE-DBCH comprises equal amounts of two out of four
possible diastereoisomers, i.e. a- and p-DBE-DBCH, but the
other diastereoisomers may be formed at elevated temperatures
in the manufacturing process and thus may also be present in
environmental samples (Arsenault et al., 2008).

2.2.10.4 Transformation processes

According to a modeling study, PBEB, PBT and TBX may undergo
reductive and/or photolytic debromination (EFSA, 2013). No
corresponding information was available for DBE-DBCH.

2.2.10.5 Modeling studies

Based on a modeling exercise, the European Food Safety Agency
classified PBEB, PBT and TBX as compounds of high persistence
(>500 days) and with a high potential for bioaccumulation
(EFSA, 2013). Modeled parameters describing the persistence
of PBT in the environment are given in Table 2.25.

2.2.10.6 Environmental concentrations

Air and precipitation

PBEB and PBT were measured in air samples collected between
August 2011 and December 2014 at Little Fox Lake in the
Canadian subarctic and detected in 60% and 100% of samples,
respectively (Yu et al., 2015). For PBEB, the mean of 0.013 pg/m’
(range: 0.002-0.078) was the lowest mean concentration of all
the novel flame retardants included in this study (Figure 2.42)
(Yuetal.,2015). PBT had a mean concentration of 0.084 pg/m’
(range: 0.007-0.47) in the same samples. For comparison,
the mean concentrations for BDE-47 and BDE-99 were 1.2
and 0.96 pg/m?, respectively. Analysis of potential source
regions linked PBT to sources in northern Canada, while no
information was given on potential source regions for PBEB
(Yu et al., 2015).

PBEB and PBT were also monitored at Alert in the Canadian
High Arctic where concentrations appeared to be slightly
lower (Annex Table A2.2/1). PBEB, PBT and DBE-DBCH
were not detected in air samples collected at Pallas in northern
Finland in 2011/2012. TBX was not included in these analyses
(Remberger et al., 2014).

On a cruise from East Asia to the Arctic in June to September
2010, air concentrations of PBT were higher than those measured
in the Canadian Arctic (Table 2.26). PBT was among the novel
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flame retardants with the highest concentrations in the study
by Moller et al. (2011a) and exceeded the concentrations for
BDE-47 and BDE-99 at the same stations. PBT concentrations
were comparable to those of BDE-209, with the difference
that BDE-209 was particle-bound. Based on air and seawater
concentrations, a net flux from air to water was calculated for PBT.

Over the East Greenland Sea in summer 2009, PBT was
detectable in 100% of all gas phase samples (Table 2.26)
(Moller et al., 2011b). These concentrations are similar to
those reported for Alert and lower than those of the study by
Moller et al. (2011a). In the particle phase samples, PBT was
only detectable in 20% of samples.

Passive air samples collected in the GAPS network were analyzed
for PBT, PBEB and TBX (Lee et al.,2016). The compounds were
not detectable at Hollola (Finland),and PBT was not detectable
at Stérhofoi (Iceland). All three compounds were found at the
other Arctic stations (Annex Table A2.2/2).

Focusing on the particle phase of air samples from Svalbard,
Salamova et al. (2014) reported atmospheric concentrations of
PBEB and TBX in 34 samples collected between September 2012
and May 2013. The results for the two compounds were similar
(Annex Table A2.2/3). Mean concentrations were comparable
to those for BTBPE. Compared with HBBz, the concentrations
of PBEB and TBX were about 5- and 4-fold lower, respectively.
Concentrations of PBEB and TBX were an order of magnitude
lower than for BDE-47 and BDE-99. Considering the gas-
particle distribution described by Moller et al. (2011a,b) and
the modelled particle bound fraction (Table 2.25), the focus on
the particle phase might underestimate the actual concentration
of PBT in the atmosphere.

For PBEB, atmospheric deposition was further studied in ice
and snow cores at Svalbard (Norway) and Nunavut (Canada),
respectively (Hermanson et al., 2010; Meyer et al., 2012). In
both studies, PBEB was found in most core segments, but
concentrations were very low. In the ice core from Svalbard,
the maximum concentration of PBEB was 0.0063 ng/L,
corresponding to a flux of <0.5 pg/cm?/y (Figure 2.47)
(Hermanson et al., 2010). BTBPE and DBDPE had fluxes of
3-5 pg/cm?/y, while the maximum fluxes were for BDE-209
(320 pg/cm?/y) and HBCD (910 pg/cm?/y). In the snow core
from Canada, the maximum concentration of PBEB was
0.0026 ng/L, while that of BDE-209 in the same snow pit was
26 ng/L (Meyer et al.,2012). This study also included PBT, which
was detected in three unconnected layers of one of the snow pits,
at concentrations of 0.000061-0.0013 ng/L (Meyer et al.,2012).

Newton et al. (2014) detected DBE-DBCH in bimonthly bulk
deposition (precipitation + dry particle) samples from Abisko
(3.1+3.6 ng/m?*/month) and Krycklan (3.5+2.8 ng/m?*/month)
in northern Sweden.

Table 2.26 Concentration ranges for PBT in Arctic air and seawater (M6ller et al., 2011a,b). The Bering/Chukchi Sea data only include stations north of 60°N.

Bering/Chukchi Sea East Greenland Sea
Air, pg/m’® Seawater, pg/L Air, pg/m’ Seawater, pg/L
Gaseous Particles Dissolved Particles Gaseous Particles Dissolved Particles
PBT 0.22-0.79 <0.047 <0.001-0.020 <0.001-0.012 0.001-0.02 <0.0001-0.001 <0.0007 <0.0007
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Terrestrial environment

PBEB and PBT were included in several studies on Arctic biota,
but many results were below detection limits. For the terrestrial
environment, both compounds were <0.0006 ng/g ww in Arctic
fox liver from Svalbard (Sagerup et al., 2010). Detection limits
for PBEB and PBT were the lowest in this study.

Freshwater environment

PBEB, PBT and DBE-DBCH were sought in muscle of Arctic
char (Faroe Islands), but were generally below detection limits
or at very low levels (Table 2.27) (Schlabach et al.,2011). PBEB
was included in studies of lake trout and burbot in the Canadian
Arctic, but no concentrations were given (Muir et al., 2013b).

Marine environment

Seawater

PBT was sought in seawater samples on a cruise from East
Asia to the Arctic in 2010 (Table 2.26), from which air samples
were reported (Moller et al., 2011a). PBT was detected in 78%
of seawater samples which made it one of the novel flame
retardants with the highest detection frequency. In the East
Greenland Sea, however, concentrations of PBT in seawater
were below detection limit in all samples (Table 2.26).
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Biota

Several marine species have been screened for PBEB and
PBT, but many concentrations were below detection limits.
Table 2.27 summarizes the concentrations found to be above
detection limits. Both PBEB and PBT were below detection
limits in capelin, common eider, black-legged kittiwake,
Briinnich’s guillemot, ringed seal and polar bears from Svalbard
(Sagerup et al., 2010). PBEB was undetectable in Atlantic cod
from Iceland and the Faroe Islands and blue mussel from
Iceland, while PBT had concentrations above detection limits
(Table 2.27) (Schlabach et al., 2011). PBT was also below
detection limits in minke whale and pilot whale from the Faroe
Islands as well as blubber of ringed seal from Greenland, but
this study did not include PBEB (Dam et al., 2011).

DBE-DBCH has been found in fish and seabird samples from
Iceland and the Faroe Islands (Table 2.27), but was below
detection limit in blue mussel (Schlabach et al., 2011). The
B-isomer was always present in higher concentrations than the
a-isomer, which agrees with the pattern previously reported for
herring gull from the Great Lakes and beluga from the Arctic
(Tomy et al., 2008a; Gauthier et al., 2009).

A study on Greenland shark included PBEB, PBT and TBX, but
owing to low detection frequencies, no results were reported
for PBT (Strid et al., 2013). PBEB was detected in 14 of 15

Table 2.27 Concentrations of pentabromoethylbenzene (PBEB), pentabromotoluene (PBT), 2,3,5,6-tetrabromo-p-xylene (TBX) or 1,2-dibromo-4-
(1,2-dibromoethyl)cyclohexane (DBE-DBCH) above detection limits in Arctic biota samples. Results below detection limits are described in the text.

Species Sample Origin Statistic Concentration, ng/g ww Reference
(unless shown otherwise)
PBEB
Black guillemot ~ Eggs Faroe Islands n=2 (pooled) <0.0016; Schlabach et al., 2011
0.00072
Greenland shark  Liver Near Iceland Median (range) (n=15) 3.0 (<0.11-13) ng/g Iw Strid et al., 2013
Polar bear Adipose  Western Hudson Bay Maximum 1.7 ng/glw McKinney et al., 2010
(Canada)
Hudson Bay Detection frequency of up to 40-45% McKinney et al., 2011a
Canadian Arctic Detection frequency of about 8% McKinney et al., 2011a
Alaska Detection frequency of about 25% McKinney et al., 2011a
PBT
Arctic char Muscle Faroe Islands n=1 (pooled) 0.0015 Schlabach et al. (2011)
Blue mussel Tissue Iceland n=1 (pooled) 0.002
Atlantic cod Liver Iceland n=1 (pooled) 0.0097
Faroe Islands n=1 (pooled) 0.0021
Black guillemot ~ Eggs Faroe Islands n=2 (pooled) 0.0063;
0.0054
TBX
Greenland shark  Liver Near Iceland Median (range) (n=15) <0.1 (<0.1-2.8) ng/g Iw Strid et al. (2013)
DBE-DBCH
Atlantic cod Liver Iceland n=1 (pooled) a:0.14 Schlabach et al. (2011)
B:0.22
Faroe Islands n=1 (pooled) a:0.021
B:0.037
Black guillemot ~ Eggs Faroe Islands n=2 (pooled) a:0.02
B: 0.066
a:0.018

B:0.059
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samples (corresponding to 93% of samples), at concentrations
up to 13 ng/g Iw (Table 2.27). TBX was detected in five of
15 samples (corresponding to 33% of samples), and the
maximum concentration was considerably lower (Table 2.27).
For comparison, the median concentration of BDE-47 in these
samples was 24 ng/g Iw.

In addition to the polar bear samples analyzed from Svalbard
and found to contain undetectable levels of PBEB and PBT
(Sagerup et al., 2010), PBEB and PBT were also sought in
polar bears from Alaska, the Canadian Arctic, Hudson Bay
and the European Arctic (McKinney et al,, 2011a). PBT was
undetectable in all samples. PBEB was detected in <14%
of all samples. Broken down by polar bear sub-population
(Table 2.27), the detection frequency of PBEB was highest in
Hudson Bay (40-45%), followed by Alaska (about 25%) and
the Canadian Arctic (about 8%). PBEB was undetectable in
polar bears from the European Arctic, which agrees with the
findings of Sagerup et al. (2010).

PBEB, PBT and DBE-DBCH were also sought in ringed seal
from Canada, but levels were below detection limits or very
close to detection limits (Muir et al., 2013a,b).

2.2.10.7 Environmental trends

Spatial trends

Insufficient data were available to assess spatial trends in PBEB,
PBT, TBX and DBE-DBCH.

Temporal trends

Air measurements at Alert showed the highest concentrations
of PBEB and PBT in the most recent years, which could indicate
increasing concentrations of these compounds in Arctic air, but
more data are needed to establish a temporal trend. Increases in
PBEB since 1962 were also found in an ice core from Svalbard
(Hermanson et al., 2010), but this observation conflicted with
results from snow cores from the Canadian Arctic which did
not show increases in PBEB (Meyer et al., 2012). In biota,
PBEB was included in a temporal trend study in polar bears
from Western Hudson Bay covering the period 1991-2007
(McKinney et al., 2010). No trend could be calculated owing
to many concentrations below detection limits. Median
concentrations could only be obtained for 1992, 1994 and 2003,
and were all 0.1 ng/g Iw. No Arctic temporal trend data were
available for DBE-DBCH and TBX.

2.2.11 Tetrabromo-o-chlorotoluene (TBCT),
pentabromobenzyl acrylate (PBB-Acr)
and octabromotrimethylphenylindane
(OBTMPI)

2.2.11.1 Introduction

Tetrabromo-o-chlorotoluene (TBCT, CAS number 39569-21-6) is
an additive flame retardant and may be an alternative to decaBDE
(Lopezetal.,2011).In some reports, the acronym TBoCT has been
used, but TBCT was proposed by Bergman et al. (2012). TBCT is
a combined brominated/chlorinated flame retardant.
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Figure 2.52 Chemical structures of tetrabromo-o-chlorotoluene (TBCT),
pentabromobenzyl acrylate (PBB-Acr) and octabromotrimethyl-
phenylindane (OBTMPI).

Pentabromobenzyl acrylate (PBB-Acr, CAS number 59447-55-1)
is a reactive and intermediate type of BFR. In some reports,
the acronym PBBA is use. Octabromotrimethylphenylindane
(OBTMPI, CAS number 1084889-51-9/1025956-65-3/893843-
07-7/155613-93-7) is an additive flame retardant, also abbreviated
to OBIND, Br-Indian and Octalnd. The chemical structures of
TBCT, PBB-Acr and OBTMPI are shown in Figure 2.52.

2.2.11.2 Physical-chemical properties

A log Kow of 5.60 has been reported for TBCT (EFSA, 2013).
OBTMPI has a high log Kow of 15.11 (Bergman et al., 2012),
while no information was available for PBB-Acr. See Appendix 1
for more detailed information.

2.2.11.3 Sources, production, use and trends

According to Chemical Book (www.chemicalbook.com), TBCT
is produced by one company in the USA. No information is
available on production volume or use (EFSA, 2013).

PBB-Acr is applied in polybutylene terephthalate, polyethylene
terephthalate and ABS polymers (Covaci et al.,2011). PBB-Acr
is produced by 11 commercial suppliers but no information is
available on production volume (EFSA, 2013).

OBTMPI is used in styrenics and engineering thermoplastics
(Guerra et al., 2012). The trade name is FR-1808. No
information is available on OBTMPI production volumes
(Covaci et al., 2011).

2.2.11.4 Transformation processes

No data on transformation processes were available.

2.2.11.5 Modeling studies

No modeling studies were available.

2.2.11.6 Environmental concentrations

Air and precipitation

Very few reports exist on TBCT, PBB-Acr and OBTMPI in the
environment. In an earlier screening of Canadian air samples at
Alert PBB-Acr was not detected (Hung et al.,2013a; Muir et al.,
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2013a). From 2008 to 2012, PBB-Acr was only detectable in
2008, 2010 and 2011 in 8-23% of all air samples collected at
Alert (Annex Table A2.2/1). TBCT was not detected in the
samples from 2008-2012.

In passive air samples collected in the GAPS network, TBCT
was detectable with a maximum concentration of 0.34 pg/m’
found at Stérhofdi (Iceland) (Annex Table A2.2/2) (Lee et al.,
2016). PBB-Acr was not detectable in passive air samples
collected at Barrow (Alaska), Ny-/f\lesund (Svalbard) and
Hollola (Finland) but was found in air at St Lawrence Island
(Alaska) and St6rh6fdi (Annex Table A2.2/2). OBTMPI was
not detected at any of these Arctic GAPS stations.

Terrestrial environment

No data were available.

Freshwater environment

No Arctic data were available, but studies from outside the
Arctic have detected TBCT and PBB-Acr in environmental
samples (Henny et al., 2011; Yang et al., 2012).

Marine environment

TBCT and OBTMPI were sought in ringed seals from the
Canadian Arctic but were not detected (Muir et al., 2013a).
TBCT was sought in polar bears from Hudson Bay but not
detected (NCP, 2015a).

2.2.11.7 Environmental trends

Although PBB-Acr has been included in Arctic air monitoring
at Alert, too few concentrations were above detection limits
to indicate a time trend. No data are available for TBCT and
OBTMPI to assess temporal or spatial trends.

2.2.12 Conclusions

New data are available for a wider range of new and previously
studied BFRs in the Arctic and indicate that many undergo
long-range atmospheric transport and deposition and that some
have bioaccumulation potential. Some new data were available
for BDE-209 and HBCDD. Far fewer data were available for the
newer BFRs, including data on production and use.

Most data available for the new BFRs in this assessment were for
air and deposition samples (Table 2.5), which come from several
Arctic air monitoring programs and a few published research
studies. There were additional data from screening of selected,
often pooled, samples from biota in the Nordic countries, from
monitoring programs in some Arctic countries and from some
published scientific studies. There were generally very few or
no data for the terrestrial environment and in many cases,
only limited information from some freshwater studies. The
majority of biota data were for a few species of marine fish,
seabirds and mammals. Although the environmental levels of
less-studied BFRs (i.e. excluding BDE-209 and HBCDD) are
often low, this is not sufficient to conclude low risk. Little is
known about toxicology (see Chapter 3) and the significance of
their co-occurrence in biota samples (along with legacy POPs
and other CECs) has not been studied.
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Geographically, there was a lack of data from Arctic Russia
and very few data from Alaska so circumpolar trends were
not possible to study. Only a few temporal trend studies were
available, however those that do exist indicate that environmental
concentrations of many of the new BFRs are increasing.
Assuming a wide commercial use of PBDE replacement products
and considering increases found outside the Arctic (e.g. for EH-
TBB and BEH-TEBP in the Great Lakes atmosphere; Ma et al.,
2012b), a better understanding of their environmental fate is
essential, including their temporal development.

BDE-209 was found at similar concentrations in air samples
from Arctic sampling sites in Canada (Alert), Svalbard
(Zeppelin, Longyearbyen) and Finland (Pallas). It was found
at higher concentrations and with a greater contribution to
2PBDE in air samples from the Bering and Chukchi Sea than
in the East Greenland Sea, which is possibly related to the
production and use of commercial decaBDE in Asia. It was
also found in snow samples from Canada and Norway and
an ice core from Svalbard, in the latter indicating increasing
deposition fluxes since the 1950s. BDE-209 was associated with
particulates in seawater and was the major PBDE congener in
marine sediments. These findings have established BDE-209 as
a main BFR component in abiotic matrices in the Arctic. On
the other hand, low concentrations were found in seabird eggs
and BDE-209 was generally not detected in polar bears, possibly
due to its rapid metabolism. BDE-209 did not biomagnify in
a food web study except between Arctic cod and zooplankton,
so there is little support for BDE-209 biomagnifying in Arctic
marine mammals. The previous AMAP assessment showed
that exposure and bioaccumulation did occur in terrestrial
top predators, but no new data were available to confirm
these findings. Temporal trends indicate recently decreasing
concentrations in air and deposition, not yet reflected in the
ice core from Svalbard.

The database for HBCDD was more extensive than in the
previous AMAP assessment from 2010. HBCDD (primarily the
a- and y-isomers) has been found in high volume air samples
from Zeppelin and Villum Research Station (Station Nord) on
northeast Greenland, but was not detected in samples from
Alert. It was detected in passive air samples at several Arctic
sites from Alaska, Canada, Iceland and Svalbard. Fluxes were
higher on Svalbard (ice core) than Nunavut, Canada (snow
core). HBCDD was present in low concentrations in freshwater
and most marine fish, but higher concentrations were detected
in seabirds. Polar bears had higher concentrations than ringed
seal from the same area, indicating biomagnification. Food
web studies showed enrichment of a-HBCDD with higher
trophic level, a process which might involve bioisomerization.
Spatial trends in air, ice and biota (ringed seal, polar bear)
indicated higher concentrations in the European Arctic than in
North America, apparently in line with HBCDD use patterns.
The temporal trends recently published on HBCDD in the
Arctic generally showed increasing trends, but often only
until about 2005-2010 after which concentrations have been
relatively stable. Air monitoring on Svalbard showed a decline
in 2006/2007 and fluctuating concentrations since then.

There are still surprisingly few environmental data on TBBPA
given its commercial importance. It was detected in Arctic air,
but in so few samples and with a decreasing trend with latitude
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that its long-range transport cannot be established with the
data presently available. Measurements in water would be
relevant given the higher polarity of TBBPA compared with
other BFRs. Furthermore, the assessment of the EU of TBBPA
causing a potential risk if bisphenol A or dimethyl-TBBPA
were formed should trigger corresponding analyses in Arctic
media. While previous studies had shown the accumulation
of dimethyl-TBBPA in Arctic biota, no new information
has been available. The data available on Arctic biota do
not indicate bioaccumulation of TBBPA, but it is not clear
whether this is a result of availability (i.e. low concentrations
in the Arctic) or of biotransformation. Several studies have
reported on the degradation of TBBPA and on the formation
of bound residues in soil (e.g. Guo et al., 2012; Peng et al.,
2014; Sun et al., 2014a), but no information is available on
the environmental fate of TBBPA in the Arctic. A non-Arctic
study on dolphins and sharks from Florida found TBBPA in
100% of samples and with increasing concentrations over
time (Johnson-Restrepo et al., 2008), which suggests some
bioaccumulation potential for TBBPA.

More studies have focused on BEH-TEBP and EH-TBB,
which are replacement products of pentaBDE and might thus
be applied widely. Although models do not predict a long
atmospheric half-life for BEH-TEBP, it is sufficiently stable to
reach the Arctic. Levels of BEH-TEBP and EH-TBB in Arctic
air are comparable to those of PBDEs and have shown signs of
increase. In combination with increasing trends observed in the
Great Lakes region, this might reflect the anticipated increase
in use as a replacement for pentaBDE. Both compounds have
been detected in fish, seabirds and marine mammals from the
Arctic indicating that bioaccumulation occurs. Most levels
were relatively low, i.e. lower than those of PBDEs, but polar
bear plasma from Svalbard, for example, contained slightly
higher levels of EH-TBB. The preliminary data do not show
biomagnification of BEH-TEBP, but more data will be needed
for firm conclusions.

TBP-DBPE has been detected in air and seawater of the
Arctic as well as in some biota. TBP-DBPE seems to be widely
present in the Arctic environment. Its detection in sewage
sludge might indicate additional sources, besides atmospheric
long-range transport. While concentrations of TBP-DBPE in
abiotic media were roughly comparable to those for PBDEs,
most concentrations in biota were lower than those for PBDEs,
but exceptions exist. TBP-AE and TBP-BAE were also widely
detected in air, generally with higher detection frequencies
and higher concentrations of TBP-AE. The compounds were
below detection limits in all biota samples analyzed, with the
exception of harp seals from the Barents Sea and Greenland Sea.

The database on BTBPE in the Arctic has been extended
considerably since the previous AMAP assessment. The air,
snow and ice measurements show that BTBPE is transported
to the Arctic and deposited in the Arctic environment.
Studies from outside the Arctic indicate bioaccumulation and
biomagnification of BTBPE. The compound has been detected
in Arctic biota (polar bear, seabirds, ringed seal, and several
fish species including Greenland shark), but most studies also
include non-detectable concentrations. There is no clear link
in the present dataset between concentration and trophic level,
but it could be masked by the heterogeneity of the data in
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terms of location and detection limit. Canadian temporal trend
studies on landlocked Arctic char and ringed seal indicate
increasing concentrations of BTBPE, which would be in line
with its increased use as a PBDE replacement. However, the
present air time series do not show the same trend.

DBDPE has been widely detected in Arctic air. In marine surface
sediments, DBDPE has been found at higher and more uniform
concentrations than BDE-209.Ice cores documented an increase
in DBDPE between 1971 and 1988, but not since then. Most
studies on DBDPE in biota have found concentrations close to
detection limits, with the exception of one recent Norwegian
study which found DBDPE in biota at concentrations of
5-10 ng/g ww, often exceeding those for BDE-47. As the same
type of samples from the same area had shown low or even
undetectable concentrations previously, these findings suggest
either a rapid increase in DBDPE concentrations or other
factors affecting DBDPE concentrations in the analysis. Food
web studies have indicated biomagnification of DBDPE. On
the other hand, DBDPE also seems to be susceptible to rapid
biotransformation. More research will be needed to understand
the environmental fate of DBDPE in the Arctic. If used as a
commercial alternative to BDE-209, large volumes of DBDPE
might be produced and potentially emitted to the environment.
Thus, updated information on production and use volumes
will also be important.

The previous AMAP assessment concluded that HBBz could
undergo long-range transport and bioaccumulate in Arctic
biota. New data on HBBz in Arctic air show it is widely present,
at concentrations similar to BDE-47 and BDE-99, and that it
mainly occurs in the gas phase. Some studies have included
PBBz, which was found in Arctic air at slightly lower levels
than HBBz. 1,3,5-TBBz had relatively high fluxes in snow
cores, i.e. again comparable to lower brominated PBDEs. It is
unclear whether 1,3,5-TBBz is used as a flame retardant. Other
industrial applications have been described as potential sources,
as well as the degradation of HBBz. Recent biota analyses have
detected HBBz in several species.

PBT was widely detected in Arctic air, at concentrations
comparable to PBDEs. PBEB and TBX were also detectable in
abiotic Arctic media, but concentrations were low. DBE-DBCH
was only included in one atmospheric study and found to be
undetectable. All four compounds have been detected at low
concentrations in Arctic biota. While PBT was found in some
fish and seabirds, it was undetectable in higher trophic level
animals such as Greenland shark and polar bear. The opposite
was the case for PBEB. DBE-DBCH was present in fish, seabirds
and marine mammals, with a predominance of the p-isomer.

TBCT, PBB-Acr and OBTMPI have been detected infrequently
in Arctic air. In Arctic biota samples, the compounds were
generally below detection limits.
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Table A2.2/1 Air concentrations (pg/m?®) for flame retardants measured at Alert, Nunavut, Canada [mean (median, standard deviation; min-max, number

of samples) % detection]. Italics indicate <50% of values above detection limit (Hung et al., 2013a).

2008 2009 2010 2011 2012
PBEB (<MDL; (<MDL; 0.0023 (0.0025,0.0015; 0.0050 (0.005, 0.0034; 0.0034 (0.0026, 0.0037;
<MDL-0.0052, 27) <MDL-0.0032, 22) <MDL-0.0051, 13) <MDL-0.016, 26) <MDL-0.012, 26)
37% 9% 85% 88% 69%
BTBPE 0.58 (0.44, 0.39; 0.024 (0.021,0.015; 0.035 (0.033,0.013; 0.25(0.17,0.16; 0.012 (0.011,0.009;
0.023-1.4,27) 0.0071-0.075, 18) 0.018-0.061,13) 0.050-0.71, 26) <MDL-0.042, 25)
100% 100% 100% 100% 84%
BEH-TEBP 0.30 (0.099, 0.73; 0.39 (0.35,0.25; 0.23(0.21,0.21; 0.51 (0.39, 0.80; 6.7 (0.89, 18;
<MDL-3.4,27) 0.079-0.94,17) 0.033-0.85,13) 0.14-4.3,26) 0.16-80, 26)
78% 100% 100% 100% 100%
EH-TBB 1.3 (0.63,2.8; 0.50 (0.20,0.71; 0.37 (0.17,0.52; 0.19 (0.15,0.18; 1.4 (0.58, 2.0;
<MDL-15,27) 0.054-2.7,21) 0.089-1.8,13) <MDL-0.89, 26) 0.17-7.7,26)
96% 100% 100% 88% 100%
TBP-AE 0.025 (0.021,0.017; 0.027 (0.024,0.017; 0.16 (0.042,0.28; 0.022 (0.011,0.022; 0.027 (0.017,0.034;
<MDL-0.065,27) <MDL-0.073, 18) 0.0085-0.94,13) <MDL-0.063, 26) <MDL-0.14, 26)
96% 94% 100% 81% 65%
TBP-BAE (<MDL; (<MDL; (<MDL; (<MDL; (<MDL;
<MDL-0.0014, 27) <MDL-<MDL, 25) <MDL-<MDL, 13) <MDL-<MDL, 26) <MDL-0.020, 26)
15% 0% 0% 0% 19%
PBBz 0.019 (0.017,0.0075; 0.018 (0.018, 0.0063; 0.027 (0.027,0.013; 0.029 (0.021, 0.018; 0.033 (0.017, 0.056;
0.0072-0.040, 27) 0.0097-0.036, 19) 0.010-0.048,13) 0.0097-0.073, 26) 0.0045-0.29, 26)
100% 100% 100% 100% 100%
TBCT (<MDL; (<MDL; (<MDL; (<MDL; (<MDL;
<MDL-<MDL, 27) <MDL-<MDL, 25) <MDL-<MDL, 13) <MDL-<MDL, 26) <MDL-<MDL, 26)
0% 0% 0% 0% 0%
PBT 0.0004 (0.0005, 0.0002; 0.0038 (0.0035,0.0021; 0.0059 (0.005, 0.0025; 0.0095 (0.0084, 0.0058; 0.012 (0.0078,0.012;
0.0001-0.0008,27) 0.0012-0.011, 19) 0.0034-0.012,13) 0.0023-0.021, 26) 0.0028-0.058, 26)
100% 100% 100% 100% 100%
HBBz 0.0088 (0.0084, 0.0032; 0.097 (0.092, 0.032; 0.16 (0.18,0.061; 0.15(0.13,0.071; 0.15(0.093,0.12;
0.0044-0.019, 27) 0.057-0.20, 25) 0.061-0.28,13) 0.059-0.30, 26) 0.027-0.50, 26)
100% 100% 100% 100% 100%
PBB-Acr (<MDL; (<MDL; (<MDL; (<MDL; (<MDL;

<MDL-0.008, 27)
15%

<MDL-<MDL, 25)
0%

<MDL-0.018, 13)
23%

<MDL-0.011, 26)
8%

<MDL-<MDL, 26)
0%
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Table A2.2/2 Concentrations in air (pg/m?) for emerging chemicals reported at GAPS sites located in the Arctic/subarctic (Lee et al., 2016). Range of
values from four consecutive quarterly sampling periods starting in the second quarter of 2005, using PUF disk samplers. MDL: minimum detection
limit. na: not available.

Chemical Barrow St.Lawr. Isl. Storhofoi Ny-Alesund Hollola
TBP-AE 0.11-0.22 1.23 <MDL-0.94 0.02-1.1 <MDL-0.059
TBX <MDL-0.018 0.063 <MDL-0.051 <MDL-0.031 <MDL
TBP-BAE <MDL-0.039 <MDL <MDL <MDL <MDL
PBBz <MDL-0.045 0.049 <MDL-0.10 <MDL-1.0 <MDL
TBCT <MDL-0.04 0.092 <MDL-0.34 <MDL-0.038 <MDL-0.007
PBT <MDL-0.005 0.0034 <MDL <MDL-0.005 <MDL
PBEB <MDL-0.027 0.016 <MDL-0.11 <MDL-0.027 <MDL
TBP-DBPE <MDL-0.028 <MDL <MDL-0.79 <MDL-0.11 <MDL-0.012
HBBz <MDL-0.53 0.14 <MDL-0.25 <MDL-0.67 <MDL-0.034
PBB-Acr <MDL 0.013 <MDL-0.006 <MDL <MDL
EH-TBB <MDL-7.2 <MDL <MDL-1.0 <MDL-0.21 <MDL
HBCDD <MDL-2.02 0.22 <MDL-3.3 <MDL-5.1 <MDL
BTBPE 0.15-1.0 0.33 <MDL-0.94 0.1-5.2 0.21
BEH-TEBP <MDL-1.6 <MDL-0.04 <MDL-6.6 <MDL-0.29 na
OBTMPI <MDL <MDL <MDL <MDL <MDL

Table A2.2/3 Concentrations of emerging chemicals on atmospheric
particles (pg/m®) at Longyearbyen, Svalbard (Salamova et al., 2014).

Other BFRs Mean Median Range % detection,
n=34
EH-TBB 7.0£2.02 2.2 0.17-58 91
BEH-TEBP 2.7£0.49 1.8 0.27-14 88
DBDPE 0.53£0.10 0.27 0.04-2.2 88
BTBPE 0.04+0.01 0.03 0.01-0.09 53
HBBz 0.23+0.06 0.12 0.01-1.7 100
TBX 0.07+0.01 0.07 0.01-0.16 65
PBBz 0.14+0.05 0.04 0.01-1.1 76
PBEB 0.04+0.01 0.03 0.01-0.24 71
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2.3 Chlorinated flame retardants (CFRs)

AuTHORS: KATRIN VORKAMP, FRANK RIGET, JENNIFER BALMER
CONTRIBUTORS: HAYLEY HUNG, ROBERT LETCHER

2.3.1 Introduction

Brominated compounds (see Section 2.2) and chlorinated
compounds have been used as halogenated flame retardants
because halogens are effective in capturing free radicals
(Alaee et al., 2003). This section summarizes the Arctic data
currently available on chlorinated flame retardants (CFRs),
specifically syn- and anti-isomers of Dechlorane Plus
(DDC-CO) and related compounds (see Tables 2.28 and 2.29).
Chlorinated organophosphate flame retardants and short-chain
chlorinated paraffins, which have also been used as flame
retardants (Tomy et al., 1997) are discussed in Sections 2.4
and 2.6, respectively.

Dechlorane Plus (DDC-CO; C;sH,Cly,), also known
as bis(hexachlorocyclopentadieno) cyclooctane, is a
polychlorinated cycloaliphatic compound that has been used
as an additive flame retardant since the 1960s (Feo et al.,2012).
DDC-CO was first detected in air, fish, sediment, and bird eggs
from the Great Lakes region, close to a production facility in
Niagara Falls, NY, USA (Hoh et al., 2006; Gauthier et al., 2007;
Sverko et al., 2008; Gauthier and Letcher, 2009). Since then,

interest in DDC-CO has increased considerably, and a growing
number of publications have addressed its occurrence and fate
in the environment. Two reviews of current environmental
DDC-CO data conclude that it is a ubiquitous global pollutant
with the potential for long-range transport and bioaccumulation
(Sverko et al.,2011; Feo et al.,2012). A review with focus on the
Arctic confirmed the long-range transport of DDC-CO and
presented some evidence of bioaccumulation, but the amount
of data was still limited (Vorkamp and Rigét, 2014).

Although not as widely recognized as DDC-CO, three other
dechloranes — Dechlorane 602 (DDC-DBF), Dechlorane 603
(DDC-Ant) and Dechlorane 604 (HCTBPH) - were developed
by the same manufacturer, Occidental Chemical Corporation
(or OxyChem), to be used as flame retardants in materials that
require voltage and thermal standards not met by DDC-CO
(Sverko et al., 2011). Despite having similar properties to
other POPs, there is little information on the production and
environmental fate of these analogs. However, evidence of
their presence in the Arctic environment and biota is growing,
indicating the potential for these alternative dechloranes to
undergo long-range transport and bioaccumulation.

Table 2.28 Abbreviations adopted for chlorinated flame retardants, as suggested by Bergman et al. (2012).

Abbreviation CAS number Chemical name Other abbreviations commonly
used in the literature

DDC-CO 13560-89-9 Dechlorane Plus; Dechlorane 605 DP

DDC-DBF 31107-44-5 Dechlorane 602 Dec 602

DDC-Ant 13560-92-4 Dechlorane 603 Dec 603

HCTBPH 34571-16-9 Dechlorane 604 Dec 604

aCl,,DP Undecachloropentacyclooctadecadiene

aCl,,DP Decachloropentacyclooctadecadiene

DPMA Dechlorane Plus monoadducts

Table 2.29 Summary of Arctic media for which chlorinated flame retardants data have been reported. The brackets indicate that the compound was

sought, but not detected in the respective medium.

Atmosphere Terrestrial Freshwater Marine
Air Snow Soil Biota Water Sediment Biota Water Sediment Biota
DDC-CO X X X X X X X
DDC-DBF X X X X X X
DDC-Ant (x) X X X X X
HCTBPH X X X X X (x)
aCl,;;DP X X

DPMA
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2.3.2 Physical-chemical properties

DDC-CO is produced by the Diels-Alder condensation of
hexachlorocyclopentadiene (HCCPD) and 1,5-cyclooctadiene
(1,5-COD) in a 2:1 molar ratio. The resulting material comprises
two diadduct stereoisomers, syn- and anti-DDC-CQO, in a ratio
of about 1:3 (Figure 2.53) (Hoh et al., 2006). This means that the
theoretical proportion of anti-DDC-CO is 75% (Sverko et al.,
2011), while it was experimentally determined to be 65%
(Sverko et al., 2008).

Quantitative structure-activity relationship (QSAR) models
(Sverko et al., 2011; Feo et al., 2012) and voluntary testing of
DDC-CO by its manufacturer (EHSI, 2004) have indicated
that DDC-CO has physical-chemical characteristics typical of
other POPs, including high lipophilicity (log Kow ~9), resistance
to biodegradation, and bioaccumulation (log BAF ~5 in fish)
(EHSI, 2004; Sverko et al., 2011; Feo et al., 2012). Studies are
inconclusive with regard to the potential photodegradation of
DDC-CO: the manufacturer reported a photolytic half-life of
more than 24 years, however this was based on just one study
performed in water (EHSI, 2004). Sverko et al. (2008) found
indications of photodegradation of DDC-CO when dissolved in
solvents. The atmospheric half-life, based on gas phase reactions
and not considering particle-bound DDC-CO, was calculated
to be about 14 hours (Table 2.30).

In contrast, in a report by the UK Environment Agency, a
screening of persistence, bioaccumulation and toxicity (PBT)
criteria for DDC-CO concluded that the isomers were ‘not PBT’
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Figure 2.53 Isomers of DDC-CO: syn-DDC-CO and anti-DDC-CO.

Table 2.30 Environmental half-life estimates used in model calculations
of characteristic travel distance and overall persistence for DDC-CO and
other dechlorane analogs (Sverko et al., 2011).

Half-life in air, ~ Half-life in water, ~Half-life in soil,
hr hr hr
DDC-CO 13.68 4320 8640
DDC-DBF 18.26 4320 8640
DDC-Ant 18.40 4320 8640
HCTBPH 49.23 4320 8640
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Figure 2.54 Structure of DDC-DBF (Dechlorane 602), DDC-Ant
(Dechlorane 603), and HCTBPH (Dechlorane 604), after Bergman et al.
(2012).

(Brooke and Burns, 2010). While the persistence criterion was
considered provisionally met, the criteria of bioaccumulation
and toxicity were not.In an EU PBT assessment, DDC-CO was
‘believed to be persistent’ and it was concluded that DDC-CO
could bioaccumulate in fish (Pakalin et al., 2007).

There is a general lack of measured physico-chemical property
data for other dechloranes (Figure 2.54), but estimated values
have been derived using QSAR models (Sverko et al., 2011;
Feo et al., 2012). Overall, dechloranes are hydrophobic (water
solubilities <10 ng/L and log Kow >7), and have very low vapor
pressures (<10 Pa). Properties also vary slightly between
compounds. According to estimated properties, DDC-DBF
(C14sH4Cl11,0) has the highest water solubility; whereas
HCTBPH (Ci3HBr,Co) is the least volatile based on its higher
molecular weight and low vapor pressure. DDC-Ant (C,7H;Cl,»)
has properties intermediate between the two (Appendix 1)
(Sverko et al., 2011; Feo et al., 2012).

2.3.3 Sources, production, use and trends

DDC-CO was introduced in the mid-1960s as a replacement
for mirex (otherwise known as Dechlorane; C,,Cl;,) by Hooker
Chemical (now part of Occidental Chemical Corporation, or
OxyChem) (Hoh et al., 2006). DDC-CO is primarily used as
an additive flame retardant in thermoplastic materials such as
polyethylene, polyvinyl acetate, and polypropylene, where it can
be added at concentrations of 5-35% by weight (ECHA, 2007).
Major applications include industrial polymers used in wire
and cable coatings, plastic roofing materials, hard connectors
in television and computer monitors, and automotive lubricants
(Tomy et al.,2008c). Minor applications include use in polyester
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and epoxy resins (ECHA, 2007). Unlike its predecessor, mirex,
which was used as both a flame retardant and an insecticide,
no pesticide use has been reported for DDC-CO. DDC-CO
has been mentioned as a potential alternative to DecaBDE
(Lassen et al., 2006; Pakalin et al., 2007). These reports refer
back to information from the producer OxyChem.

At least two currently operational manufacturing plants
are known: the OxyChem facility at Niagara Falls, NY, USA
(Hoh et al., 2006) and the Jiangsu Anpon Electrochemical
Company, in Huaidn, China (Wang et al., 2010b). DDC-CO is
not produced in the European Union (ECHA, 2007).

DDC-CO is unregulated for use. It is considered a high
production volume chemical by the US EPA, meaning it is
produced or imported into the USA in quantities of 450-4500 t/y
(Sverko etal.,2011).It is currently classified as a low production
volume chemical in the EU, where an estimated 800 t/y are
used (metric tonnes assumed but not stated) (ECHA, 2007).
Sweden registered a use of 5 tonnes in 2006, after a decrease
from 11 tonnes in 2005 (Kaj et al., 2010). DDC-CO is listed on
Canada’s Domestic Substances List (DSL), meaning it has been
manufactured or imported in quantities of 0.1 ton or more
(Environment and Climate Change Canada, 2016a). Production
in China began in 2005 and is about 300 t/y (Wang et al.,2010a).

Similar to DDC-CO, DDC-DBF, DDC-Ant and HCTBPH
were also developed and manufactured by Hooker Chemicals
and Plastics, now known as OxyChem (Niagara Falls, NY,
USA). Although information on their production is scarce
(Sverko et al.,, 2011), sediment core analysis suggests they
have been in use since the 1970s (Shen et al., 2010, 2011a;
Yang et al., 2011). None of the three compounds are listed
as high production volume chemicals in Europe (OECD,
2009), and at present no information is available from the
USA. However, it is likely that DDC-DBF and HCTBPH are
currently still in use as evidenced by their presence on the
Non-Domestic Substances List published by Environment
and Climate Change Canada (Shen et al., 2014; Environment
and Climate Change Canada, 2016b). DDC-DBF is used
as a flame retardant in fiberglass-reinforced nylon-6, while
HCTBPH is used in silicone grease to lubricate metal-to-
metal and metal-to-plastic substrates (Sverko et al., 2011).
In contrast, no data on the production or use of DDC-Ant
are available, but it has been identified as an impurity in
formulations of organochlorine pesticides such as aldrin
and dieldrin (Shen et al., 2011b) and is generally thought
to have entered the environment through past use of these
legacy pollutants (Sverko et al., 2011). Although HCTBPH
has also been reported as an impurity in commercial products
of mirex (NTP, 1990), its presence in the environment, along
with DDC-DBF, is thought to be primarily derived from
direct commercial production and use (Sverko et al., 2011).

2.3.4 Transformation processes

Although several compounds related to DDC-CO have
been detected in a range of abiotic and biotic environmental
compartments, without targeted study it is difficult to establish
whether these compounds are byproducts of commercial
manufacturing or are the result of abiotic degradation and
biotransformation processes.
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As a diadduct compound, DDC-CO is susceptible to retro
reactions that revert the original compound to its monoadduct
forms, such as 1,3- and 1,5-Dechlorane Plus monoadducts
(1,3-DPMA and 1,5-DPMA) (Sverko et al., 2010). DPMAs
may also form as unintended byproducts in the production of
DDC-CO, as its starting material HCCPD reacts with feedstock
impurities (Sverko etal.,2011).In some cases, DPMAs have been
found in the environment and biota at higher concentrations
than DDC-CO (Guerra et al.,2011; Tomy et al., 2013), however,
results for Arctic media are sparse.

Dechlorinated analogs of DDC-CO have also been widely
detected in the environment and biota (Sverko et al., 2008,2010;
Guerra et al., 2011) but only at low levels in the Arctic thus far
(see Section 2.3.6). Decachloropentacyclooctadecadiene (anti-
Cl;0DP, aCl;,DP) and undecachloropentacyclooctadecadiene
(anti-Cl;,DP, aCl;,DP) (Figure 2.55) have been mostly
undetectable, but aCl;;DP was occasionally identified in
Arctic air (Moller et al., 2011a) although the origin of these
dechlorinated derivatives remain unclear.

In a small study targeting levels of legacy POPs and screening
for new contaminants in polar bears (Ursus maritimus) that
swam from Greenland to Iceland between 2008 and 2011,
DDC-DBF and a potential hydrodechlorinated metabolite
were identified in all samples (Vetter et al., 2015). An
unknown polyhalogenated compound with a mass spectrum
corresponding to DDC-DBF, but with a molecular mass
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Figure 2.55 Structure of DDC-CO related compounds: 1,3-DPMA, aCl,oDP,
and aCl;,DP.
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indicative of one less chlorine (C4HsCl;;0), was tentatively
identified as a potential transformation product of DDC-DBE

In another small study, Shen et al. (2012), identified a
monohydro-derivative of DDC-DBF in beluga (Delphinapterus
leucas) blubber from Hendrickson Island in the Canadian
Arctic. It was suggested that the derivative, p-Cl;;-DDC-DBF
(C1sHsCl1,0) is the result of photochemical degradation
(rather than biotransformation) of DDC-DBE Interestingly,
the isomer a-Cl;;-DDC-DBF was not detected in the beluga
samples, suggesting the 3-isomer may be more persistent or
bioaccumulative than other isomers of DDC-DBE.

2.3.5 Modeling studies

Available models indicate that DDC-CO and its analogs are not
readily biodegradable and have transport properties similar to
POPs (Wegmann et al., 2009; Sverko et al., 2011). Estimated
half-lives ranged from <1 day in air up to 360 days in soil
(Table 2.30). The OECD Screening Tool (Wegmann et al.,2009)
was also used to calculate the long-range transport potential and
overall persistence of DDC-CO and showed it to be comparable
to compounds already under regulation by the Stockholm
Convention (Figure 2.56) (Sverko etal.,2011). Owing to its high
log Kow, model calculations resulted in a low bioconcentration
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Figure 2.56 Characteristic travel distance and overall persistence (Pov) of
dechloranes compared to other environmental contaminants calculated
using the OECD Screening Tool assuming 100% of emissions to air and
water. Compounds represented include POPs (a-hexachlorocyclohexane,
hexachlorobenzene, CB-28, CB-101, CB-180); non-POPs (atrazine,
biphenyl; p-cresol); hexabromocyclododecane (HBCDD); DDC-CO and
dechlorane analogs (DDC-DBE, DDC-Ant, HCTBPH and Chlordene-Plus).
(Sverko et al., 2011).
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factor for DDC-CO, with the result that DDC-CO was not
among the most persistent and bioaccumulative compounds
with potential for long-range transport (Muir and Howard,
2006). However, the authors pointed out that this had been
overruled by monitoring data. In a subsequent study, Howard
and Muir (2010) identified 610 compounds with potential
for persistence and bioaccumulation and classified DDC-CO
among the top ten chlorinated compounds.

Models indicate that similar to DDC-CO, dechlorane analogs
are not readily biodegradable and that the half-lives in water
and soil are considerable (Table 2.30) (Sverko et al., 2011).
Although most have half-lives in air of less than two days,
which does not meet the Stockholm Convention screening
criterion for long-range transport, the estimates reported are
considered conservative as they are based on the gas phase of
air only, when data suggest dechloranes are predominantly
(>99%) particle-bound (Méller et al., 2010).

The OECD Screening Tool (Wegmann et al., 2009) was also
used to calculate the long-range transport potential and overall
persistence of dechloranes in comparison to benchmark
chemicals, such as other POPs (Figure 2.56) (Sverko etal.,2011).
Although the results are based on estimates of environmental
half-lives, rather than measured values, model results generally
suggest that, similar to DDC-CO, the dechlorane analogs have
transport and persistence properties similar to compounds
already under regulation by the Stockholm Convention.

2.3.6 Environmental concentrations

2.3.6.1 Air and precipitation

Measurements of DDC-CO in air showed both isomers were
mainly associated with particles (Hoh et al., 2006). For several
studies, the concentration of DDC-CO in Arctic air was
consistently comparable to that of the major polybrominated
diphenyl ether (PBDE) congeners (Méller et al., 2010; Xiao et al.,
2012a; Hung et al., 2013a; Salamova et al., 2014), which confirms
significant long-range transport of DDC-CO to the Arctic.

DDC-CO was included in the air monitoring at Alert
(Nunavut, Canada) in 2007 and detected in 11 of 14 samples,
corresponding to a detection frequency of 79% (Xiao et al.,
2012a; Hung et al., 2013a). Concentrations of total DDC-CO
ranged from <0.05 to 2.1 pg/m?, and concentrations of syn-
and anti-DDC-CO averaged 0.18 and 0.57 pg/m’, respectively.
However, from 2008 to 2012, the syn-isomer was not detectable
in most samples (annual detectability of <15%). The anti-
isomer was detectable in 63% and 90% of samples in 2008
and 2009 with average concentrations of 0.075 and 0.058 pg/m’,
respectively. However, detectability decreased to <30% of
samples between 2010 and 2012 with concentrations ranging
from below the detection limit (<MDL) to 0.20 pg/m°. Higher
concentrations were observed at Longyearbyen (Svalbard,
Norway) where particle phase atmospheric concentrations of
DDC-CO were determined between September 2012 and May
2013 (Salamova et al., 2014). The detection frequency was 91%
for each isomer, and mean concentrations were 0.29 pg/m’
(syn-DDC-CO) and 1.1 pg/m’ (anti-DDC-CO). The median
concentrations were lower at 0.22 pg/m’ (syn-DDC-CO) and
0.55 pg/m’ (anti-DDC-CO), while maximum concentrations
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were 0.91 pg/m® (syn-DDC-CO) and 4.2 pg/m? (anti-DDC-CO)
(Salamova et al., 2014). Concentrations of anti-DDC-CO were
not statistically different from those of the most abundant
PBDE congeners (BDE-47, BDE-99, BDE-209).

At the Yukon station of Little Fox Lake, from August 2011 to
December 2014, syn- and anti-DDC-CO were detectable in
100% of samples at total concentrations of 0.01-1.8 pg/m?,
with means of 0.11 pg/m’ (syn-DDC-CO) and 0.14 pg/m’
(anti-DDC-CO) (see Figure 2.42) (Yu et al., 2015). Syn- and
anti-DDC-CO were highly correlated (r=0.967, p<0.0001),
indicating that they had the same source regions and fate
pathways. They were also weakly correlated with BDE-47
and BDE-99, but not correlated with other non-BDE flame
retardants. DDC-DBF was detectable in over 75% of samples
collected at concentrations of 0.004-0.060 pg/m* (median:
0.016, mean: 0.021). HCTBPH was only detected in 2014 at
concentrations of 0.018-0.119 pg/m’ (median: 0.076 pg/m’,
mean: 0.071) at 21.4% detectability (Yu et al., 2015).

A single maximum concentration of 4.1 pg/m’® (for
syn-DDC-CO) was also observed in air over the East Greenland
Sea, while the corresponding concentration of anti-DDC-CO
was 0.14 pg/m’, i.e. a pattern deviating from that at Alert
and Svalbard (Moller et al., 2010). Analysis of air mass back
trajectories showed mixed air from the Atlantic Ocean, the
Arctic Ocean and Greenland. Other concentrations (in the
particle phase) were 0.01-0.24 pg/m’ for syn-DDC-CO and
0.01-0.07 pg/m’ for anti-DDC-CO, which is also different from
the isomer composition at Svalbard (Salamova et al., 2014).
Moller et al. (2010) reported that about 80% of each isomer was
associated with particles, but that the finding of DDC-CO in
the gas phase could be an artifact of binding to small particles
that can pass through the glass fiber filter.

In air samples collected north of 60°N on a cruise from East Asia
to the Arctic in summer 2010, concentrations in the Chukchi/
Bering Sea were relatively low, in general <0.1 pg/m®, with the
exception of one gaseous sample of 0.17 pg/m’ (syn-DDC-CO)
and 0.25 pg/m’ (anti-DDC-CO) (Moller et al.,2011a) (Table 2.31).
Although the maximum concentration was observed in a gas
phase sample, the authors again highlighted that DDC-CO mainly
occurred in the particle phase. DDC-DBF and DDC-Ant were not

Table 2.31 Atmospheric concentration ranges for DDC-CO and other
dechloranes measured in gas and particle phases of the atmosphere along
a cruise from East Asia to the Arctic at stations north of 60°N from June
to September 2010 (Moller et al., 2011a).

Compound Gas phase, pg/m® Particle phase, pg/m?
syn-DDC-CO 0.01-0.17 0.01-0.08
anti-DDC-CO <0.003-0.25 0.01-0.05

fani* 0.23-0.59 0.21-0.56
DDC-DBF <0.003 <0.011
DDC-Ant <0.047 <0.065
HCTBPH <0.008 <0.008-0.05
aCl;,DP <0.002-0.003 <0.002

*Fractional abundance of anti-DDC-CO, one gas-phase sample excluded
with only syn-DDC-CO detectable.
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detectable in either gas or particle phase samples (Moller et al.,
2011a). HCTBPH was non-detectable in either the gas or particle
phase samples in general, but was detected in one particle phase
sample at 0.05 pg/m’ collected at the most southerly site in the
Arctic (62.64°N, 175.12°E) (Table 2.31).

For monthly air samples collected at Villum Research Station
(Station Nord, northeast Greenland) in 2012, the detection
frequency of syn- and anti-DDC-CO was 46%, with mean
concentrations of 2.32 pg/m® (syn-DDC-CO) and 5.24 pg/m’
(anti-DDC-CO) (Vorkamp et al., 2015).

Several studies have addressed the anti/syn ratio of the DDC-CO
concentrations, often expressed as the fraction of anti-DDC-CO,
i.e. foui = anti/(syn + anti), based on concentrations. Thus, an
anti/syn ratio of 3 corresponds to f,,;=0.75, which is what is
found in the technical product (Sverko et al., 2011). Other
studies have given f,. of the technical product as 0.65-0.80
(Sverko et al., 2008; Na et al., 2015).

The studies in Canada, Svalbard and Greenland have in common
that anti-DDC-CO was the main isomer (Xiao et al., 2012a;
Salamova et al., 2014). While f,,; could vary widely between
individual measurements, it often averaged close to 0.75. In
the monitoring at Alert, f,.; ranged from 0.54 to 0.93, with an
average of 0.72 (Xiao et al.,2012a; Hung et al., 2013a). Similarly,
foni was between 0.43 and 0.90 at Longyearbyen, with an average
of 0.75 (Salamova et al., 2014). In East Greenland, f.,.; ranged
from 0.56 to 1.0 and was 0.72 on average (Vorkamp et al.,2015).
At the Yukon station of Little Fox Lake, a small change in the
anti/syn ratio was observed over time: f,,; for the first year
was 0.61 and decreased in the second (0.56) and third (0.51)
year together with the overall concentrations of DDC-CO,
indicating that this site may have been more influenced by local
emissions in the first year (Yu etal.,2015). In the East Greenland
Sea and the Chukchi/Bering Sea, however, syn-DDC-CO was
often the main isomer and the authors discussed possible
stereoselective photodegradation of anti-DDC-CO as an
explanation (Moller et al., 2010, 2011a).

DDC-CO has also been analyzed in passive air samples of the
Global Atmospheric Passive Sampling (GAPS) network, which
includes several Arctic stations in Alaska, Canada, Svalbard and
Iceland. For DDC-CO, concentrations in Alaska were higher
than in Europe and exceeded 50 pg/m’ (Hung et al., 2013a).
The authors noted that this was surprisingly high considering
the low population density in this region. Although passive
samplers usually sample from the gas phase and several studies
have highlighted the association of DDC-CO with particles,
the GAPS network samplers were found to also collect
particles, representative in size and number of ambient air
(Markovic et al., 2015).

In 2009-2010, at two Swedish Arctic/subarctic sites, Newton et al.
(2014) detected DDC-CO in bulk atmospheric deposition
samples (precipitation + dry particles) with mean fluxes
(+ standard deviation) of 22+21 ng/m?month at Abisko and
1.1+0.52 ng/m?*/month at Krycklan. There were differences in the
proportions of the two DDC-CO isomers at the two stations: the
fraction of anti-isomer f,,; was 0.62+0.18 of the total DDC-CO
at Krycklan and only 0.25+0.07 at Abisko. The fraction at the
more southerly site of Krycklan is closer to the composition of
the technical mixture, indicating that it is closer to a source of
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DDC-CO (possibly the city of Umea). The authors discussed that
the greater fluxes at Abisko compared to Krycklan might be due
to scavenging processes and air transport pathways rather than
proximity to sources. Monthly fluxes of DDC-CO at Krycklan
were comparable to those reported for Pallas in northern Finland
(0.52-0.76 ng/m*/month) (Kaj et al., 2010).

Meyer et al. (2012) analyzed DDC-CO in the Devon Ice Cap,
but both isomers were generally non-detectable, with only one
detectable concentration (48 pg/L) and this was found at the
600-650 cm depth in the 2008 snow pit.

2.3.6.2 Terrestrial environment

DDC-CO (syn- and anti-isomers), DDC-DBF, DDC-Ant
and HCTBPH were measured in various environmental
matrices, including soil, moss and reindeer dung, collected in
July 2012 from Ny-Alesund, Svalbard (Figure 2.57) (Na et al.,
2015). For DDC-CO, concentrations were lowest in moss,
at 0.1-2.5 pg/g dw (syn-DDC-CO) and <MDL-0.9 pg/g dw
(anti-DDC-CO). Total DDC-CO concentrations in soil and
reindeer dung were higher and more comparable; however
levels and ratios of the respective isomers differed. In soil,
average concentrations were 284 pg/g dw (range 94-1010) for
syn-DDC-CO and 42 pg/g dw (range 12-105) for anti-DDC-
CO, with an f,,; ratio of 0.18. In comparison, reindeer dung
exhibited average concentrations of 87 pg/g dw (range 3.5-368)
for syn-DDC-CO and 171 pg/g dw (range 1.7-524) for anti-
DDC-CO, with an f,,; ratio of 0.66. The authors attributed the
differences in f,; to the source of DDC-CO to soil and reindeer,
with the low ratio observed in soil potentially indicating a long-
range transport source with photodegradation and microbial
transformation occurring during deposition. Correspondingly,
the higher f..; observed in reindeer dung is more similar to
that found in commercial products (0.65-0.80), indicating a
potential local source of DDC-CO.

For other dechloranes, levels were lowest in moss and highest in
reindeer dung and HCTBPH was found at higher concentrations
than DDC-DBF or DDC-Ant (Figure 2.57). Reindeer dung
exhibited the highest HCTBPH concentrations of the terrestrial
samples (12-142 pg/g dw). Concentrations of DDC-DBF

Dechloranes in seawater, pg/L
Dechloranes in other matrices, pg/g dw

1000 7 M syn-DCC-CO
anti-DDC-CO
B DDC-DBF
B DDC-Ant
100 ~

HCTBPH

0.1

Reindeer
dung

Seawater Sediment Soil Moss

Figure 2.57 Mean concentrations of dechloranes measured in various
terrestrial matrices from Ny-Alesund, Svalbard (based on Na et al., 2015).
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(<MDL-17 pg/g dw) and DDC-Ant (<MDL-5.5 pg/g dw) were
significantly lower. HCTBPH was also found in all soil samples
(1.4-73 pg/g dw), whereas DDC-DBF (<MDL-2.8 pg/g dw) and
DDC-Ant (<MDL-8.6 pg/g dw) were measured in about 80% of
samples. While DDC-DBF was not detected in moss, DDC-Ant
(<MDL-0.9 pg/g dw) and HCTBPH (<MDL-0.4 pg/g dw) were
identified in 25% and 87% of samples, respectively.

2.3.6.3 Freshwater environment

No data available.

2.3.6.4 Marine environment

Seawater and sediment

Measurements in seawater have confirmed the air observations
of DDC-CO being mainly associated with particles. In the
East Greenland Sea, particle-bound DDC-CO accounted for,
on average, 97% of syn-DDC-CO and 80% of anti-DDC-CO
(Moller et al., 2010). Concentrations were <0.002-0.86 pg/L
(syn-DDC-CO) and <0.002-0.38 pg/L (anti-DDC-CO).

On a cruise from East Asia to the Arctic in summer 2010, the
predominance of particle-bound DDC-CO in seawater from
the Chukchi/Bering Sea was not as clear, with generally low
concentrations of syn-DDC-CO (<0.011 pg/L) and anti-DDC-
CO (<0.008 pg/L) (Moller et al., 2011a). As discussed for the
corresponding air samples of these studies, an enrichment of
syn-DDC-CO was also observed in seawater (Moller et al., 2010,
2011a). The authors reasoned that the seawater concentrations
were a result of dry deposition, which would be reflected in
similar isomer compositions for air and seawater. DDC-DBE,
DDC-Ant and HCTBPH were mostly non-detectable in
seawater samples collected north of 60°N, but were quantifiable
in a few isolated samples (Moller et al., 2011a). Of the three
dechlorane analogs in the dissolved phase, the most frequently
detected was DDC-Ant, being found in four of the nine samples
(0.007-0.192 pg/L) and was also detected at the most northerly
location at 75.46°N. HCTBPH was detected in two samples
(0.016 and 0.046 pg/L), while DDC-DBF was only detected in
one (0.021 pg/L). HCTBPH was the only compound detectable
in the particle phase, at 0.016 pg/L.

DDC-CO, DDC-DBE, DDC-Ant and HCTBPH were also
measured in seawater and sediment collected concurrently
from Kings Bay, Svalbard in July 2012 (Figure 2.57) (Na et al.,
2015). DDC-CO was detected in all seawater and sediment
samples analyzed. Concentrations in seawater were 22-116 pg/L
(syn-DDC-CO) and 13-88 pg/L (anti-DDC-CO). Total
dechloranes, which included both DDC-CO isomers as well
as dechlorane analogs, DDC-DBE, DDC-Ant and HCTBPH,
were highest in seawater found near the inlet of Kings Bay,
suggesting that glacial melt water and freshwater input is a
potential source of dechloranes to seawater. Concentrations
in sediment were 85-648 pg/g dw (syn-DDC-CO) and
23-228 pg/g dw (anti-DDC-CO). Sediment concentrations
did not follow the same spatial pattern observed for seawater,
suggesting other factors influence the deposition of DDC-CO
isomers to sediment. HCTBPH was detected in all seawater
samples (25-106 pg/L), at concentrations similar to those for
syn-DDC-CO. Conversely, DDC-Ant was detected in just 37.5%
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of seawater samples (<MDL-6.3 pg/L) and DDC-DBF was
not detectable in any samples. Sediment samples analyzed as
part of the same study in Kings Bay, detected DDC-Ant and
HCTBPH in all samples, and DDC-DBF in 88% of sediment
samples analyzed.

Biota

Few studies have screened or reported DDC-CO and dechlorane
analogs in Arctic biota. A screening study of the Nordic
environment included biota samples from the Faroe Islands
(black guillemot Cepphus grylle eggs, Arctic char Salvelinus
alpinus muscle and Atlantic cod Gadus morhua liver) as well
as cod liver and blue mussels (Mytilus edulis) from Iceland
(Schlabach et al., 2011). All samples were pools of several
individuals. The fish liver and muscle samples had DDC-CO
concentrations that were below detection limits of about 0.03
and 0.004 ng/g wet weight (ww), respectively. DDC-CO was
also not detected in blue mussel, at detection limits of about
0.004 ng/g ww. However, DDC-CO was detectable in black
guillemot eggs from the Faroe Islands, with concentrations
of about 0.01-0.02 ng/g ww (anti-DP) and <0.008-0.009
(syn-DDC-CO). Thus, the anti > syn ratio was also observed
in these biota samples.

DDC-CO was sought in ringed seal (Pusa hispida) and beluga
(Delphinapterus leucas) blubber from the Canadian Arctic and
in liver of Greenland shark (Sommniosus microcephalus) from
around Iceland (Shen et al., 2012; Muir et al.,2013b; Strid et al.,
2013). None of these studies found DDC-CO above detection
limits. Syn- and anti-DDC-CO isomers have been routinely
screened for in fat samples of western and southern Hudson Bay
polar bears each year over the period 2007-2014, and similar
to ringed seal and beluga from the Canadian Arctic, neither
DDC-CO isomer was consistently detected (Letcher et al.,
2018). However, eggs collected from common eider (Somateria
mollissima), European shag (Phalacrocorax aristotelis) and
herring gull (Larus argentatus) from two remote islands, Sklinna
and Rest, north of 65°N on the Norwegian coasts had DDC-CO
levels of <MDL-0.08 ng/g ww (Huber et al.,2015). In addition,
a 2012 survey of wildlife from East Greenland that included
black guillemot eggs, glaucous gull (L. hyperboreus) liver,
ringed seal blubber, and polar bear fat detected syn-DDC-CO
and anti-DDC-CO in 85% and 100% of samples, respectively
(Vorkamp et al., 2015) (Table 2.32). Concentrations in black
guillemot eggs as well as the f,,; ratio were similar to results for
black guillemot eggs from the Faroe Islands (Schlabach et al.,
2011). The f,,.; values were all similar to that of the technical
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product and not statistically different from each other. Studies
from outside the Arctic indicate a stronger biomagnification of
the syn-isomer than the anti-isomer (Wu et al.,2010), but more
data are needed to understand the trophic transfer of DDC-CO.

Dechlorane analogs have also been detected in a few samples of
marine biota. Fat samples of western Hudson Bay polar bears
collected in the period 2012-2013, were screened for several
dechlorane-like norbornene derivatives as well as structurally
related mirex (Dechlorane) and photomirex (a photodegradation
product of mirex). DDC-DBF and DDC-Ant were quantifiable
at2.5+2.4 and 0.3+0.2 ng/g Iw, respectively (Letcher et al., 2018.).
Concentrations of DDC-DBF and DDC-Ant were the same
as for mirex (2.8+2.5 ng/g Iw) and less than for photomirex
(11£9 ng/g lw). Vetter et al. (2015) also identified DDC-DBF
and its tentative metabolite in all four samples of a screening
study of polar bears from East Greenland.

In a study of beluga sampled in 2000 and 2010 from Hendrickson
Island in the Canadian Arctic, DDC-DBF and -Cl;;-DDC-
DBE a monohydro-derivative of Dechlorane 602, were found in
all eight blubber samples, even though DDC-CO,DDC-Ant and
HCTBPH were undetectable (Shen et al.,2012). Concentrations
of DDC-DBF and B-Cl;;-DDC-DBF were similar, ranging from
80 to 300 pg/g Iw and 25 to 210 pg/g Iw, respectively.

2.3.7 Environmental trends

2.3.7.1 Spatial trends

Following a latitudinal transect in the East Greenland Sea,
Moller et al. (2010) observed decreasing air concentrations
of DDC-CO with increasing latitude. This trend was not
reflected in the seawater samples, which were highest in the
northernmost samples. The analysis of air mass back trajectories
showed a mix of oceanic, Arctic and continental air masses.
The higher levels of DDC-CO in seawater observed at some
northern sites were probably due to water masses originating
from the Atlantic and Arctic Oceans, in combination with
freshwater inputs from melting land ice (Moller et al., 2010).
Both water and air concentrations were higher at stations near
the coast than in the open sea.

Decreasing DDC-CO concentrations with increasing latitude
were also observed in the Chukchi/Bering Sea, however,
concentrations were near detection limits (Méller et al., 2011a).
The authors also observed correlations with PBDEs, possibly
indicating the same source regions.

Table 2.32 Concentrations of DDC-CO in biota from Greenland (Vorkamp et al., 2015).

Species Tissue Mean (range), ng/g ww

n Syn-DDC-CO Anti-DDC-CO fanti
Black guillemot Egg 4 0.014 (0.005-0.030) 0.067 (0.010-0.19) 0.76 (0.67-0.86)
Glaucous gull Liver 4 0.023 (0.010-0.041) 0.11 (0.066-0.18) 0.83 (0.77-0.88)
Ringed seal (East Greenland) Blubber 5 0.096 (<0.013-0.42) 0.42 (0.035-1.84) 0.84 (0.74-0.96)
Ringed seal (West Greenland) Blubber 4 0.019 (0.014-0.030) 0.071 (0.053-0.083) 0.80 (0.73-0.85)

Polar bear Adipose 5

0.021 (0.013-0.030)

0.055 (0.028-0.079) 0.72 (0.66-0.76)
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DDC-CO was not statistically different in ringed seal
samples from East and West Greenland although a significant
geographical difference was observed for various POPs and
some novel brominated flame retardants (Vorkamp et al., 2008,
2015). More data will be needed to derive spatial trends in biota.

No spatial data were available for dechlorane analogs.

2.3.7.2 Temporal trends

No data available.

2.3.8 Conclusions

DDC-CO and its analogs are currently unregulated, yet
demonstrate similar properties to POPs, including long-range
transport to the Arctic. DDC-CO has consistently been detected
in Arctic air. The majority of studies have found an anti/syn ratio
similar to that of the technical product, but deviations have
been reported. Inconclusive observations exist as to whether
the anti/syn ratio changes with distance from potential sources
of DDC-CO.

Although detection in Arctic biota is inconsistent, several recent
studies have shown the presence of DDC-CO in terrestrial and
marine fauna, including reindeer, seabirds, seals, beluga and
polar bears. Concentrations were generally low and challenge
analytical detection limits.

Additional monitoring studies are needed to understand the
significance of these compounds to the Arctic, specifically
regarding freshwater systems for which data are lacking.
Including dechlorane transformation products (e.g.
dechlorinated derivatives and monoadducts) in screening
studies would be useful, because these related compounds have
been identified, but not widely screened for in Arctic media and
biota, thus their origin and significance remain unclear. Lastly,
given the recent detection of dechloranes in apex predators
of the Arctic, targeted isomer-specific studies to assess the
bioaccumulation potential of these compounds are warranted.

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern
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2.4 Organophosphate-based flame retardants and plasticizers

AUTHOR: ROBERT LETCHER

CoNTRIBUTORS: CYNTHIA DE WIT, HAYLEY HUNG, DEREK MUIR, KATRIN VORKAMP

2.4.1 Introduction

Organophosphate esters (OPEs) have been used for a long time
as flame retardant and plasticizer chemicals (van der Veen and
de Boer, 2012). Aspects of OPE chemistry are informed by the
structurally similar organophosphate pesticides for which there
is more information. A major group of OPE chemicals are the
organophosphate triesters (OP triesters), with various sidechain
groups (Figure 2.58). Generally, OPEs that are halogenated are
used as flame retardants, while those without halogens are used as
plasticizers. However, some OPEs are used in both applications.
Aryl OPE:s are also used as hydraulic oils and as performance
additives to engine oils. Tris(2-butoxyethyl) phosphate (TBOEP)
is an example of an OPE that is used in floor polish and waxes, etc.

For the purposes of this section, the OP triesters used
predominantly as flame retardants are referred to as PFRs in
accordance with nomenclature suggested by Bergman et al.
(2012). In addition to OPEs, other abbreviations seen in
the literature are OPFRs and OP triester FRs. PFRs are high
production volume chemicals, in use since the 1970s, that
are added to plastics, foams, textiles, floor polishes, waxes
and furniture (Marklund et al., 2005; Reemtsma et al., 2008;
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Figure 2.58 Generic chemical structure (left figure) of organophosphate
triester flame retardants (also referred to as phosphate flame retardants;
PFRs), where the R-substituents can be one of many alkyl groups, which may
also be aryl and/or halogenated. On the right is a representative PFR, namely
triphenyl phosphate (TPHP). Hydrogen atoms have been omitted for clarity.

Berghetal.,2011; van der Veen and de Boer, 2012). In recent years,
it has been suggested that the production and use of certain PFRs
are increasing, coincident with the regulation and phase-out of
many brominated flame retardant (BFR) substances, for example
polybrominated diphenyl ethers (PBDEs) such as penta-BDEs
and hexabromocyclododecane (HBCDD) (Reemtsma et al.,
2008; Schreder et al., 2016). Organophosphate flame retardants
and plasticizers that have been shown to be or are predicted
to be environmentally relevant are listed in Table 2.33, while

Table 2.33 Summary of organophosphate flame retardants and plasticizers (PFRs) that have been shown to be or are predicted to be environmentally relevant.

PFRs* Abbreviation CAS#
Tris(2-chloroethyl) phosphate TCEP 115-96-8
Tripropyl phosphate TPrP 513-08-6
Tris(2-chloroisopropyl) phosphate® TCIPP 13674-84-5
Tris(1,3-dichloro-2-propyl) phosphate TDCIPP 13674-87-8
Triphenyl phosphate TPHP 115-86-6
Tris(2,3-dibromopropyl) phosphate TDBPP 126-72-7
Tributyl phosphate TBP 126-73-8
Tricresyl phosphate TMPP 1330-78-5
2-Ethylhexyl-diphenyl phosphate EHDPP 1241-94-7
Tris(2-butoxyethyl) phosphate TBOEP 78-51-3
Tris(2-bromo-4-methylphenyl) phosphate T2B4MP 35656-01-0
Tris(4-bromo-3-methylphenyl) phosphate T4B3MP 35656-01-0
Tris(3-bromo-4-methylphenyl) phosphate T3B4MP 35656-01-0
Tris(2-ethylhexyl) phosphate TEHP 78-42-2
Tris(tribromoneopentyl)phosphate TTBP 19186-97-1
Triethyl phosphate TEP 78-40-0
2,2-bis(chloromethyl_propane-1,3-diyl tetrakis(2-chloroethyl)bis(phosphate) S 38051-10-4
Tri-n-butyl phosphate TNBP 126-73-8
Triisobutyl phosphate TIBP 126-71-6
Butyldiphenyl phosphate DPhBP 2752-95-6

*See Bergman et al. (2012) for a complete listing of PFR triester chemical abbreviations. *TCIPP represents tris(2-chloroisopropyl) phosphate as indicated;
however, there are seven additional structural isomers of TCIPP with unique CAS# (i.e. 26248-87-3, 76025-08-6, 76649-15-5, 6145-73-9, 137909-40-1,
137888-35-8 and 1067-98-7). See van der Veen and de Boer et al. (2012) for isomer details.
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Table 2.34 Summary of Arctic media for which organophosphate flame retardants or plasticizers have been reported.

Atmosphere Terrestrial Freshwater Marine
Air Snow Soil Biota Water Sediment Biota Water Sediment Biota

TCEP X X X
TCIPP X X X
TDCIPP X X X
TPHP X X X
TBP X X 3
TMPP X
EHDPP X X
TBOEP X X X
TEHP X X
TNBP X

TIBP X X
DPhBP X

Table 2.34 lists PFRs for which there is published literature
reporting the screening of levels in media from somewhere in
the Arctic environment.

2.4.2 Physical-chemical properties

Following the phase-out of PBDEs, due to their persistent,
bioaccumulative and toxic properties, PFRs (Figure 2.58,
Table 2.33) are increasingly used as alternative flame retardants
in many products (van der Veen and de Boer, 2012). In most
cases, PFRs are dispersed into the host material but are not
chemically bound, and thus can be released from the host
material into the surrounding environment. There is wide
variation in physical-chemical properties of PFRs.

PFR water solubility decreases with increasing molecular
mass. Reemtsma et al. (2008) commented that most PFRs are
hydrolytically stable at neutral pH, although this contrasts with
OP triesters used as insecticides, which are more hydrolytically
unstable. PFR properties of high solubility, relatively high vapor
pressures and general resistance to hydrolysis at neutral pH
imply relatively high mobility. This is very important when
assessing the fate of PFRs with respect to the Arctic. However,
in an examination of environmentally relevant PFRs (including
those reported in Arctic media), Su et al. (2016) reported on
PFR hydrolytic stability at neutral and more basic pH conditions
for 16 of the PFRs listed in Table 2.33. Six PFRs (including
TPHP, TMPP and TBOEP) showed significant degradation
progressing from pH=7 to pH=11 aqueous solutions, over a
35-day period. For 14 PFRs, the hydrolysis half-lives) ranged
from 0.0053 days (TPHP) to 47 days (TPrP). A mass balance
showed that PFRs that degraded with increasingly basic pH,
were mostly transformed to their corresponding OP diester
phosphoric acid products. Where hydrolysis half-lives are equal,
the PFRs with lower molecular mass are more likely to be found
in the aquatic environment than those with higher molecular
mass, which is confirmed by the log K, values of the PFRs.

Most of the PFRs have a positive log K, value, which means
they are more lipophilic than hydrophilic. Log K, values for
PFRs range from 0 to 10 (van der Veen and de Boer, 2012). The
wide range of Henry’s law constant values for PFRs indicates
that their distribution in air and water, such as in the oceans,
is predicted to be highly variable. There is also a great variety
in vapor pressures and bioconcentration factors (BCFs). The
vapor pressure at 25°C ranges from 1.9 mm Hg for dimethyl
phosphonate (DMHP) to 21 mm Hg for tetrakis-hydroxymethyl
phosphonium sulfate (THPS). Predicted BCFs range from
1.37 for tris(2-chloroethyl) phosphate (TCEP) to 1000 000 for
trioctyl phosphate and tris(2-ethylhexyl) phosphate (TEHP)
(van der Veen and de Boer, 2012).

Overall, there are substantial uncertainties in the physical-
chemical properties of PFRs, and not many measured
values have been reported. PFR vapor pressures have been
reported by Brommer et al. (2014). Also, estimates of physical-
chemical properties based on Quantitative Structure-Activity
Relationships (QSARs) have been reported using EPI Suite,
SPARC and Absolv, but there is high variability between
estimates for individual PFRs (e.g. air-water partition
coeflicients) obtained from these estimation programs. One
reason is that the PFRs were not well represented in the training
sets for the QSARs (e.g. for EPI Suite) (Zhang et al., 2016).

2.4.3 Sources, production, use and trends

PFRs have been in use for several decades, and contemporary
production of PFRs has been continuous and in high volume.
For example, the estimated annual consumption of PFRs in
Western Europe increased from about 83000 t/y in 2001 to
91000 t/y in 2006 (Reemtsma et al., 2008). Production volumes
for tris(1,3-dichloro-2-propyl) phosphate (TDCIPP), TPHP,
and TCIPP in the USA increased from 500—-5000 t in 1990 to
5000—25000 t in 2006 for each of these chemicals (US EPA,
2012). Schreder et al. (2016) estimated that chlorinated PFR
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production (TDCIPP, TCIPP and TCEP) in the USA increased
from less than 14 000 t/y in the mid-1980s to about 38000 t/y in
2012. This increasing production is consistent with reports of
very high atmospheric concentrations at sites near urban areas.
Specifically, Salamova et al. (2014) reported exceptionally high
total atmospheric PFR levels of up to 2100+400 pg/m’in the
particle phase of air samples from sites in the North American
Great Lakes basin. XPFR concentrations mainly comprised
TCEP, TCIPP, and TDCIPP. XPFR concentrations were about
2-3 orders of magnitude higher than all BFRs combined in
similar samples. Similarly, relatively high concentrations of
PFRs have been reported in Arctic air (see Section 2.4.6).

2.4.4 Transformation processes

There have been few reports on the abiotic and biotic
degradation of PFRs in the environment, which means such
information that does exist is of great importance when
assessing the fate of PFRs in the Arctic. With respect to abiotic
transformation, Reemtsma et al. (2008) concluded that most
PFRs are hydrolytically stable at neutral pH. However and
as mentioned earlier, PFRs are known to be susceptible to
hydrolysis as a function of increasingly more basic pH (Su et al,
2016). Liu et al. (2014) reported on heterogeneous reactions
between OH radicals and PFRs coated on inert particles. The
degradation of these particle-bound PFRs was observed as a
result of OH radical exposure, and second-order rate constants
were derived for the heterogeneous loss of TPHP, TEHP, and
TDCIPP. Atmospheric lifetimes were estimated to be 5.6
(TPHP), 4.3 (TEHP) and 13 (TDCIPP) days. This OH radical
oxidation was consistent with the assumption that PFRs can
undergo medium- or long-range transport.

There is a growing number of reports on the biotic degradation
of PFRs. Data are limited but there are new studies that strongly
suggest that PFR residue concentrations in tissues and other
body compartments (e.g. blood) and eggs of exposed wildlife
are much lower than reported in abiotic environmental samples.
This is largely attributed to rapid PFR metabolism in exposed
wildlife and fish. The dearth of PFR triester metabolism data
has until recently been largely due to an absence of analytical
methods for determining PFR diester metabolites and other
metabolites in biological samples. Su et al. (2014b) published
a method for PFR diesters, applicable to biological samples of
varying complexity, for example bovine serum, chicken egg
homogenate and pork liver. This method was subsequently
applied to plasma samples of six herring gulls (Larus argentatus)
(2010, Chantry Island, Laurentian Great Lakes), which were
found to contain TPHP and TDCIPP as well as the PFR
diesters, bis(1,3-dichloro-2-propyl) phosphate (BDCIPP), bis-
(2-butoxyethyl) phosphate and di(2-ethylhexyl) phosphate, in
the ranges 0.7-3.5,0.08-29.4 and below detection 0.18 ng/g ww,
respectively (Su et al., 2014b).

There is further evidence that the fate and resulting tissue
residue levels of PFRs in biota are influenced by degradation/
transformation processes such as metabolism. Several in
vitro and in vivo studies have shown that PFR diesters were
primary metabolites of PFRs. For instance, BDCIPP was the
major metabolite in TDCIPP-exposed Wistar-Han rat liver
microsomes (Chu et al., 2011), and the major metabolite

eliminated in urine was also BDCIPP in TDCIPP-exposed rats
(Lynn etal., 1981). A recent study investigated the metabolism
of five PFRs following incubation with human liver S9 fraction
and microsomes, and OP diesters were identified as one of the
major metabolite groups after treatment with TPHP, TCEP
and TDCIPP (Van den Eede et al., 2013). Su et al. (2014a)
investigated the in vitro metabolism of TPHP by use of a
chicken embryonic hepatocyte (CEH) assay. After 36 hours
of exposure, rapid degradation of TPHP was observed in
CEH exposed to 10 uM, but the resulting concentration of
diphenylphosphate (DPHP) accounted for only 17% of the
initial TPHP dosing concentration. Monohydroxylated-TPHP
(OH-TPHP) and two (OH),-TPHP isomers were identified in
TPHP-exposed CEH, and concentrations of these metabolites
increased over a 36-hour period. In a follow-up study, Su et al.
(2015) reported the phase I hydroxylation and phase II
conjugation metabolic pathways (either in vitro or in vivo)
of TPHP. They also reported DPHP metabolite formation
using the same CEH assay. TPHP was phase I metabolized
to p- and m-hydroxy-TPHP metabolites, which were largely
present in the assay medium and cells as phase II conjugates
with glucuronic acid. Overall, in TPHP-exposed organisms,
this study demonstrated the importance of phase I and II
metabolic processes in the biological fate of TPHP. Greaves et al.
(2016a) studied the in vitro biotransformation and kinetics
of six environmentally relevant PFRs (TNBP, TBOEP, TPHP,
TEP, TDCIPP and TCIPP) in herring gulls from the North
American Great Lakes using a hepatic microsomal assay. Rapid
metabolism and depletion were found for all the PFRs except
TEP. Following the Michaelis-Menten enzyme kinetics model,
TNBP was metabolized most rapidly followed by TBOEP,
TCIPP, TPHP and TDCIPP. Furthermore, the proportion of
OP diesters formed metabolically from their corresponding
OP triesters varied greatly between compounds, ranging from
90% (TDCIPP to BDCIPP) to 9% (TBOEP to BBOEP). In
vitro biotransformation of OP triesters was clearly structure-
dependent where non-halogenated alkyl OP triesters (i.e. TNBP,
TBOEP) were metabolized more rapidly than halogenated alkyl
triesters (i.e. TDCIPP, TCIPP).

These in vivo and in vitro study findings consistently
demonstrated rapid PFR metabolism and a dependence
on PFR structure. In most cases, PFR diester and other
metabolites are formed in PFR triester-exposed organisms.
There remains a dearth of studies on PFR biotransformation
and fate in Arctic biota.

2.4.5 Modeling studies

Recent modeling exercises have examined the long-range
transport potential of PFRs to the Arctic and related gas phase-
particle partitioning (Sithring et al.,2016b; Zhang et al., 2016).
Zhang et al. (2016) estimated the long-range transport of 29
PFRs using the OECD Screening Tool. They found that PFRs
partition mainly to the water compartment (e.g.68-99% of
the mass of TCEP and TCIPP, respectively) and that CI-PFRs
have a longer characteristic travel distance in water enabled by
their higher persistence in water (due to resistance to neutral
hydrolysis). This suggests that PFRs may be travelling to the
Arctic via ocean currents and Arctic river inputs, enabled by
their high solubility and persistence in water. The OECD Tool
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also estimated high atmospheric long-range transport potential
for nine of the tested PFRs (IDDPP, MC984, PIP, TEHP,
TTBNPP, TTBPP, TPPP, TDMPP and TXP). Sithring et al.
(2016b) noted that while model predictions (e.g. using the
OECD Tool) suggest that PFRs partition into the gas phase, the
partitioning on particles could be systematically underestimated
due to strong seasonal effects such as the low temperatures that
are typical in the Arctic.

2.4.6 Environmental concentrations

A comprehensive review by van der Veen and de Boer (2012)
documents concentrations of PFRs in various matrices, as
well as more recent studies reporting PFRs in indoor dust
(Alietal.,2012), drinking water (Li et al.,2014b) and sediment
(Cristale et al.,2013; Brandsma et al.,2015). PFR information is
much more limited for biota (Chen et al.,2012; Brandsma et al.,
2015; Greaves et al., 2016b). For example, although there are
some reports of PFRs in birds these do not include species
that are resident or breed in the Arctic. Previous reviews
of contaminants in the Arctic have not mentioned PFRs
(de Wit et al., 2010; Vorkamp and Rigét, 2014) owing to very
limited information on PFRs in Arctic media.

2.4.6.1 Air and precipitation

Haglund and Marklund (2004) determined PFRs in air and
deposition samples collected in 2004 from Pallas in northern
Finland. PFRs with detectable air concentrations were TDCIPP
(20 pg/m?), TPHP (12000 pg/m?), TBP (280 pg/m’), TCEP
(1.6 pg/m®), and TCIPP (810 pg/m’). No concentrations
in air were found for TEHP, TPrP, TMPP and TBOEP. In
deposition, detectable PFRs were TDCIPP (20 ng/m?/day),
TNBP (230 ng/m?*/day), TCEP (550 ng/m*/day) and TCIPP
(510 ng/m?*/day). No detectable concentrations were observed
in deposition for TEHP, TPrP, TMPP and TBOEP.

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

Green et al. (2008) detected TIBP, TCEP, TCPP, TDCP, TBOEP
and EHDPP in air samples from Ny-Alesund in Svalbard at
concentrations ranging from <10 to 330 pg/m’. A similar suite
of PFRs was detected in air samples from Birkenes, a remote
site in southwestern Norway although detection frequency was
lower. The PFRs were present in a combined polyurethane-foam
and filter extract.

PFRs were investigated in airborne particles over the Pacific,
Indian, Arctic, and Southern Ocean on cruises of the Chinese
research ice-breaker R/V Xuelong (M6ller et al.,2012). Samples
taken during two polar expeditions in 2010/11, one from
East Asia to the High Arctic, were analyzed for TCEP, TCIPP,
TDCIPP, TNBP, TiBP, TBOEP, TEHP and TPHP. The sum of the
eight PFRs ranged from 230 to 2900 pg/m’. TCEP and TCIPP
were the predominant compounds, with concentrations ranging
from <1 to 1980 pg/m’ (Table 2.35). This study was the first to
show the long-range atmospheric transport of PFRs over the
global oceans toward the Arctic.

PFRs were determined in high volume air (glass fiber filter)
samples in the Canadian Arctic taken on board the Amundsen
Icebreaker between 2007 and 2013 as well as at two land-based
sites (Sithring et al., 2016a) (Table 2.35, Figure 2.59). PFRs
identified in Arctic air were: TDCPP, TCEP, TCIPP, TPHP,
TNBP, EHDPP, TBOEP, and TEHP. Generally, the highest
concentrations were found for TCEP, followed by TCIPP, TPHP,
TDCIPP and EHDPP (Table 2.35). Concentrations of Cl1-PFRs
and most non-Cl PFRs did not change significantly over time,
apart from a significant annual increase from 2007-2013 of
TPHP. Concentrations at land-based sites were within the same
range as ship based measurements except for TNBP which was
elevated at a sampling site located near the Resolute Bay airport.
TNBP is used in various aircraft hydraulic fluids and the nearby
airport is the likely source. Levels that were found compared
well with levels found by Méller et al. (2012) in the North Pacific
and Chukchi Sea area (shown in red in Figure 2.59).

Table 2.35 Atmospheric particle concentrations of PFRs in air from monitoring in the Canadian Arctic (Sithring et al., 2016a), in Svalbard at Longyearbyen
(Salamova et al., 2014) and Ny-Alesund (Green et al., 2008) and the Chukchi Sea (Arctic Ocean) (Méller et al., 2012).

PFRs in air, median (range) pg/m’

Sithring et al. 2016a Salamova et al 2014 Moller et al 2012 Green et al 2008
Ship-based Land-based Land-based Ship-based Land-based

TNBP <1 (<1-97) 416 (<1-2340) 56 (5.6-1000) 11 (<MDL-36) <200
TCEP 133 (<1-1980) 72 (<1-433) 15 (4.0-63) 289 (126-585) 100 (<200-270)
TCIPP 57 (<1-1670) 53.5 (<1-276) 57 (10-186) 281 (85-529) 100 (<200-330)
TDCIPP 1.8 (<1-19) 5 (<1-46) 10 (2.3-294) <10 (<MDL-5) 230 (0.087-250)
TPHP 5.1 (<1-1934) 12.5 (1.2-96) 17 (1.1-52) 19 (10-60) <100
TBOEP <1 (<1-157) <1.0 63 (47-208) <10 (<MDL-11) 100 (<100-150)
EHDPP 5.3 (<1-11) 3.7 (0-40) 85 (5.6-298) <10 260(<100-260)
TEHP <1 (<1-7.5) <1.0 9 (1.0-42) 1 (<MDL-6) <100
>non-CI-PFRs 5.5 (<1-1940) 7.8 (<1.0-2400) 239 (19-1351) 31 (<MDL-102) 360 (<100-410)
>CI-PFRs 190 (<1-3670) 30.5 (2.7-720) 70 (14-385) 570 (211-1120) 430 (<200-850)
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Figure 2.59 Average concentrations of PFRs in Arctic air for the period 2007-2016. Canadian Arctic: ArcticNet 2007 (shipboard August in the Labrador
Sea and Hudson Bay areas), ArcticNet 2008 (shipboard Beaufort Sea in May-June), ArcticNet 2010 (central and eastern Canadian Archipelago, August),
ArcticNet 2011 (shipboard central and east archipelago), ArcticNet 2013 (shipboard in Barrow Strait and McClure Strait), ArcticNet 2015 (central and
eastern Canadian Archipelago, August), ArcticNet 2016 (central and eastern Canadian Archipelago, August). Alert 2008/09: land-based December 2008 to
August 2009 (blank problems for TPHP), Alert 2015 (land-based, summer). Pacific Arctic 2010: ship-based Bering-Chukchi-Beaufort Seas summer 2010.
Svalbard (Longyearbyen) 2012-2013. Eastern Arctic, 2014. Data sources: ArcticNet 2007, ArcticNet 2008, ArcticNet 2010, ArcticNet 2011, ArcticNet 2013
(Stihring et al., 2016a); ArcticNet 2015, ArcticNet 2016 (Jantunen pers. comm. ); Pacific Arctic 2010 (Moller et al., 2012); Resolute Bay 2012 (Sithring et al.,
2016a); Svalbard, 2012-13 (Salamova et al., 2014); Eastern Arctic 2014 (Li et al., 2017 EST).

Salamova et al. (2014) reported particle phase air concentrations
of 13 PFRs at Longyearbyen, Svalbard, from September 2012 to
May 2013 in 34 samples (Table 2.35). The range in Xnon-Cl-PFR
concentrations was 19-1351 pg/m?, with a mean of 239 pg/m’.
The range in XCI-PFR concentrations was 14-3851 pg/m®, with
amean of 70 pg/m’. The highest concentrations were observed
for non-chlorinated TNBP with a mean of 56 pg/m®and
EHDPP with a mean of 85 pg/m’. Both PFRs were detectable
in all samples. Non-chlorinated PFRs comprised ~75% of all
PFRs. The most abundant chlorinated PFR was TCIPP with a
mean of 57 pg/m’.

The combined results for airborne PFRs to date show that
TCEP concentrations are much greater in the North American
Arctic, including the Chukchi Sea, than at Svalbard or at Pallas
in northern Finland. This reflects the continued use of TCEP in
North America and Asia, whereas it has been restricted under
REACH in Europe and production is being phased out in the
United States (Schreder et al., 2016). Several PFRs including
TNBP, TBOEP, EHDPP and TDCIPP were higher on Svalbard
than at other Arctic locations, which may be due to sampling
in close proximity to a community (Table 2.35). The levels of
PFRs in all high volume measurements to date were much
higher than ZPBDEs at Arctic monitoring stations (Figure 2.59).

PFRs were analyzed retrospectively in archived passive air
samples collected in 2009 under the GAPS program. This was
carried out to establish whether detection of PFRs was possible
using pre-existing sample preparation and treatment protocols
and to provide a preliminary assessment of air concentrations
(Harner et al., 2014b). Of the 18 sites included in the analysis,
results are available for five Arctic sites including Alert, Barrow,
Ny-Alesund, Storh6fdi, and Little Fox Lake. Compounds
analyzed included TPHP, TCEP, TCIPP, TDCIPP and EHDPP.

Highest concentrations in air at Arctic sites were observed for
TDCIPP at Barrow (238 pg/m?®) and Storho6fdi (504 pg/m?).
These results are from four consecutive quarterly sampling
periods starting in the second quarter of 2005, using PUF disk
samplers (Lee et al., 2016).

2.4.6.2 Terrestrial environment

There do not appear to be any published reports on PFRs in
the terrestrial Arctic environment, such as in biota and soil.

2.4.6.3 Freshwater environment

As of June 2016, reports on PFRs in Arctic freshwater
environments are very limited. Evenset et al. (2009) analyzed
PFRs in muscle of landlocked Arctic char (Salvelinus alpinus)
from Lake Ellasjoen (Bjorneya). EHDPP was the predominant
PFR (1.3-16 ng/g ww), followed by TDCIPP (<0.6-6.7 ng/g ww)
and TCEP (<0.5-5 ng/g ww). This lake is well known for
contamination introduced by guano from a seabird colony
(Evenset et al., 2007). However, data for char from unimpacted
lakes were not available to assess whether this biovector
transport pathway was important for PFRs. McGoldrick et al.
(2014b) investigated PFRs in whole body homogenates of lake
trout (S. namaycush) and walleye (Theragra chalcogramma)
collected from Canadian lakes, including Great Bear Lake
just above the Arctic Circle. Six PFRs (TCEP, TBOEP, TCIPP,
TDCIPP, TPHP, TNBP) were detected above quantitation limits
in at least one individual fish from the sampled lakes. TCEP and
TBOEP were most frequently quantified with concentrations
of <0.07-9.8 ng/g ww. Levels of TBOEP were highest in fish
from the Great Lakes region while TCEP was detected only in
fish from the northern-most lakes (including Great Bear Lake).
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2.4.6.4 Marine environment

Seawater

The importance of riverine and ocean transport of PFRs was
highlighted by Sithring et al. (2016a). Based on measured air
concentrations they inferred contamination ‘hotspots’ around
mouths of major rivers, notably the Nelson and Churchill
Rivers (with a drainage basin of over 1000000 km? in the
provinces of Alberta, Saskatchewan and Manitoba) as well
as the Churchill River and Lake Melville (drainage area
of 80000 km? in Labrador) that discharges into the North
Atlantic at the Labrador coast. Sithring et al. (2016a) noted
that increased rates of volatilization would be expected at the
river mouth as Cl-PFRs are ‘salted-out’ (i.e. their solubility
decreases in saline water compared to freshwater. Moreover,
the OECD Screening Tool predicts that CI-PFRs have a long
characteristic travel distance in water enabled by their higher
persistence in water than air.

As of June 2016, there were very few data in the scientific
literature on PFRs in Arctic seawater. Jantunen (2014) and
Jantunen et al. (2015a) reported relatively high levels of
six PFRs (TNBP, TCEP, TCIPP, TDCIPP, TPHP, EHDPP)
in seawater collected via ship-based sampling in the Arctic
archipelago in 2013, during the same cruise described by
Sithring et al. (2016a). TCIPP was the most prominent PFR
(6-13 ng/L), followed by TCEP (4.4-4.5 ng/L) and TNBP
(4.2-8 ng/L). Concentrations of PFRs in Arctic waters were
high compared to PBDEs, organochlorine pesticides (OCPs)
and current-use pesticides (CUPs). However, levels were
comparable to measurements by Bollmann et al. (2012) who
found TCIPP was the most prominent CI-PFR (3-28 ng/L)
in the eastern North Sea.

Marine biota

Reports on PFRs in wildlife in general, and particularly in
the Arctic are limited as of June 2016. The first study that
included measurements of PFRs in Arctic marine biota was by
Evenset et al. (2009). They analyzed whole fish homogenates of
Atlantic cod (Gadus morhua) and polar cod (Boreogadus saida),
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as well as livers of kittiwake (Rissa tridactyla) and common
eider (Somateria mollissima) from Svalbard (Kongsfjorden,
Liefdefjorden and Billefjorden). EHDPP was the predominant
compound in both fish samples (up to 50 ng/g ww) and
seabird samples (up to 28 ng/g ww). Of the chlorinated PFRs,
TCEP, TCIPP and TDCIPP were detected in the fish samples
(<0.6-26 ng/g ww), while only TCEP and TCIPP were detected
in the seabird samples (<0.5-4.7 ng/g ww). On a wet weight basis
the concentrations of most compounds were higher in Atlantic
cod than in Arctic char from Lake Ellasjgen (see Section 2.4.6.3)
and polar cod. PFR concentrations were lower in seabird livers
compared to fish (homogenates) on a wet weight and lipid basis.

Eulaers et al. (2014) screened for six PFRs in feathers and
blood plasma samples of white-tailed sea eagle (Haliaeetus
albicilla) nestlings from Trendelag, Norway (just below the
Arctic Circle). TCEP and TCIPP were the predominant PFRs
in feathers (110 and 91 ng/g dw; respectively), while TCIPP and
TDCIPP were the only PFRs detected in plasma (0.22 ng/g ww,
each). Huber et al. (2015) reported on PFRs in the eggs of three
seabird species, common eider, European shag (Phalacrocorax
aristotelis), and European herring gull from the Norwegian
marine environment. Among the various chemicals that
were analytically screened for and found to be quantifiable
(XPAHs, ZPCBs, LCPs, XPFASs, XBFRs), XPFRs were among
the predominant chemical classes, and were found at similar
or higher concentrations than the legacy POPs.

Another recent screening study measured PFRs in eight Arctic
species, including fish, birds and mammals, from the Svalbard
Archipelago, Norway (Table 2.36) (Hallanger et al., 2015). Of
the 14 PFRs examined, only ten were detectable. The most
frequently detected PFR was TCEP (detected in 17% of samples
and five species), followed by EHDPP (detected in 14.9% of the
samples of three species) and TEHP (12.8% of samples from
six species). Capelin (Mallotus villosus), the only fish species
analyzed in the study, had the highest number of detectable
PFRs. However, liver from Arctic fox (Alopex lagopus) was
found to have the greatest ZPFR concentrations, mainly due
to levels of TBOEP, which was detected in five of ten samples
at levels up to 2198 ng/g Iw (median + SD; 955+294 ng/g lw).

Table 2.36 Range of PFR concentrations (ng/g Iw) detected in biota from Svalbard, Norway, 2007-2010 (Hallanger et al., 2015).

Species Capelin Kittiwake Briinnich’s Glaucous gull  Ringed seal Harbour seal Arctic fox Polar bear
(whole body) (liver) guillemot (egg) (egg) (blubber) (plasma) (liver) (plasma)
n 10 12 10 12 10 10 10 20
TIBP <MDL <MDL <MDL <MDL <MDL <MDL-7.44 <MDL <MDL-10.0
TCEP <MDL-9.41 <MDL-13.0 <MDL <MDL-10.8 <MDL <MDL-3.51 <MDL <MDL-52.5
TCIPP 36.6-92.9 <MDL <MDL <MDL <MDL <MDL-372 <MDL <MDL
TDCIPP <MDL-9.56 <MDL <MDL <MDL-29.5 <MDL <MDL <MDL <MDL-6.89
TBOEP <MDL-537 <MDL <MDL <MDL <MDL <MDL <MDL-2198 <MDL
TEHP <MDL-26.4 <MDL-8.86 <MDL-7.11 <MDL-6.79 <MDL-3.16 <MDL <MDL-8.75 <MDL
TPHP 15.8-78.6 <MDL <MDL <MDL <MDL <MDL-15.4 <MDL <MDL-5.36
EHDPP 11.1-485 <MDL-136 <MDL <MDL <MDL-9.60 <MDL <MDL <MDL
TMPP <MDL-23.7 <MDL <MDL <MDL <MDL <MDL-14.9 <MDL <MDL
DPhBP <MDL-9.85 <MDL <MDL <MDL <MDL <MDL <MDL-0.67 <MDL
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Polar bear (Ursus maritimus) adipose samples from 2013-2014
collected from western and southern Hudson Bay were screened
for a suite of 17 PFRs (Letcher et al., 2018). The only PFR that
was quantifiable in polar bear fat was TEHP, with concentrations
of 0.163-0.308 ng/g Iw. TEHP concentrations were relatively
uniform, as no within- or between-subpopulation differences
were noted. Trace (detectable) amounts of TPHP, TCIPP,
TBOEP and TNBP were also found in the fat of the present
bears but with <50% frequency of detection. Nevertheless, for
all Hudson Bay polar bears collected in 2013-2014, the mean
TEHP concentration in adipose was extremely low compared
to other emerging chemicals, and extremely low compared to
legacy POPs. This is probably due to low level exposure (via the
diet) and rapid metabolism of accumulated PFRs.

2.4.7 Environmental trends

As there is a dearth of knowledge regarding PFRs in the Arctic
environment, with the exception of air monitoring, spatial or
temporal trends of PFRs in the Arctic are currently unknown.

2.4.8 Conclusions

There is currently a dearth of information on PFRs in abiotic
and biotic media of the Arctic. However, there is strong evidence
of long-range transport of PFRs to the Arctic because they have
been reported in Arctic air (particles). The chlorinated PFR,
TCEP, which has been restricted in Europe, was present at much
higher concentrations in the Canadian Arctic and Chukchi Sea
than in Svalbard and at northern Finland monitoring sites.
TCIPP was the predominant Cl-PFR in European Arctic air.
Measurements of PFRs in air during oceanographic cruises
in the Canadian Arctic from 2007 to 2013 did not show any
temporal trends, apart from a significant annual increase from
2007 to 2013 in TPHP. Airborne PFR concentrations have been
reported to be two orders of magnitude higher than for PBDEs,
which should be considered of concern in the Arctic.

Limited measurements of PFRs in seawater suggest
concentrations are much higher than CUPs, PBDEs and legacy
POPs. However the preliminary results reported to date may
be confounded by shipboard contamination.

In biota, PFRs have been detected in Hudson Bay polar bears,
in lake trout as well as in plasma, feathers and eggs from birds
at the fringe of the Arctic Circle (i.e. northern Norway), and in
fish, seabirds, Arctic fox and polar bear from Svalbard.



112 AMAP Assessment 2016: Chemicals of Emerging Arctic Concern



2.5 Phthalates

113

AUTHORS: EVA BRORSTROM-LUNDEN, ROLAND KALLENBORN
CONTRIBUTOR: MIKAEL REMBERGER

2.5.1 Introduction

Phthalates (esters of phthalic acid) are high production volume
chemicals used in a wide variety of applications. The most
common use of high-molecular-weight phthalates is as plasticizers
in polyvinyl chloride (PVC) plastics while low molecular weight
phthalates are used in many personal care products. Di(2-
ethylhexyl) phthalate (DEHP) and other phthalates have received
increasing scientific and public interest due to their widespread
occurrence in products and in the environment, and owing to the
suspicion of exposure risk (Vorkamp and Rigét, 2014). The World
Health Organization (WHO) and United Nations Environment
Programme (UNEP) have identified some phthalate esters as
likely endocrine disruptors (WHO/UNEP, 2013).

DEHP is among the Priority Substances listed in the EU Water
Framework Directive (WFD; EU, 2000) and both DEHP and

Table 2.37 Name, abbreviation and CAS-number of phthalates considered
in this section.

Dimethyl phthalate DMP 131-11-3
Diethyl phthalate DEP 84-66-2
Di-n-butyl phthalate DnBP (DBP) 84-74-2
Diisobutyl phthalate DIBP 84-69-5
Butylbenzyl phthalate BBP 85-68-7
Di(2-ethylhexyl) phthalate DEHP 117-81-7
Di-n-octyl phthalate DnOP (DOP) 117-84-0
Diisononyl phthalate DINP 28553-12-0
Diisodecyl phthalate DIDP 26761-40-0
Diundecyl phthalate DUP 3648-20-2
Di-n-hexyl phthalate DnHP (DHP) 84-73-3

di-n-butyl phthalate (DnBP) are on OSPAR’s List of Chemicals
for Priority Action (OSPAR, 2013). Under the EU REACH
regulations several phthalates have been identified as substances
of very high concern (on the EU Candidate List) and some
of these - butylbenzyl phthalate (BBP), DEHP, DnBP and
diisobutyl phthalate (DIBP) - have also been included in
the authorization list. Six phthalates (DEHP; DnBP; BBP;
diisononyl phthalate, DINP; diisodecyl phthalate, DIDP;
and di-n-octyl phthalate, DnOP) are restricted in toys and
childcare articles (ECHA, 2015). Several phthalates, dimethyl
phthalate (DMP), diethyl phthalate (DEP), DnBP, BB, DEHP
and DnOP are also among the priority pollutants listed by
the US Environmental Protection Agency. Canada has also
implemented restrictions on certain phthalates in child care
products under the Hazardous Products Act (www.laws-lois.
justice.gc.ca/eng/regulations/SOR-2010-298/page-1.html).

Several screening studies on phthalate levels in the environment
have recently been undertaken in the Nordic countries and
in Arctic areas, and these provide important data sources for
this assessment (Vorkamp et al., 2004; Evenset et al., 2009;
Schlabach et al.,, 2009; Remberger et al., 2013). The aim
of screening in this context is to measure environmental
concentrations but also to highlight important transport
pathways and to identify current emission sources. However,
there are limitations and uncertainties in screening studies.
Measurements of selected chemicals are carried out in several
media at several sites but only in a few samples at each site and
the results must thus be considered a ‘snap shot’ of the situation.
The selection of phthalates for this assessment was based on
availability of environmental data from AMAP monitoring.
The phthalates considered here are listed in Table 2.37 together
with abbreviations and CAS numbers for each compound.
Table 2.38 provides a summary of Arctic media for which
phthalate concentration data have been reported.

Table 2.38 Summary of Arctic media for which phthalate concentration data have been reported.

Air Terrestrial Freshwater Marine
Air Snow Soil Biota Water Sediment Biota Water Sediment Biota

DMP X X X
DEP X X X X
DnBP X X X X
DIBP X X

BBP X X X X
DEHP X X X X X X
DnOP X
DINP X X
DIDP X X
DUP X

DnHP X X
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Sampling and analyses of phthalates set high requirements on
quality assurance (QA) and quality control (QC) procedures
owing to their ubiquity in the environment. Phthalates are
generally detected even in ultra-pure water, organic solvents used
for extraction, and laboratory equipment (Tienpont et al., 2005).

Blank problems in trace analyses of DEHP and DBP were
investigated by Fankhauser-Noti and Grob (2007), who showed
that analytical results are often too high because of contamination
during sample preparation and analysis. Methods for analyzing
DBP and DEHP must be designed taking into account system
contamination. Special laboratory procedures are therefore
essential to minimize the risk of sample contamination.

Inter-laboratory comparison studies were undertaken by
Tkonomou et al. (2012) to assess phthalates. The results
demonstrated that analytical methods used in environmental
monitoring of phthalates such as DEHP often show high
detection limits due to high levels in procedural blanks. These
findings highlight the need to address the issue of background
contamination.

All stages of the determination process must be carefully
checked for contamination, and the potential for contamination
must be considered when evaluating environmental data.

2.5.2 Physical-chemical properties

The phthalate esters have physical-chemical properties that
are dependent on the length of the carbon chains. In a review
from the late 1990s, Staples et al. (1997) stated that the octanol-
water partition coefficients (K for phthalates span over eight
orders of magnitude and their vapor pressures over four orders
of magnitude, depending on the number of carbons attached.
They also concluded that true solubilities were significantly
overestimated in the literature, particularly for the longer chain
phthalates. The general structure of phthalate esters and some
examples are shown in Figure 2.60. A compilation of physical-
chemical properties is given in Appendix 1.

General structure
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Figure 2.60 General structure of phthalate esters together with some
examples: DEP, DEHP and DINP.
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Several phthalates have log K, values of >4 and most of the
substances have relatively low water solubility. Phthalates have
several degradation pathways in the environment, including
photodegradation in the atmosphere (see Section 2.5.4).

2.5.3 Sources, production, use and trends

Phthalates are the most commonly used plasticizers and so are
present in a wide variety of industrial and consumer products
and packaging materials. The main use of long-chain phthalates
is as additives to PVC. Of the amount produced in Europe, 93%
is used for that purpose. The low-molecular-weight phthalates
are used in different personal care products.

China is the largest market for plasticizers and accounted for
almost 38% of world production in 2012 (Jebens et al., 2013).
Other Asian countries including Japan accounted for the second
largest share (21%), followed by Western Europe (16%) and
North America (13%) (Jebens et al., 2013).

According to Vorkamp and Rigét (2014), the major individual
phthalate produced is DEHP with a worldwide production
volume of 2 million t/y. However the market has gradually
shifted towards longer chain, higher molecular weight
phthalates such as DINP, DIDP and others. High-molecular-
weight phthalates now represent over 80% of the amount
produced in Europe (ECPIL, 2012).

Use of some phthalates in the Nordic countries in 2012 is
shown in Figure 2.61. DINP had the highest use (1600 t/y)
followed by DEHP (1100 t/y), DIDP (500 t/y) and DBP
(100 t/y). It should be noted that SPIN (a database on the use
of Substances in Products in the Nordic Countries based on
data from the Product Registries of Norway, Sweden, Denmark
and Finland) only lists ingredients in chemical preparations and
not in finished consumer articles, which is the predominant
use of the phthalates. Reporting to the SPIN database can also
vary between countries, which results in uncertainties in the

Phthalate use in 2012, t/y
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Figure 2.61 Use of phthalates in the Nordic countries in 2012 (Nordic
Council of Ministers, 2014).
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Figure 2.62 DEHP and DINP use in the Nordic countries (Nordic Council
of Ministers, 2014).

numbers and means comparisons between countries may not
be completely relevant. Thus the data only indicate relative use
and distribution among the phthalates.

A change in phthalate use over the past decade is clearly evident
in the usage data for Nordic countries, exemplified for DEHP
and DINP in Figure 2.62. There has been a substantial decline
in the use of DEHP since 2001 while DINP use shows a marked
increase between 2001 and 2010. Another example of change in
usage is di(2-propyl heptyl) phthalate DPHP (CAS 53306-54-0)
which increased substantially between 2010 and 2012 according
to SPIN, and usage in Sweden in 2012 was more than 2000 t.

Phthalates can enter the environment from industrial processes
and from articles, household products and waste handling.
Phthalates in plastics are not physically bound to the polymer
and can diffuse out of the plastic and leach into the environment
or be released from the use and disposal of materials.

Emissions to air occur both from point sources and via diffuse
emissions from chemical products and articles. Direct release
to the atmosphere is an important route for phthalate entry
into the environment (Xie et al., 2007b).

Phthalates enter aquatic systems through releases from
industrial point sources and municipal waste water treatment
plants (MWW TPs), as well as through leaching from landfills
(Staples et al., 1997). Wastewater treatment may be inadequate or
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Table 2.39 Concentrations of phthalates in effluents from municipal
wastewater treatment plants (data from Remberger et al., 2013).

Phthalate Average for Faroe Islands,  Average for Sweden,

ng/L Norway, Finland,
Denmark, ng/L

n=2 n=12

BBP 120 220

DnBP 170 200

DEHP 13000 1700

DIDP 2700 350

DINP 18000 140

completely lacking in some Arctic regions, making MWWTPs
potentially important point sources to the environment
(Gunnarsdottir et al., 2013).

Results from a recent Nordic screening study showed that
release of phthalates from municipal sewage systems can be
an important pathway to the environment (Remberger et al.,
2013). Phthalates were frequently detected in effluents from
MWWTPs in all Nordic countries. Of the phthalates included
in the screening, DEHP was the predominant plasticizer in
most of the samples followed by DINP and DIDP while DnBP,
BBP and DnOP occurred in lower concentrations. Effluent
samples from the Faroe Islands (two samples) had the highest
concentrations of phthalates compared to effluents from the
other Nordic countries and these samples predominantly
contained DINP followed by DEHP. Effluent concentrations of
phthalates from the Nordic screening are shown in Table 2.39,
where concentrations from the Faroe Islands are compared to
averages for the other Nordic countries.

Although MWWTP effluents primarily contained DEHP, sewage
sludge from the MWWTP usually had higher concentrations
of DINP. All sewage sludge samples contained DINP, DEHP
and DIDP and together comprised 96-99.7% of the summed
concentration of all measured phthalates. The lower molecular
weight phthalates, DnBP, BBP and DnOP mostly occurred in
much lower concentrations and Diundecyl phthalate (DUP) was
not detected at all. Phthalate concentrations in sewage sludge from
Iceland (three samples) and the Faroe Islands (two samples) were
comparable to concentrations from other Nordic countries, but
there were differences among substances as shown in Table 2.40.

Although the number of samples was too small to draw
conclusions on differences between countries it is striking
that the highest concentrations in effluents were found in
samples from the Faroe Islands, where low concentrations in
sludge could indicate an inefficient treatment plant process
(Remberger et al., 2013).

A discrepancy exists between current phthalate consumption
patterns and what was found to be released in MWWTP effluents,
for example DEHP is still the predominant plasticizer in the
effluents despite the significant decline in DEHP usage in the
Nordic counties in recent years (see Figure 2.62). This indicates
that the total amount of DEHP that has accumulated in the
technosphere over several decades may still be the predominant
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Table 2.40 Concentrations of phthalates in sewage sludge from Nordic municipal wastewater treatment plants (data from Remberger et al., 2013).

Phthalate Faroe Islands Iceland Sweden, Norway, Finland, Denmark
Average, ng/g dw Average, ng/g dw Average, ng/g dw
n=2 n=3 n=11
BBP 210 390 310
DnBP 120 320 88
DEHP 13000 18000 31000
DIDP 5200 13000 77000
DINP 56000 99000 19000

pool of phthalates, and may explain why phthalates still occur
in high concentrations in MWW TP effluents. For example,
phthalate-containing materials in buildings constitute a large
reservoir of DEHP, and in-use release from this reservoir may
be a significant environmental source (Batterman et al., 2009).
However DINP which is more recently used and with higher
molecular weight than DEHP is the predominant phthalate in
sewage sludge (Remberger et al., 2013).

In a recent screening DEP, which is widely used in cosmetics,
was measured in MWWTP samples from the Faroe Islands,
Iceland and Greenland (Huber et al., 2013). DEP was detected in
all influent (0.44-3.0 pg/L) and effluent samples (0.17-2.1 ug/L).
The DEP concentrations in the effluents were in the same range
as previously reported for Norway by Schlabach et al. (2009).
Two out of eight de-watered sewage sludge samples contained
low concentrations of DEP (68-78 ng/g dw; MDL 8 ng/g dw).
The authors suggested that the low detection frequency in sludge
was due to the high water solubility of DEP. The concentrations
of DEP in sludge found by Huber et al. (2013) agreed with the
results from a previous study in Norway by Schlabach et al. (2009).

One possible transport route for phthalates to the Arctic is via
atmospheric long-range transport, with phthalates entering
Arctic ecosystems via atmospheric deposition. Evaluative models
indicate that phthalates have moderate long-range atmospheric
transport potentials (Cousins et al., 2003). Several phthalates
are regarded as semi-volatile substances and as such will be
transported in the atmosphere both in the gas and particle
phases. Based on physical-chemical properties it is expected
that DEHP in the atmosphere will occur partly associated with
particles and partly in the gas phase (Xie et al., 2007b).

Deposition of semi-volatile organic substances in general may
take place via precipitation as well as via gas exchange and dry
particle deposition (Bidleman, 1988).

To improve understanding of the distribution and transport
mechanisms of selected phthalates to the Arctic, especially
the role of air-sea gas exchange, Xie et al. (2007b) carried out
a study in 2004 that included measurement of six phthalates
in air and surface water along a transect from the Norwegian
Sea to the Arctic. Phthalate air-sea gas exchange fluxes were
calculated from paired air/water samples. Results showed that
overall deposition predominated in the air-sea gas exchange of
DEHP at five out of six sites while volatilization of DEHP from
seawater occurred at the most southern site in the Norwegian
Sea. The authors suggested that atmospheric transport and

deposition of some phthalates is a significant pathway for
their occurrence in the remote Atlantic and Arctic Ocean and
that the major input of phthalates to the Norwegian Sea and
the Greenland Sea is from western and northern European
countries. However, input to the Arctic might also be highly
influenced by atmospheric transport from North America,
Russia, and the Pacific Ocean (Xie et al., 2007b).

Deposition of semi-volatile phthalates may occur via
precipitation and dry particle deposition and as the Arctic
is covered by ice and snow throughout the year, atmospheric
phthalates will presumably deposit onto the snow and ice, which
could act as a cold trap.

2.5.4 Transformation processes

Phthalates have several degradation pathways, for example,
photodegradation in the atmosphere, biodegradation in water,
and anaerobic degradation in sediments and soil. Monoalkyl
phthalate esters (MPEs) are primary degradation and/or
biotransformation products of dialkyl phthalate esters which
can be formed via abiotic and microbial degradation of DPEs
in sediments, soils, and water (Blair et al., 2009). Blair et al.
(2009) found several MPEs including mono-(2-ethylhexyl)-
phthalate (MEHP), a metabolite of DEHP, in surface waters,
sediments, and biological tissues in a marine system near
Vancouver, Canada.

DEHP and DIDP have also been identified as persistent in
the environment (ECB, 2003, 2008; Lambert et al., 2010)
while other phthalates are not expected to persist in most
environments. Longer half-lives are likely under anaerobic
conditions, low concentrations, and in cold and nutrient-
poor environments.

2.5.5 Modeling studies

A wide range of environmental behaviors is expected from
the physical and chemical properties of phthalates (see
Section 2.5.2). Multimedia mass balance models have been
used to understand the environmental fate and distribution
of phthalates (Cousins et al., 2003). As previously mentioned,
one possible route for phthalates to reach the Arctic is via
atmospheric long-range transport. Although photodegradation
of phthalates may occur, modelling results suggest that some
phthalates have moderate long-range atmospheric transport
potentials (Cousins et al., 2003).
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2.5.6 Environmental concentrations

2.5.6.1 Air and precipitation

In an air-sea exchange study in 2004, Xie et al. (2007b)
determined air concentrations of phthalates at six sampling
sites along a transect from the Norwegian Sea to the Arctic.
Air concentrations at one site in the North Sea were used for
comparison. The study included six phthalates (DMP, DEP,
DIBP, DnBP, BBP, DEHP) and these were measured in the gas
and particle phases.

There was a slightly declining latitudinal trend in phthalate
concentrations from the North Sea to the Arctic. The declining
trends in phthalate concentration from the source regions to
the remote Arctic followed the sequence DEHP > BBP > DnBP
= DIBP > DEP > DMP. DMP and DEP were predominantly
found in the gas phase, DIBP and DnBP were mostly in the
gas phase and BBP and DEHP were also found in the particle
phase. Averages for the summed concentrations of the six
phthalates from the six sample sites were 1300 pg/m® (gas
phase) and 790 pg/m? (particle phase). The corresponding
averages for DEHP were 220 pg/m’ (gas phase) 540 pg/m’
(particle phase).

In a screening study from 2006, phthalates were measured
in air at Swedish background, urban and industrial sites
(Palm Cousins et al., 2007). Phthalates were detected in
all air samples and the most abundant substance in the
atmosphere was DEHP, which generally occurred at higher
concentrations than for iso-phthalates, DINP and DIDP.
DEHP concentrations at a background site on the Swedish
west coast were 500-1100 pg/m’ (sum of gas and particle
phases), which is close to the level found by Xie et al. (2007b)
in the Arctic atmosphere.

2.5.6.2 Terrestrial environment

No data were available for phthalates in the Arctic terrestrial
environment.

2.5.6.3 Freshwater environment

Priority substances listed in the WFD have been detected in
water and some sediment samples from Lake Abiskojaure in
northern Sweden (SWECO, 2009). DEHP was analyzed in
monthly water samples during 2008 and was detected in the
March sample at 3.4 pg/L. The one sediment sample collected
in 2008 contained DEHP at 74 ng/g dw.

The Nordic screening by Remberger et al. (2013) included
measurements of phthalates in sediment from Pingvallavatn,
a background lake in southwestern Iceland. No phthalates
were detected and the MDLs are given in Table 2.41. In the
same screening, DEHP was detected in Arctic char (Salvelinus
alpinus) muscle from the Faroe Islands (53 ng/g ww), and in
one of three brown trout (Salmo trutta) samples from Iceland
(7.9 ng/g ww) from remote areas without direct influence
from discharges.
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Table 2.41 Concentrations of phthalates in sediments from Iceland and
the Faroe Islands (data from Remberger et al., 2013).

Sediment Concentration, Number of
type ng/g dw samples
Iceland

bingvallavatn ~ Freshwater ~BBP <4 1
DnBP <8 1
DEHP <80 1
DIDP <20 1
DINP <30 1

Reykjavik Marine BBP 25-56 2
DnBP 110-400 2
DEHP 1100-2100 2
DIDP 880-1300 2
DINP 5000-5200 2

Faroe Islands

Kollafjord Marine BBP 17 1
DnBP 40 1
DEHP 320 1
DIDP 110 1
DINP 590 1

Klaksvik/ Marine BBP 410-3000 3

Torshavn,

harbor DnBP 31-410 3
DEHP 1000-9500 3
DIDP <1200-36 000 3
DINP <1300-17000 3

2.5.6.4 Marine environment
Seawater

Xie et al. (2007b) determined phthalate levels in seawater
during summer 2004 on a transect from the Norwegian Sea
to the High Arctic. The sum of all six phthalates (DMP, DEP,
DIBP, DnBP, BBP, DEHP) in the dissolved phase ranged from
80 to 5030 pg/L (average 705 pg/L). DEHP occurred in the
highest concentrations (<24-3330 pg/L), followed by DEP
(<8-797 pg/L), DnBP (8-349 pg/L), DMP (<13-312 pg/L),
DIBP (<5-204 pg/L) and BBP (<0.2-48 pg/L). The phthalates
occurred almost exclusively in the dissolved phase except
for DEHP, which was also detected in the total suspended
particle phase. Phthalate concentrations showed a latitudinal
gradient, with higher levels along the Norwegian coast than in
the central Arctic. A regional maximum occurred near Bergen
where concentrations were comparable to the average level
determined in the German Bight, while concentrations of
DEHP in the High Arctic were an order of magnitude lower
than detected in the German Bight (Xie et al., 2005). The authors
debated whether freshwater from snowmelt on the mountains
might be a source of phthalates to the coastal waters in the
Arctic as well as the North Sea current that moves along the
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Dutch, German, and Danish Coast and could thus transport
contaminants from Western Europe to the Norwegian coast.

DEP has recently been found in seawater from sites such as
harbors and near MWWTPs on the Faroe Islands, Iceland
and Greenland (Huber et al., 2013). Two of 10 recipient water
samples contained DEP in quantifiable concentrations (MDL
30 ng/L) in the range 45-140 ng/L. The highest concentration
(140 ng/L) was detected in Torshavn. DEP occurrence in
recipient waters outsidle MWWTPs shows this may be
an important pathway to the environment. DEP was also
detected in water samples from Oslofjord and Tromsesund
by Schlabach et al. (2009), with reported levels of 14-22 ng/L
(Oslofjord) and 17-140 ng/L (Tromsesund), which is in the
same order of magnitude as reported by Huber et al. (2013).

Sediment

In a previous screening by Vorkamp et al. (2004), phthalates
were detected in sediment (duplicate samples) from Greenland
at alocation far from human settlements: DEP (43,49 ng/g dw),
BBP (6.3, 14 ng/g dw), DnBP (2.5, 9.6 ng/g dw) and DEHP
(119,120 ng/g dw). Di-n-hexyl phthalate (DnHP) was detected
in one sample (2.5 ng/g dw) while DMP was not detected
(<1.5 ng/g dw). In a screening study by Evenset et al. (2009),
DEHP was analyzed in sediments from the Norwegian Arctic
collected around Svalbard (including Bjerneya). DEHP
was below the detection limit in all five samples (MDL,
60 ng/g dw). Bakke et al. (2008) analyzed 11 sediment samples
from the southern and eastern Barents Sea for DEHP. DEHP
concentrations in the same sediment samples varied from 1160
to 57690 ng/g dw, which is much higher than measured in
sediment from the Svalbard fjords (Evenset et al., 2009). Thus,
itis likely that the Barents Sea samples have been contaminated
during sampling or storage (Bakke et al., 2008).

In the Nordic screening by Remberger et al. (2013), phthalates
were found in sediments from the entire Nordic region. The
highest concentrations generally occurred in samples from
potentially affected areas, such as urban areas, harbors and near
WWTPs. The quantitatively predominant phthalates were in
declining order: DINP, DEHP and DIDP. DUP was not detected
in any of the sediment samples. The relative concentrations of
the phthalates in sediments showed a similar pattern to that
found in sewage sludge samples in the same study. The two
samples from the Faroe Islands (Torshavn Harbor; Table 2.41)
contained the highest concentrations and were different to
the other sediment samples, which contained predominantly
DIDP. Phthalates in the sediment from Reykjavik were
detected at similar concentrations or slightly higher than
in urban sediments from southern Scandinavia. This series
of sediment samples showed clearly decreasing phthalate
concentrations moving from urban to background areas.
Phthalate concentrations in marine sediments from the Faroe
Islands and Iceland are summarized in Table 2.41.

In the screening by Huber et al. (2013), DEP was detected
in one of six sediment samples at the Faroe Islands and
Greenland. The DEP concentration in sediment from Torhavn
marina was 9.9 ng/g dw.
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Biota

Vorkamp et al. (2004) detected phthalates in a range of fish
and wildlife samples (liver and fatty tissues) from the marine
environment around Greenland and the Faroe Islands. Sampling
was undertaken between 1999 and 2002. Samples from
Greenland represented different trophic levels: polar bear (Ursus
maritimus), minke whale (Balaenoptera acutorostrata), ringed
seal (Pusa hispida), and shorthorn sculpin (Myoxocephalus
scorpius). The Faroese samples included long-finned pilot
whale (Globicephala melas) and fulmar (Fulmarus glacialis).
Phthalates were detected in almost all samples, with the highest
concentrations in polar bear liver from East Greenland, fulmars
from the Faroe Islands and ringed seals from East and West
Greenland. No geographical trends were seen between East and
West Greenland. Of the phthalates included in the screening,
levels were highest for DEHP (75-161 ng/g ww). The general
trend was: DEHP > BBP ~ DEP > DnHP = DnBP = DnOP
> DMP. However, concentration differences between species
were small, usually smaller than observed for the halogenated
compounds in the same study. Furthermore, the duplicate
analyses showed relatively large variation, which introduces
uncertainty into any comparison of the species.

Most samples in the screening study by Evenset et al. (2009)
were collected in the marine environment in regions far from
potential sources in the Norwegian Arctic. In this study, DEHP
was analyzed in Atlantic cod (Gadus morhua; liver) and polar
cod (Boreogadus saida; liver or whole fish) and in the seabirds,
kittiwake (Rissa tridactyla; liver) and common eider (Somateria
mollissima; liver). DEHP was detected in 11 of the 16 fish liver
samples. The highest concentration (293 ng/g ww) occurred
in liver from polar cod collected in Billefjorden, Svalbard.
Measurable concentrations of DEHP were also found in
liver from three of the Atlantic cod sampled in Kongsfjorden,
Svalbard (<88-203 ng/g ww) and in liver from polar cod from
Liefdefjorden, Svalbard (126-142 ng/g ww). No DEHP was
found in polar cod (whole fish) from Moffen, Svalbard. DEHP
was also found in six of 10 kittiwakes (four from Kongsfjorden
and two from Liefdefjorden), and in one of five common eiders
(Evenset et al., 2009). Concentrations were <88-155 ng/g ww
and there were no apparent differences between the two areas
(Kongsfjorden versus Liefdefjorden) or between species.

Remberger et al. (2013) analyzed five fish liver samples from
cod caught 30 km off the Faroe Island coast (background). The
samples contained DEHP at levels of 17-92 ng/g ww and two
samples contained DBP at 8.8 and 30 ng/g ww, respectively.

In the screening by Remberger et al. (2013), black guillemot
(Cepphus grylle) eggs were sampled from two remote islands
at the Faroe Islands. The eggs were analyzed as pooled
homogenates (five eggs) from each site. One sample contained
5.3 ng/g ww DBP which was close to the MDL. Although DINP
was also found in the eggs from the Faroe Islands, the authors
could not exclude contamination from the sampling equipment.
DEHP was not detected in the black guillemot eggs.

Concentrations of DEHP, the most frequently detected
phthalate in birds and fish, reported in recent screening studies
are summarized in Table 2.42.
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Table 2.42 Concentrations of DEHP in seabirds and fish from the Arctic and the Faroe Islands.

Species Location Tissue Period No. samples DEHP, ng/gww  Reference
Seabirds
Kittiwake Kongsfjorden Liver 2008 5 <88-111 Evenset et al., 2009
Liefdefjorden Liver 2008 4 <88-155
Eider Kongsfjorden Liver 2008 5 <88-100 Evenset et al., 2009
Black guillemot ~ Faroe Islands Egg 2010 2 <4 Remberger et al., 2013
Fish
Arctic cod Kongsfjorden Liver 2008 5 <88-203 Evenset et al., 2009
Polar cod Liefdefjorden Liver 2 126-142 Evenset et al., 2009
Billefjorden Liver 4 <60-293
Atlantic cod Faroe Islands Liver 2012 5 17-92 Remberger et al., 2013

Eggs of three seabird species; common eider, European shag
(Phalacrocorax aristotelis) and European herring gull (Larus
argentatus) have been surveyed for a broad mixture of chemicals
including phthalates. Eggs were collected at two remote marine
locations in Norway; Sklinna and Rest. Phthalates were detected
in all species, and concentrations were <3-42 ng/g ww, in the
form of DEHP only (Huber et al., 2015).

2.5.7 Environmental trends

Available information on phthalate levels in the environment
is mainly based on screening and research-based studies which
provide data on selected phthalates during particular periods, in
various media, at several sites and with few samples at each site.
There is no temporal monitoring program for phthalates in the
Arctic or in Nordic countries. There are also issues with quality
requirements for the analytical methodology, such as limited
method comparability and few inter-laboratory exercises. It is
therefore not possible to make trend assessments.

2.5.7.1 Spatial trends

Higher phthalate concentrations generally occur in samples
from populated areas but phthalates are found in the remote
Arctic. Measurements from 2004 showed a slightly declining
latitudinal trend in phthalate levels in air and seawater from
the Norwegian Sea to the Arctic (Xie et al., 2007b).

The highest concentrations of phthalates in sediment generally
occurred in samples from areas close to MWWTPs on the
Faroe Islands and Iceland (Remberger et al., 2013), while
DEHP concentrations in sediments from the Norwegian
Arctic collected around Svalbard were below the MDL
(Evenset et al., 2009).

Phthalates are present in marine biota from Greenland, the
Faroe Islands, and Iceland and in the Norwegian Arctic. But
due to the variety of species and few data at different locations
and because samples were collected during different periods,
it is not possible to determine spatial trends.

2.5.7.2 Temporal trends

It is not possible determine temporal trends in phthalate
concentrations due to lack of data.

2.5.8 Conclusions

Various screening and research-based studies have confirmed
the presence of phthalates in the Arctic environment. Phthalates
were found in air, seawater and biota in the Arctic environment.
The highest concentrations occurred near populated areas.
Phthalates were also detected, but at lower concentrations in
remote Arctic locations.

The most frequently measured phthalate is DEHP but some
data are also available for other phthalates, such as DEP and
DINP. Phthalates have physical-chemical properties that are
dependent on the length of the carbon chains, which affect
their transport and behavior in the environment. Important
pathways to the Arctic environment are via long-range
atmospheric transport and deposition, and locally via release
from wastewater treatment plants.

There has been a change in the use of different phthalates in
the Nordic countries, for example use of DEHP has declined
substantially in recent years due to substitution with other
plasticizers. However there is a discrepancy between current
use and what is detected in the environment, such as in
sediments which may indicate that DEHP has accumulated
in the technosphere and will continue to be part of the pool
of phthalates found in the environment.

There is a general lack of data on environmental levels of
phthalates in the Arctic. Medium- and long-term monitoring
data are not available and most data are from the European
Arctic. More data are needed to assess the environmental
distribution and toxicological consequences of phthalates in the
Arctic, which can be different compared to temperate regions.

Change in usage and substitution with other phthalates must be
taken into account in future monitoring programs and research.
Future phthalate monitoring efforts should also include relevant
phthalate metabolites. Because some degradation is certain to
occur, metabolites may be more representative of the total loading
or exposure. Owing to the potential for contamination during
measurement procedures, inter-laboratory comparisons are
required to achieve comparable data, such as between regions.
Establishing spatially-distributed monitoring with a longer time
perspective would allow for future evaluation of spatial and
temporal trends and as a basis for assessing the outcome of changes
in use and emissions.
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2.6 Short-chain chlorinated paraffins (SCCPs)

AUTHORS: JENNIFER BALMER, KATRIN VORKAMP

CoNTRIBUTORS: ToM HARNER, HAYLEY HUNG, ROB LETCHER, FRANK RIGET

2.6.1 Introduction

Chlorinated paraffins (CPs), also called polychlorinated alkanes,
are synthetic chlorinated hydrocarbons produced since the
1930s. Although their manufacture has declined in some
regions, it has increased in others and they remain high volume
production compounds. They are among the last industrially
produced high molecular weight organochlorine compounds
in commerce (Muir et al., 2000b; OECD, 2009; UNEP, 2015d).

Analytical challenges associated with the complexity of CP
mixtures have limited their detection in the environment.
Reports of their occurrence in the Arctic, and elsewhere, have
been scarce in comparison to other persistent organic pollutants
(POPs) (Sverko et al., 2012). In spite of limited environmental
data, foresight for the potential environmental and human
health hazards of short-chain chlorinated paraffins (SCCPs)
has prompted international regulatory action. SCCPs are
recognized as POPs by the UNECE Convention on Long-range
Transboundary Air Pollution (LRTAP), and included on the list of
harmful substances issued by the Commission for the Protection
of the Marine Environment of the North-East Atlantic (OSPAR)
and the Baltic Marine Environment Protection Commission
(HELCOM) (UNEP, 2015d). SCCPs have been placed on the
United States Environmental Protection Agency (EPA) Toxic
Release Inventory (TRI), and in Canada are considered Priority
Toxic Substances under the Canadian Environmental Protection
Act (Muir et al., 2000b). SCCPs are classed as Substances of
Very High Concern by the European Chemical Agency in
the European Union (ECHA, 2008c) and included as Priority
Hazardous Substances in the European Water Framework
Directive (EU, 2013). The International Agency for Research on
Cancer has classified CPs with an average carbon chain length
of twelve and an average chlorine content of approximately 60%
as possibly carcinogenic to humans (class 2B) (IARC, 1990).

SCCPs were included as POPs under the Stockholm Convention
at the eighth meeting of the Conferences of the Parties
in 2017, with several specific exemptions (UNEP, 2017).
Following nomination for POP candidacy in 2006, a draft
risk profile for SCCPs was prepared and underwent several
rounds of revision (UNEP, 2006, 2010, 2012¢, 2015d), until
it was adopted in 2015. The risk management evaluation was
adopted at the 2016 meeting of the Persistent Organic Pollutant

Table 2.43 Summary of Arctic media for which SCCPs have been reported.

Review Committee (POPRC), and the committee decided to
recommend to the Conference of the Parties to list SCCPs
in Annex A (elimination) of the Convention (UNEP, 2016a).

Although the general lack of environmental data has precluded
the inclusion of SCCPs in previous AMAP reports, the growing
number of publications produced in the last few years, possibly
in response to their candidature for listing under the Stockholm
Convention, now allows for a first review of their status in the
Arctic. The current assessment summarizes all known SCCP data
reported for the Arctic region through September 2015, using
data from peer-reviewed publications and government scientific
reports (Table 2.43). Unless specified otherwise, SCCPs include
chain lengths of 10 to 13 carbon atoms. Due to the complexity
of CP mixtures, reported concentrations of SCCPs are likely to
be more uncertain than for those POPs with established routine
analyses. As multiple methods have been applied, inter-laboratory
comparability must also be expected to be lower. However,
most data have been obtained by a few laboratories, offering
comparability between studies performed by the same laboratory.

2.6.2 Physical-chemical properties

Chlorinated paraffins are commercially produced as complex
technical mixtures of polychlorinated alkanes that vary in
the length of their carbon chains and degree of chlorination
(Figure 2.63). They can be subdivided into three groups based on
carbon chain length: short-chain CPs (SCCPs) comprising 10 to 13
carbon atoms, medium-chain CPs (MCCPs) comprising 14 to 17
carbon atoms and long-chain CPs (LCCPs) with 18 or more carbon
atoms, and may be further subdivided by their chlorine content by
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Figure 2.63 Structure of two SCCPs (C,0H;,Cls and Ci3H,:Cls) (UNEP,
2015b).

Atmosphere Terrestrial Freshwater Marine
Chemical CAS#! Air Snow Soil Biota Water Sediment Biota Water Sediment Biota
SCCPs 85535-84-8 X X X X X X X X

"The CAS number provided represents the commercial SCCP mixture produced from n-alkanes with chain lengths of 10 to 13 carbon atoms. The
Stockholm Convention listing is specific for SCCP products containing more than 48% by weight chlorination, which is not indicated by the CAS
number. Note that other CAS numbers (e.g. CAS No 63449-39-8) may contain SCCPs and several countries, including the United States, use multiple

CAS numbers to identify SCCPs (UNEP, 2012c¢).
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weight: 40-50%, 50-60% and 60-70% (Muir et al., 2000b). SCCPs
(C1—Ci3) with greater than 48% chlorination are those listed as
POPs under the Stockholm Convention (UNEP, 2017).

Physical-chemical properties vary widely among CPs. SCCPs have
physical-chemical properties similar to legacy POPs, and thus are
the most likely to pose environmental concern (Drouillard et al,,
1998a,b). With low water solubilities (Drouillard et al., 1998a)
and log Kow values generally greater than 5 (Hilger et al., 2011;
Gliige et al., 2013), SCCPs are both hydrophobic and lipophilic and
may therefore bioaccumulate and biomagnify through food chains
(Tomy et al.,2000; Houde et al., 2008). SCCPs are also considered
semi-volatile, making them comparable to other POPs with regards
to their ability to volatilize from water and soils (Drouillard et al,,
1998b). Specifically, SCCPs with 3 to 9 chlorines are considered
‘multi-hoppers’ with the potential to cycle continuously between
the atmosphere and surface media in response to temperature,
and therefore have the highest potential for long-range transport
to the Arctic (Gawor and Wania, 2013). Those with 4 to 6 chlorines
are thought to have the highest Arctic contamination potential
(Gawor and Wania, 2013), as further described in Section 2.6.5.

2.6.3 Sources, production, use and trends

Chlorinated paraffins are synthetic compounds used worldwide
in diverse applications, ranging from high temperature and
pressure additives in metalworking fluids, plasticizers, and flame
retardants, to additives in adhesives, paints, rubber, and sealants
(Muir et al., 2000b; van Mourik et al., 2015). Produced from the
free radical chlorination of n-alkanes (paraffins) derived from
petroleum distillation (Bayen et al., 2006), it is estimated that
more than 200 commercial CP formulations have been made
available on the market (Alcock et al., 1999). The technical
SCCP mixtures do not contain isomers with more than one
chlorine atom at a carbon in relevant amounts because the
industrial production process with low positional selectivity
does not favor second chlorine substitutions at a carbon atom
(Rusina et al., 2011; van Mourik et al., 2015). Van Mourik et al.
(2015) also reported that 1,2-chlorine substitution is less
favored than 1,3-chlorine substitution. There are no known
natural sources of CPs (Fiedler, 2010).

While the CPs all have similar industrial applications, LCCPs
and MCCPs are more frequently used as plasticizers in flexible
polyvinylchloride (PVC) and as industrial metalworking fluids,
whereas SCCPs are mainly used in metalworking applications,
in sealants, as flame retardants in rubbers and textiles, in leather
processing and in paints and coatings (Fiedler,2010). The recent
addition of SCCPs to the Stockholm Convention contains
several exemptions and still allows their use in the rubber and
leather industry, as lubricant additives, and in metal processing
etc. (UNEP, 2017).

Large-scale production of CPs began in the 1930s (Muir et al.,
2000b). Historically, world production grew from 38000-50000 t/y
in 1961 to 300000 t/y in 1993 (Muir et al., 2000b). Sverko et al.
(2012) indicated total production estimates for SCCPs in the USA
and Europe of 7500 to 11300 t/y. Although production in the
USA, Europe, and Japan remained relatively constant throughout
the 1990s (Muir et al., 2000b), China has seen an exponential
increase in CP production, so much so, that it is currently the
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largest producer and user globally (UNEP, 2015d). Production in
China increased from a few thousand tonnes in the early 1990s
to 600000 tonnes in 2006 (Fiedler, 2010) and about one million
tonnes in 2009 (Chen et al., 2011a). More than 80% of the CPs
produced in China in 2008 were the commercial formulations
CP-42 and CP-52, with a chlorine content of 42% and 52%,
respectively (Cao et al,, 2015). Both mixtures contain SCCPs,
but also MCCPs and LCCPs (Yuan et al., 2010; Cao et al., 2015).
CPs are still produced in Russia, India, Japan and Brazil (UNEP,
2015d). Production of SCCPs in Brazil was reported at 150 t/y in
2015 (UNEP, 2015d).

Beginning in the mid-1990s, numerous domestic and
international regulations were implemented to reduce or
eliminate SCCP production and use (UNEP, 2015d). Norway
banned SCCP use in 2002. Both the United States and the EU
ceased production in 2012 (UNEP, 2015d). In Japan, metal-
working industries voluntarily phased out the use of SCCPs
by 2007 (Harada et al., 2011).

It is important to note that SCCPs represent a fraction of the
world’s total production of CPs. Owing to the regulations
imposed on SCCPs production over time, usage of MCCPs
increased and eventually superseded SCCP use (Stern and
Tomy, 2000). Given their use as flame retardants, it has been
suggested that the ban on polybrominated diphenyl ethers
(PBDE) mixtures could result in an increased use of SCCPs
(Stiehl et al., 2008). Furthermore, it was also recommended
that CPs be used as replacements for phthalates and phosphate-
based plasticizers in polymer industries (Chaemfa et al., 2014)
and a range of patents point to the potential use of SCCPs in
fluids for oil and gas exploration (UNEP, 2015d).

Anthropogenic releases of SCCPs may occur at any one of
the various stages of manufacture, use and disposal of SCCP-
containing products. Direct introduction of SCCPs into water
may occur through industrial spills, improper disposal of
metalworking fluids, facility cleanings and stormwater run-off
(Fiedler, 2010). Leaching of SCCPs from products during their
use and disposal are other potential sources of SCCPs to the
environment. Discarding of SCCP-containing products in landfills
could facilitate slow leaching of SCCPs into the environment for
centuries after disposal (IPCS, 1996). Recycling activities involving
the washing and grinding of plastics could also contribute to the
release of SCCPs into water and air (Fiedler, 2010).

Several studies have documented low levels of SCCP
contamination in abiotic media and biota from remote Arctic
sites (Tomy et al., 1999a; NILU, 2002; Stern et al., 2005),
suggesting atmospheric transport is a major route of SCCP to
the Arctic. However, elevated SCCP concentrations near urban
centers and one Arctic community emphasize the significance
of local sources to environmental SCCP levels (Tomy et al.,
1999a; Dick et al., 2010; Halse et al., 2015).

2.6.4 Transformation processes

The literature has been reviewed with regard to studies
addressing physical or biological transformation of chlorinated
paraffins in the Arctic environment. There do not appear to be
any recently published empirical data. Atmospheric half-lives
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of SCCPs, including degradation reactions by hydroxyl radicals
(OH-) (Li et al.,2014a) have been addressed in modeling studies
(see next section). Atmospheric half-lives are predicted to range
from <1 day to about two months, depending on the SCCP
congener in question (Vulykh et al., 2007; Li et al., 2014a).

2.6.5 Modeling studies

Modeling has been used to predict which substances are likely
to have physical-chemical properties typically associated with
persistence, long-range transport and/or bioaccumulation,
for example, a sufficiently long atmospheric half-life and a
high bioconcentration factor. Several modeling exercises have
identified SCCPs as persistent and bioaccumulative chemicals
warranting future monitoring. Strempel et al. (2012) conducted
a theoretical screening of about 95000 chemicals for persistence,
bioaccumulation, and toxic properties. The analysis identified
four SCCP mixtures with chlorine contents of 46%, 54%, 60%,
and 61% as having all three properties. To prioritize chemicals for
long-term atmospheric monitoring, Palm-Cousins et al. (2012),
used empirical atmospheric monitoring data in conjunction
with estimates of atmospheric persistence, long-range transport,
and bioaccumulation potential to identify chemicals of concern.
Using this approach, SCCPs were identified as having the highest
priority for future monitoring efforts.

Focusing on long-range transport and persistence,
Wegmann et al. (2007) examined SCCPs and other POP
candidates using the OECD overall persistence and long-range
transport Screening Tool which had previously been used to
provide information on candidate substances for inclusion in
the Stockholm Convention. The results indicated that SCCPs
have properties similar to those of established POPs.

An extensive analysis of SCCP physical-chemical properties has also
been used to determine the likelihood of long-range atmospheric
transport to the Arctic and subsequent bioaccumulation (Gawor
and Wania, 2013). The analysis identified most SCCPs with up to
four chlorines as fliers, but despite their high volatility, they were
considered to have low Arctic contamination potential as they
would not effectively deposit to surface media. Similarly, SCCPs
with more than 9-10 chlorine atoms were predicted to act as
‘single hoppers’ that may volatilize from point source areas, but
are likely to be deposited at lower latitudes prior to reaching the
Arctic, and thus also have a low Arctic contamination potential.
However, SCCPs with an intermediate degree of chlorination
were considered ‘multiple hoppers” with the potential to cycle
between the atmosphere and surface media in response to changes
in temperature, and therefore were found to have the highest
potential for long-range atmospheric transport to the Arctic
(Gawor and Wania, 2013). Those with 4-6 chlorines are thought
to have the highest Arctic contamination potential as they are
the most persistent in the atmosphere, with estimated half-lives
greater than five days (Gawor and Wania, 2013).

To better understand the influence of degradation on the
atmospheric lifetimes of SCCPs, a Quantitative Structure-
Activity Relationship (QSAR) model that accounts for reaction
with hydroxyl radicals was employed (Li et al., 2014a). Based
on the global average hydroxyl radical concentration of
9.7x10° molecules/cm?, atmospheric lifetimes of the selected
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SCCPs analyzed ranged from 0.4 to 67 days and were positively
correlated with the percentage of chlorine atoms, implying
that highly-chlorinated SCCPs are most persistent in the
atmosphere (Li et al., 2014a).

The long-range atmospheric transport potential and persistence
of SCCPs was also evaluated using the EMEP/MSCE-POP multi-
compartment hemispheric transport model using three SCCP
isomers that vary in carbon chain length (Cyo, Cy2, C15) and chlorine
content (Cls, Cls, Cl;) (Vulykh et al., 2007). The model calculates
the atmospheric transport of SCCPs from a conventional emission
point source located in Europe (5°E; 47.5°N) for a one-year period
using atmospheric half-lives of 2—4 days, and resulting in transport
distances of 1756-2609 km. The model predicted that whereas
87% of C,oH,,Cls was degraded in the atmosphere over the one-
year study period with only 13% being deposited to land and sea
surfaces, the other isomers (C,,H2Cls and C;3H,,Cl;) underwent
less degradation and experienced higher rates of deposition to
surfaces (45% and 66%, respectively). Transport distances were
defined as the average distance from the source at which the annual
mean atmospheric concentration is 1000-fold lower compared to
the point source (Vulykh et al., 2007).

The same multi-compartment model was also used to evaluate
the environmental residence times of these three isomers.
Residence time takes into account the distribution of SCCP
isomers between the main environmental compartments (air, soil,
water, sediment, vegetation) and the amount degraded in each
media throughout the year. The overall calculated environmental
half-lives of the three isomers ranged from 6.8 d (C;,Hi,Cls) to
42.6 d (C12H20Cs), and modeled persistence was 180 days in soil,
60 days in water and ~2 days in air (Vulykh et al., 2007).

The environmental fate of SCCPs in the Nordic environment
and their potential for bioaccumulation was assessed using
a mechanistic, integrated, dynamic multimedia model
(CoZMoMAN?21) consisting of 12 environmental compartments
including air, freshwater, seawater, sediments, soils and forest
canopies, as well as a marine food chain (zooplankton, herring,
cod), an agricultural food chain (grass, cow milk, beef), and
humans (Krogseth et al., 2013¢). SCCP emission scenarios were
estimated and used to predict the composition and concentrations
of SCCPs in the environment and food chains (Figure 2.64).

SCCPs with long chain lengths (C,;-Cy;) and a high degree of
chlorination (Cls-Cly) were predicted to be the predominant
isomers in sediments, whereas SCCPs with medium carbon
chain lengths (C;-Ci,) and chlorination degrees (Cls-Cl,) were
predicted to predominate in the atmosphere.

Modeled profiles also suggested that SCCPs with longer chain
lengths and a higher degree of chlorination may have a greater
bioaccumulation potential; SCCPs with 11-12 carbons and
7-8 chlorines were predicted to predominate in the agricultural
food chain, while those with longer carbon chains and higher
chlorination degrees were predicted to be more prevalent in
the aquatic food chain (Krogseth et al., 2013c). Krogseth et al.
(2013c¢) cautioned however, that the model’s overestimation of
heavy SCCPs in fish and humans might bias bioaccumulation
trends. They also highlighted that model predictions would
be greatly improved by better analytical methods and more
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Figure 2.64 Measured versus modeled SCCP concentrations in various
environmental compartments of the Nordic environment (Krogseth et al.,
2013c). Error bars show the range in measured concentrations. The solid
line is the one-to-one line, while the dashed lines mark deviations of one
order of magnitude. Numerical concentration data and units not specified.

strategic sampling, especially for remote regions representing
background concentrations.

In summary, several modeling studies have pointed at SCCPs as a
candidate for environmental monitoring, mainly on the grounds
of their predicted persistence and/or bioaccumulation potential.
Not all SCCPs might enter the Arctic equally, as those with a
medium chlorine content (4-9 chlorines) might be most prone
to long-range transport and deposition. However, their stability
versus degradation in the atmosphere was also predicted to
depend on the carbon chain length, as well as other factors. Model
predictions indicate SCCPs with longer carbon chain lengths and
higher chlorine contents have a greater bioaccumulation potential;
however, validations with monitoring data are limited due to the
high uncertainty of the chemical analysis of SCCPs.

2.6.6 Environmental concentrations

2.6.6.1 Air and precipitation

Levels of SCCPs were determined in high volume active air
samples from Alert in the Canadian Arctic collected between
September and December, 1992. Mean total concentrations
were 20 pg/m’® (range <1.7-67 pg/m’) (Peters et al., 2000).
Levels of SCCPs in air from Alert have also been reported by
Bidleman et al. (2001). Air samples collected from January
1994 to January 1995 exhibited SCCP concentrations of
1.1-7.3 pg/m® and were highest in the late summer months.

From January through August 2011, air samples were again
collected from Alert and screened for SCCPs. Results showed
SCCPs were found mostly in the gas phase, with particle
concentrations being similar to levels in blanks, except during
the haze season (i.e. February) and summer (Figure 2.65). The
mean and median concentrations were 910 and 680 pg/m?,
respectively, with a range of 210 to 2900 pg/m’, with the C,o and

AMAP Assessment 2016: Chemicals of Emerging Arctic Concern

Total SCCPs in air, pg/m? Air temperature, °C

3000 A 20
B Particle phase Alert
= Vapor phase
2500  — Airtemperature 10
-0
2000 +
--10
1500
--20
1000
--30
500 | 10

Figure 2.65 SCCP high volume air concentrations at Alert, Canada in
2011 (NCP, 2015a).

Ci; groups predominating (Hung, 2015). These concentrations
were much higher than those measured in the 1990s (Tomy,
1997; Bidleman et al., 2001). The results from the three
studies are summarized in Figure 2.66. For comparison, the
atmospheric concentration of XPCBy, (sum of ten congeners)
at Alert was about 5 pg/m”® in 2005 (Hung et al., 2010).

Several measurements of SCCPs have been made in air from
the Norwegian Arctic. From March to May 1999, Borgen et al.
(2000) measured SCCPs in the gas and particulate phases from
Mt. Zeppelin (Svalbard) in the range 9.0-57 pg/m®. However,
they cautioned that the levels detected were of a similar order of
magnitude to those detected in field blanks, and that the presence
of other contaminants may have interfered with the analysis.

One year later, from May to November 2000, Borgen et al.
(2002a) measured SCCPs in ambient air from Bjerneya, a remote
island between Svalbard and mainland Norway, and detected
gas and particulate phase concentrations of 1800-11000 pg/m?
(Borgen et al., 2002a). Most recently, in 2013 and 2014, SCCPs
were measured in air from Mt. Zeppelin with mean annual

SCCPs in air, pg/m?

2900
Alert
1000 B Minimum
Mea.n 910
B Maximum
100
10 - 20
<1.7
1.1 na.
1 I T T
1992 1994/1995 2011

Figure 2.66 SCCP concentrations in air at Alert (Canadian Arctic). The
numbers in or above the bars are measured concentrations. Data sources:
1992 (Peters et al., 2000), 1994/1995 (Bidleman et al., 2001) and 2011
(NCP, 2015a).
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Table 2.44 Annual mean concentrations of SCCPs in air at Mt. Zeppelin,
Svalbard for 2014 in comparison to other contaminants (NILU, 2014).

Contaminant class Air, pg/m®
SCCP 240
HCB 83
YHCH 5.7
2;PCB 3.3
DDT 0.6
PBDE 1.1
21 sPAH 1433
SCCPs in air, pg/m?
11000
10000
B Minimum
Mean 1800
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360
250
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10

1999 2000 2013 2014

Figure 2.67 SCCP concentrations in air at Mt. Zeppelin (Svalbard) in 1999,
2013 and 2014, and at Bjerngya in 2000. The numbers in or above the bars
are measured concentrations. Data sources: 1999 (Borgen et al.,2000), 2000
(Borgen et al., 2002a), 2013 (NILU, 2014) and 2014 (NILU, 2015).

concentrations of 360 and 240 pg/m’, respectively (NILU, 2014,
2015). Although levels of CPs detected in 2013 blanks were
high, resulting in high limits of detection, only 3% of SCCP
measurement were below detection limits. Furthermore, SCCP
concentrations were up to three orders of magnitude higher than
levels of legacy POPs, and at similar concentrations to individual
PAHs (NILU, 2014) (Table 2.44). An overview of the Svalbard
and Bjerngya data is presented in Figure 2.67.

The results of the 2009 GAPS retrospective study included
four Arctic sites. SCCPs were analyzed using high resolution
GC/MS and concentrations in PUF disk samples are given in
Table 2.45 (Harner et al.,2014a,b), in comparison to previously
determined PCB concentrations. As shown for the Arctic
atmospheric monitoring stations Alert and Mt Zeppelin, SCCP
concentrations exceeded those of PCBs.

Table 2.45 SCCPs in air at four Arctic stations determined by passive
sampling under the GAPS network (Harner et al.,2014a,b) in comparison
to previously determined PCB concentrations (Pozo et al., 2009).

Location SCCP 2PCBas
(from 2009), pg/m’ (from 2005), pg/m’

Barrow, Alaska, USA 220 45

Ny—Alesund, Svalbard, Norway 81 2

Stérhofoi, Iceland 1000 40

Little Fox Lake, Yukon, Canada 87 n.a.

n.a. not analyzed
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2.6.6.2 Terrestrial environment

In 2008, Halse et al. (2015) measured SCCPs and other POPs in
background surface soil samples along a transect from the UK
(50.58°N) to the Norwegian Arctic (70.47°N). Twenty-three remote
Norwegian sites were sampled, including woodland and grassland
soils. The average concentration of SCCPs detected in Norwegian
soils was 22 ng/g soil organic matter (SOM). For comparison,
the average XPCB;, concentration was 8 ng/g SOM in the same
samples. There was a steep decline in SCCP concentrations with
increasing latitude and no sites north of 62°N had concentrations
of SCCPs above the detection limit. In addition, unlike other
POPs measured, SCCP levels were not correlated to any of the
soil parameters measured, including bulk density, black carbon
and organic matter content. SCCPs were correlated with PBDEs
in the same samples, but not with other POPs, suggesting different
sources and/or environmental behavior. Taken together, these data
suggest soil SCCP levels are influenced primarily by proximity
to source regions, rather than soil characteristics (Halse et al.,
2015). SCCP concentrations ranging from 13 to 140 ng/g were
determined in terrestrial soils taken near the landfill site in Iqaluit,
Nunavut, in the Canadian Arctic (Dick et al., 2010), suggesting the
landfill may act as a local source of SCCP contamination in Iqaluit.

Chlorinated paraffins of unspecified chain length were found
at 140 ng/g Iw in pooled fat samples collected from reindeer
from Ottsj6, Sweden in 1986 (Jansson et al., 1993).

2.6.6.3 Freshwater environment

Surface waters

Surface water samples collected from several freshwater sources
near the community of Iqaluit, Nunavut, the largest community
in Arctic Canada, had SCCP concentrations that ranged from
non-detectable to 98 ng/L. These levels were low compared to
those detected in a local sewage lagoon (150-240 ng/L), indicating
local contamination sources, in addition to atmospheric transport
that may influence environmental SCCP exposure in the Arctic
(Dick etal.,2010). Surface water from Lake Abiskojaure in northern
Sweden was investigated for SCCPs in 2006 (SWECO VIAK, 2007)
and 2008 (Torneman et al.,2009b), but concentrations were below
detection limits. Likewise SCCPs were not detected in surface
water from Kalixdlven gruvsamhille (SWECO VIAK, 2007), a
former mining village with contamination potential.

Sediments

Several studies have confirmed the presence of SCCPs in the
sediments of remote lakes in the Canadian Arctic. Tomy et al.
(1999a) determined SCCPs in sediment cores collected from
Hazen Lake on Ellesmere Island, Nunavut and Ya Ya Lake in the
Mackenzie Delta, in the Northwest Territories. Total sediment
SCCP concentrations were 1.6 and 4.5 ng/g dw, respectively
(Tomy et al., 1999a). At Lake DV09 on Devon Island, Nunavut,
SCCP concentrations of up to 18 ng/g dw were detected in
the surface layer of a sediment core and exceeded levels of
all other POPs measured by one to two orders of magnitude
(Stern et al., 2005). While contamination from local boat traffic
is theoretically possible, it is unlikely given the remote nature
of the lakes. Tomy et al. (1999a) suggested that the presence
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of SCCPs is most likely the result of long-range atmospheric
transport and deposition. In addition to surface water samples,
sediments from streams, rivers and lakes at Iqaluit, Nunavut were
analyzed for SCCPs. Concentrations ranged from 5.2 to 140 ng/g
(no information given on whether this is on a wet weight or dry
weight basis). Areas associated with waste disposal sites, including
a sewage lagoon, a city landfill, and an abandoned military
dumpsite, had the highest levels, confirming that local inputs,
in addition to long-range atmospheric transport from southern
industrialized nations, are sources of SCCPs to Igaluit (Dick et al.,
2010). In contrast, sediment from Lake Abiskojaure in northern
Sweden was investigated for SCCPs in 2006 (SWECO VIAK,
2007) and 2008 and, as was also the case for SCCPs in surface
water, concentrations were below detection limits.

Fish

In 1986, CPs of unspecified chain length were detected in
pooled whitefish (Coregonus sp.) muscle from Lake Storvindeln,
Sweden at 1000 ng/g Iw (Jansson et al., 1993). Borgen et al.
(2002b) measured SCCPs in burbot (Lota lota), Arctic char
(Salvelinus alpinus) and trout (species not given) from various
freshwater bodies throughout Norway, including those in
the Norwegian Arctic. Total SCCP concentrations were
110-1700 ng/g lw in trout muscle, 500-600 ng/g Iw in Arctic
char muscle, and 230-3700 ng/g Iw in burbot liver. Liver and
muscle samples from two Arctic char caught in 2001 from
Lake Ellasjoen on Bjerneya, Norway, had concentrations of
7-27 ng/g ww (89-540 ng/g lw) (Reth et al., 2006).

In Canada, SCCPs have been measured in fish from many
freshwater lakes (Muir et al., 2013¢; Basconcillo et al., 2015). A
preliminary analysis of landlocked Arctic char collected from
Resolute Lake in the Canadian Arctic in 2010 detected relatively
low levels of SCCPs in muscle (0.12 ng/g ww; SD or range
not specified) (Muir et al., 2013c). For comparison, the ZPCB
concentration in landlocked Arctic char from Resolute Lake was
93 ng/g ww, averaged over the period 2003-2009 (Muir et al,,
2013c). Another study from 2010 and 2011 analyzed SCCPs and
MCCPs in predatory fish species from nine Canadian freshwater
bodies, including Lake Kusawa in the Yukon (Basconcillo et al.,
2015). Long-range atmospheric transport was considered the only
source of SCCPs to this lake (Basconcillo et al., 2015). SCCPs were
detectable in whole body homogenates of lake trout (Salvelinus
namaycush) from Lake Kusawa, with a mean concentration (+ SD)
of 2+3 ng/g ww (22+18 ng/g Iw). These levels were the lowest
compared of the eight freshwater bodies included in the study.
However, concentrations of SCCPs in lake trout from the Great
Lakes were not much higher. Lake trout from Lake Superior, Lake
Huron, and Lake Erie had mean concentrations of 3+3 ng/g ww
each (22+19 ng/g Iw, 26+24 ng/g Iw, 12+7 ng/g Iw, respectively),
while lake trout from Lake Ontario had a mean SCCP
concentration of 5+3 ng/g ww (37+21 ng/g Iw). Furthermore,
the observation that Lake Kusawa fish had higher concentrations
of SCCPs than MCCPs was suggestive of an atmospheric source
(Basconcillo et al., 2015). XPCB concentration in lake trout from
Lake Kusawa was about 10 ng/g ww averaged over the period
2003-2009 (Muir et al., 2013c). Dick et al. (2010) measured SCCPs
in two pooled samples from ninespine stickleback (Pungitius
pungitius) (n=30 per pool) from various locations around
Iqaluit, Canada, as well as in a single landlocked Arctic char from
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Iqalugaajuruluit lake. SCCP concentrations were 12 ng/g ww for
the landlocked Arctic char and a mean of 12+2.2 ng/g ww (range
11-14 ng/g ww) for ninespine stickleback.

2.6.6.4 Marine environment

Seawater

No data are currently available for SCCPs in seawater.

Sediment

In 2007, a total of 11 sediment samples from the Barents Sea
were screened for SCCPs and MCCPs (SFT, 2008). SCCPs
were quantifiable in all sediment samples, with concentrations
of 8-92 ng/g dw, whereas MCCPs could only be quantified in
one sample. In 1997 and 1998, marine sediment cores and grab
samples were collected from various regions of the Canadian
Arctic Archipelago. SCCP concentrations were 4.79-77.41 ng/g dw.
Similar to the PCBs and other organochlorine pesticides measured,
SCCP concentrations tended to decrease from southern to
northern latitudes (Stern and Evans, 2003).

Biota

In 2012 and 2013, blue mussels (Mytilus edulis) were collected
from sites in northern Norway. In 2012, median concentrations
(+SD) of 2.2 ng/g ww and 5.5 ng/g ww SCCPs were found
at Husvaagen, Svolveer on Lofoten and in Bode harbor,
respectively (NIVA, 2013). In 2013, median concentrations
of 1.6,2.8 and 1.2 0.5 ng/g ww, were found in blue mussels
from Outer Trondheimsfjord, Bode harbor, and Svolvaer (on
Lofoten), respectively (NIVA, 2014).

In 2003 and 2004, a total of six individual Atlantic cod (Gadus
morhua) were sampled from various regions in the European
Arctic including the northern Norwegian coast, and southern
and northern Iceland (Figure 2.68). SCCP concentrations in liver
were 11-70 ng/g ww and were comparable to previously detected
levels of CB-153 (31-120 ng/g ww) and BDE-47 (7-32 ng/g ww,
median 15 ng/g ww) in the same fish (Reth et al., 2006).

SCCPs in Atlantic cod liver, ng/g ww
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Figure 2.68 Concentrations of SCCP in Atlantic cod from the Arctic. The
numbers in or above the bars are measured concentrations. Data sources:
northern Norway and Iceland 2003/2004 (Reth et al., 2006), Lofoten 2012
and Tromse 2012 (NIVA, 2013), Lofoten 2013 and Tromse 2013 (NIVA,
2014), and Svalbard 2012 (NILU, 2013).
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In 2012 and 2013, additional samples of Atlantic cod were
analyzed from northern Norway. In 2012, median SCCP
concentrations of 12 and 62 ng/g ww were found in cod liver
from Lofoten (Skrova harbor) and Tromse harbor, respectively
(NIVA, 2013). In 2013, median concentrations of 3.9 and
110 ng/g ww were detected in cod liver from these same two
locations (NIVA, 2014). The higher concentrations near Tromso
might be indicative of local sources contributing to SCCP levels
in Atlantic cod. The analysis of cod liver from the non-Arctic
areas Alesund and Inner Trondheimsfjord in 2013 found
median concentrations of 70 and 110 ng/g ww, respectively
(NIVA, 2014). Additionally, Atlantic cod from Svalbard, was
reported with a mean SCCP concentration of 10 ng/g ww (range
3-36 ng/g ww) (NILU, 2013) (Figure 2.68). A pooled sample
of polar cod (Boreogadus saida) from Svalbard had an SCCP
concentration of 2.3 ng/g ww (NILU, 2013) (Figure 2.69).

Strid et al. (2013) measured SCCPs in 15 Greenland sharks
(Somniosus microcephalus) accidentally caught in waters
around Iceland between 2001 and 2003 and found a median
concentration of 430 ng/g Iw in liver (range <MDL-5200).

Chlorinated paraffins were determined in 30 anadromous Arctic
char collected near the community of Iqaluit, in Nunavut, Canada
(Dick et al., 2010). Char collected near the town had a mean
concentration (£SD) of 7.8+17 ng/g ww (range, <MDL-96).
In comparison, three char collected from Peterhead Inlet, to
the east of Igaluit, had lower concentrations, with a mean of
1.6+2.8 ng/g ww (range <MDL-4.9). In line with findings for
SCCPs in sediment and surface water, the SCCP concentrations
in fish from near the larger settlements of Tromse and Iqaluit
were higher than in the same species caught far from settlements.
This suggests that local sources may contribute to SCCP levels
near larger settlements. However, SCCPs were also present in fish
from locations where long-range atmospheric transport was the
only possible source, indicating that this is probably the main
source of these compounds to the Arctic in general.

Table 2.46 Summary of SCCP concentrations reported for Arctic seabirds.
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Figure 2.69 Box and whisker plots comparing SCCP and MCCP
concentrations in biota from Svalbard, Norway in 2012. Tissues sampled
include plasma (polar bear, ringed seal, glaucous gull), eggs (common eider,
kittiwake), liver (Atlantic cod) and pooled whole body homogenate (polar
cod). The box indicates the 25th and 75th percentiles and the horizontal
line marks the median. Lines without statistics are below three valid data
points (> detection limits) (NILU, 2013).

Muscle and liver were collected from two little auks (Alle
alle) and two black-legged kittiwakes (Rissa tridactyla) from
Bjerneya, Norway in 2001 and analyzed for SCCPs and MCCPs.
Concentrations of SCCPs ranged from 5 to 88 ng/g ww
(Table 2.46) and MCCPs from 5 to 370 ng/g ww. With the
small sample size, no clear trends between species or tissues
were apparent (Reth et al., 2006). SCCPs and MCCPs were
sought in Svalbard glaucous gulls (Larus hyperboreus) (plasma,
brain, liver) but were consistently below the method detection
limits (Knudsen et al., 2007) (Table 2.46).

Species Location Year Tissue n Lipid, % Statistic SCCP,ng/g ww unless  Reference
otherwise noted
Little auk Bjorneya, Norway 2001 Liver 2 10 Range 18-88 Reth et al., 2006
Muscle 2 4.5 Range 7-16
Kittiwake Bjornoya, Norway 2001 Liver 2 5.5 Range 6-44 Reth et al.. 2006
Muscle 2 8.5 Range 5
Glaucous gull ~ Svalbard, Norway 2003-2005 Liver 10 - - <MDL Knudsen et al., 2007
Common eider ~ Sklinna/Rest, Norway 2012 Egg 18° NR Range <2.0-4.8 Huber et al., 2015
European shag ~ Sklinna/Rest, Norway 2012 Egg 18 NR Range <2.0 Huber et al., 2015
Herring gull Sklinna/Rest, Norway 2012 Egg 18° NR Range <2.0-2.7 Huber et al., 2015
Black guillemot  East Greenland 2012 Egg 4 10.2 Mean+SD 710+200 Vorkamp et al., 2017
(range) (490-940)
Glaucous gull ~ East Greenland 2012 Liver 4 5.3 Mean+SD 230+110 Vorkamp et al., 2017
(range) (170-390)
Glaucous gull  Svalbard, Norway 2012 Plasma 12 14.4° Mean+SD 4.0+2.0 ng/mL NILU, 2013
(range) (<0.24-6.7)
Kittiwake Svalbard, Norway 2012 Egg 12 8.1 Mean+SD 7.8+8.3 NILU, 2013
(range) (<1.6-25)
Common eider ~ Svalbard, Norway 2012 Egg 12 17.4 Mean+SD 3.2+1.8 NILU, 2013
(range) (<1.6-8.1)

NR: not reported; *pooled into six samples ; *not measured, value taken from literature data as reported by authors.
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Table 2.47 Concentrations of SCCPs detected in Arctic marine mammals.
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Species Location Year Tissue n Lipid, Statistic ng/g ww unless Reference
% otherwise noted
Ringed seal Nunavut, Canada 1994 Blubber 6 90.3  Mean (range) 520 (370-770) Tomy et al., 2000
2002 Blubber 8 NR GM 35 Muir et al., 2013b
2004 Blubber 18 NR GM 180 Muir et al., 2013b
West Greenland 1999-2001 Blubber 6 922 AM=+SD 11+13 Johansen et al., 2004
East Greenland 2012 Blubber 5 931 AM+SD 1400+370 Vorkamp et al., 2017
Svalbard, Norway 1981 Blubber 7 88 AM 130° ng/g lw Jansson et al., 1993
Svalbard, Norway 2012 Plasma 10 0.7° AM (range) 5.0 ng/mL (2.1-10)  Muir et al., 2013b
Harp seal  West Greenland 1999-2001 Blubber 5 889 AM+SD 2.4+1.4 Johansen et al., 2004
Walrus NW Greenland 1978 Blubber 2 835 AM (range) 430 (360-490) Tomy et al., 2000
Minke West Greenland 1999-2001 Skin 5 45.0 AM+SD 4.0+6.6 Johansen et al., 2004
Narwhal ~ West Greenland 1999-2001 Blubber 5 771 AM+SD 97+49 Johansen et al., 2004
Beluga Northwest Territories, Canada 1993 Blubber 10 NR GM 340 ng/g lw Muir et al,, 2013b
1995 Blubber 10 NR GM 250 ng/glw Muir et al., 2013b
2000 Blubber 10 NR - <MDL Muir et al., 2013b
2001 Blubber 11 NR GM 205 ng/g lw Muir et al., 2013b
2002 Blubber 10 NR - <MDL Muir et al., 2013b
2003 Blubber 11 NR - <MDL Muir et al., 2013b
2004 Blubber 10 NR - <MDL Muir et al., 2013b
2005 Blubber 10 NR GM 250 ng/g lw Muir et al., 2013b
2006 Blubber 10 NR GM 4.0 ng/g Iw Muir et al,, 2013b
2007 Blubber 10 NR - <MDL Muir et al., 2013b
2008 Blubber 10 NR - <MDL Muir et al., 2013b
Nunavut, Canada 1982 Blubber 8 NR GM 200 ng/g lw Muir et al., 2013b
1986 Blubber 7 NR GM 160 ng/g lw Muir et al., 2013b
1992 Blubber 8 NR GM 330 ng/glw Muir et al,, 2013b
1995 Blubber 10 NR GM 120 ng/g Iw Muir et al,, 2013b
2000 Blubber 4 NR - <MDL Muir et al., 2013b
2002 Blubber 8 NR GM 120 ng/g Iw Muir et al,, 2013b
2005 Blubber 10 NR GM 17 ng/glw Muir et al., 2013b
2006 Blubber 4 NR GM 3.0 ng/glw Muir et al., 2013b
2007 Blubber 5 NR - <MDL Muir et al., 2013b
2008 Blubber 4 NR - <MDL Muir et al., 2013b
2010 Blubber 3 NR - <MDL Muir et al., 2013b
NW Greenland 1989 Blubber 4 883 AM (range) 190 (110-250) Tomy et al., 2000
West Greenland 1999-2001 Blubber 5 879 AM+SD 280+140 Johansen et al., 2004
Polar bear Northwestern Hudson Bay, Canada 2011 Fat 23 80 AM+SD 4934300 Letcher, 2013
Western Hudson Bay, Canada 2014 Fat 17 84 AM+SD 175£100 Letcher et al., 2018
Southern Hudson Bay, Canada 2014 Fat 24 86 AM=+SD 160+84 Letcher et al., 2018
Svalbard, Norway 2012 Plasma 20 0.9° AM (range) 4.0 ng/mL (<0.12-12) Muir et al., 2013b
Svalbard, Norway 2002 Fat 15 56.3 AM=SD (range)  0.5+1.0 (0.004-2.6) Gabrielsen et al., 2004
East Greenland 2012 Adipose 5 864 AM+SD 2200+580 Vorkamp et al., 2017

NR: not reported. *Concentration refers to total chlorinated paraffins; *not measured, value taken from literature data as reported by authors.

Eggs of black guillemot (Cepphus grylle) and liver of glaucous gull,
both collected in East Greenland in 2012, were included in a recent
screening study of SCCPs in Greenland biota (Vorkamp et al.,
2017) (Table 2.46). The compound identification and quantification
was based on gas chromatography combined with low resolution
mass spectrometry (GC-LRMS) and followed the methods of Reth
and Oehme (2004) and Reth et al. (2005). For comparison, ZPCB;,
in glaucous gulls from East Greenland was present at 1900 ng/g ww
in 2004 (Vorkamp et al., 2012). Vorkamp et al. (2017) noted that
although they had succeeded in removing PCBs and several

organochlorine pesticides from the extracts prior to analysis, a
risk of interference from non-SCCPs remained.

Northern fulmar (Fulmarus glacialis) eggs collected in 2003 from
Prince Leopold Island and Cape Vera on Devon Island, Nunavut,
Canada were analyzed for SCCP and MCCP concentrations. Both
were below detection limits (Muir et al., 2004a). Eggs from common
eiders (Somateria mollissima), European shags (Phalacrocorax
aristotelis) and herring gulls (Larus argentatus) were collected
from two remote islands, Sklinna and Rest on the Norwegian coast,
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during 2012 and analyzed for SCCPs and MCCPs (Huber et al.,
2015) (Table 2.46). Although CPs were measurable in all samples,
MCCPs (<MDL-17 ng/g ww) were detected more frequently than
SCCPs (<MDL-4.8 ng/g ww). ZPCB; concentrations in herring
gull eggs were as high as 876 ng/g ww (Huber et al,, 2015).

SCCPs and MCCPs were also measured in glaucous gulls, black-
legged kittiwakes and common eiders from Svalbard in 2012
(NILU, 2013) (Figure 2.69). Mean concentrations of SCCPs in
kittiwake and common eider eggs were 7.8 ng/g ww (range
<MDL-25) and 3.2 ng/g ww (range <MDL-8.1), respectively.
The mean SCCP concentration in plasma from glaucous gulls
was 4.0 ng/mL (range <MDL-6.7) (Figure 2.69).

Evidence of SCCP accumulation in Arctic marine mammals is
growing, but data are still sparse (Table 2.47). The largest SCCP
concentration dataset for Arctic marine mammals exists for
beluga (Delphinapterus leucas) with concentration ranges of
3.0-340 ng/g Iw. SCCPs were measured in beluga from Greenland
and various regions of Canada in multiple studies over the period
1982-2001 (NCP, 2013). SCCP concentrations in beluga were
generally lower than for other legacy POPs, including PCBs, DDT
and toxaphene, implying that SCCPs may be less bioaccumulative
in similar exposure situations. However, SCCP concentrations in
beluga pre-2000 exceeded those of other emerging contaminants,
including PBDEs, HBCDD and PFASs (Tomy et al., 2010). In
1993, geometric mean concentrations of SCCPs in beluga
blubber were about 65 and 1000 times greater than for PBDE
and HBCDD, respectively. Post-2000, SCCP levels have appeared
to decrease; beluga samples from Hendrickson Island, NWT,and
Pangnirtung, Nunavut, Canada were also used to assess temporal
trends in SCCPs (see Section 2.6.7).

Recently, a suite of 24 SCCP congeners was screened in adipose
samples from northwestern Hudson Bay polar bears (Ursus
maritimus) harvested in 2011 (Letcher, 2013). Each SCCP
carbon chain contained 5 to 10 chlorines. Seventeen of the 24
SCCPs were quantifiable in all samples. The mean ~SCCP;,
concentration in the 2011 samples was 493+300 ng/g ww
(Table 2.47).In 2014, fat samples were collected from both the
southern (n=24) and western (n=17) Hudson Bay polar bears
(Letcher et al., 2018). For the 24 SCCPs analyzed, the same
contaminant pattern was found as in the 2011 northwestern
Hudson Bay samples. The mean XSCCPa4concentration in the
2014 samples was 175+100 and 160+84 ng/g ww, for western and
southern Hudson Bay bears, respectively. These concentrations
were among the highest of the POPs measured. For example,
in the southern Hudson Bay samples, SCCP concentrations
were similar to those of XDDT, YXHCH and Xchlorobenzenes.
SCCPs were also detectable in 95% of plasma samples from
20 polar bears sampled in Svalbard during 2012, with a mean
concentration of 4.0 ng/mL plasma (Figure 2.69) (NILU, 2013).

Polar bear adipose and ringed seal blubber from East
Greenland were included in a recent screening study for SCCPs
(Vorkamp et al., 2017). The analytical method was the same
as described above for black guillemot eggs and glaucous gull
liver (see Reth and Oehme, 2004; Reth et al., 2005). Compared
with levels reported for Canadian polar bears, concentrations
measured in East Greenland bears appear higher (Table 2.47).
In addition to geographic influences, differences in analytical
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Figure 2.70 Relationship between SCCP concentrations and isotopic
nitrogen signature (NILU, 2013).

methods may also contribute to the spatial variations observed
for SCCP concentrations in Canadian and East Greenland
biota. Canadian samples were analyzed by gas chromatography-
high resolution mass spectrometry (GC-HRMS), and higher
selectivity might result in less interference and thus lower
concentrations (Tomy et al., 1999b).

A screening study conducted by NILU (2013) included high-
trophic level marine mammals in addition to lower-trophic level
seabirds and fish from Svalbard (Figure 2.69) and simultaneously
measured isotopic nitrogen signatures to determine the
relationship between SCCP concentrations and trophic level
in Arctic biota (Figure 2.70). A positive relationship between
log normalized SCCP concentration and isotopic nitrogen was
found, indicating a potential for SCCP biomagnification and
resulting in a trophic magnification factor of 2.3 (NILU, 2013).

Isolated analyses of SCCPs in other Arctic marine mammals
have been reported (Table 2.47). However, small sample sizes
and differences in the reporting of concentrations as wet
weight or lipid normalized data preclude direct comparisons
between these data. One finding common among many of
the marine mammals with detectable SCCP concentrations
was that shorter carbon chain length congeners (i.e. the Cyo
and C;; SCCP groups) tended to predominate (Tomy et al.,
2000; Johansen et al., 2004; Letcher, 2013), in some cases
constituting up to 91% of total SCCP abundance (Tomy et al.,
2000). Previous work has indicated that the shorter carbon
chain length congeners are the most volatile (Drouillard et al.,
1998b), suggesting that the source of SCCP bioaccumulation is
their long-range atmospheric transport to the Arctic.

2.6.7 Environmental trends

2.6.7.1 Spatial trends

Tomy et al. (1999a) measured SCCPs in sediment cores from
six lakes in Canada to examine spatial (and temporal - see next
section) trends in deposition. SCCP concentrations declined
significantly with latitude, with the lowest concentrations being
detected in remote, high latitude lakes Ya Ya (NWT) and Hazen
(High Arctic). In 2008, Halse et al. (2015) measured SCCPs and
other POPs in background surface soil samples along a transect
from the UK (50.58°N) to the Norwegian Arctic (70.47°N). The
data show a steep decline in SCCP concentration with increasing
latitude and no sites north of 62°N had concentrations of SCCPs
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above the detection limit (see Section 2.6.6.2 for greater detail).
In 1997 and 1998, marine sediment cores and grab samples
were collected from various regions of the Canadian Arctic
Archipelago. SCCP concentrations tended to decrease from
southern to northern latitudes (Stern and Evans, 2003).

2.6.7.2 Temporal trends

Tomy et al. (1999a) also used the study of SCCPs in sediment
cores from six lakes in Canada (see previous section) to
examine temporal trends. In mid-latitude lakes, maximal SCCP
concentrations were measured in slices representative of the
1980-1990 period. However, the trend was less apparent in
high latitude lakes, probably owing to low sedimentation rates
and near detection limit concentrations (Tomy et al., 1999a).

Stern and colleagues have also reported SCCPs in a sediment
core from a high latitude lake in the Canadian Arctic (Stern and
Evans, 2003; Stern et al., 2005). Sediment from Lake DV09 on
Devon Island (Nunavut) showed maximal SCCP concentrations
in surface sediment corresponding to 1997, with a smaller peak
in the slice dated to 1956/1957 (Figure 2.71). The increase in the
1990s concurs with the doubling of the production volume in
China from 1993 to 2006, while production in other countries
remained relatively constant (Muir et al., 2000b; Fiedler, 2010).

Air measurements at Alert showed a considerable increase in
SCCP concentrations from the 1990s (mean 20 pg/m?®) to 2011
(mean 910 pg/m®) (Peters et al., 2000; Hung, 2015). Likewise,
SCCP concentrations increased about 10-fold at Mt Zeppelin
on Svalbard from 1999 to 2013/2014 (Borgen et al., 2000; NILU,
2014, 2015). However, samples from Bjerneya taken in 2000
exceeded both measurements on Svalbard (Borgen et al.,2002a).

The data available on SCCPs in beluga allow a first assessment of
the temporal development of SCCPs in Arctic biota (Figure 2.72).
Blubber samples collected between the early 1980s and mid-2000s
from the southern Beaufort Sea (Hendrickson Island) and
Cumberland Sound (Pangnirtung) beluga stocks indicate that
SCCPs reached the highest levels in the 1990s and declined
thereafter (Tomy et al., 2010; Muir et al., 2013b), which contrasts
with the concentration development found in the sediment core
and air measurements. Muir et al. (2013b) discussed that this
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Figure 2.71 Profile of SCCP concentrations in a dated sediment core from
Lake DV09 on Devon Island, Nunavut, Canada (Stern and Evans, 2003).
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might reflect the reduced use of SCCPs in North America and
Western Europe. They did not provide any information as to
whether the decline observed in beluga is statistically significant.

2.6.8 Conclusions

Although data on the occurrence of SCCPs in the Arctic
remain scarce, a growing body of evidence indicates that SCCPs
can be found in a wide range of Arctic environments and in
biota, thus providing evidence of long-range transport and
bioaccumulation of SCCPs.

Several spatial analyses of soil, and sediment show that
SCCP concentrations decrease with increasing latitude and
that proximity to urban source regions may influence Arctic
SCCP concentrations. Air monitoring and a sediment core
study indicate increases in SCCP concentrations in the Arctic
atmosphere since the 1990s. This trend is not paralleled by SCCPs
in beluga from the Canadian Arctic. However, no systematic time
trend analysis exists as yet for SCCPs in the Arctic.

SCCPs have been detected in polar bears, the top predator of the
marine Arctic food chain. Studies involving several prey species
in the polar bear food chain indicate biomagnification of SCCPs.

Although the manufacture of SCCPs has declined in some regions
since the 1990s it has increased in others. Also, there has been
speculation that their use could increase in the future if CPs are
used as replacement chemicals for restricted flame retardants,
phthalates and plasticizers (Stiehl et al., 2008; Chaemfa et al., 2014).
This could change however, as SCCPs have recently been included
in Annex A of the Stockholm Convention (UNEP, 2017).

Although analytical challenges associated with the complexity of
CP mixtures might lead to lower accuracy in the determination
of SCCPs compared to better-studied POPs, their general level
is often similar to or even higher than that for PCBs and other
chlorinated POPs. Limited comparability between laboratories
still prevents the establishment of reliable trends across studies,
especially for spatial trends. Therefore, understanding of the
environmental fate and significance of these compounds in
the Arctic would be greatly enhanced by improved analytical
capabilities and strategic sampling of remote Arctic regions
representative of background concentrations.
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Figure 2.72 Change in SCCP concentration in beluga blubber from the
southern Beaufort Sea and Cumberland Sound stocks. Symbols represent
arithmetic mean and vertical bars represent minimum and maximum
concentrations (NCP, 2013).
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2.7.1 Introduction

Siloxanes consist of a large class of compounds characterized by
their alternating silicon and oxygen backbone substituted with
various organic side chains to the silicon atoms. Although this
class of chemicals contains many compounds with molecular
weights ranging over several thousand atomic mass units (u),
most attention has focused on the lower molecular weight
(<600 u) dimethylsiloxane oligomers comprising 2-6 units
of O-Si(CHs),-monomers (Table 2.48). This particular group
of compounds exists both as linear (L) and cyclic (D) forms
(Figure 2.73). Several of these compounds are present in
environmental media in Arctic regions (Table 2.49) and are
receiving close attention from regulatory agencies. Cyclic
siloxanes can also be referred to according to the number
of dimethylsiloxane units (n), more commonly referred to
as D units. For example, D (or n) = 4 may be known as D4
(octamethylcyclotetrasiloxane).

2.7.2 Physical-chemical properties

Dimethylsiloxanes, more commonly referred to as volatile
methylsiloxanes (VMS) are characterized as highly volatile
compounds due to their high vapor pressures (Flaningam,
1986; Lei et al., 2010) (see also Appendix 1). Thus, the majority
of environmental releases are to the atmosphere. Once in the
atmosphere, VMS can undergo degradation through reactions

Table 2.48 Summary information for siloxanes.

CH3 CH3 CH3
H3C Si [¢] Si o Si CH3
CH3 CH3 CH3

n

General structure of linear volatile methylsiloxanes:
(2n+6)methyl-(n+1) siloxane (e.g., n=1; L2)

H3C//
/,"
’si (e}

Hac @ \

3 o Si n

R
\\\\ CH3
H3C

General structure for cyclic volatile methylsiloxanes

Figure 2.73 Structure of linear and cyclic methylsiloxane oligomers (based
on Dewil et al., 2006).

Name Abbreviation CAS# MW
Hexamethyldisiloxane L2 107-46-0 162.4
Octamethyltrisiloxane L3 107-51-7 236.5
Decamethyltetrasiloxane L4 141-62-8 310.7
Octamethylcyclotetrasiloxane D4 556-67-2 296.61
Decamethylcylopentasiloxane D5 541-02-6 370.77
Dodecamethylcyclohexasiloxane D6 540-97-6 445.00
Table 2.49 Summary of Arctic media for which siloxane data have been reported.
Atmosphere Terrestrial Freshwater Marine

Air Snow Soil Biota Water Sediment Biota Water Sediment Biota
L2
L3
L4
D4 X X X X X
D5 X X X X X
D6 X X X X X
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with hydroxyl radicals with half-lives ranging from 6 to 15 days
(Atkinson, 1991; Markgraf and Wells, 1997). Evaluation criteria
listed under the Stockholm Convention (half-lives >2 days; UNEP,
2001) suggest that these compounds possess long-range transport
potential, which has been confirmed by atmospheric measurements
in Arctic regions (Genualdi et al., 2011; Krogseth et al., 2013a).
Partitioning of VMS to atmospheric particles has been shown in
previous work, particularly at lower temperatures (Latimer et al,,
1998). However, gas phase concentrations are several orders of
magnitude greater than for the particle phase within the same
study, which indicates low atmospheric deposition potential for
VMS even under Arctic conditions (Wania, 2003).

The environmental behavior of VMS released into aquatic
environments will also be dictated by their volatility. Air-
water partition coefficients (Kaw) (Appendix 1) (Xu and
Kropscott, 2014) indicate that partitioning to the atmospheric
compartment is preferred. However, VMS also possess
intrinsically low water solubility (Appendix 1) (Varaprath et al.,
1996; Mazzoni et al., 1997) and favorably partition to organic
carbon (log Koc >4) (Whelan et al., 2009, 2010; Kozerski et al.,
2014; Panagopoulos et al., 2015) hindering volatilization from
surface waters. Sedimentation of contaminated particulate
matter to the sediment provides an exposure pathway for VMS
to aquatic biota where high octanol-water partition coeflicients
(log Kow >5; Bruggeman et al., 1984; Mazzoni et al., 1997; Xu
and Kropscott, 2014) indicate a risk for bioaccumulation.

Bioconcentration factors (BCFs) for some VMS oligomers
were reported in earlier studies (log BCF: 1.5-4.1; Annelin and
Frye, 1989; Fackler et al., 1995). However, due to their physical-
chemical properties (high hydrophobicity and volatility),
detecting dissolved phase concentrations at trace levels is
difficult, contributing to large uncertainties in experimentally-
derived BCF values (Arnot and Gobas, 2006). In addition,
analytical challenges associated with the analysis of this class of
chemical (high background levels) introduces high variation in
experimental results, creating more uncertainty in previously
measured BCFs. Estimating BCF values for VMS using their Kow
(Mazzoni et al., 1997) is useful when empirical data are absent.
However, the estimates may also may be subject to uncertainty.
Recent improvements in experimental design and measurement
techniques for determining partitioning properties have shown
Kowvalues to be much higher than earlier measurements suggest
and these recent estimates of Kow are considered more accurate.

2.7.3 Sources, production, use and trends

VMS are synthetic intermediates in the production of silicone
polymers, but also have various other industrial applications.
The main use of VMS is in cosmetic and personal care product
formulations (e.g. deodorants, skin and hair care products)
(Allen et al., 1997; Horii and Kannan, 2008) where they aid in
the application (or spread) of products on skin surfaces. These
chemicals are also used in mechanical fluids and lubricants,
biomedical products,and cleaning and surface treatment agents
(Brooke et al., 2009a,b,c; Environment Canada and Health
Canada, 2008a,b).

VMS production volumes are difficult to estimate because
they represent thousands of different chemicals intended
for various uses and are often reported as total silicone fluid
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production. In addition, production volumes for some VMS
are considered proprietary or confidential information by
industry and thus difficult to determine. For example, industry
reports worldwide consumption of all silicone fluids (including
VMS) reaching 2000 kilotonnes (kt) in 2002 (Brooke et al.,
2009b,¢). This amount is much larger compared to recent
reports where worldwide consumption of silicone fluids
in 2012 reached 639 kt (Jebens et al., 2013). China, as the
world’s largest producer of silicone fluids reported outputs
of polydimethylsiloxane (PDMS) alone of 195 kt (2008) and
270 kt (2009) (Wang et al., 2013c).

Owing to widespread findings of these chemicals within the
Nordic environment (Kaj et al.,2005), attempts have been made
to determine production volumes of specific VMS oligomers,
particularly the cyclic volatile methylsiloxanes (cVMS) (e.g. D4,
D5 and D6) (Environment Canada and Health Canada, 2008a,b;
Brooke et al., 2009a,b,c). Production volumes reported in the
United States in 2006 were in the kt range for D4 (45-225 kt),
D5 (22.5-45 kt) and D6 (0.045-4.5 kt) (Wang et al., 2013c).
Although not produced in Canada, imports for D4, D5 and
D6 were 0.1-10 kt (Wang et al., 2013c). These production
and import volumes for cVMS are comparable to estimates
reported for Europe in 2003: D4 (9.5 kt), D5 (19 kt), D6 (2 kt)
(Brooke et al., 2009a,b,c).

The largest releases to the environment occur around
manufacturing sites where VMS are used as intermediates in
the synthesis of other products (Allen et al., 1997). However,
due to dominant usage in cosmetics and personal care products,
wastewater effluents are also sources of VMS to the aquatic
environment (Kaj et al., 2005; Sparham et al., 2008). Higher
discharges of VMS from wastewater effluents occur around
urban centers with large populations. However, concentrations
also depend on the level of treatment applied to wastewater
influent. Wastewater treatment plants that incorporate
secondary or tertiary treatment remove the majority of VMS
(>90%) from wastewater influent (Allen et al., 1997). Because
many communities located within Arctic or northern regions
have minimal or no treatment of their wastewater, greater
discharge of VMS on a per capita basis can occur in these
regions. This has already been observed in the Arctic with
elevated concentrations of cVMS (i.e. D4, D5, D6) detected in
sediment and fish around Arctic communities (Warner et al.,
2010, 2014; Krogseth et al., 2017a,b).

2.7.4 Transformation processes

Despite their properties of high thermal stability and inertness,
VMS are subject to both abiotic and biotic transformation/
degradation processes (see review by Riicker and Kiimmerer,
2015). Degradation within the atmosphere occurs via hydroxyl
radicals (Atkinson, 1991; Markgraf and Wells, 1997). Cleavage
of the Si-C bond results in the replacement of a CH; group by
an OH group where various silanol by-products are produced
(Sommerlade et al., 1993; Latimer et al., 1998). Reaction half-
lives for atmospheric degradation are between 6 and 15 days
depending on the VMS oligomers investigated.

In the aquatic environment, VMS will undergo hydrolysis and
subsequently degrade to smaller linear dimethylsiloxane-diol
byproducts (Brooke et al., 2009a,b,c). For the cVMS oligomers
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D4 and D5, hydrolysis data reported by Brooke et al. (2009a,b)
indicate both pH and temperature dependence. Hydrolysis rates
were catalyzed under both acidic (pH <5) and alkaline (pH >9)
conditions (half-lives: 0.2 hours to 15 days) compared to neutral
pH conditions (half-lives, pH 7: 2.2 to 449 days) with longer
half-lives observed at lower temperatures. Similar findings have
also been reported for the linear VMS (IVMS) with half-lives
comparable to or lower (5 to 30 days) than those observed for
c¢VMS under similar environmental conditions (Riicker and
Kimmerer, 2015).

Bio-amended soils can also contain considerable amounts of
VMS due to high concentrations present within the applied
sludge. Removal from soils can occur through both volatilization
and/or transformation processes, depending on soil
characteristics. Hydrolysis to various linear dimethylsiloxane-
diol by-products is the predominant removal mechanism in dry
soils where half-lives for cVMS are between 50 minutes and
5 days depending on soil characteristics and cVMS molecular
weight (Xu, 1999; Xu and Chandra, 1999). However, reformation
of cVMS (i.e. D3 and D4) from dimethylsiloxane-diols through
condensation reactions was observed with increasing moisture
content within soils in laboratory experiments (i.e. simulating
rain events) (Xu, 1999). The presence of bacteria in contaminated
soils will also catalyze degradation of VMS. Hydrolysis of D4
in sewage sludge only proceeded in the presence of living cells
in which 3% of initial D4 concentration was degraded after
100 days (Grimping et al., 1999) and no degradation occurred
in autoclaved sludge.

Metabolism of VMS has also been reported in living organisms.
Laboratory exposure studies identified the hydrolysis
reaction product (CH3),Si(OH); (Si-O bond cleavage) as the
major urinary metabolite in rodents exposed to D4 and D5
(Varaprath et al., 1999, 2003). However, the reaction product
CH,Si(OH); was also observed in considerable amounts along
with other similar reaction products, indicating that metabolic
processes involving Si-C bond cleavage were also occurring.
Similar findings have been reported in fish, where exposure to
cVMS produced several polar metabolites (Woodburn et al.,
2013). However, one metabolite of D4 in fish was found to be
less polar compared to the parent compound. This metabolite
could not be identified but warrants further research regarding
its bioaccumulation potential.

Metabolism of D4 and D5 in rodents occurs quickly.
Experimental half-lives were 55 to 548 hours (D4) and 50
to 475 hours (D5), with the slowest elimination occurring in
fat and lung tissue (Plotzke et al., 2000; Tobin et al., 2008).
Longer half-lives were observed in fish, ranging from 17
to 20 days for D4 and D5 (Woodburn et al.,, 2013). These
are shorter than the metabolic half-lives estimated by
Arnot et al. (2008) of 27 to 46 days (D4) and 198 to 770 days
(D5) in fish. Differences in half-lives between aquatic and
terrestrial organisms are likely to be attributed to (or to
lack of) air respiration, which has been shown to be an
important elimination route for cVMS (Sarangapan et al,,
2003; Tobin et al., 2008). Similar to rats, metabolism has
also been found to occur in humans, where the metabolite
(CH;),Si(OH), together with the parent cVMS and IVMS
were detected in the plasma of Chinese workers within a
silicone manufacturing plant (Xu et al., 2012).
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2.7.5 Modeling studies

Owing to their inherent volatility, the dominant fate of VMS
will be to volatilize to the atmosphere where they will undergo
atmospheric degradation (Atkinson, 1991; Markgraf and Wells,
1997) to their silanol reaction products (Sommerlade et al.,
1993; Latimer et al., 1998). Simple equilibrium partitioning
modelling employed by Whelan et al. (2004) demonstrated
that maximum concentrations of both L4 and D4 and their
single OH-substituted silanol reaction products would occur
in the vapor phase. Concentrations of silanols with two or more
substituted OH groups were found to dominate in the dissolved
and adsorbed (i.e. particle) phases, where wet and dry deposition
accounted for 99% and 1% of total atmospheric removal of the
original VMS (e.g. L4 and D4). Partitioning to the dissolved
phase was favored at lower atmospheric temperatures for both
L4, D4 and their reaction products due to a decrease in Henry’s
law constant (Whelan et al., 2004). However, this is unlikely to
cause deposition of L4 and D4 due to their inherent volatility
and hydrophobicity. This is supported by work from Wania
(2003) where the Arctic accumulation potential was estimated
using a global distribution model (Globo-POP) to identify
specific combinations of chemical partitioning properties under
different emission scenarios. The VMS fall within the range of
other volatile chemicals (log octanol-air partition coeflicient
(Koa) <6.5 and log Kaw >-0.5), which were predicted to remain
in the atmosphere even under Arctic conditions (Wania, 2003).

Long-range transport potential of specific VMS has been
confirmed by recent field investigations. Elevated atmospheric
concentrations of D5 were detected at a rural site near
Stockholm (Sweden) and showed a clear seasonal dependence
(McLachlan et al.,2010). Higher concentrations in winter were
attributed to lower atmospheric hydroxyl radical concentrations
during this seasonal period, thus lower photo-degradation
of D5. Measured values agreed well with model estimates of
D5 atmospheric concentrations using the Danish Eulerian
Hemispheric Model (DEHM) (Figure 2.74).

Within the same study, D5 concentrations were also estimated
for the entire Northern Hemisphere. Highest simulated
atmospheric concentrations of D5 within the Arctic occurred in
winter (2-5 ng/m®), which agrees with recent air measurement
data in Arctic regions (Genualdi et al., 2011; Krogseth et al.,
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Figure 2.74 Comparison between measured and modelled (Danish Eulerian
Hemispheric Model, DEHM) results for D5 atmospheric concentrations
at a rural site in Sweden (McLachlan et al., 2010).
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2013a; Bohlin-Nizzetto et al., 2014, 2015). Similar estimates
were generated in other modelling exercises for atmospheric
concentrations of D5 within the Arctic using the Berkeley-
Trent Global Contaminant Fate Model (BETR) (0.5-5 ng/m?;
Genualdi etal.,2011) and the Globo-POP model (0.6-6 ng/m?;
Xu and Wania, 2013). Good correlation between measured and
modelled results indicates that atmospheric transport pathways
for D5 are reasonably well understood.

Fate and residence times of cVMS (e.g. D4, D5,D6) in the global
environment have also been estimated by Xu and Wania (2013)
using the Globo-POP model under the hypothetical scenario
of emissions cessation. An initial phase of rapid elimination
was predicted to occur within the first few months as most
of the total mass of cVMS present within the atmosphere is
removed via photo-degradation (Atkinson, 1991; Markgraf
and Wells, 1997). This was followed by slow elimination from
the sediment with predicted half-lives of 1 to 2 years. These
estimates are significantly shorter than degradation half-lives
within sediment stated in non-published industry reports
(i.e. 8 years; Xu et al., 2010). Xu and Wania (2013) attributed
this difference to desorption from sediments and subsequent
hydrolysis within the water phase. However, sediment half-lives
estimated on the basis of hydrolysis in the freely dissolved phase
of sediment pore water may be as long as 63 years (Whelan and
Breivik, 2013). Environmental residence times of VMS will be
dependent on the environmental compartment within which
the emissions occur. Recent work by Whelan (2013) used a
Quantitative Water Air Sediment Interaction (QWASI) model
to estimate residence times of cVMS between two contrasting
lake systems: Lake Ontario (Canada) and Lake Pepin (USA).
Water column residence times of D4, D5 and D6 were predicted
to be shorter in Lake Pepin (2 to 9 days) than Lake Ontario
(4 to 209 days) due to faster water turnover (11.8 days versus
7.2 years) and shallower depth (5.5 m versus 86 m), which
enhances the role of volatilization from the water column.
Likewise, chemical residence times within the sediment were
shorter in Lake Pepin (109-126 days versus 2.4-7.2 years)
due to higher sediment burial rates and re-suspension to the
water column. These model results indicate that environment-
specific characteristics can significantly affect residence times
for siloxanes within specific environmental compartments
as well as the environment as a whole. This may explain the
discrepancy between studies for estimates of environmental
residence time of siloxanes.

Model predictions on the biological fate of methylsiloxanes
were carried by Whelan and Breivik (2013). Using the
Oslofjord POP Model (Breivik et al., 2004) and the marine
component of the ACC-Human model developed by Czub
and McLachlan (2004), Whelan and Breivik (2013) explored
the fate of cVMS (e.g. D4, D5, D6) within the pelagic food
web of the Inner Oslofjord. As suggested by earlier model
simulations, volatilization was the most important removal
process for D5 and D6 from the water column, whereas
hydrolysis was the main process affecting the overall fate
of D4. The model underestimated concentrations for
D4 and overestimated those for D5 and D6 compared
to measured values in biota (Schlabach et al., 2007;
Powell et al., 2010), but predicted trophic dilution to occur
for all cVMS investigated. This agrees with un-published
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industry reports for the aquatic food web of Lake Pepin
and Oslofjord (Powell et al., 2009, 2010) as well as recent
findings for Lake Erie (McGoldrick et al., 2014a). However,
trophic magnification of D5 and D6 has been observed within
Norwegian lakes (Borgé et al., 2012, 2013). The reasons for
conflicting findings between modelling and field studies is
unclear but may be attributed to site-specific differences in
emissions/discharges and environmental residence times
(Whelan, 2013) resulting in different exposure profiles for
aquatic biota. Food web structure and how well it has been
defined (i.e. inclusion/exclusion of specific species) can also
have a significant impact on biomagnification of cVMS
(Borga et al.,, 2012). Including migratory fish that represent
variable exposure profiles compared to non-migratory fish
will also introduce greater variation in biomagnification
assessments (McLeod et al., 2015).

2.7.6 Environmental concentrations

2.7.6.1 Air and precipitation

Most attention has been given to determining atmospheric
concentrations of VMS, as the majority of emissions are to
the atmospheric compartment due to their volatile nature.
cVMS (e.g. D4, D5, D6) were detected in urban air collected
in Iceland and the Faroe Islands, with concentrations of
0.08-2.1 ug/m’ for D4, D5 and D6 (Kaj et al. (2005). Higher
concentrations were observed in air collected within
wastewater/sewage treatment plants. Air concentrations of
D4, D5 and D6 within a sewage treatment plant in Torshavn,
Faroe Islands (4.1, 2.4 and 2.1 pug/m?, respectively) were
twice those collected in an urban downtown area (2.1,
0.93 and 0.39 ug/m’, respectively). Comparison of cVMS
concentration profiles between the two locations shows a
difference in dominance between D4 and D5. In sewage
sludge collected from the Torshavn sewage treatment plant,
D5 was the dominant cVMS. This is a typical observation due
to D5 being the dominant cVMS currently used in cosmetic
and personal care products (Horii and Kannan, 2008). One
explanation for higher D4 concentrations in air may be the
higher volatility and lower hydrophobicity of D4 compared
to D5. During wastewater treatment, D5 will have greater
affinity for sewage sludge than D4, making it less available for
volatilization from the dissolved phase. However, this does
not explain elevated levels of D4 compared to D5 in the urban
downtown area. Recent studies have identified sorbents as
potential sources of D4 through degradation mechanisms
involving D5 and D6 (Kierkegaard and McLachlan, 2013;
Krogseth et al.,, 2013a). Although it is unclear if similar
degradation mechanisms would occur on the type of sorbent
(Tenax TA) used by Kaj et al. (2005), this may also have
contributed to elevated levels of D4 compared to D5.

Development of sorbent impregnated polyurethane foam
(SIP) disk passive samplers (Shoeib et al., 2008) has improved
sorption capacity for volatile contaminants. These samplers have
been used for global atmospheric monitoring of contaminants
through the Global Atmospheric Passive Sampling (GAPS)
network and were used to monitor VMS in 2009 (Genualdi et al.,
2011). The cVMS (D3, D4, D5, D6) were detected at the Arctic
monitoring stations of Zeppelin (Ny Alesund, Svalbard) and



Chapter 2 Section 2.7 - Siloxanes

Alert (Nunavut, Canada), whereas the IVMS investigated (L3,14,
L5) were not detected (method detection limits: 0.5-11 pg/m?).
Concentrations of D3 (10-12 ng/m?®) and D4 (16-17 ng/m?)
were higher than D5 (0.6-4 ng/m?®) and D6 (0.3-0.5 ng/m®) in
air sampled at Zeppelin and Alert. As previously mentioned, this
profile is unexpected because production/emission estimates
show D5 to be the predominant cyclic oligomer produced/
emitted compared to the other cVMS (Environment Canada
and Health Canada, 2008a,b; Brooke et al., 2009a,b,c).

Recent work by Krogseth et al. (2013a) detected air
concentrations of cVMS (e.g. D4, D5, D6) at Zeppelin in
2011 using the SPE-AAS method previously developed by
Kierkegaard and McLachlan (2010). Seasonality was observed
with higher average (+SD) concentrations detected for D5 and
D6 in winter (2.94+0.46 and 0.45+0.18 ng/m’, respectively)
than summer (0.73+0.46 and 0.23+0.17 ng/m?, respectively)
(Krogseth et al., 2013a). In addition, measurements of D5
agreed well with model estimates for atmospheric D5 in the
Arctic using the DEHM (Figure 2.75), previously applied by
McLachlan et al. (2010).

No clear conclusions can be drawn regarding D4 concentrations
as results may be affected by degradation/formation kinetics
on the sampling SPE sorbents used in studies. Formation
of both D3 and D4 through degradation of D5 and D6 on
ENV+ sorbent has been observed by Krogseth et al. (2013a),
where 80% of C-D5 and "*C-D6 internal standard had
degraded after 30 days in storage experiments. This sorbent-
mediated transformation has been confirmed by other studies
(Kierkegaard and McLachlan, 2013) and may explain why
concentrations reported by Genualdi et al. (2011) for D3
(10-12 ng/m®) and D4 (16-17 ng/m?) were higher than upper
concentration limits reported by Krogseth et al. (2013a) for D3
(2.98 ng/m’) and D4 (2.13 ng/m?). Similar storage effects were
not observed with XAD-2 sorbent after 28 days (Krogseth et al.,
2013b) and this sorbent has been recently used for atmospheric
passive sampling of VMS in urban areas (Krogseth et al.,2013b;
Ahrens et al., 2014b).
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Figure 2.75 Measured and modelled (Danish Eulerian Hemispheric Model,
DEHM) concentrations for D5 at Zeppelin (Svalbard, Norway) in 2011
(based on Krogseth et al., 2013a).
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Figure 2.76 Measured concentrations of D4, D5 and D6 at Zeppelin station
in 2011 (Krogseth et al., 2013a), 2013 and 2014. Concentrations of D4
are reported as a range from non-detected to the upper limited detected.
Concentrations reported for D5 and D6 are storage-corrected with a range
representing the 95% confidence interval of the storage correction. Figure
from Bohlin-Nizzetto et al. (2015).

Continued monitoring campaigns at Zeppelin in 2013 and
2014 (Bohlin-Nizzetto et al., 2014, 2015), further support earlier
findings for D5 by Krogseth et al. (2013a) and Genualdi et al.
(2011) (Figure 2.76). However, higher concentrations were
reported for D4 and D6 during summer than winter in 2013, in
contrast to observations in 2011 by Krogseth et al. (2013). This
profile is surprising because greater degradation is expected
to occur during summer (due to the higher atmospheric
concentration of hydroxyl radicals) compared to winter. Elevated
D6 concentrations in summer could be due to changes in
atmospheric circulation as large concentration variations have
been shown to occur for D5 over short periods (Figure 2.74).
However, this is unlikely because an increase in D5 concentration
should also be observed (D5 is more prevalent in the atmosphere
than D6) and it was not. The elevated levels could be due to a
local source of D6 as higher concentrations of D6 compared to
D5 have been reported in fish from the nearby community of
Ny Alesund (Warner et al., 2010). This suggests that a different
emission profile for D5 and D6 may occur locally to the aquatic
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environment, but it is unclear if this source would affect
atmospheric measurements. However, problems with sampling
logistics during summer 2014 meant it was not possible to
confirm the findings observed in 2013. Nevertheless, D5 and
D6 measurements at Zeppelin in 2014 during winter did agree
well with those made in earlier years (Figure 2.76).

2.7.6.2 Terrestrial environment

Fewer studies have investigated the fate of VMS in the terrestrial
environment than in atmospheric and aquatic compartments.
Due to their high Henry’s Law constants, VMS are expected
to be removed rapidly from the soil through volatilization
(Hughes et al., 2012; Xu and Wania, 2013), resulting in short
residence times in the terrestrial environment. This is supported
by earlier findings by Kaj et al. (2005) where VMS were not
detected in soil collected from landfills from the Faroe Islands.

2.7.6.3 Freshwater environment

Data on VMS in Arctic freshwater environments is extremely
limited, as greater attention has been placed on freshwater
environments from temperate regions. However, data on the
fate of VMS in Arctic lakes are starting to emerge. Krogseth et al.
(2017a,b) recently reported cVMS contamination in an Arctic
lake receiving unintentional discharges of raw sewage from
leaking pipes and overflow events in high precipitation periods.
Although D4 (<8-50 ng/L), D5 (20-1400 ng/L) and D6
(<15-100 ng/L) were detected within the sewage, cVMS were all
below detection and/or quantification limits in the lake surface
water, indicating rapid removal through volatilization, hydrolysis,
advection or sedimentation processes. Despite the lake receiving
intermittent inputs and there being a relatively low population
in the surrounding area (roughly 3600 inhabitants), high levels
of cVMS were found within the lake sediment. D5 showed
the highest concentrations (38-121 ng/g ww; 2800-5300 ng/g
organic carbon, OC), followed by D6 (9.0-26.2 ng/g ww;
600-1200 ng/g OC) and D4 (2.5-5.5 ng/g ww; 160-240 ng/g OC)
(Krogseth et al., 2017a). These levels are comparable to
concentrations in sediment impacted by wastewater effluent
in more populated regions (Powell et al., 2010; Kierkegaard et al.,
2011,2013a; Sparham et al.,2011). High levels of contamination
were also observed in several fish species (e.g. brown trout, Salmo
trutta; Arctic char, Salvelinus alpinus) where D5 was found at
concentrations of up to 8 ug/glw (muscle) and 24 pg/g lw (liver)
(Krogseth et al., 2017b).

2.7.6.4 Marine environment

Population within Arctic communities is lower than in urban
centers within Europe and North America. However, Arctic
communities often have limited or no treatment for their
wastewater and so discharges may significantly affect the local
marine environment. Human settlements are known sources of
VMS to the Arctic environment (Warner et al., 2010). Sediment
concentrations of D5 were found to decrease from 2.1 ng/g dw
(152 ng/g OC) to 1.1 ng/g dw (53 ng/g OC) along a 400-m
transect from wastewater outlets at Longyearbyen, Svalbard
(Figure 2.77). This indicates that wastewaters were the main
source of cVMS to the local marine environment.
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Figure 2.77 D5 concentration in sediment from Advenfjorden, Svalbard.
Concentrations are presented on a wet and dry basis. Dashed horizontal line
represents method detection limit on a ng/g ww basis (Warner et al.,2010).

Elevated cVMS concentrations were also found in fish from
Adventfjorden, into which wastewaters from Longyearbyen are
released. Highest average concentrations in Adventfjorden were
detected for D5 in Atlantic cod (Gadus morhua; 57 ng/g ww;
180 ng/g Iw) and shorthorn sculpin (Myoxocephalus scorpius;
86 ng/g ww; 530 ng/g Iw). Average concentrations of D6 were
considerably lower in Atlantic cod (3.1 ng/g ww; 10 ng/g lw)
and sculpin (2.4 ng/g ww; 15 ng/g Iw), while D4 was not
detected in any fish (Warner et al., 2010). Within the same
study, D5 median biota-sediment accumulation factors
(BSAFs) were >1 for Atlantic cod and shorthorn sculpin from
Adventfjorden, indicating bioaccumulation potential for D5.
Multi-media bioaccumulation factors (mmBAFs) — which
reflect the ratio of the amount of chemical accumulated within
an organism over the amount of chemical present within the
surrounding environment - for the Humber Estuary (UK)
and Swedish lakes also indicate bioaccumulative behavior of
cVMS (Kierkegaard et al., 2011, 2013a). Comparing mmBAFs
of cVMS to those for known persistent organic pollutants
with a propensity for bioaccumulation (e.g. CB-180), higher
mmBAFs were observed for D4 and D5 than for CB-180 in the
Humber Estuary, indicating that D4 and D5 are also strongly
bioaccumulative chemicals (Kierkegaard et al., 2011). This
contradicts earlier findings in which D4 and D5 were found
to biodilute (i.e. with a trophic magnification factor, TMEF, of
<1) within various aquatic food webs (Powell et al., 2009, 2010;
McGoldrick et al.,2014a). Differences between mmBAFs for D4,
D5 and CB-180 could be due to differences in sorption affinity
between biological tissues and sediment. Chemical distribution
between the environment and biota is driven by the ratio Kow/
Koc. Although Kow (1.5x107) and Koc (4.0x10°) values for
CB-180 are similar, the respective values for D4 (9.5x10° and
1.2x10°) and D5 (1.2x10% and 1.2x10°) (Panagopoulos et al.,
2015) differ by more than two orders of magnitude. The ratio
of Kow/Koc for D4 and D5 is over 20 times greater than for
CB-180, highlighting stronger partitioning affinity to lipids than
organic carbon (i.e. sediment) for D4 and D5. Although this
indicates that a greater fraction of D4 and D5 will be transferred
to biota from the sediment compartment, biodilution may
still occur for D4 and D5 as these chemicals are transferred
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up food chains. However, several studies have shown trophic
magnification for cVMS (Borga et al., 2012, 2013), indicating
that biomagnification will be both site- and food-chain specific.

High exposure to cVMS has also been shown to occur
in the marine environment within the Norwegian Arctic
with concentrations reaching the pg/g level in Atlantic
cod. The highest concentrations were observed for D5
(200-1110 ng/g ww, 340-2500 ng/g lw), followed by D6
(17-66.5 ng/g ww, 29-139 ng/g Iw) and D4 (9.2-45.6 ng/g ww,
16-110 ng/g Iw) in Atlantic cod liver collected near Tromse,
Norway (Warner et al., 2014). Concentrations of D5 in Atlantic
cod around Tromse are surprisingly high considering the small
population of this Arctic community (72000 inhabitants).
Larger urban cities within Europe and North America
often employ a combination of mechanical, biological and/
or chemical wastewater treatment, which has been shown
to remove over 90% of VMS from the influent (Allen et al.,
1997). However, in many Arctic communities only mechanical
treatment is used, potentially resulting in higher per capita
discharges and exposure of VMS to the local aquatic
environment. Wastewater concentrations of D5 alone were
1-20 pg/L from various wastewater outlets (Warner, unpubl.
data) around Tromse. The highest concentrations observed
are comparable to concentrations in wastewater influent for
cities within Europe and North America (van Egmond et al,,

D4 in cod liver, ng/g Iw

150 q
Slope=-3.8+1.2

r?=0.51, ps=0.009
125 r=-0.81, ps = 0.002

100 ~
75 4
50

25 4

D6 in cod liver, ng/g Iw

150 7
® Slope=-5.0+1.1

< r?’=0.67, p=0.001
125 A S 1;=-0.77, ps = 0.004

100

50

25 A

0 T T T 1
40 45 50 55 60

Body length, cm

137

2013; Wang et al.,2013d), which can be attributed to the lack of
treatment employed in Tromsg. D4 and D6 were also detected in
wastewater effluent in Tromse but at much lower concentrations
(0.1-0.33 pg/L and 0.9-0.18 pg/L, respectively). Similar findings
have been reported for D5 and D6 in wastewater effluent in
the Faroe Islands (5.2 and 0.33 pug/L, respectively) (Kaj et al.,
2005), highlighting Arctic communities as significant sources
of cVMS to the marine environment.

Allometric parameters (e.g.length and weight) are also important
variables. Warner et al. (2014) showed concentrations of D4
and D6 in Atlantic cod liver to be negatively correlated to fish
length and weight (Figure 2.78). However, similar correlations
were not observed for D5. This is probably due to the high
variation observed in D5 concentrations detected, which has
been observed in previous studies investigating aquatic biota
(Warner et al.,2010; Kierkegaard et al., 2011; Borga et al., 2012).
In addition, emission/exposure of D5 is considered to be much
higher than for D4 and D6 in the environment (Brooke et al.,
2009b,c) and so may offset elimination that occurs with growth.
Borga etal. (2012) also found no relationship between fish size
and D5 concentration, but did find higher concentrations of
D5 in small fish (e.g., smelt, Osmerus eperlanus) occupying
similar trophic positions to large fish (e.g. trout, Salmo trutta),
suggesting that bioaccumulation may be both size- and
species-dependent.
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Figure 2.78 Linear regressions and Spearman correlations between D4 and D6 liver concentrations and fish length and weight for Atlantic cod collected from
Tromse. Dashed line represents 95% confidence interval of linear regression; r*and r, represent correlation coefficient for linear and Spearman regression
tests, respectively; p and p, represent probability for linear and Spearman correlation to be caused by random sampling, respectively (Warner et al.,2014).
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Biomagnification potential of cVMS in aquatic food webs
has been shown in several studies (Warner et al., 2010;
Kierkegaard etal.,2011; Borga etal.,2012,2013). However, studies
investigating top (air-breathing) predators in marine food webs
have found lower concentrations compared to concentrations
in fish. cVMS detected in bearded seals (Erignathus barbatus)
from Svalbard (0.8-1.1 ng/g Iw) were 10 to 50 times lower
than in fish from the same area (Warner et al., 2010) and this
is supported by similar findings for grey seals (Halichoerus
grypus) from the Baltic Sea region (Kierkegaard et al., 2013b).
Low concentrations are also observed in Arctic seabirds where
D4 liver concentrations in kittiwakes (Rissa tridactyla) from
Svalbard were 1.5-3.2 ng/g ww (Evenset et al., 2009). This
agrees well with findings for eggs of common eider (Somateria
mollissima), European shag (Phalacrocorax aristotelis) and
herring gull (Larus argentatus) collected from remote seabird
colonies along the Norwegian coastline. cVMS were below
detection limits in most of the samples collected, although some
individuals had detectable levels of both D5 (1.4-3.6 ng/g ww)
and D6 (0.7-0.8 ng/g ww) (Huber et al., 2015).

Lower concentrations in top (air-breathing) predators of
marine food chains can be attributed to enhanced elimination
capabilities. Previous laboratory studies with rodents have shown
that more than half the D4 and D5 absorbed via inhalation or
oral exposure, was eliminated by exhalation (Sarangapan et al.,
2003; Tobin et al., 2008). In addition to exhalation, 10-20% of
absorbed exposure was eliminated via urine excretion within
the same studies. Elimination from exposed tissues is likely to be
aided by metabolism as metabolites of D4 and D5 accounted for
most of the burden found in urine in rodent exposure studies
(Varaprath et al., 2003). These results in combination with
findings from field studies indicate that top marine predators,
especially those that are air breathing, are at low risk of VMS
bioaccumulation.

2.7.7 Environmental trends

2.7.7.1 Spatial trends

Information regarding spatial variation of VMS in the Arctic is
sparse although some studies have been made. Concentrations
of cVMS in fish (i.e. Atlantic cod) have been shown to
decrease with distance from human settlements on Svalbard
(Warner et al.,2010). The highest average concentrations were
observed in fish collected near Longyearbyen, Adventfjorden
(2000 inhabitants) (D5: 180 ng/g lw; Dé: 10 ng/g Iw), whereas
concentrations were up to 20 times lower (D5: 18 ng/g lw; Dé6:
26 ng/g lw) in fish collected near Ny Alesund, Kongsfjorden
(40 to 150 inhabitants). This is supported by findings from
Kierkegaard et al. (2013a) where higher environmental
concentrations were directly related to the number of
inhabitants connected to wastewater systems.

Warner et al. (2010) also reported findings for cVMS in
shorthorn sculpin collected from Liefdefjorden (Svalbard).
While most of the fish collected showed no detectable levels of
cVMS. Two (out of five) individuals did have detectable levels
of D5 (2.2 ng/g ww, 11.3 ng/g lw) and D6 (0.9-1.7 ng/g ww,
8.8-9.2 ng/gIw). These findings agree with results for fish from
Liefdefjorden analyzed in industry laboratories (Warner et al.,
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2013), suggesting that exposure to cVMS has occurred in this
fjord. The sources of exposure are still unknown as no human
settlements are present. However, seasonal tourism shipping
traffic entering this fjord may present a potential source that
warrants future investigation.

Similar spatial trends have been observed in the Norwegian
Arctic where average concentrations of cVMS (e.g. D4, D5,
D6) detected in Atlantic cod decreased by a factor of 5 within
a 30-km radius of Tromse (Warner et al., 2014). Reduction
in cVMS concentration in Atlantic cod can be attributed to
elimination mechanisms (i.e. metabolism/physical elimination)
because metabolic half-lives are relatively short (i.e. 20 days;
Woodburn et al., 2013) compared to those for legacy POPs
(i.e. PCBs = 90 days; Bruggeman et al., 1984; de Boer et al,,
1994). However, a similar spatial decrease in PCB body burden
was also observed, indicating that spatial trends in cVMS and
PCBs in Atlantic cod near Tromse are largely driven by different
exposure profiles (Warner et al., 2014). Despite a decrease in
cVMS exposure with distance from dense populated centers,
D5 dominated over concentrations for recalcitrant PCB
congeners (i.e. CB-153 and CB-180) in Atlantic cod from all
locations (Warner et al., 2014). Efficient uptake of D5 from
the surrounding environment is due to its higher transfer
efficiency between sediment and biota (Kierkegaard et al,,
2011) in combination with higher current discharges of D5
compared to PCBs.

2.7.7.2 Temporal trends

Current air monitoring campaigns at Zeppelin represent the
only data currently available for investigating temporal trends
in cVMS concentrations within the Arctic. Concentrations of
D5 measured by Krogseth et al. (2013a) in 2011 are in very good
agreement with those obtained in 2013 (Bohlin-Nizzetto et al.,
2014) and 2014 (Bohlin-Nizzetto et al.,2015) with no increasing
trend in annual atmospheric concentrations of D5 in either
summer or winter. Similar findings were observed for
D6 between 2011 and 2014 in winter. However, higher D6
concentrations were detected in summer 2013 compared to
summer 2011, and were higher than concentrations detected in
winter. This contrasts with the trends observed by Krogseth et al.
(2013a) in 2011 who showed D6 concentrations to increase in
winter. However, this increase could not be confirmed in 2014
due to logistical problems in the summer sampling campaign.
However, monitoring of cVMS at Zeppelin will continue in
future years to compare against the established baseline and
to provide insight into seasonal patterns for D6.

2.7.8 Conclusions

Volatile methylsiloxanes are ubiquitous in the natural
environment and have been reported in various environmental
matrices from Arctic regions. Although IVMS and cVMS are
both released into the natural environment, only cVMS have
been detected in Arctic matrices, indicating greater emissions
and/or environmental persistence compared to IVMS. Long-
range atmospheric transport of cVMS to the Arctic has
been demonstrated and monitoring data show that annual
concentration trends have remained stable in recent years.
Higher atmospheric concentrations of cVMS occur during
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winter due to lower atmospheric concentrations of hydroxyl
radicals, resulting in lower photo-degradation during winter.
However, even under Arctic conditions, atmospheric deposition
of cVMS is unlikely to occur due to its inherent volatility.
Exposure to cVMS in Arctic regions is primarily from local
sources such as human settlements. Due to limited wastewater
treatment in such settlements, wastewater inputs are major
sources of cVMS to aquatic environments in the Arctic. High
discharges translate into high environmental exposure with
tissue concentrations in biota reported at parts per million
levels, which is similar to or higher than levels reported for
legacy POPs. Exposure and accumulation of cVMS will also
be dictated by the characteristics of the receiving environment.
cVMS concentrations within sediment and biota from the
Arctic lake Storvatn, which receives accidental wastewater/
sewage discharges from the community of Hammerfest, are
comparable to or higher than in marine environments that
receive greater inputs. This is supported by model simulations,
which indicate that characteristics of the physical environment
play an important role in dictating the overall persistence of
cVMS. Taking into consideration that degradation mechanisms
(i.e. hydrolysis) decrease at lower temperatures, longer
environmental residence times of cVMS may occur in Arctic
regions receiving high cVMS inputs and this requires further
investigation. Considering the wide range of applications for
cVMS and the potential for an increase in their use through
new applications, there is a need to continue monitoring this
class of compounds. Recent proposals have been made by the
UK and the EU to reduce the use of D4 and D5 to less than
0.1% in washed-off personal care products. If the proposals are
accepted, monitoring data will be crucial to assess changes in
environmental concentrations of cVMS due to potential future
restrictions on D4 and D5 use.
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2.8 Pharmaceuticals and personal care products (PPCPs)

AUTHORS: ROLAND KALLENBORN, EvA BRORSTROM-LUNDEN

2.8.1 Introduction

Pharmaceuticals are substances used in the diagnosis,
treatment, or prevention of disease and for restoring,
correcting, or modifying organic functions in veterinary
and/or human medical therapeutic treatments. Personal
care products are non-medicinal consumable products that
are used in the topical care and grooming of the body. The
only common characteristic of these organic substances is
that they are directly applied to humans or animals for the
purpose of maintaining health and physiological fitness. As a
result they express a great heterogeneity in terms of chemical
properties including polarity, solubility and volatility, with
significant consequences for their environmental fate.
Pharmaceuticals and personal care products (PPCPs) as
environmental pollutants and xenobiotics in ecosystems
have been a focus of pollutant research for the past 20 years
(Kummerer, 2009c¢). The first evidence of PPCP presence
in a waste-receiving environment was reported more than
20 years ago, when Ajmal et al. (1980) reported on hazardous
effects of a pollution mixture from pharmaceutical industries
on microorganisms. Direct release from wastewater treatment
plants (WWTPs) and diffusive seeping from deposition sites
are currently considered the major sources of environmental
contamination. WWTPs in densely populated regions are
reported to have medium to high retention properties for
selected PPCPs (Hirsch et al., 1999; Lee et al., 2003; Fatta-
Kassinos et al., 2011a; Kallenborn et al., 2008a). However,
because most Arctic WWTPs only provide primary treatment
(filtration) minimal PPCP retention is expected.

The aquatic system has been identified as the most important
recipient for PPCPs in the environment. PPCPs are usually
readily degraded after entering the environment and in general
are not considered persistent. They are currently considered
relevant environmental pollutants only near human activities
and point sources (domestic areas, industrial production sites,
animal husbandry, and other agricultural activities). However,
the continuous high volume releases into aquatic environments
mean transformation rates in the receiving ecosystem can
sometimes be exceeded. When this occurs, these chemicals are
considered permanently present and thus ‘pseudo-persistent’
in this specific ecological context.

PPCPs are not yet considered priority chemicals for
monitoring in Arctic environments. Because most of the
PPCPs studied are not considered persistent, are relatively
immobile and not expected to be transported over long
distances, they are only expected to be found in close
proximity to human activities. However, their toxicological
potential is usually very well defined due to their target-
specific application range in therapeutic usage. In contrast to
conventional POPs, PPCPs are designed and manufactured
to have particular biochemical and physiological functions
during specific medical treatment. These biochemical

properties expressed under uncontrolled environmental
conditions have the potential to result in toxicological effects.
Thus, for pharmaceutical agents, effect thresholds related to
their targeted physiological and biochemical processes can
be assumed to be very low due to their specifically designed
application range under controlled therapeutic conditions.
For example, Brodin et al. (2013) found wild perch (Perca
fluvialis) exposed to the benzodiazepine anxiolytic drug
oxazepam at concentrations measured in effluent-influenced
surface waters had altered behavior and feeding rates. Such
effects are of ecological relevance.

From well-known and comprehensively studied legacy POPs,
polycyclic aromatic hydrocarbons (PAHs) and trace metals,
it is clear that general ambient environmental conditions
(e.g. air temperature, radiation, microbiology, geology) and the
physical-chemical properties of the target chemical can play
an important role in determining the environmental behavior
of contaminants. As a result, high environmental stability can
be assumed for pollutants in the low ambient temperatures
of northern environments. This assumption is also valid for
pharmaceutical residues and other less studied environmental
contaminants in the Arctic (Burkow and Kallenborn, 2000;
Kallenborn et al., 2012). Due to low annual average ambient
temperatures and the extremes of seasonal daylight conditions
in the Arctic (midnight sun during summer to polar night
during winter), conditions exist for deposition and prolonged
environmental stability of anthropogenic pollutants. The
long Arctic half-lives (i.e. very reduced degradation rates)
inevitably result in elevated environmental levels as well as
increased exposure potential for organisms and humans in
the northern regions.

The Norwegian State Pollution Control Authorities (now
the Norwegian Environment Agency) commissioned a
comprehensive literature-based survey to help generate
a priority list of PPCPs for environmental monitoring
(Grung et al.,2007). Following the recommendations arising,
the Norwegian and Nordic screening programs initiated and
funded a series of screening studies to identify PPCP-related
priority substances in environmental matrices in northern
regions. Together with several published research studies,
this information forms the basis for the present summary
(Lee et al., 2003; Metcalfe et al., 2003; Weigel et al., 2004a;
Lindqvist et al., 2005; Servos et al., 2005; Lishman et al., 2006;
Vasskog et al., 2006, 2008; Dye et al., 2007; Vieno et al., 2007;
Kallenborn et al., 2008a; Kleywegt et al.,2011; Carlson et al.,
2013; Huber et al., 2013; Kaj et al., 2014; Kankaanpii et al.,
2014; Mutter, 2014; Thomas et al., 2014). In addition to the
High Arctic, this first review covers adjacent subarctic regions
(i.e. south of 66°N) such as Hudson Bay, Ontario, Manitoba,
Alaska, the northwestern coast of Norway, southern and
western Greenland, Finland, the Faroe Islands and Iceland,
Sweden and Finland (Figure 2.79). There was no information
available for the eastern Arctic regions.
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Figure 2.79 Arctic regions where PPCP contamination has been confirmed
in environmental samples.
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This first comprehensive literature survey confirms the presence
of many PPCPs in the Arctic environment. PPCPs are shown to
occur in a range of environmental compartments (Figure 2.79)
and the compound groups identified are listed in Table 2.50.
Detailed information on levels and locations is provided in
Annex Tables 2.8/1 to 2.8/3.

2.8.2 Physical-chemical properties

As environmental xenobiotics, PPCPs are a highly diverse
group of target substances for environmental chemical
analysis. Physical-chemical properties span a large range
with respect to polarity, solubility and volatility (see
Appendix 1). Due to excess dosing, which is common
practice in medical applications, excretion rates (parent
compounds as well as metabolic products) are often reported
in the range of 60-80% of the respective therapeutically
active compound (or metabolite) based on the compound-
specific pharmacokinetic studies required for permission
to market the pharmaceutical products (Kummerer, 2009c¢).
Thus, a major proportion of the therapeutic agent is excreted

Table 2.50 Summary of Arctic media and compound groups for which PPCP data have been reported (see Annex Table A2.8/1 for more detailed
information). The number of compounds analyzed for each compound group is given in parentheses.

Atmosphere Terrestrial Freshwater Marine Waste
Compound group Air Snow Soil Biota Water Sediment Biota =~ Water Sediment Biota  Sewage
NSAIDs (11) X X X X
Antidepressants/SSRI (10) X X X X
B(beta)-blockers (5) X X X
Calcium channel blockers (1) X X
ACE blockers (3) X X
Angiotensin receptor antagonists (3) X X
Antiepileptics (1) X X
Antimicrobials (4) X X X
Antibiotics (14) X X X
Additives (5) X X X X X
Fragrances (5) X X
Steroid hormones (5) X X X
Lipid regulators (3) X X
Illicit drugs (4) X X
Stimulants (2) X X X
Anti-cancer (2) X
Artificial sweeteners (2) X X
Surface tension suppressors (6) X X X X
Hypnotics (1) X
Antidiabetics (1) X
Anticoagulants (2) X X
Diuretics (4) X X
Chelating agents (1) X X
UV-filters (3) X
Bisphenol monomers (5) X

NSAIDs: non-steroidal anti-inflammatory and antipyretic analgesic drugs; SSRI: selective serotonin re-uptake inhibitors; ACE: acetylcholine esterase.
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Table 2.51 Selected classes of pharmaceuticals and personal care products identified in Arctic environments (for a complete list of compounds, including
CAS registry numbers and IUPAC nomenclature, see Annex Table A2.8/1).

Compound group

Effect/Application area

Relevant examples

NSAID

Antimicrobials/Antiseptics

Antibiotics and antiseptics

Antidepressants
Antidiabetics
Anti-cancer drugs
Antiulcer drugs
Cardiovascular drugs
Anticoagulants
Steroids/Hormones
Hypnotics
Complexing agents
Detergents
Surfactants
Synthetic fragrances

Angiotensin II receptor
antagonists

Additives/stabilizers

Painkillers and anti-inflammatory effect

Additives to personal care products
Antimicrobial agents
Neuro-regulatory agents

Insulin regulators

Cancer therapy and treatment
Gastric system controlling drugs
Blood circulation controlling agents
Blood clotting control

Endocrine functions
Consciousness control

Additives to cosmetic products
Sebum removal

Reducing surface tension pressure
Additives to perfumes, soap etc.

Blood pressure regulation

Added to personal care products

Ibuprofen, diclofenac, acetylsalicylic acid, naproxen,
paracetamol and others

Triclosan, Bronopol, Resorcinol, m-Cresol
Benzyl penicillin, Sulfomethizole and others
Paroxetine, Sertraline, Citalopram and others
Metformin, Gliclazide

Ifosfamide, Cyclophosphamide

Omeprazole and others

Anti-arrhythmic drugs

Coumarin derivatives, Amlodipin, Warfarin, Dipyridamole
Ethinylestradiol, Mestrone, Estrone and others
Zopiclone, Lidocaine

Ethylene diamine tetraacetic acid (EDTA)
Sodium dodecyl sulfate (SDS) and others
Cetrimonium salts and others

Polycyclic musks, nitro musks

Losartan, Candesartan and others

Butylparaben, Siloxanes, Bisphenol A
Fenofibrate, Clofibric acid
Cocaine, metamphetamine and others

Caffeine, 1,7 dimethylxanthine

Lipid regulators Regulating cholesterol levels

Mlicit drugs Illegal drugs

Stimulants Added to drinks and pharmaceutical products
Diuretics Liquid regulation

UV-filters Sun screen

Bisphenol monomers

Artificial sweeteners Food additives

Monomer for polymers (packing materials and additives)

Furosemide, Hydrochlorothiazide and others
Benzophenone, Octocrylene and others
Bisphenol A, methylenebisphenols and others

Sucralose, Cyclamate

unchanged and enters the sewage system, where a proportion
of the PPCP load is retained and/or eventually degraded
into transformation products. As a result, risk assessments
of PPCPs in the Arctic environment must include properties
of the major transformation products as well as those of the
target parent compounds (Daughton, 2003).

Pharmaceuticals are usually characterized by their therapeutic
effects during medical treatment. A selection of pharmaceutical
groups and personal care products already studied in Arctic
environments is listed in Table 2.51.

A total of 112 different PPCP-related substances have been
identified in Arctic samples in research and screening
studies published as scientific articles and reports (see
Annex Table A2.8/1). This already relatively large number of
compounds can only reflect the capability of current analytical
methods. Future technological developments will inevitably
lead to the identification of new; as yet unidentified PPCPs.

Most of the compounds have been identified in raw sewage
or related matrices (i.e. effluent, recipients). However, a large
number of compounds were also found in freshwater, seawater
and biota, illustrating the inherent environmental risk posed
by these contaminants. Due to the high concentrations of

target PPCPs expected in WWTP-related samples, most of
the studies reported here focused on sewage and effluent. The
very low concentrations of PPCPs expected in the receiving
environmental media (including seawater) are still a challenge
for many of the presently applied analytical methods.

2.8.3 Sources, production, use and trends

Pharmaceuticals and personal care products are produced as
active agents for supporting general health and hygiene as well as
for disease treatment and therapeutic applications in medicine
and veterinary medicine. No PPCP production is reported
from western Arctic environments, so potential release from
production sites can be excluded as a source. Human population
structure in the Arctic is characterized by a decentralized,
scattered distribution of minor settlements with a few cities
as cultural and social centers. This situation in the Arctic is
very different to population structures in, for example, mid-
latitude European countries. These structural differences have
major implications for the release of pharmaceutical residues.
Installing modern small- to medium-scale WWTPs is not usually
economically viable for the small communities of the Arctic
(Gunnarsdottir et al.,2013). As a result, sewage is often released



144

more or less untreated from single households directly or via
collecting processes into the aquatic environment. Due to their
generally low environmental mobility, the presence of PPCP-
related substances in the Arctic environment usually indicates
local anthropogenic sources. However, recent evidence suggests
a few PPCP-related substances (such as volatile siloxanes) may
be transported long distances via the atmosphere or ocean
currents, possibly even as far as the Arctic (Vorkamp and Rigét,
2014). Nevertheless, the majority of PPCP residues identified
in Arctic media are directly associated with human activities
in the Arctic region (i.e. through usage and application). Direct
release from WW'TPs, as well as release from households and
leaching from disposal sites is still considered the predominant
source for the majority of PPCP release into Arctic aquatic
environments (Kummerer, 2009c; Gunnarsdottir et al., 2013).
Thus, most published studies on the fate and distribution of
PPCPs in the Arctic have focused on the compound-specific
distribution originating from their direct release via sewage into
receiving waters (Metcalfe et al., 2003; Weigel et al., 2004a,b;
Lindqvist et al., 2005; Servos et al., 2005; Lishman et al., 2006;
Vieno et al.,, 2007; Vasskog et al., 2008; Mutter, 2014). Some
recent studies have confirmed the presence of PPCPs in biota,
sediment, soil and air, thus indicating the potential for their
transfer between environmental compartments (Bakke et al.,
2008; Huber et al., 2013; Vorkamp and Rigét, 2014). The
preferred medium in which target substances are likely to be
found will depend on the environmental conditions and the
substance-specific physical-chemical properties (volatility,
reactivity, solubility, environmental stability etc.).

In a first survey for an Arctic location, sewage sludge, sewage
effluents and receiving seawater samples were analyzed for
PPCPs in the vicinity of several sewage treatment sites in Tromse
(northern Norway) (Weigel et al., 2004a). Levels of ibuprofen,
its metabolites and caffeine in the seawater samples were very
high (in the medium ng/L range) despite strong currents in
the receiving waters (Tromse Sound). These currents were
originally expected to dilute and disperse the target compounds
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(Weigel et al., 2004a). However, year-round low ambient water
temperatures and so low degradation rates in combination with
high emission volumes, have led to the permanent presence
of the target PPCPs in the seawater surrounding the WWTPs
(Weigel et al., 2004a). Because hospital sewage is physically
separated from household sewage by different sewage systems,
source-specific emission differences could be identified. The
PPCP patterns from the hospital sewage, which contained SSRI
(selective serotonin re-uptake inhibitor) antidepressants and
other therapeutic agents, were significantly different to those
of sewage effluents predominantly influenced by domestic
waste water, which were dominated by caffeine and NSAID
(non-steroidal anti-inflammatory and antipyretic analgesic
drug) over-the-counter products (Weigel et al.,2004a). This first
study confirmed the hypothesis that the cold northern ambient
conditions have considerable influence on the environmental
properties (including transformation) of environmental
pollutants such as PPCPs.

In Tromse, sewage samples were collected from three WWTP
facilities. All Tromse WWTPs process sewage using primary
treatment only. The caffeine concentration in Tromse sewage
effluent was considerably higher than reported for sewage
effluent and river water from a major German City (Hamburg,
900000 inhabitants) (Weigel et al., 2004a). Concentrations of
ibuprofen-related compounds for the Tromsg samples were
of the same order of magnitude as reported for the Hamburg
WWTP effluent samples. However, the distribution profile of
the ibuprofen-related residues (ibuprofen, carboxy-ibuprofen
and hydroxy-ibuprofen) showed distinct differences compared
to the German data (Figure 2.80). No carboxy-ibuprofen was
identified in the effluent sample from the Hamburg WWTP
whereas all effluent samples from Tromse showed an even
distribution between the parent compound and the carboxy- and
hydroxy-transformation products. All freshwater samples from
the River Elbe adjacent to the Hamburg WWTP predominantly
contained hydroxy-ibuprofen, whereas the parent compound
and the carboxylated transformation product contributed

Human WWTP WWTP River Elbe Seawater Literature
excretion Tromso Hamburg Hamburg Tromse data
100% 7
80%
M Carboxy-
60% - ibuprofen
M Hydroxy-
ibuprofen
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20% -
% - ® o L o
O T T FEIIE NGO F & &S
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Figure 2.80 Distribution profile of ibuprofen and its major degradation products in sewage influents, sewage effluents and in the receiving seawater
near Arctic waste water treatment plant (WWTP) facilities (Tromse, Norway) compared to data for a more southerly latitude (Hamburg, Germany)
(Weigel et al., 2004a). ‘Human excretion’ data from Bruchhausen et al. (1994) and ‘Literature data’ from Stumpf et al. (1996).
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Table 2.52 Concentration ranges for PPCP compounds in samples collected during the Pharmafate pilot study in 2007 (Kallenborn et al., 2008a).

Target PPCP Concentration range, ng/L
Oslo (VEAS) Tromso Longyearbyen
Effluent (n=1) Seawater (n=2) Effluent (n=8) Seawater (n= 8) Effluent (n=5) Seawater (n=2)

Ibuprofen 10 nd-52 448 na 30-403 0.4-1
Hydroxy-ibuprofen 126 188-243 3614 na 8-1398 2-34
Carboxy-ibuprofen 42 109-213 70170 na 411-34028 6-26
Diclofenac 25 nd-48 78 na 30-1074 1-4
Triclosan 11 nd 350 na 28-803 2-23
Caffeine 23 5-96 na na 501-50704 24-41
Citalopram 238 na 63-102 <MDL <MDL nd
Desmethyl-citalopram 310 nd 118-215 <MDL <MDL nd
Didesmetyl-citalopram 10 na 6-10 nd nd nd
Fluoxetine 8 na 1-5 nd nd nd
Norfluoxetine 2 na 0.7-2.5 nd nd nd
Fluvoxamine 1 na 0.8-1.7 nd nd 0.5-0.8
Sertraline 8 na 8-90 nd nd <MDL
Desmethylsertraline 6 na nd nd nd nd
Paroxetine 4 <MDL 3-13 nd nd 0.6-1.4
Tetracycline nd nd na na 0.6-1.1 nd
Trimethoprim 0.8-0.9 nd na na 0.07-0.15 nd
Sulfamethoxazole 0.2-0.3 nd na na nd nd

MDL: Limit of quantification; na: not analyzed; nd: not detected.

not more than 35% of the total Ibuprofen group burden. In
contrast to these findings, carboxy-ibuprofen dominated all
seawater samples from Tromse, comprising up to 80% of the
total ibuprofen burden.

In a follow-up study, PPCP levels were determined in effluent and
receiving seawater for three typical WWTPs on a longitudinal
gradient through Norway from Oslo (60°N), to Tromse
(70°N) to Longyearbyen, Svalbard (78°N) (Kallenborn et al.,
2008a). Average levels for all target PPCPs from this study
are summarized in Table 2.52. Location-specific differences
were found for all compounds analyzed. High concentrations
(including antibiotic residues) in the receiving seawater samples
from Longyearbyen sometimes exceeded the PPCP levels found
in Tromse. In addition to ambient conditions, the technological
standard of sewage treatment plays a major role in the release
profile and concentration levels found in this latitudinal study.

Based on these pilot investigations, the Norwegian Pollution
Control Authority (SFT) conducted a national literature survey
on the occurrence of selected PPCPs in the environment.
The survey provided a first overview of the current state
of knowledge regarding usage, distribution patterns and
occurrence of these compounds in the Norwegian environment
(Grung et al.,2007). The final report included recommendations
on which PPCPs to prioritize for inclusion in future monitoring

programs, as well as recommendations on sampling strategy.
The report also included information on sales volumes for the
selected compounds in Norway and the other Nordic countries
(Grung et al., 2007).

The issue of PPCPs as environmental pollutants was recognized
by the Nordic Council of Ministers (NCM) who initiated a
series of screening programs. The results have been published in
several reports (Dye et al., 2007; Grung et al.,2007; Huber et al.,
2013; Kaj et al., 2014). Monitoring covered the following:
influent, effluent and sludge for several WWTPs; surface water,
including seawater and freshwater; and freshwater and marine
sediments (se The screening exercise included water samples
upstream and downstream of fish farms, other freshwaters or
seawaters, and groundwater, especially near hospitals and farms
(NCM, 2012). Nevertheless, the numbers of samples and PPCP
compounds covered are still relatively few compared to what
would be needed for developing sound regulation strategies.

The majority of the data generated by the NCM screening
programs (NCM, 2012) is based on samples collected in
Finland, the Faroe Islands, Greenland and Iceland. Most of the
monitoring and screening programs are based on samples from
WWTPs, receiving aqueous compartments and related aqueous
environments (see also Table 2.50). Results from biotic and
abiotic matrices further from large human settlements are still
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scarce (Vorkamp and Rigét, 2014). The focus of that study was
on WWTPs, including sewage, sewage influent, sewage effluent
water, and sediment, and water samples and biota associated
with the receiving environment. Of the target PPCPs selected, a
few (e.g. diclofenac and ibuprofen) were detected in all samples
at significant levels. Estrone (both a synthetic and naturally
occurring estrogen) was detected in most samples analyzed.

2.8.4 Transformation processes

Transformation of PPCP compounds is mainly governed by their
physical-chemical properties and the underlying environmental
conditions. Studies investigating PPCP transformation have
reported a range of relevant processes, including photochemical
transformation, hydrolyses, and various microbial pathways
(Xia et al., 2005; Kagle et al., 2009; Oulton et al., 2010; Fatta-
Kassinos et al., 2011b; Dodgen et al., 2014; Rudd et al., 2014;
Zenker et al.,2014; Evgenidou et al., 2015; Petrie et al., 2015; Aus
der Beek et al., 2016; Hijosa-Valsero et al., 2016; Mathon et al.,
2016). As previously discussed, low seawater temperatures
seem to delay the breakdown of PPCPs. The comparison
of ibuprofen patterns in Tromse with published data from
Germany (Figure 2.80) showed the carboxylated transformation
product (carboxy-ibuprofen) was about 2-fold higher in the
Arctic than at the mid-latitude locations. It can thus be assumed
that carboxy-ibuprofen is more stable in the cold seawater
environment around Tromse (annual average 4-6°C) than in
temperate mid-latitude environments. On the basis of current
knowledge, the carboxylated metabolite (carboxy-ibuprofen) is
considered the predominant transformation product following
human excretion (Paxeus, 2004). However, following microbial
degradation in the receiving (waste)waters (via directed waste
water treatment or direct exposure in the aqueous environment),
the hydroxylated transformation product (hydroxy-ibuprofen)
seems to predominate in mid-latitude aquatic environments,
which implies carboxy-ibuprofen is readily hydrolyzed to
hydroxy-ibuprofen (Weigel et al., 2004a; Quintana et al.,
2005; Hijosa-Valsero et al., 2016). This suggests a complex
combination of metabolic (in the organism), abiotic and
biotic (i.e. microbial after excretion) transformation processes
result in a final predominating transformation product that
is released and detectable in the aqueous environment. These
transformation processes are strongly influenced by ambient
conditions including the temperature, microbiological
environment, abiotic environment (i.e. receiving water and
sediment characteristics) and light conditions along the release
pathway. These influences were also found to be important
for the PPCPs identified in a subsequent study in Tromse
(Vasskog et al., 2006) where selected SSRI antidepressants
including their transformation products were found in ng/L
concentrations in sewage effluent samples. Similar SSRI levels
as reported from the WWTP in Tromse were also found in
untreated sewage effluent collected in Longyearbyen (Svalbard;
around 2200 inhabitants in 2008) in a comparative study
(Vasskog et al., 2008).

The influence of ambient temperature on the microbial
transformation of an antibacterial pharmaceutical was studied
in a controlled laboratory experiment. This focused on the
temperature-dependent microbiological transformation
of benzyl-penicillin (a B-lactam antibiotic) applying the
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Zahn-Wellens test (OECD 302B) for microbiological
degradation in raw sewage sludge (Bergheim et al., 2010).
The temperature-dependent degradation of benzyl-penicillin
was studied at 5°C, 12.5°C and 20°C ambient conditions
during an experimental period extending from the OECD
recommended standard 28-day testing period to a final
duration of 42 days. Concentrations of benzyl-penicillin as
well as the major transformation products identified were
monitored continuously by chromatography coupled to mass
spectrometric detection over the entire experimental period.
Dissolved organic carbon (DOC) was monitored to control
microbial carbon consumption during the experiments.
Benzyl-penicillin is expected to serve as a secondary
carbon source after the primary carbon source is completely
consumed. Maximum DOC loss was slowest at 5°C and total
DOC degradation (considered a measure of the available total
microbial carbon source in the experiment) was not reached
even after 42 days (Bergheim et al.,, 2010), in contrast to the
20°C set up for which total carbon consumption occurred after
about 8 days (12.5°C = carbon consumption after 32 days).
A first preliminary structure elucidation was undertaken for
the major microbial transformation products for benzyl-
penicillin based on available full-scan mass spectra (m/z)
and complementary mass spectra library research. From these
results, Bergheim et al. (2010) concluded that transformation
under the three temperature regimes resulted in different
predominant final transformation products. The consequences
of these findings are currently under investigation but again
demonstrate the importance of ambient temperature for PPCP
transformation processes; indicating that transformation
pathways as well as environmental stability may differ
significantly between Arctic conditions (strong seasonality
in light conditions, low year-round temperatures, permafrost
in soil,and ice cover in freshwater systems for more than eight
months a year) and mid-latitude environments, with major
consequences for direct human exposure risk and hazardous
environmental effects (Kallenborn et al., 2008b).

In addition to a changed transformation pathway, effects on
organisms may be altered or even enhanced under Arctic
conditions. For antibiotics, a longer half-life in the Arctic
environment may affect the local microbial community in the
exposed location. This could even lead to bacterial and viral
resistance with severe consequences for human populations and
the environment at concentrations already observed at the ng/L
range. Various mechanisms are described in the literature for
enzymatic inactivation of antibiotics. Conventional mechanisms
include chemically changing the structure of the antibiotic,
inactivating the substance through physical removal from the
cell, or modifying the target location to make it unavailable
for the antibiotic (Alekshun and Levy, 2007; Aarestrup et al.,
2008; Boerlin and Reid-Smith, 2008; Acar and Moulin, 2012;
Voolaid et al., 2012; Cox and Wright, 2013; Gaze et al., 2013;
Corno et al,, 2014; Keeney et al., 2014).

Research over the past decade confirms that antibiotic resistance
can transfer between microbial strains since this property
is encoded by several transitional genes. New resistance
mechanisms are constantly being described, and new genes and
vectors of transmission were identified recently (Blair et al.,2015).
Thus, the continued environmental release of antimicrobial
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substances in Arctic aqueous and marine coastal environmental
will ultimately result in a shift in bacterial populations from
those predominantly sensitive to pharmaceutically-produced
antimicrobials to predominantly resistant phenotypes.
Such a shift could potentially lead to the transfer of genetic
information (resistance determinants) into microbial pathogens
(Kallenborn et al., 2008b), which could be harmful for patients
treated with conventional antibiotics for infectious diseases.

A recent study explored these mechanisms by using functional
metagenomics to investigate the resistomes (pool of genes
responsible for resistance) of bacterial communities isolated
from different layers of permafrost in the Canadian High Arctic
(Perron et al., 2015). The resistome may be considered as the
bacterial ‘tool box’ for responding with resistance strategies
to exposure from chemical poisoning (quite common in
natural processes). Eight genes conferring clinical levels of
resistance against aminoglycoside, B-lactam and tetracycline
antibiotics were isolated from bacteria strains sampled from
ancient permafrost layers. In bacteria sampled from the active
layer (the top layer of soil that thaws during summer and
refreezes during autumn), another ten genes were isolated
and characterized conferring resistance to the six antibiotics
tested. The study concluded that antibiotic resistance genes
are functionally diverse microbial defense mechanisms that
existed even prior to the anthropogenic use of antibiotics,
contributing to the evolution of natural reservoirs of resistance
genes (Perron et al., 2015).

Many antimicrobial agents, including antibiotics, are semi-
synthetic or synthetic derivatives of naturally occurring
biologically active substances (i.e., antibiotics, hormones etc.)
and are persistent in the environment (Andersson and Hughes,
2011; Clarke and Smith, 2011; Alm et al., 2014; Batchu et al.,
2014; Sun et al., 2014b; Dorival-Garcia et al., 2015; Qiu et al.,
2016). These anthropogenic synthetic substances are persistent
in the environment because they have been specifically
developed to retain activity and resist degradation by the
biochemical activities of the organism until they reach the
target location within the treated organism (Dooley et al.,
2003; do Nascimento et al., 2013). An excess of antibiotics
consumed during treatment is usually excreted chemically
unchanged and then enters the sewage system (Hirsch et al.,
1999; Kummerer, 2003, 2009a,b; Ding and He, 2010;
Braschi et al., 2013; Milic et al., 2013; Bergheim et al., 2015).
Modern WWTPs are typically able to retain and degrade this
type of pollution effectively (Carballa et al., 2007; Yu et al.,
2009; Zorita et al., 2009; Le-Minh et al., 2010; Schaar et al.,
2010; Schroder et al., 2012).

Even triclosan, a chlorinated antimicrobial agent used in various
consumer products is associated with the development of
microbial multidrug resistance when present in the aqueous
environment (Carey and McNamara, 2015). Triclosan has also
been identified in the direct release of sewage to the Arctic
environment (see Annex Table A2.8/2). Although reliable
research is still required for assessing the consequences
of triclosan release to the aqueous environment, direct
physiological risks for biota at higher trophic levels in the
terrestrial Arctic are not expected in relation to the levels
reported here (Reiss et al., 2009).
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2.8.5 Modeling studies

Development of model-based environmental risk assessment
of PPCPs has been a major challenge due to the many
compound-specific ‘modes-of-action, the heterogeneity of
their physical-chemical properties, the compound-specific
source characterization and their specific toxicity features. For
scientifically appropriate modeling tools, it is necessary to develop
theoretical descriptors as completely and accurately as possible.
Such parameters are usually based on combining physical-
chemical properties, source characterization, transformation
profiles, and environmental toxicological parameters.

The scientific literature contains two relevant studies on model-
based evaluation of risk and environmental fate in northern
environments (Wajsman and Ruden, 2006; Zukowska et al.
2006). Specific environmental toxicity parameters, such as the
predicted environmental concentrations (PEC) and predicted
no-effect concentrations (PNEC) are difficult to establish in a
scientifically reliable manner without adequate and calibrated
models. One such study considered release to the aquatic
environment via effluent and sludge from WWTPs. From a
large number of information sources, a set of 181 potentially
relevant exposure models were identified (Wajsman and Ruden,
2006). Assessing and testing the chosen models resulted in a
final selection of two priority models. However, the authors
concluded that there is still much potential for developing
exposure model(s) specifically designed for pharmaceutical
inputs to the Nordic environment (Wajsman and Ruden, 2006).

Multimedia box models have been successfully applied for
establishing the environmental fate of pollutants in many
regions, including the Arctic. This approach has good potential
for use in modelling the fate of PPCPs (Barrie et al., 1992;
Macdonald et al., 2000; Toose et al., 2004; Wania, 2006; Brown
and Wania, 2008; Mackay and Reid, 2008; Reid and Mackay,
2008; Hung et al.,2010; Armitage et al., 2011; Mackay et al., 2011;
Krogseth et al., 2013a). A first assessment has been reported
aimed at expanding the traditional box model approach toward
PPCPs (Zukowska et al., 2006). Poly-parameter linear free
energy relationships (PP-LFERs) were used as new characteristic
parameters to account for the large polarity range that PPCPs
cover in their physical-chemical properties. The PP-LFER-based
fugacity model was then used to calculate overall persistence,
concentrations and inter-media fluxes for typical polar and
non-polar organic chemicals including PPCPs between air,
water, soil and sediments at steady-state. Model results suggest
that an accurate description of the partitioning equilibrium is
essential for generating reliable predictions of environmental
fate. The PP-LFER-based modeling approach also confirms that
the greatest mobility for this type of substances distributed in
aqueous phases may be expected for pharmaceutical residues
combining small molecular size with strong H-acceptor
properties (Zukowska et al., 2006).

2.8.6 Environmental concentrations

In total, 112 different substances from 26 different PPCP groups
were identified in atmospheric, terrestrial, freshwater and marine
samples from Arctic locations. The majority of the data reported
are from studies and screening activities associated with human
settlements, release via WWTPs and analyses of receiving
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waters. The data are from around 20 reports and peer-reviewed
scientific articles and form the basis of the following sections.
This information is summarized in detail in Annex Table A2.8/2.
All supporting references are also given.

2.8.6.1 Air and precipitation

Only two studies reported PPCPs in atmospheric samples.
Cyclic volatile polysiloxanes (D4, D5, D5) were detected in
atmospheric samples collected during a Nordic screening
exercise (Kaj et al., 2005). The levels for D4, D5 and D6 were
determined and confirmed in Icelandic air samples as well
as air from the Faroe Islands. A detailed assessment of this
information is provided in Section 2.7 (on siloxanes).

2.8.6.2 Terrestrial environment

The terrestrial environment is still not considered a major focus
for research and monitoring of PPCPs in the Arctic. Only one
report noted the presence of PPCPs in soil. In a recent Nordic
screening study, m-cresol (96 ng/g dw) was identified and
quantified in Faroe Island soil (Dye et al., 2007).

2.8.6.3 Freshwater environment

The freshwater environment is considered the major recipient
for PPCPs. The majority of PPCPs identified as contaminants in
Arctic environments have been identified in freshwater-related
samples including sewage influent, sewage eftfluent, sewage and
sludge samples (Kiimmerer, 2010).

Sewage-related samples

Based on current scientific understanding, sewage-related samples
including sewage effluents and sludge are considered the main
sources of PPCPs as environmental contaminants (Huber et al.,
2013). Consequently, the freshwater environment is the focus for
studies on PPCP fate and distribution processes in the Arctic.

Sewage influent

Fifty-five of the 112 (49%) reported PPCPs were identified in
sewage influent samples. Most of the data are from reports to
the Nordic Council of Ministers. PPCP concentration data
from sewage influent is reported from nine Arctic regions
(northern Norway, Finland, Faroe Islands, Iceland, Greenland,
Svalbard, Ontario, Manitoba, and Alaska). The highest measured
concentrations were reported for prescription-free, over-the-
counter NSAIDs including salicylic acid (874 pg/L, Ontario,
Canada), acetominophen/paracetamol (506 pg/L, Faroe
Islands), naproxen (109 pg/L, Iceland) and the anticoagulants
dipyridamole (166 pg/L, Faroe Islands). Most of the PPCP
compounds in the sewage influent samples analyzed were
found in the low ng/L ( 0.03 ng/L Diclofenac, Ontario) to pg/L
concentration range (506 pg/L Acetaminophen/paracetamol,
Faroe Islands) (Huber at al., 2013).

Sewage and sludge

Fifty-two of the 112 (46%) reported PPCPs were identified in
sewage and sludge samples. Most of the data are from Nordic
reports and peer-reviewed research publications. PPCP
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concentration data from sewage and sludge are reported
from nine Arctic regions (northern Norway, Finland, Faroe
Islands, Iceland, Greenland, Svalbard, Ontario, Manitoba, and
Alaska). In general, water-soluble residues are enriched in
sewage, whereas less polar compounds are found mainly in
sludge. Consumption volumes directly reflect the amount of
active PPCP substances found in sewage-related samples. The
average levels of all compounds identified were found in the
10-100 ng/L range for sewage and 10-1000 ng/g dw range for
sewage sludge. In sewage sludge, SSRI antidepressants were
found at the highest concentrations (metoprolol 549 pg/g dw
and propranolol 680 pg/g dw in Iceland). For sewage, the
highest levels were found for additives and surfactants (siloxane
D5 4.3 pg/L in Faroe Islands and DDAC type 25 pg/L in Iceland)
(Huber et al., 2013).

Sewage effluent

Concentrations of PPCP in sewage effluent represent the
combined result of biochemical transformation in the treated
organisms, biotic and abiotic transformation in the WWTP and
the effects of WWTP technology on PPCP residues. Seventy-
three of 112 (65%) reported PPCPs were identified in Arctic
sewage effluent samples. Thus, the majority of the PPCP-related
compounds were confirmed in sewage effluent. This supports
the importance of sewage-related matrices as primary sources
for PPCPs.

In addition, many PPCP compounds are immobilized by the
exposed organism (humans and wildlife) through Phase II
metabolization such as glutathione-S-transferase induced
conjugation (Bidlack and Smith, 1984; Yu et al.,2010; Jeon et al.,
2013; Mathews and Reinhold, 2013). The conjugates are not
easily quantified using standard analytical procedures without
direct cleavage during the preparation method (prior to
quantitative analysis) as an additional sample treatment step.
However, during the passage of sewage through WWTPs the
conjugates are often cleaved, making the original substance
available again. Thus, PPCP levels identified in effluent samples
are considerably higher for those compounds than in inflow or
sewage (Lishman et al.,2006). All PPCP substances identified in
sewage effluent were present at concentrations from 0.01 ng/L
to 70 pg/L. The predominant compounds were quantified in
the 1-10 ug/L range (such as NSAIDs, caffeine, surfactants,
anticoagulants etc). The ibuprofen metabolite carboxy-
ibuprofen was found at levels up to 70 ug/L in Tromse (Norway)
and 38 pg/L in Longyearbyen (Svalbard). Acetominophen/
paracetamol was found at levels up to 71 pg/L in Faroe
Island effluents. The surfactant BAC was found at levels up to
60 pg/L in effluent samples from Greenland (for references see
Annex Table A2.8/2).

Freshwater

Of the reported 112 PPCPs, 26 (23%) were identified in
freshwater samples collected close to the waste water source.
Detected concentrations were usually in the 1-20 ng/L range
and the highest concentrations were found in the high 700 ng/L
to 2 ug/L range. Naproxen was found at a maximum level of
199 ng/L in Ontario (Canada) surface freshwater samples,
carbamazepine was found at a maximum level of 749 ng/L
in Ontario (Canada) surface water samples. However, the
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antibiotics lincomycin (maximum 1413 ng/L) and monensin A
(maximum 810 ng/L) dominated Ontario surface water samples,
and the levels are only slightly lower than in the respective
effluent samples (for references see Annex Table A2.8/2).

Freshwater sediment

Of the reported 112 PPCPs, 30 (26%) were identified in
freshwater sediment samples. Most data are reported on a
wet weight basis. Detected concentrations were usually in the
low ng/g ww range and the highest levels were found in the
100 ng/g to 10 ug/g range. Sertraline was found at a maximum
of 1 ug/g in sediment from the Faroe Islands. The angiotensin II
receptor antagonist losartan was found at 392 ng/g in Icelandic
sediment. 17P(beta)-estradiol was found at a maximum level of
302 ng/g in Greenlandic sediment. However, surfactants such as
benzalkonium chloride (1.3 pg/g) in Faroe Island sediment and
alkyl trimethyl ammonium chloride (1 pug/g) in sediment from
Iceland were the dominant PPCPs in freshwater sediments.
It was mainly surface-active substances and the less polar
compounds that were associated with sediment as the carrier
and storage matrix (for references see Annex Table A2.8/2).

Freshwater biota

There was no information on PPCPs in freshwater biota in the
available literature.

2.8.6.4 Marine environment

The marine (coastal) environment is considered an important
recipient for PPCPs, especially in the Arctic. Most Arctic
settlements are located in the coastal zone and so discharge
sewage-related waste directly to the adjacent coastal waters.

Seawater

Of the reported 112 PPCPs, 22 (20%) were identified in
seawater samples. Detected concentrations were usually in
the low ng/L range and the highest in the 10-500 ng/L range.
Citalopram (SSRI antidepressant) was found at a maximum
level of 612 ng/L in surface seawater from Tromse (influenced
by direct hospital effluent). Carbamazepine was found at a
maximum of 47.7 ng/L in Manitoba seawater (Hudson Bay,
Canada). The stimulant caffeine was found at concentrations
of up to 126 ng/L in receiving seawater samples from Tromse
(Norway) (for references see Annex Table A2.8/2).

149

Marine sediment

Only one screening study reported PPCPs in marine sediments
from the Barents Sea. The substances found were bisphenol
A (maximum 11 ng/g dw) and the artificial fragrance musk
xylene (maximum 4.1 ng/g dw) (Vorkamp and Rigét, 2014).

Marine biota

Of the reported 112 PPCPs, 11 (10%) were identified in marine
biota samples. Detected concentrations were usually in the
high pg/g to low ng/g dw range with the highest levels found
in the low ng/g range. The siloxanes D5 (maximum 10 ng/g in
Icelandic marine mammals) and D6 (maximum 5.2 ng/g in
Faroe Island fish) were quantified in a comprehensive Nordic
study (Kaj et al., 2005). ATAC type of surfactants were found
up to 6.7 ng/g in marine fish from Greenland. The synthetic
musks phantolide (2.5 ng/g Ontario), cashmeran (2.5 ng/g
in Greenland) and musk tibetene (maximum 6 ng/g in
Greenland) were found in polar bear (Ursus maritimus) liver
tissue (Vorkamp and Rigét, 2014).

Samples of whole polar cod (Boreogadus saida) and capelin
(Mallotus villosus), seal blubber (Phoca hispida), kittiwake (Rissa
tridactyla) and glaucous gull (Larus hyperboreus) blood/plasma,
and common eider (Somateria mollissima) and common
guillemot (Uria aalge) eggs collected from Arctic Norway
in 2010-2011 contained levels of nonylphenol, nonylphenol
monoethoxylate, octylphenol, and octylphenol monoethoxylate
(OP1EO) below limits of detection (NIVA, 2012). In 2013,
Atlantic cod (Gadus morhua) fillet and liver from Tromso
harbor (Norway) were screened for several nonylphenol and
octylphenol related compounds (NIVA, 2014). All levels were
below detection limits, with the exception of 4-tert-nonylphenol
which was found in liver at 24.2-39.2 ng/g ww. It was mainly
personal care products that were reported in biota. No reports
of pharmaceuticals in Arctic biota are yet available.

2.8.7 Environmental trends

2.8.7.1 Spatial trends

A qualitative attempt at a first spatial distribution assessment
is presented in Table 2.53. Since the majority of PPCP-related
compounds are released into the environment via direct
application, consumption and/or disposal of consumer
products, long-distance distribution processes can mostly

Table 2.53 Maximum concentrations (ng/L) of selected PPCPs in Arctic sewage effluent samples reported for the period 2003-2013.

Location/Region Ibuprofen Diclofenac Acetominophen/ Sertraline Paroxetine Citalopram
Paracetamol

Ontario, Canada 4000 740

Greenland 2800 25800 2 20.8 192

Iceland 5800 390 8540 299 89.3 69.2

Faroe Islands 4500 597 71500 23 149 540

Longyearbyen, Svalbard, Norway 403 1074

Tromse, Norway 448 48 90 13 102
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be excluded as diffusive secondary sources. The regional
distribution pattern in the data mainly reflects consumption
profiles, population density and mobility, WW TP infrastructure,
and local environmental transformation and distribution
processes. In addition, as confirmed by studies outside the
Arctic region, concentration variability in primary emission
sources (sewage, sewage effluent) can be large, spanning several
orders of magnitude (Ort et al., 2010). This is dependent on
application profile, consumer habits, and seasonality etc.
Therefore, the comparison presented here must be considered
indicative only. The most frequently reported PPCP compounds
were determined in more than four areas (see Table 2.53).

The data are compiled from a comprehensive Nordic screening
study, national project reports and several research reports
(Lee et al.,, 2003; Metcalfe et al., 2003; Weigel et al., 2004a;
Vasskog et al.,2006,2008; Kallenborn et al., 2008a,b; Huber et al,,
2013) reporting data for the period 2003-2013. As a result,
temporal changes in consumption and application, which directly
affect release profiles, cannot be inferred from available data.

The data show that for PPCPs consumed in high volumes
(i.e. ibuprofen, acetominophen/paracetamol and others),
determining factors for the overall concentration in the
aquatic environment are population density and product
availability (i.e. prescription or purchase over-the-counter)
and not necessarily environmental stability and mobility only.
The highest concentrations of prescription-free substances
(ibuprofen and acetominophen/paracetamol) were found
in locations with the highest population density: Ibuprofen
(Canada and Iceland) and Acetominophen (Iceland and
Faroe Islands), and the lowest in less populated locations
(such as Longyearbyen, Svalbard). However, for prescribed
compounds the application strategy (dose, oral, injected etc.)
may also contribute to the release profile. For diclofenac
(usually prescribed as an anti-inflammatory NSAID in
northern Europe), the highest concentrations were reported
in Longyearbyen (Svalbard). Diclofenac concentrations were
much higher in Longyearbyen (2000 inhabitants) than Tromse
(northern Norway, 60000 inhabitants), an Arctic city with
considerably higher population density. Similar profiles were
found for prescribed antidepressants (i.e. SSRI agents) where
national regulations for drug application schemes influence
the respective release profiles (in effluent samples). In Iceland,
sertraline is the predominant SSRI in effluent samples, whereas
citalopram is the predominant SSRI residue in effluent samples
from the Faroe Islands. Detected concentrations were usually
in the high pg/g to low ng/g dw range.

2.8.7.2 Temporal trends

Although an impressively high number of PPCP-related
substances (n=112) are reported to be present in the Arctic
environment, trends over time are not yet available because
the data are widely scattered. Most of the available information
is based on seasonal screening and research-based studies
without a temporal monitoring component (on either an
annual or seasonal scale). In addition, method related quality
control protocols applied by different laboratories for similar
target substances (limited method comparability, no inter-
laboratory exercises performed for the respective methods)
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make it difficult, if not impossible to compare available data
along a relevant timeline. At least five years of consecutive
monitoring and analyses preferably performed by the same
laboratory and under good quality control protocols, are
required for a scientifically sound evaluation of temporal trends
(Katsoyiannis et al., 2010; Travaglini et al., 2013). None of the
data sets reported here fulfil these requirements.

2.8.8 Conclusions

Over the past decade, various national and international
research and screening studies have confirmed the presence
of PPCPs in the Arctic environment. Although pharmaceutical
usage in the Arctic is low compared to densely populated
regions of the globe, the lack of modern WWTP installations
even in the larger settlements, as well as low ambient
temperatures, slow microbiological transformation and
no photochemical degradation during winter, results in
surprisingly high concentrations of some pharmaceuticals in
the Arctic environment (Weigel et al., 2004a,b; Vasskog et al.,
2006, 2008; Green et al., 2008; Kallenborn et al., 2008a,b;
Gunnarsdottir et al., 2013; Huber et al., 2013).

Pharmaceuticals are designed to express a specific biochemical
function at low concentrations as a part of an integrated
therapeutic procedure. This biochemical effect, desirable during
therapy, may cause unwanted environmental toxicological
effects on non-target organisms when the compound is released
into the environment. In the Arctic, pharmaceutical residues
are released into low- to very low ambient temperatures in
receiving aqueous environments which results in a long half-
life for most PPCPs released. This is especially critical when
significant amounts of antibiotic/antimicrobial agents are
released in a low temperature environment and so enhance
the potential for resistance against these substances in local
microbial communities.

The environmental toxicological consequences of continuous
releases into the Arctic environment are expected to differ
from those in temperate regions. An impact on human
populations due to consumption of contaminated local fish
and invertebrates or through exposure to resistant microbial
communities cannot be excluded.

Scientific results so far available through published papers and
reports must be considered as indicative only. Comprehensive
environmental studies on the fate, environmental toxicology
and distribution profiles for pharmaceuticals applied in high
volumes and released into the aquatic environment under cold
northern climate conditions should be given high priority by
national and international authorities. This is also necessary
to ensure that local food sources can be harvested by future
generations of indigenous populations without concern for
health and well-being.
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Table A2.8/1 Supplementary information concerning Arctic media and compound groups for which PPCP data have been reported. Abbreviations and
data sources listed at the end of the table.

Group IUPAC CAS no. Location identified
Compound
NSAIDs
NSAID general See below
Salicyclic acid 2-Hydroxybenzoic acid 69-72-7 Nordic, Can-Ont
Ibuprofen RS)-2-(4-(2-methylpropyl)phenyl)propanoic acid 15687-27-1 Can-Ont, Nor-Tro,
Nor-Lon, Nordic
Hydroxy-Ibuprofen 2-[4-(1-Hydroxy-2-methylpropyl)phenyl]propanoic acid 51146-55-5  Nor-Tro, Nor-Lon, Nordic
Carboxy-Ibuprofen 2-[4-(2-Carboxypropyl)phenyl]propionic acid 15935-54-3  Nor-Tro, Nor-Lon, Nordic
Gemfibrozil 5-(2,5-dimethylphenoxy)-2,2-dimethyl-pentanoic acid 25812-30-0 Can-Ont, Can-Man
Naproxen (S)-2-(6-methoxynaphthalen-2-yl)propanoic acid 22204-53-1  Can-Ont, Can-Man, Nordic
Ketoprofen RS)-2-(3-benzoylphenyl)propanoic acid 22071-15-4 Can-Ont, Nor-Tro,
Nor-Lon, Nordic
Diclofenac 2-(2,6-dichlorophenyl)amino]phenylacetate 15307-86-5 Nor-Tro, Nor-Lon,
Nordic, Can-Ont
Indomethacin [1-(4-Chlorobenzoyl)-5-methoxy-2-methyl-1H-indol-3-yl]acetic acid 53-86-1 Can-Ont
Fenoprofen 2-(3-Phenoxyphenyl)propanoic acid 31879-05-7 Can-Ont
Paracetamol/Acetaminophen 4-(Acetylamino)phenol 103-90-2 FI, Ic, Gr, Can-Ont
Antidepressants/SSRI
Sertraline (18,4S5)-4-(3,4-dichlorophenyl)-N-methyl-1,2,3,4-tetrahydronaphthalen-1- 79617-96-2 Nor-Tro, Nor-Lon, Nordic
amine
Fluoxetine N-methyl-y-[4-(trifluoromethyl) phenoxy]benzenepropanamine 54910-89-3 Nor-Tro, Nor-Lon, Nordic
Paroxetine (3S,4R)-3-[(2H-1,3-benzodioxol-5-yloxy)methyl]-4-(4-fluorophenyl) 61869-08-7 Nor-Tro, Nor-Lon, Nordic
piperidine
Citalopram (RS)-1-[3-(Dimethylamino)propyl]-1-(4-fluorophenyl)-1,3- 597-33-8 Nor-Tro, Nor-Lon, Nordic
dihydroisobenzofuran-5-carbonitrile
Fluvoxamine 2-{[(E)-{5-Methoxy-1-[4-(trifluoromethyl)phenyl]pentylidene}amino]oxy} 61718-82-9 Nor-Tro, Nor-Lon
ethanamine
Desmethylcitalopram RS/S)-1-[3-(methylamino)propyl]-1-(4-fluorophenyl)-1,3- 144010-85-5  Nor-Tro, Nor-Lon, Nordic
dihydroisobenzofuran-5-carbonitrile
Didesmethylcitalopram (RS or S)-1-[3-aminopropyl]-1-(4-fluorophenyl)-1,3-dihydroisobenzofuran- 1189694- Nor-Tro, Nor-Lon, Nordic
5-carbonitrile 69-5
Norfluoxetine S)-3-Phenyl-3-[4-(trifluoromethyl)phenoxy]propan-1-amine 126924-38-7  Nor-Tro, Nor-Lon, Nordic
Desmethylsetraline (18,4S)-4-(3,4-dichlorophenyl)-1,2,3,4-tetrahydronaphthalen-1-amine 87857-41-8 Nor-Lon
Venlafaxine RS)-1-[2-dimethylamino-1-(4-methoxyphenyl)-ethyl]cyclohexanol 93413-69-5 Ala, FL, Ic, Gr
Betablockers
Acebutolol (RS)-N-{3-acetyl-4-[2-hydroxy-3-(propan-2-ylamino)propoxy]phenyl} 37517-30-9 Fin
butanamide
Atenolol (RS)-2-{4-[2-Hydroxy-3-(propan-2-ylamino)propoxy|phenyl}acetamide 29122-68-7 Fin, Can-Man, FI, Ic, Gr
Metoprolol (RS)-1-(Isopropylamino)-3-[4-(2-methoxyethyl)phenoxy]propan-2-ol 51384-51-1 Fin, Can-Man, FI, Ic, Gr
Propranolol (RS)-1-(1-methylethylamino)-3-(1-naphthyloxy)propan-2-ol 525-66-6 Nor-Tro
Sotalol (RS)-N-{4-[1-hydroxy-2-(propan-2-ylamino)ethyl]phenyl} 3930-20-9 Fin
methanesulfonamide
Calcium channel blocker
Amlopidine (RS)-3-ethyl 5-methyl 2-[(2-aminoethoxy)methyl]-4-(2-chlorophenyl)-6- 88150-42-9 FL Ic, Gr
methyl-1,4-dihydropyridine-3,5-dicarboxylate
ACE-blocker
Enalaprilat (25)-1-[(2S)-2-{[(1S)-1-carboxy-3-phenylpropyl|]amino}propanoyl] 76420-72-9 FL Ic, Gr

pyrrolidine-2-carboxylic acid
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Group TUPAC CAS no. Location identified
Compound
Perindopril (28,3a8,7a8S)-1-[(2S)-2-{[(2S)-1-ethoxy-1-oxopentan-2-yl]Jamino} 82834-16-0 FL, Ic, Gr
propanoyl]-octahydro-1H-indole-2-carboxylic acid
Perindoprilat (2S,3a8,7aS)-1-[(2S)-2-{[(1S)-1-carboxybutyl]amino}propanoyl]-octahydro- ~ 95153-31-4 FL Ic, Gr
1H-indole-2-carboxylic acid
Angiotensin II receptor antagonists
Losartan 2-Butyl-4-chloro-1-{[2'-(1H-tetrazol-5-y1)(1,1'-biphenyl)-4-yl|methyl}-1H- 124750-99-8 FL Ic, Gr
midazole-5-methanol
Candesartan 2-ethoxy-1-({4-[2-(2H-1,2,3,4-tetrazol-5-yl)phenyl|phenyl}methyl)-1H-1,3-  139481-59-7 FL Ic, Gr
benzodiazole-7-carboxylic acid
Enalapril (25)-1-[(2S)-2-{[(2S)-1-ethoxy-1-0x0-4-phenylbutan-2-ylJamino}propanoyl] ~ 75847-73-3 FL Ic, Gr
pyrrolidine-2-carboxylic acid
Antiepileptics
Carbamazepine 5H-dibenzo[b,f]azepine-5-carboxamide 298-46-4 Fin, Can-Ont Can-Man,
FL, Ic, Gr
Antimicrobials/Antiseptics
Triclosan 5-chloro-2-(2,4-dichlorophenoxy)phenol 3380-34-5 Nor-Tro, Nor-Lon, Nordic,
Can-Ont, FI, Ic, Gr
Bronopol 2-bromo-2-nitropropane-1,3-diol 72625-97-9 FI,Ic
Resorcinol Benzene-1,3-diol 108-46-3 FL Ic
m-Cresol 3-Methylphenol 108-39-4 FL Ic
Antibiotics
Ciprofloxacin 1-cyclopropyl-6-fluoro-4-oxo-7-(piperazin-1-yl)-quinoline-3-carboxylic acid ~ 85721-33-1 Fin, F1, Ic, Gr
Ofloxacin (RS)-7-fluoro-2-methyl-6-(4-methylpiperazin-1-yl)-10-oxo-4-oxa-1- 82419-36-1 Fin
azatricyclo[7.3.1.05,13]trideca-5(13),6,8,11-tetraene-11-carboxylic acid
Norfloxacin 1-ethyl-6-fluoro-4-oxo-7-piperazin-1-yl-1H-quinoline-3-carboxylic acid 70458-96-7 Fin
Tetracyclines (sum) (4S,4a8,6S,12a8)-4-(Dimethylamino)-3,6,10,12,12a-pentahydroxy- 60-54-8 Nor-Lon, Nordic,
6-methyl-1,11-dioxo-1,4,4a,5,5a,6,11,12a-octahydro-2- Can-Ont
tetracencarboxamidhydrochlorid
Lincomycin (25,4R)-N-[(1R,2R)-2-hydroxy-1-[(2R,3R,4S,5R,6R)-3,4,5-trihydroxy- 154-21-2 Can-Ont, Can-Man,
6-(methylsulfanyl)oxan-2-yl] propyl]-1-methyl-4-propylpyrrolidine-2- Ala, Nor-Lon
carboxamide
Sulfamethazine 4-amino-N-(4,6-dimethylpyrimidin-2-yl)benzenesulfonamide 57-68-1 Can-Ont, Can-Man
Tylosin [[(2R,3R,4E,6E,9R,11R,128,13S,14R) -12- {[3,6-dideoxy-4-O-(2,6- Can-Ont
dideoxy-3-C-methyl-a-L-ribo-hexopyranosyl) -3- (dimethylamino)-
B-D-glucopyranosyl]oxy}-2-ethyl-14-hydroxy-5, 9,13-trimethyl-8,
16-dioxo-11-(2-oxoethyl)oxacyclohexadeca-4,6-dien-3-ylmethyl 6-deoxy-
2,3-di-O-methyl-B-D-allopyranoside
Erythromycin (3R,4S,55,6R,7R,9R,11R,12R,135,14R)-6-(25,3R,45,6R)-4-(dimethylamino)- 114-07-8 Can-Ont, Can-Man
3-hydroxy-6-methyloxan-2-yl]oxy}-14-ethyl-7,12,13-trihydroxy-4-
{[(2R,4R,58,6S)--hydroxy-4-methoxy-4,6-dimethyloxan-2-yl]oxy}-
3,5,7,9,11,13-hexamethyl-1-oxacyclotetradecane-2,10-dione
Enrofloxacin 1-cyclopropyl-7-(4-ethylpiperazin-1-yl)-6-fluoro-4-oxo-1,4- 93106-60-6 Can-Ont
dihydroquinoline-3-carboxylic acid
Lincomycin (2S,4R)-N-[(1R,2R)-2-hydroxy-1-[(2R,3R,4S,5R,6R)-3,4,5-trihydroxy- 154-21-2 Can-Ont
6-(methylsulfanyl)oxan-2-yl] propyl]-1-methyl-4-propylpyrrolidine-2-
carboxamide
Roxithromycin [3R,4S,55,6R,7R,9R,118,12R,13S,14R)-6-{[(2S,3R,4S,6R)-4- 80214-83-1 Can-Ont
(Dimethylamino)-3-hydroxy-6-methyloxan-2-yl]oxy}-14-ethyl-7,12,13-
trihydroxy-4-{[(2R,4R,5S,6S)-5-hydroxy-4-methoxy-4,6-dimethyloxan-2-yl]
0xy}-3,5,7,9,11,13-hexamethyl-10-(2,4,7-trioxa-1-azaoctan-1-ylidene)-1-
oxacyclotetradecan-2-one
Sulfamethoxazole 4-Amino-N-(5-methylisoxazol-3-yl)-benzenesulfonamide 723-46-6 Can-Ont, Can-Man
Monensin Na 4-[2-[5-ethyl-5-[5-[6-hydroxy-6-(hydroxymethyl)-3,5-dimethyl-oxan-2-yl]- ~ 17090-79-8 Can-Ont
3-methyl-oxolan-2-yl]oxolan-2-yl]- 9-hydroxy-2,8-dimethyl-1,6-dioxasp
iro[4.5]dec-7-yl]-3-methoxy-2-methyl-pentanoic acid
Trimethoprim 5-(3,4,5-Trimethoxybenzyl)pyrimidine-2,4-diamine 738-70-5 Can-Ont, Nor-Lon, Nordic
Sulfmethizole 4-amino-N-(5-methyl-1,3,4-thiadiazol-2-yl)- benzenesulfonamide 144-82-1 Nordic
Additives
Siloxanes (General) see below Nordic
D4 Octamethylcyclotetrasiloxane 556-67-2 Nordic
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(SDSE-1-14)

Group TUPAC CAS no. Location identified
Compound
D5 Decamethylcyclopentasiloxane 541-02-6 Nordic
D6 Dodecamethylcyclohexasiloxane 540-97-6 Nordic
Butylparaben Butyl 4-hydroxybenzoate 94-26-8 FL Ic, Gr
Fragrances
Celestolide 1-[1,1-Dimethyl-6-(2-methyl-2-propanyl)-2,3-dihydro-1H-inden-4-yl] 13170-00-1 Can-Ont
ethanone
Phantolide 1-(1,1,2,3,3,6-Hexamethyl-2,3-dihydro-1H-inden-5-yl)ethanone 15323-35-0 Can-Ont
Traseolide 1-(3-Isopropyl-1,1,2,6-tetramethyl-2,3-dihydro-1H-inden-5-yl)ethanone 68140-48-7 Can-Ont
Galaxolide 4,6,6,7,8,8-Hexamethyl-1,3,4,6,7,8-hexahydrocyclopenta[g]isochromene 1222-05-5 Can-Ont
Cashmeran
Tonalide
Musk Tibetene
Musk xylene
Musk keton
Steroid hormones
Estrone (8R,9S,138,14S)-3-hydroxy-13-methyl- 6,7,8,9,11,12,13,14,15,16- 53-16-7 Can-Ont, F, Ic, Gr
decahydrocyclopenta[a]phenanthren- 17- one
Ethinyl Estradiol (EE2) 19-nor-17a-pregna-1,3,5(10)-trien-20-yne-3,17-diol 57-63-6 Can-Ont, Can-Man,
FL, Ic, Gr
Estriol (16a,17B)-Estra-1,3,5(10)-triene-3,16,17-triol 50-27-1 FL, Ic, Gr
Levothyroxine (S)-2-Amino-3-[4-(4-hydroxy-3,5-diiodophenoxy)-3,5-diiodophenyl] 51-48-9 FL, Ic, Gr
propanoic acid
Estradiol/17b-Estradiol (8R,9S,138,14S,17S)-13-methyl-6,7,8,9,11,12,14,15,16,17- 50-28-2 Can-Ont, Can-Man,
decahydrocyclopenta[a]phenanthrene-3,17-diol FL Ic, Gr
Lipid regulators
Gemfibrozil 5-(2,5-dimethylphenoxy)-2,2-dimethyl-pentanoic acid 25812-30-0 Can-Ont
Fenofibrate propan-2-yl 2-{4-[(4-chlorophenyl)carbonyl]phenoxy}-2-methylpropanoate ~ 49562-28-9 Can-Ont
clofibric acid 2-(4-Chlorophenoxy)-2-methylpropanoic acid 882-09-7 Can-Ont, FL, Ic, Gr
Illicit drugs
MDMA (+/-)-N,a-dimethyl-3,4-(methylene-dioxy)phenethylamine, 64057-70-1 Fin (Oulo, Rovaniemi)
(3,4-metylendioxymetamfetamin
Metamphetamine N-methyl-1-phenylpropan-2-amine 537-46-2 Fin (Oulo, Rovaniemi)
Amphetamine (RS)-1-phenylpropan-2-amine 300-62-9 Fin (Oulo, Rovaniemi)
Cocaine methyl (1R,2R,3S,55)-3- (benzoyloxy)-8-methyl-8-azabicyclo[3.2.1] octane- 50-36-2 Fin (Oulo, Rovaniemi)
2-carboxylate
Stimulants
Caffeine 1,3,7-Trimethylpurine-2,6-dione 58-08-2 Nor-Tro, Nor-Lon, Nordic,
Canada, Ala
1,7-dimethylxanthine/Paraxanthine 1,7-dimethyl-3H-purine-2,6-dione 611-59-6 Ala
Anti-cancer
Ifosfamide N-3-bis(2-chloroethyl)-1,3,2-oxazaphosphinan-2-amide-2-oxide 3778-73-2 Can-Ont
Cyclophosfamide (RS)-N,N-bis(2-chloroethyl)-1,3,2-oxazaphosphinan-2-amine 2-oxide 50-18-0 Can-Ont
Surface tension supressors
Quaternary ammonium see below Nordic (FIL, Gr, Ic
compounds (QACs)
ATAC hexadecyl(trimethyl)azanium 112-02-7 FL Ic, Gr
BAC dimethyldioctadecyl-ammonium bromide 3700-67-2 FL Ic, Gr
DDAC didecyldimethylammonium chloride 713-51-5 FL Ic, Gr
Sodium dodecyl sulphate (SDS) Sodium lauryl sulfate 151-21-3 FL Ic, Gr
Sodium laureth sulphate Sodium lauryl ether sulfate 9004-82-4 FL Ic, Gr
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Atmosphere Terrestrial Freshwater Marine
Data sources
Air Snow Soil Biota Sewage Water  Sediment Biota Water  Sediment  Biota ~Comments
X X X X X (19)
X X X X X (19)
X (19)
(Gr, Ic, FI)
X X X (8), (21)
X X (8), (21)
x x X (8),(21)
X x X (8),(21)
x (8),(21)
X (8), (21)
X (21)
X (22)
(22)
x x (5), (8)
(Gr, Ic, FI)
X X (5),(9)
(Gr, Ic, FI)
X X (5)
X X (5)
(Gr, Ic, FI) (Gr, Ic, FI)
X X (5)
(Gr, Ic, FI) (Gr, Ic, FI)
x x (3), (4), (8)
(®)
X X (4), (7), (8)
X (23)
X (23)
X (23)
X (23)
X X (6), (7), (13)
X (13)
(4)
(4)
X X X X (24)
(Gr, I, FI) (I, FI) (Gr, FI) (Gr, FI)
X X X X (5), (24)
(Gr, I, FI) (Gr,Ic, FI)  (Gr, FI) (Gr, FI)
X X X X (24)
(Gr,Ic, FI) (Gr,Ic, FI)  (Gr, FI) (Gr, FI)
X X X X (24)
(Gr, I, FI) (Gr,Ic, FI)  (Gr, FI) (Gr, FI)
X X X (5)
(Gr, 1, FI) (Gr,Ic,FI)  (Gr, FI)
X X X (5)
(Gr, I, FI) (Gr,Ic, FI)  (Gr, FI)
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Group TUPAC CAS no. Location identified
Compound
Cocoamidopropyl betaine (CAPB)  {[3-(Dodecanoylamino)propyl](dimethyl)Jammonio}acetate 61789-40-0 FL, Ic, Gr
Hypnotics
Lidocaine 2-(diethylamino)-2-(diethylamino)- 137-58-6 FI, Ic, Gr
N-(2,6-dimethylphenyl)acetamide
Antidiabetics
Metformin N,N-Dimethylimidodicarbonimidic diamide 657-24-9 FL Ic, Gr
Gliclazide N-(hexahydrocyclopenta|[c]pyrrol-2(1H)-ylcarbamoyl)-4- 21187-98-4 FL Ic, Gr
methylbenzenesulfonamide
Anticoagulant
Warfarin (RS)-4-Hydroxy-3-(3-oxo-1-phenylbutyl)- 2H-chromen-2-one 81-81-2 FL Ic, Gr
Dipyridamole 2,2',2",2"-(4,8-di(piperidin-1-yl)pyrimido[5,4-d]pyrimidine-2,6-diyl) 58-32-2 FL Ic, Gr
bis(azanetriyl)tetraethanol
Diuretics
Furosemide 4-chloro-2-(furan-2-ylmethylamino)- 5-sulfamoylbenzoic acid 54-31-9 FI, Ic, Gr
Hydrochlorothiazide 6-chloro-1,1-dioxo-3,4-dihydro-2H-1,2,4-benzothiadiazine-7-sulfonamide 58-93-5 FI, Ic, Gr
Bendroflumethiazide 3-Benzyl-1,1-dioxo-6-(trifluoromethyl)-3,4-dihydro-2H-1,2,4- 73-48-3 FL Ic, Gr
benzothiadiazine-7-sulfonamide
Amiloride 3,5-diamino-6-chloro-N-(diaminomethylene)pyrazine-2-carboxamide 2609-46-3 FI, Ic, Gr
Complexation agents
EDTA 2-({2-[Bis(carboxymethyl)amino]ethyl}(carboxymethyl)amino)acetic acid 94108-75-5 FL Ic, Gr
UV-filters
Benzophenone-3 (BP3) Diphenylmethanone 131-57-7 Nor
Ethylhexylmethoxycinnamate (RS)-2-Ethylhexyl (2E)-3-(4-methoxyphenyl)prop-2-enoate 5466-77-3 Nor
(EHMC)
Octocrylene (OC) 2-ethylhexyl 2-cyano-3,3-diphenyl-2-propenoate 6197-30-4 Nor
Bisphenol-monomers
4,4'-methylenebisphenol (4,4-BPF)  4,4'-Methylenediphenol 620-92-8 Nor
2,2"-methylenebisphenol (2,2-BPF)  2,2'-Methylenebis[4-methyl-6-(2-methyl-2-propanyl)phenol] 2467-02-9 Nor
Bisphenol A 4,4'-(propane-2,2-diyl)diphenol 80-05-7 Can-Ont
4,4'-[2,2,2-trifluoro-1- 4,4'-(1,1,1,3,3,3-Hexafluoro-2,2-propanediyl)diphenol 1478-61-1 Nor
(trifluoromethyl)ethylidene]
bisphenol (BPAF)
4,4'-(diphenylmethylene)bisphenol  4,4'-(2,2-Propanediyl)diphenol 1844-01-5 Nor
(BP-BP)
Artificial sweeteners
Cyclamate cyclohexylsulfamic acid 139-05-9 FI, Nor, Ic
Sucralose 1,6-Dichloro-1,6-dideoxy-p-D-fructofuranosyl-4-chloro-4-deoxy-a-D- 56038-13-2 FI, Nor, Ic

galactopyranoside

Abbreviations. Ala: Alaska, Can-Ont: Canada (Ontario); Can-Man: Canada (Manitoba); Gr: Greenland; Ic: Iceland; FI: Faroe Islands; Fin: Finland;
Nor-Tro: Norway (Tromsg); Nor-Lon: Norway (Svalbard, Longyearbyen).

Data sources: (1) Lee et al. 2003, (2) Lindqvist et al. 2005, (3) Kleywegt et al. 2011, (4) Metcalfe et al. 2003, (5) Huber et al. 2013 (Nordic), (6) Kallenborn et al.
2008a, (7) Weigel et al. 2004a, (8) Lishman et al. 2006, (9) Carlson et al. 2013, (10) Lee et al. 2003, (11) Vasskog et al. 2006, (12) Vasskog et al. 2008, (13)
Mutter 2014, (14) Vieno et al. 2007, (15) Vieno et al. 2007, (16) Dye et al. 2007 (Nordic study), (17) Lindberg et al. 2005, (18) Huber et al. 2015, (19) Kaj
et al. 2005 (Nordic), (20) Krogseth et al. 2013a, (21) Vorkamp et al. 2004a, (22) Bakke et al. 2008, (23) Kankaanpia et al. 2014, (24) Kaj et al. 2014 (Nordic
study), (25) Thomas et al. 2014 (Norway), (26) Remberger et al. 2013.
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Atmosphere Terrestrial Freshwater Marine
Data sources
Air Snow Soil Biota Sewage Water  Sediment Biota Water  Sediment  Biota ~Comments
X X X (5)
(Gr, I, FI) (Gr,Ic, FI)  (Gr, FI)
x (5)
(Gr, Ic, FI)
X (5)
(Gr, Ic, FI)
X (5)
(Gr, Ic, FI)
x (5)
(FI)
X X (5)
(Gr, Ic, FI) (Gr, Ic, FI)
X X (5)
(Gr, Ic, FI) (Gr, Ic, FI)
X X (5)
(Gr, I, FI) (Gr, Ic, FI)
X X (5)
(Gr, Ic, FI) (Gr, Ic, FI)
x x (5)
(Gr, Ic, FI) (Gr, Ic, FI)
X X (5)
(Gr, Ic, FI) (FI)
X (25)
(Nor)
x (25)
(Nor)
X (25)
(Nor)
x (25)
(Nor)
X (25)
(Nor)
X X X (3), (22), (25)
(Nor) (Can-Ont)
X (25)
(Nor)
X (25)
(Nor)
X X (26)
(Nor, Ic, FI) (Nor, Ic, FI)
x x (26)

(Nor, Ic, FI) (Nor, Ic, FI)
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Table A2.8/2 Supplementary information concerning Arctic media and compound groups for which PPCP data have been reported. Abbreviations and
data sources listed at the end of the table.

Characteristics Terrestrial Freshwater
Group Location Air, ng/m’ Soil, ng/g Sewage influent, Sewage effluent, Sewage sludge,
Compound ng/L ng/L ng/g
NSAID
General
Salicyclic acid Can-Ont, FI, 150-87 4000 3600 (med,
Ic, Gr (Can-Ont), Can-Ont),
<MDL-30500 (Ic), <MDL-6030 (c),
21700-38400 (FI)  605-1050 (Gr)
Ibuprofen Can-Ont, 38700 (med, <MDL-4000 (med,
Nor-Tro, FI, Can-Ont), Can-Ont),
Ic, Gr 1.62-48800 (Ic), ~ <MDL-5800 (Ic),
10.2-3530 (FI),  3380-4500 (FI),
<MDL-6050 (Gr) 2810 (Gr),
448 (Nor-Tro),
30-403 (Nor-Lon)
Hydroxy-Ibuprofen Nor-Tro 3614 (Nor-Tro), 50-5010
8-1298 (Nor-Lon) (Nor-Tro)
Carboxy-Ibuprofen Nor-Tro 70170 (Nor-Tro), 4-18400
411-34028 (Nor-Tro)
(Nor-Lon)
Gemfibrozil Can-Ont, 700 (med, Can-Ont) <MDL-0.54
Can-Man
Naproxen Can-Ont, 1.1-6.06,1300 0.21-1.21, 12500
Can-Man (med, Can-Ont), (med, Can-Ont),
175-109000 (Ic),  525-1920 (Ic),
<MDL-102 (FI)  <MDL-7.88 (FI)
Ketoprofen Can-Ont 5700 (med, 0.03-0.15
Can-Ont)
Diclofenac Can-Ont, 0.03-0.2, 0.02-0.21,
Nor-Tro, 1300 (med, Can), 0.1-0.2
Nor-Lon, FI, 24.3-697 (Ic), (northern Swe),
Ic, Gr 58.8-190 (FI) 33.4-390 (Ic),
1.84-597 (FI),
<MDL-3.55 (F),
<MDL-48
(Nor-Tro),
30-1074 (Nor-Lon)
Indomethacin Can-Ont 0.05-0.2 0.03-0.24
Fenoprofen Can-Ont 1800 (med, Can)
Acetaminophen/Paracetamol FL Ic, Gr, 9790-251000 (Ic),  3660-8540 (Ic),
Can-Ont 42.3-506000 (FI), 40300-71500 (FI),

Fenoprofen

Pentoxyfylline
SSRI

Sertraline

Fluoxetine

Paroxetine

Citalopram

Fluvoxamine

Ontario (Can)

ontario (Can)

Arctic Norway
and Svalbard, FI,
Ic, Gr

Arctic Norway
and Svalbard, FI,
Ic, Gr

Arctic Norway
and Svalbard, FI,
Ic, Gr

Arctic Norway
and Svalbard, FI,
Ic, Gr

Nor-Sva,
Nor-Tro

<MDL-698 (Gr),
0.37-3.24
(Can-Ont)

1800
(med, Can-Ont)

9.4, <MDL-121 (Ic),

<MDL-2.10 (E),
<MDL-7.09 (Gr)

1.4, <MDL-382 (Ic),

11.5-12.9 (Nor-

Tro), 70.9-783 (Ic),

<MDL-91.5 (FI),
<MDL-1.76 (Gr),

101.5,130-1040

(Ic),0.61-151 (FI),

<MDL-6.25 (Gr),
62.9-303.6
(Nor-Tro)

0.8

20600-25800 (Gr),

0.03-0.74
(Can-Ont)

250 (med, Can-Ont)

3.7-14.6,
33.5-299 (I¢),
<MDL-22.7 (FI),
<MDL-1.96 (Gr),
8-90 (Nor-Tro),

0.6-3.9,
<MDL-5.29 (Ic),
3.46-30.6 (FI)

1.9-11.7,
3.04-89.5 (Ic),
<MDL-149 (EI),
2.7-20.8 (Gr),
3-13 (Nor-Tro)

24.9-89.3,
12.2-69.2 (Ic),
101-540 (FI),
130-192 (Gr),
63-102 (Nor-Tro),

24.9-64.1 (Nor-Tro)

<MDL-2.4,
1.5 (Nor-Tro),
0.8-1.7 (Nor-Tro),

33.6-141 (Ic),
<MDL-28.8 (Gr)

7.05-49.4 (Ic),
<MDL-0.13 (Gr)

6.72-27.4 (Ic),
49.4-120 (FI)

46,1-86.7 (Ic),
255-383 (FI), 51.6
(Gr)
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Freshwater
Sewage, ng/L Water, ng/L Sediment, ng/g Water, ng/L Biota, ng/g Gl s DA GRnEEs
(1: Canada)
110-535 (Ic), 162 7.69 (FI) (2: Can-Ont),
(Gr), 159 (FI) (3: Nordic)
0.3-17 (Ala), 0.5-79 (Can-Ont) 2.57 (Ic), 0.15-0.6 (Nor-Tro), (2: Can-Ont),
0.02-0.38 ug/L 0.18 (Gr) 0.4-1 (Nor-Lon) (3: Nordic),
(Nor-Tro), (4: Can-Ont),
15.8-130 (Ic), (5: Ala), (6: Can),
53.5 (FI), ™)
48.2 (Gr)
0.21-1.32 (Nor-Tro), (7)
2-34 (Nor-Lon)
0.07-1.63 (Nor-Tro), (7)
6-26 (Nor-Lon)
1-9 (Can-Ont) <MDL-40.6 (1), (2: Can-Ont),
(Can-Man) (4: Can-Ont),
(8: Can-Man)
01.3-120 (Ic), 2-199 (Can-Ont) 0.85 (Ic) <MDL-2.1 (1: Can), (2),
0.32 (FI) (3: Nordic),
(4: Can-Ont),
(8: Can-Man)
(1: Can), (2: Can-
Ont), (9: Nordic)
0.006-4.47 0.26-1.04 (Ic), 0.03 (Nor-Tro), (1: Can),
(Nor-Tro), 0.26 (FI), 1-4 (Nor-Lon) (2: Can-Ont),
1.65-19.4 (Ic), 0.19 (Gr) (3: Nordic), (7)
26.9 (FI)
(2: Can-Ont)
17 (1: Can),
(4: Can-Ont)
22.4 (FI), 85.2 (Gr), (2: Can-Ont),
1.2-27 (Ala) (4: Can-Ont),
(5: Ala), (3: Nordic)
100 (Nor-Tro), 28.1 (Ic), 418-1070 0.9-16.3* (3: Nordic), (7),

20 (Nor-Tro)

(FI),0.16-0.27 (Gr)

10.8 (Ic),0.16-0.27  <MDL-2.4*

(Gr)
6.91 (Ic), 0.5-12.3%,0.6-14
<MDL-0.34 (FI), (Nor-Lon)

<MDL-1.15 (Gr)

442-82.2 (Ic), 9.2-612*
0.14-0.82 (FI),
1.2-3.69 (Gr)

0.04-2.4*

(10: Nor), (11: Nor)
(3: Nordic), (7),
(10: Nor), (11: Nor)
(3: Nordic), (7),

(10: Nor), (11: Nor)

(3: Nordic),
(10: Nor), (11: Nor)

(10: Nor), (11:
Nor), (12)
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Characteristics Terrestrial Freshwater
Group Location Soil, ng/g Sewage influent, Sewage effluent, Sewage sludge,
Compound ng/L ng/L ng/g
Desmethylcitalopram Nor-Sva, 118-425.7 (Nor-Tro) ~ <MDL-10.6,
Nor-Tro 118-215 (Nor-Tro),
36.3-300.5
(Nor-Tro)
Didesmethylcitalopram Nor-Sva, 5.6-20 (Nor-Tro) 0.9-8.5,
Nor-Tro 6-10 (Nor-Tro),
0.9-10 (Nor-Tro)
Norfluoxetine Nor-Sva, 2.5 <MDL-24,
Nor-Tro 0.7-2.6 (Nor-Tro)
Desmethylsetraline Nor-Sva, <MDL <MDL-10.6
Nor-Tro
Venlafaxine Ala, FL, Ic, Gr 29.3-30200 (Ic), 24-149 (Ic), 48.5-11400 (Ic),
0.54-1071 (FI), 647-746 (FI), 53.4-282 (FI),
<MDL-5.58 (Gr)  21.3-1020 (Gr) 7.01-20.6 (Gr)
Bupropion Ala
Betablockers
Acebutolol Fin 390-510 80-280
Atenolol Fin, Can-Man, 510-800, 40-440,
FL Ic, Gr 501-1650 (Ic), 707-1730 (Ic),
<MDL-36.8 (FI)  <MDL-188 (FI),
<MDL-470 (Gr)
Metoprolol Fin, Can-Man, 980-1350, 910-1070, 549000 ( Ic),
FL Ic, Gr 14.3-350 (Ic), <MDL-135(Ic), 108000 (FI),
<MDL-319 (FI), 356-810 (FI), 41400 (Gr)
<MDL-2.16 (Gr) 136-251 (Gr)
Propranolol FL Ic, Gr
Sotalol Fin 640-830 160-300

Calcium channel blockers

Amlodipine

ACE-blocker
Enalaprilat

Perindopril

Perindoprilat

Angiotensin II receptor antagonists

Losartan

Candesartan

Enalapril

Antiepileptics

Carbamazepine

Bezafibrate

Antibacterials/Antiseptics

Triclosan

Bronopol

Resorcinol

m-Cresol

Faroe Islands,
Iceland,
Greenland

FL Ic, Gr

FL Ic, Gr

FL Ic, Gr

FL, Ic, Gr

FL, Ic, Gr

FL Ic, Gr

Fin, Can-Ont,
Can-Man, FI,
Ic, Gr

Can-Ont

Can-Ont, FI,
Ic, Gr

FL Ic
FL Ic

FI, Ic

<MDL-11.4 (IS),
<MDL-247 (FO),

<MDL-26.2 (Ic),

<MDL-190 (Ic),
<MDL-18.4 (FI)

>MDL-2.98 (Ic),
<MDL-2.49 (FI),
<MDL-2.91 (Gr)

189-8700 (Ic),
<MDL-98.5 (),
<MDL-5.03 (Gr)

<MDL-1040 (Ic),
<MDL-53.8 (FI)

<MDL-522 (Ic),
<MDL-112 (FI),
<MDL-2.98 (Gr)

290-310, 700
(med, Can-Ont)

600
(med, Can-Ont)

0.37-3.24

<MDL-0.05 (FI)

96 (FI)

<MDL-72.9 (IS),
98.1-448 (FO),
12.8-121 (GL)

10.1-27.9 (IS)
<MDL-11.8 (FI)

<MDL-2.90 (Ic),
<MDL-13.3 (FI)

162-327 (Ic),
22.9-292 (FI),
21.5-165 (Gr)

<MDL-64.8 (Ic),
111-251 (FI)

1.58-22.7 (Ic),
57.4-135 (FI)

380-470, 700
(med, Can-Ont)

200
(med, Can-Ont)

0.03-0.74,
0.04-0.13 (FI),
350 (Nor-Tro),
28-803 (Nor-Lon)

0.13-1.05 (FI)

22.9-39.9 (Ic),
14.4-33 (FI),
1.8-1.92 (Gr)

<MDL-49.7 (FI)
<MDL-2.39 (Ic),

0.13-1.05 (FI),
26.1-322 (Gr)
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Freshwater Marine
Sewage, ng/L Water, ng/L ‘Water, ng/L Sediment, ng/g Biota, ng/g LosmimnE s LDy o
(11: Nor), (12)
(11: Nor), (12)
(11: Nor), (12)
(11: Nor), (12)
(3: Nordic), (5: Ala)
0.23-0.84 (Ala) (5: Ala)
<MDL-8 (13: Fin), (14: Fin)
161-1650 (Ic), <MDL-25 <MDL-15.2 (3: Nordic),
9.82-13.4 (FI), (Can-Man) (13: Fin), (14: Fin)
270 (Nor-Tro) <MDL-116 62.8 (Ic), 7.39 (Gr) <2.11 (MDL) (3: Nordic), (7),
(Can-Man), (8: Can-Man),
0.7 ug/L (Nor-Tro) (13: Fin), (14: Fin)
0.34 pg/L (Nor-Tro) 0.01 pg/L (Nor-Tro) (3: Nordic), (7)
<MDL-52 (13: Fin), (14: Fin)

13.1 ng/L (IS),
214-286 ng/L (FO),
37.5-45.7 ng/L (GL)

0.27 (Nor-Tro)

44 (FI),
<MDL-79 (Ic),
0.69-2.38 (Nor-Tro)

219 (FI),
<MDL-107(Ic)

106 (FI)

<MDL-66 (Fin),
1-749 (Can-Ont)

0.5-3.6 (Can-Ont)

9.58 (IS), 1.47 (GL)

<MDL-47.1
(Can-Man)

0.16-0.48 (Nor-Tro),
2-23 (Nor-Lon)

0.01-0.08 (Ic)

(3: Nordic)

(3: Nordic)
(3: Nordic)

(3: Nordic)

(3: Nordic)

(3: Nordic)

(3: Nordic)

(1: Can),

(3: Nordic),

(4: Can-Ont), (7),
(13: Fin), (14: Fin)

(2: Can),
(4: Can-Ont)

(2: Can-Ont),
(3: Nordic), (7)

(15: Nordic)
(15: Nordic)

(15: Nordic)
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Characteristics Freshwater
Group Location Air, ng/m’ Sewage influent, Sewage effluent, Sewage sludge,
Compound ng/L ng/L ng/g
Antibiotics
Ciprofloxazine Fin, FL, Ic, Gr
Ofloxazine Fin <MDL-130 <MDL-50
Norfloxazine Fin
Tetracyclines Can-Ont, 0.6-11 (Nor-Lon)
Nor-Lon
Lincomycin Can-Ont
Sulfamethazine Can-Ont,
Can-Man
Tylosin Can-Ont
Erythromycin Can-Ont,
Can-Man
Enrofloxacin Can-Ont
Lincomycin Can-Ont
Roxithromycin Can-Ont
Sulfamethoxazole Can-Ont,
Can-Man
Trimethoprim Can-Ont, 0.07-0.15 (Nor-Lon)
Can-Man, Ala,
Nor-Lon
Monensin Na Can-Ont
Additives
Siloxanes (General) Nordic
Fluorinated Siloxanes Nor-Tro
D3 Nor_Sva <MDL-2.8
D4 Ic, FI 2.1-4 (FI),
0.3-2.1(Ic),
<MDL-2.13
(Nor-Sva)
D5 Ic, FI 0.9-2.4 (FI),
0.1-1.6 (Ic),
<MDL-3.74
(Nor-Sva)
D6 Ic, FI 0.39-2.1 (FI),
0.08-0.57 (Ic),
0.11-0.82 (Nor-Sva)
Butylparabene FL, Ic, Gr 0.016-0.048 (Ic), ~ 0.021-0.054 (Ic), <MDL-440 (Ic),
<MDL-0.053 (FI), 0.012-0.025 (FI), 5-22.8 (FI)
0.081-0.109 (Gr)
Fragrances
Celestolide Can-Ont, Gr, FI
Phantolide Can-Ont
Traseolide Can-Ont
Galaxolide Can-Ont
Cashmeran Gr, FI Islands
Tonalide Can-Ont
Musk tibetene Gr, FI
Musk xylene Gr, FI
Musk ketone Gr, FI
Steroid hormones
Estrone Can-Ont, FI, 2.04-141 (Ic), <MDL-13.3 (Ic), 17.9-18.8 (Ic),
Ic, Gr 1.69-11.6 (FI), 7.44-18.5 (FI), 15.4-61.4 (FI),

<MDL-2.09 (Gr)

7.82-21 (Gr)

6.89-210 (Gr)
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Freshwater Marine
Sewage, ng/L Water, ng/L Sediment, ng/g Water, ng/L Sediment, ng/g Biota, ng/g LosmimnE s LDy o
<MDL-25 (13: Fin), (14: Fin),
(16: Swe)
<MDL (13: Fin), (14: Fin),
(16: Swe)
<MDL (13: Fin), (14: Fin),
(16: Swe)
5-35 (Can-Ont) dry weight  (4: Can-Ont)
0.5-143 (Can-Ont) (4: Can-Ont)
1-34 (Can-Ont) <MDL-8.8 (4: Can-Ont),
(Can-Man) (8: Can-Man)
5-39 (Can-Ont) (4: Can-Ont)
10-145 (Can-Ont) < 3.0 (MDL (4: Can-Ont),
(Can-Man) (8: Can-Man)
5-13 (Can-Ont) (4: Can-Ont)
0.5-1413 (Can-Ont) (4: Can-Ont)
5-66 (Can-Ont) (4: Can-Ont)
0.2-5 (Ala) 1-34 (Can-Ont) <MDL-9.2 (4: Can-Ont),
(Can-Man) (5: Ala), (8: Can-
Man), (16: Swe)
0.5-1 (Ala), 1-25 (Can-Ont) <MDL-4.4 (4: Can-Ont),
(Can-Man) (8: Can-Man),
(5: Ala), (16: Swe)
10-810 (Can-Ont) (4: Can-Ont)
3.4 dry weight  (3: Nordic),

2.9-3.7 (Nor-Sva)

190 (FI), 96-120 (Ic) <MDL-1.1 (Ic) 2.6-3.2 (Nor-Sva)
4300 (FI),1100-  <MDL-5.2 (FI), <MDL-10
1600 (Ic) <MDL-5.4 (Ic) (mammals)
1000 (FI),220-240 <MDL-0.33 (FI), <MDL-5.2 (FL fish)
(Ic) <MDL-1.3 (Ic)

<MDL-93 (FI)

2.5 (PB)

2.5 (PB)

2.5-6 (PB)
2.8-4.1 (Barents Sea)

1.11 (Ic),
<MDL-1.42 (FI),
<MDL-0.8 (Gr)

(17: Nordic)

(18)

(19), (20)

(17: Nordic), (19),
(20)

(17: Nordic), (19)

(17: Nordic), (19)

(3: Nordic)

(21),(22),(23)
(21),(22),(23)
(21),(22),(23)
(21),(22),(23)

21),(22)
(23)
(23)
(23), (24)

(1)
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Table A2.8/2 cont.

Characteristics Terrestrial Freshwater

Group Location Air, ng/m’ Soil, ng/g Sewage influent, Sewage effluent, Sewage sludge,
Compound ng/L ng/L ng/g

Estradiol/Ethinyl estradiol Can-Ont, Can- <3 (MDL)

(EE2) Man, FI, Ic, Gr

Levothyroxine FI, Ic, Gr <MDL-2.74 (Ic) <MDL-1.72 (Ic), =~ <MDL-2.26 ng/g

<MDL-1.72 (FI) (1s),
1.32-1.48 ng/g (FO)
17b-Estradiol FL, Ic, Gr <MDL-474 (Ic), <MDL-249 (Ic), 58.8-77.7 ng/g (IS),
<MDL-759 (FI)  342-375 (Gr) 6.4 ng/g (FO)

Lipid regulators

Fenofibrate Can-Ont

Clofibric acid Can-Ont, FI,

Ic, Gr

Illicit drugs

MDMA Fin-Oul, Fin-Rov 30-100

(3,4-metylendioxymetamfetamin) (Fin-Oul, Fin-Rov)

Metamphetamine Fin-Oul, Fin-Rov 20-100

(Fin-Oul, Fin-Rov)

Amphetamine Fin-Oul, Fin-Rov 20-100

(Fin-Oul, Fin-Rov)
Cocaine Fin-Oul, Fin-Rov <MDL
(Fin-Oul, Fin-Rov)
Stimulants
Caffeine Ala 501-5074 (Nor-Lon)
1,7-dimethylxanthine Ala
Anti-cancer
Ifosfamide Can-Ont
Cyclophosfamide Can-Ont
Surfactants

Quatarnary Ammonium FI, Gr, Ic

Compounds (QACs)

ATAC FL Gr, Ic 1.3-61 (I¢), <MDL-13000 (FI), 4000-680000 (Ic);
<MDL-87 (FI), 34-6800 (Gr), 44000-79 000 (FI),
<MDL-7.5 (Gr) 41-2000 (Ic); 1700-76 000 (Gr)

1.3-61 (Ic);
1.6-31 (Ic),
5.2-29 (FI),
3.4-3.8 (Gr)
BAC FL Gr, Ic <MDL-18000 (FI),
13-60000 (Gr),
390-6800 (Ic)

DDAC FI, Gr, Ic <MDL-1300 (FI),

<MDL-15000 (Gr),
2.5-25000 (Ic)

Sodium dodecyl sulphate FL Gr, Ic 1.6-4.1 (I¢), 0.79-4.2 (I¢),

(SDS) 0.13-7.9 (FI), 0.79-5.6 (FI),

<MDL-0.41 (Gr) 0.96-2.4 (Gr)

Sodium laureth sulphate FL Gr, Ic 2.7-970 (Ic), 0.84-67 (Ic), 33-120  510-17000 (Ic),

(SDSO-1-14) 0.28-510 (FI), (FI), 330-450 (Gr) 4300-180000 (FI),
<MDL-19 (Gr) 20000-40000 (Gr)

Cocoamidopropyl betaine FL Gr, Ic <MDL-22 (Ic), <MDL-5.5 (Ic),

(CAPB) <MDL-0.27 (FI),  <MDL-47 (FI),

t-nonylphenol

4-t-nonylphenol

4-n-nonylphenol
Nonylphenol monoethoylate
4-t-octylphenol
4-n-octylphenol

Octylphenol monoethoxylate

<MDL-7.5 (Gr) 85-89 (Gr)
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Table A2.8/2 cont.
Freshwater Marine
Sewage, ng/L Water, ng/L Sediment, ng/g Water, ng/L Sediment, ng/g Biota, ng/g LosmimnE s LDy o
<4.5 (MDL) (8: Can-Man)
<MDL-1.68 (FI) (3: Nordic)
302 (Gr) (3: Nordic)
(21)
(1: Can), (21)
mg/1000p/d (25)
mg/1000p/d  (25)
mg/1000p/d (25)
mg/1000p/d  (25)
0.2-112 (Ala), 30.2-126 (Nor-Tro), (5: Ala), (7)
20.3-293 (Nor-Tro) 24-41 (Nor-Lon)
23.-54 (Ala) (5: Ala)
(1: Can)
(1: Can)
(3: Nordic),
(26: Nordic)
140-9300 (EI), <MDL-1300 (FI), <MDL-7.6 (FI), (3: Nordic),
160-15000 (Ic) 0.5-28 (Gr), 1000 <MDL-6.7 (Gr) (26: Nordic)
(Ic), <MDL-340
(FI),<MDL-190
(Gr)
450-20000 (FI), 13-1300 (FI), <MDL-4.8 (26: Nordic)
110-23000 (Ic) 0.4-320 (Gr) (FI),<MDL-1.4 (Gr)
67-50000 (FI), 0.5-480 (FI), MDL-1.3 (FI), (26: Nordic)
2.5-25000 (Ic) 0.16-51 (Gr) <MDL-0.53 (Gr)
210-3100 (Ic), 110 (Ic), <MDL-93 (3: Nordic)
1000-1100 (FI), (FI)
580-2000 (Gr)
360 (Ic) (3: Nordic)
510-5000 (Ic), 360 (Ic) (3: Nordic)
350-630 (FI),
2100-2300 (Gr)
< MDL (Nor) (27)
24.2-39.2 ng/g ww (28)
(Nor)
< MDL (Nor) (27),(28)
< MDL (Nor) (27)
< MDL (Nor) (27),(28)
< MDL (Nor) (27),(28)
< MDL (Nor) 27)
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Table A2.8/2 cont.
Characteristics Terrestrial Freshwater
Group Location Air, ng/m’ Soil, ng/g Sewage influent, Sewage effluent, Sewage sludge,
Compound ng/L ng/L ng/g
Hypnotics
Lidocaine FL Ic, Gr 1.16-144 (Ic), >MDL-5.25 (Ic),
<MDL-183 (FI), <MDL-2.97 (FI),
<MDL-0.86 (Gr) 0.64 (Gr),
Antidiabetics
Metformin FL, Ic, Gr <MDL-59000 (Ic),  234-4830 (Ic),
<MDL-9660 (FI),  7560-7950 (FI),
<MDL-62 (Gr)  3580-5900 (Gr)
Glicazide FL, Ic, Gr <MDL-538 (Ic), 22.6-29.6 (FI) 0.56 (Gr)
<MDL-3.68 (FI)
Anticoagulant
Warfarin FL Ic, Gr <MDL-1.48 (Ic), <MDL-0.83 (Ic) <MDL-0.83 (FI)
<MDL-3.21 (FI)
Dipyridamole FL Ic, Gr 836-69 600 (Ic), 64.8-12500 (Ic), 29.7-55.6 (Ic),
<MDL-166000 (FI), 1700-24600 (FI)  1330-1880 (FI),
4630 (Gr) 3.26-326 (Gr)
Diuretics
Furosemide FL Ic, Gr 237-1250 (Ic), 120-909 (Ic), 2.23-38.8 (Ic),
<MDL-532 (FI), 1140-11400 (FI), 97.7-686 (FI),
<MDL-48.6 (Gr)  47.3-87.3 (Gr) 2.96-6.18 (Gr)
Hydrochlorothiazide FI, Ic, Gr 232-1960 (Ic), 410-984 (Ic), <MDL-168 (Ic),
<MDL-90.4 (FI)  <MDL-354 (FI), <MDL-7.52 (FI)
6.26-22.6 (Gr)
Bendroflumethiazide FI, Ic, Gr <MDL-1.23 (Gr) <MDL-1.26 (Ic),
MDL-7.00 (FI)
Amiloride FL Ic, Gr 30.6-1260 (Ic) 40.9-217 (Ic) 35.9-95.6 (Ic)
Complexation agents
EDTA FL Ic, Gr 9-49 (Ic), 18-29 (Ic),
1.6-16 (FI), 11-630 (FI),
<MDL-1.3 (Gr) 37-420 (Gr)
UV-filters
Benzophenone-3 (BP3) Nor 721-1915
Ethylhexylmethoxycinnamate ~ Nor 4-37
(EHMC)
Octocrylene (OC) Nor 1701-6969
Bisphenol-monomers
4,4'-methylenebisphenol Nor <MDL-1148
(4,4-BPF)
2,2'-methylenebisphenol Nor <MDL-257
(2,2-BPF)
Bisphenol A Can-Ont, Nor <MDL-991
4,4'-[2,2,2-trifluoro-1- Nor <MDL-2.5
(trifluoromethyl)ethylidene]
bisphenol (BPAF)
4,4'-(diphenylmethylene) Nor <MDL-6
bisphenol (BP-BP)
Artificial Sweeteners
Cylamate FL Ic <MDL-870 1700-6900 (Ic)
Sucralose FL Ic <MDL-690 <MDL-5700 (FI)

MDL: Minimum detection limit. * Direct emission into coastal seawater (effluent).
Country abbreviations. Ala: Alaska, Can-Man: Canada (Manitoba); Can-Ont: Canada (Ontario); FI: Faroe Islands, Fin-Oulo: Finland (Oulo); Fin-Rov: Finland
(Rovaniemi); Gr: Greenland; Ic: Iceland; Nor-Lon: Norway (Svalbard, Longyearbyen), Nor-Sva: Norway (Svalbard), Nor-Tro: Norway (Tromse); Se: Sweden.

Data sources: (1) Metcalfe et al. 2003; (2) Lee et al. 2003; (3) Huber et al. 2013; (4) Kleywegt et al. 2011; (5) Mutter 2014; (6) Metcalfe et al., (7) Weigel et al.
2004a, (8) Carlson et al. 2013, (9) Andersson et al, 2006, (10) Vasskog et al. 2006, (11 Vasskog et al. 2008, (12) Kallenborn et al., 2008a, (13) Vieno et al.
2007, (14) Vieno et al. 2008, (15) Dye et al. 2007, (16) Lindberg et al. 2005, (17) Kaj et al. 2005, (18) Thomas et al. 2014; (19) Krogseth et al. 2013a, (20)
Evenset et al. 2009, (21) Lishman et al 2006, (22) Vorkamp and Rigét, 2014, (23) Vorkamp et al. 2004a, (24) Bakke et al. 2008, (25) Kankaanpi et al. 2014,
(26) Kaj et al. 2014, (27) NIVA, 2012, (28) NIVA, 2014, (29) Thomas et al 2014, (30) Remberger et al. 2013.
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Table A2.8/2 cont.
Freshwater Marine
Sewage, ng/L Water, ng/L Sediment, ng/g Water, ng/L Sediment, ng/g Biota, ng/g LosmimnE s LAY SIS
0.85 (Ic), 0.73 (Ic) (3: Nordic)
46.5 (FI),
15.4 (Gr)
149 (Ic), 56.7 (Ic), (3: Nordic)
239 (EI), 2.45 (Gr)
553 (Gr)
(3: Nordic)
(3: Nordic)
14.2 (I¢), (3: Nordic)
1.52-1.86 (FI),
4.04 (Gr)
2.75 (Ic) (3: Nordic)
(3: Nordic)
<MDL-3.28 (FI), <MDL-1.32 (FI) (3: Nordic)
0.96-0.97 (Gr)
21 (Ic) (3: Nordic)
9-49 (Ic), 1.6-16 (3: Nordic)
(FI), <MDL-1.3 (Gr)
(29: Nor)
(29: Nor)
(29: Nor)
(29: Nor)
(29: Nor)

2-99 (Can-Ont)

3-11 (Barents Sea)

<1.0 (MDL, Nor)

(4), (24), (28: Nor),
(29: Nor)

(29: Nor)

(29: Nor)

Only Arctic  (30)
locations
compared

Only Arctic  (30)
locations
compared
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Table A2.8/3 Supplementary information concerning PPCPs in sewage (maximum reported values).

Sewage influent, ng/L

Location/Region Salicyclic acid Ibuprofen Naproxen Diclofenac Acetaminophen/ Sertraline
Paracetamol

Alaska

Ontario 874000 38700 1300 1300 3240

Manitoba

Greenland 6050 25800 7

Iceland 30500 48800 109000 697 251000 121

Faroe Islands 38400 3530 102 190 506000 2

Svalbard

Tromse (northern Norway)

Sewage, ng/L

Location/Region Salicyclic acid Ibuprofen Naproxen Diclofenac Acetaminophen/ Sertraline
Paracetamol

Alaska 17 27

Ontario

Manitoba

Greenland 162 48 85.2 29

Iceland 535 130 120 19.4 141

Faroe Islands 159 54 0.3 26.9 224

Svalbard

Tromse (northern Norway) 380 4.5 100

Sewage sludge, ng|g

Location/Region Salicyclic acid Ibuprofen Naproxen Diclofenac Acetaminophen/ Sertraline
Paracetamol

Alaska
Ontario
Manitoba
Greenland
Iceland
Faroe Islands
Svalbard

Tromse (northern Norway)

Sewage effluent, ng/L

Location/Region Salicyclicacid Ibuprofen Naproxen Diclofenac Acetaminophen/ Sertraline
Paracetamol

Alaska

Ontario 3600 4000 12500 740

Manitoba

Greenland 1050 2800 25800 2

Iceland 6030 5800 1920 390 8540 299

Faroe Islands 4500 8 597 71500 23

Svalbard 403 1074

Tromse (northern Norway) 448 48 90
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Fluoxetine Paroxetine Citalopram Atenolol Metoprolol Estrone 17b-Estradiol ATAC
1.8 6.25 2.16 2.09 7.5
382 783 1040 1650 1350 141 474 61
91.5 151 36.8 319 11.6 78 87
12.9 304
Fluoxetine Paroxetine Citalopram Atenolol Metoprolol Estrone 17b-Estradiol ATAC
0.1 51.6 21.1 3.8
494 86.7 150 13.3 31
283 13.4 18.5 29
20 270
Fluoxetine Paroxetine Citalopram Atenolol Metoprolol Estrone 17b-Estradiol ATAC
20.6 41400 15000
27.4 11400 549000 2.26 680000
120 282 108000 1.48 9300
Fluoxetine Paroxetine Citalopram Atenolol Metoprolol Estrone 17b-Estradiol ATAC
20.8 192 470 251 21 375 6800
5.29 89.3 69.2 1730 1070 13.3 249 2000
30.6 149 540 188 810 18.5 13000
13 102
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Table A2.8/3 cont.

Sewage effluent (ng/L); relevant comparison

Location/Region Ibuprofen Diclofenac Acetaminophen/ Sertraline Paroxetine Citalopram
Paracetamol

Alaska

Ontario 4000 740

Greenland 2800 25800 2 20.8 192

Iceland 5800 390 8540 299 89.3 69.2

Faroe Islands 4500 597 71500 23 149 540

Longyearbyen (Svalbard) 403 1074

Tromse (northern Norway) 448 48 90 13 102




173

2.9 Polychlorinated naphthalenes (PCNs)

AUTHORS: KATRIN VORKAMP, FRANK RIGET

CoNTRIBUTORS: TERRY F. BIDLEMAN, BIRGIT BRAUNE, ROBERT LETCHER, DEREK MUIR

2.9.1 Introduction

Chlorinated naphthalenes include 75 theoretical congeners
with one to eight chlorine atoms substituting the hydrogen
atoms of the naphthalene ring (Figure 2.81). Strictly speaking,
polychlorinated naphthalenes (PCNs) only include molecules
with more than 1 chlorine atom (Table 2.54). As the naphthalene
ring has a planar structure, PCNs can exhibit dioxin-like effects
through aryl hydrocarbon (Ah) receptor-mediated mechanisms.
In contrast to dioxins and other dioxin-like compounds,
however, no official toxic equivalency factors (TEFs) exist
(Wyrzykowska et al., 2009). Instead, Relative Potency Factors
(RPFs) have been suggested for some PCN congeners, relative
to 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), which is the
most potent Ah-receptor agonist (Blankenship et al., 2000;
Falandysz et al., 2014) (Table 2.55). Most TEFs or RPFs are
based on in vitro cell-based assays using ethoxyresorufin-O-
deethylase (EROD) responses and dioxin-receptor-chemical
activated luciferase gene expression (DR-CALUX). For CN-66
and CN-67, additional information is available from in vivo
studies (Falandysz et al., 2014).

In 2011, the European Union proposed PCNs for inclusion
in the Stockholm Convention (UNEP, 2011d). Following
the review process, the POP Review Committee (POPRC)
recommended in 2013 to list PCNs (i.e. di- through
octachlorinated naphthalenes) in Annexes A and C (UNEP,
2013a). The Conferences of the Parties to the Stockholm
Convention followed this recommendation at their seventh
meeting in May 2015 (UNEP, 2015j). The listing of PCNs in
Annex A includes the exemption that PCNs can still be used or
produced in the manufacture of polyfluorinated naphthalenes
(UNEP, 2015j). Tri- to octaCNs are also on OSPAR’s List of
Chemicals for Priority Action, Group C (i.e. no current
production or use interest in the OSPAR region).

The occurrence of PCNs in the Arctic was previously reviewed by
Bidleman et al. (2010). The present report updates the previous
assessment and only repeats previously reported findings if

7 2
6 3
a,

5 4

Figure 2.81 Chemical structure and ring numbering system of
polychlorinated naphthalenes (PCNs) (Falandysz et al., 2014).

necessary for context. A summary of the old data and those
reviewed by Bidleman et al. (2010) is given in Table 2.56. X PCN
usually comprises a different suite of congeners for each study,
with a potential risk of limited comparability. Given the low
concentrations of some CN congeners, the treatment of values
below detection limits (i.e. replacing them by the detection limit,
half the detection limit or zero) might further influence XPCN.
Parallel analyses of the same samples by low resolution and high
resolution mass spectrometry have further indicated systematic
differences in PCN quantification (Muir, pers. comm.). These
details have therefore been provided where available.

2.9.2 Physical-chemical properties

The PCN congeners are solids at room temperature. The trade
name ‘Halowax’ reflects their wax-like texture. Water solubility
decreases with increasing degree of chlorination, ranging from
137 pg/L for CN-3 to 0.08 pg/L for CN-75. Data on melting
points and water solubility were compiled by Jakobsson and
Asplund (2000).

The PCN congeners have log Kow values of 4.42-6.48 (Jakobsson
and Asplund, 2000). In combination with experimentally
derived bioconcentration factors and bioaccumulation factors,
PCNs were evaluated to possess bioaccumulation potential
by the POPRC (UNEP, 2012a). Detailed physical-chemical
properties are given in Appendix 1. The risk profile report of the

Table 2.54 Overview of PCN homolog groups and the theoretical number of individual congeners per homolog group.

Homolog group CAS no. Molecular formula Number of congeners Congener nomenclature
MonoCNs 25586-43-0 CioH,Cl 2 CN-1,CN-2

DiCNs 28699-88-9 CioHoCl 10 CN-3 - CN-12

TriCNs 1321-65-9 CioHsCls 14 CN-13 - CN-26
TetraCNs 1335-88-2 CioH,Cly 22 CN-27 - CN-48
PentaCNs 1321-64-8 CioH;Cls 14 CN-49 - CN-62
HexaCNs 1335-87-1 CioH:Cls 10 CN-63 - CN-72
HeptaCNs 32241-08-0 CiHCl, 2 CN-73,CN-74
OctaCNs 2234-13-1 CiCls 1 CN-75
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Table 2.55 Relative potency factors (RPFs) suggested for polychlorinated
naphthalenes (PCNs) as summarized by Falandysz et al. (2014).

Congener (congener number)  CAS no. RPF
1,2-DiCN (CN-3) 2050-69-3 <2.9x107
1,4-DIiCN (CN-5) 1825-31-6 5.1x10” - 3.5x10°

1,5-DiCN (CN-6) 1825-31-6 <6.6x107 - <1.2x10°¢
1,8-DiCN (CN-9) 2050-74-0 <1.7x10° - 1.5x10°
2,3-DiCN (CN-10) 2050-75-1 <5.9x10°¢ - 2.7x10°
2,7-DIiCN (CN-12) 2198-77-8 <4.2x107
1,2,3-TriCN (CN-13) 50402-52-3  <2.0x10° - <4.4x10°¢
1,2,7-TriCN (CN-17) 55720-34-8  <8.4x107
1,2,3,4-TetraCN (CN-27) 20020-02-4  <1.6x10° - <2.3x10°¢
1,2,4,7-TetraCN (CN-34) 67922-21-8  <4.2x107 - <6.9x107
1,2,5,6-TetraCN (CN-36) 67922-22-9  <4.1x107
1,2,6,8-TetraCN (CN-40) 67922-24-1 1.6x10°
1,3,5,7-TetraCN (CN-42) 53555-64-9  <1.9x10° - 7.5x10°¢
2,3,6,7-TetraCN (CN-48) 34588-40-4  4.1x10°
1,2,3,4,6-PentaCN (CN-50) 67922-26-3  4.3x10” - 6.8x10°
1,2,3,5,7-PentaCN (CN-52) 53555-65-0  <1.8x10° - 4.2x10°¢
1,2,3,5,8-PentaCN (CN-53) 150224-24-1 <1.2x10° - <1.8x10°¢
1,2,3,6,7-PentaCN (CN-54) 150224-16-1 9.2x10° - 5.8x10*
1,2,3,7,8-PentaCN (CN-56) 150205-21-3  2.4x10° - 4.9x10*
1,2,4,5,6-PentaCN (CN-57) 150224-20-7 1.7x10° - 3.7x10°¢
1,2,4,6,7-PentaCN (CN-60) 150224-17-2  <4.2x107 - <2.8x10°
1,2,4,6,8-PentaCN (CN-61) 150224-22-9  <4.2x107
1,2,3,4,5,6-HexaCN (CN-63) 58877-88-6  2x10°
1,2,3,4,5,7-HexaCN (CN-64) 67927-27-4  2x10°
1,2,3,4,6,7-HexaCN (CN-66)* 103426-93-3  5.4x10* - 3.9x107
1,2,3,5,6,7-HexaCN (CN-67)° 103426-97-7  2.8x10* - 2x10°
1,2,3,5,6,8-HexaCN (CN-68) 103426-95-5 1.5x10* - 2x107
1,2,3,5,7,8-HexaCN (CN-69) 103426-94-4  6.9x10° - 2x107
1,2,3,6,7,8-HexaCN (CN-70) 17062-87-2  5.9x10* - 9.5x107
1,2,4,5,6,8-HexaCN (CN-71) 90948-28-0 < 1.1x10°
1,2,4,5,7,8-HexaCN (CN-72) 103426-92-2  7.1x10° - 6.0x10°
1,2,3,4,5,6,7-HeptaCN (CN-73) 58863-14-2  4x10* - 3x107
1,2,3,4,5,6,8-HeptaCN (CN-74) 58863-15-3  4.1x10°

1,2,3,4,5,6,7,8-OctaCN (CN-75) 2234-13-1 <4.3x10° - 1.0x10”

“RPF based on in vivo studies: 1.5x10” - 4.1x10°%; "RPF based on in vivo
studies: 2.9x10* - 6.7x10™.
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POPRC further concluded that tri- to octaCNs were persistent.
This conclusion was based on predicted half-lives in water
of at least 180 days, predicted half-lives in soil of at least one
year, and monitoring data from polar regions (UNEP, 2012a).
Furthermore, photolysis was evaluated to be of minor relevance
(UNEP, 2012a). Although fewer data exist for diCNs, these
congeners were also considered to be persistent. Long-range
transport classification for PCNs was based on atmospheric
half-lives of 3-417 days, model predictions characterizing most
PCNs as ‘multi hoppers’ and the detection of PCNs in polar
regions (UNEP, 2012a). The dioxin-like toxicity of PCNs has
been recognized for several years (Blankenship et al., 2000).

2.9.3 Sources, production, use and trends

PCNs had industrial applications similar to those of
polychlorinated biphenyls (PCBs), namely in capacitor
dielectrics, cutting oils, wood and paper preservatives, cable
insulation, and dye carriers (Yamashita et al.,2000). Production
and use preceded that of PCBs and stopped in the 1970s and
1980s. The total production volume was estimated at 150000
tonnes (Falandysz, 1998), which is considerably lower than the
total PCB production volume of about 1.3-1.5 million tonnes
(Falandysz, 1998; Breivik et al., 2002). The main PCN usage
between the 1920s and 1985 occurred in the USA, Europe
and Japan. Between 1998 and 2000, cases of illegal trade of
PCNs and PCN-contaminated products occurred in Japan
(Yamashita et al., 2003; Falandysz et al., 2008).

PCNs have been detected as impurities of PCB formulations
(Yamashita et al., 2000). They can also be formed in combustion
processes (de novo synthesis), for example during waste
incineration (Benfenati et al., 1991; Schneider et al., 1998).
Emissions of chlorinated naphthalenes formed in coking
processes were estimated at 1.8-125 pg per ton of coke
production, with 20-80% being monoCNs. (Liu et al., 2010).
This was extrapolated to 430-692 mg TCDD toxic equivalents
(TEQ) globally, comparable to dioxin-like PCBs inadvertently
formed in the same processes.

Several studies have addressed the composition of commercial
PCN mixtures (Falandysz et al., 2006a,b; Noma et al., 2006),
recently also applying comprehensive two-dimensional gas
chromatographic separation to resolve co-eluting congeners
(Hanari etal.,2013). Other congeners, absent or of little abundance
in the commercial products, have been identified as indicators
of combustion, especially CN-13, CN-26, CN-29, CN-44 and
CN-54 (Helm and Bidleman, 2003; Orlikowska et al., 2009).
More specifically, CN-24 was further identified as an indicator
of coal and wood burning (Lee et al.,2005). In addition to specific
markers, diagnostic fractions or ratios have been used to indicate
PCN sources, as well as multivariate statistical methods such as
principal component analysis (Bidleman et al., 2010).

Table 2.56 Summary of Arctic media for which polychlorinated naphthalenes (PCNs) have been reported.‘x’ indicates new data, i.e. available since the previous
AMAP assessment (Bidleman et al., 2010) and ‘+’ indicates older data as reviewed by Bidleman et al. (2010). In the case of older and new data, only X’ is used.

Atmosphere Terrestrial Freshwater Marine
Air Snow Soil Biota Water Sediment Biota Water Sediment Biota
PCNs X + + (subarctic) + X




Chapter 2 Section 2.9 - Polychlorinated naphthalenes (PCNs)

An early study from Sweden reported that most PCN profiles
in environmental samples were similar to the profile of PCN
impurities found in PCB formulations, and showed little
similarity with low and medium chlorinated Halowax mixtures
(Jarnberg et al., 1997). More recently, PCNs in pine needles in
Poland were found to reflect multiple sources, including the
burning of wood and fossil fuels (Orlikowska et al., 2009). Helm
and Bidleman (2003) concluded that about 54% of PCNs in
air at Toronto had originated from combustion sources. Along
with the discontinuation of the industrial use of PCNs, there
has been an increase in combustion-related congeners in the
overall profile of PCNs in the UK since the 1950s, indicating
the increasing importance of combustion processes as sources
of PCNs to the environment (Meijer et al., 2001).

With regard to the Arctic, combustion-related PCN congeners
were detected in air at Svalbard and Alert (Canada) (Lee et al.,
2007). The congener pattern at Ny—Alesund (Svalbard) in particular
also showed some resemblance to the profile of Halowax 1014,
suggesting evaporation of the technical mixture from past use as
one of the PCN sources in the atmosphere of Svalbard. Lee et al.
(2007) also noted that the homolog profile at Ny-Alesund was
more similar to urban locations than that of, for example, Alert in
the remote High Arctic. Based on measurements at Dunai (Russia)
and Alert and Tagish (Canada), Helm et al. (2004) concluded that
evaporation was the main source of PCNs in Arctic air although
some combustion markers could be identified in the PCN profile.
They confirmed that CN-54 was the most reliable indicator of
combustion sources in Arctic air samples.

2.9.4 Transformation processes

There do not appear to be any recently published data on the
transformation of PCNs in the Arctic environment. Based on
quantitative structure-property relationships (QSPRs), model
results on the reaction of PCNs with atmospheric hydroxyl
radicals (OH-) lead to predicted atmospheric half-lives of a
few days for lower chlorinated congeners to nearly one year
for octaCN (Puzyn et al., 2008; Table 2.57). Besides the degree
of chlorination, the substitution pattern of the molecule affects
the atmospheric stability.

Biological transformation reactions have also been described
for PCNs as reviewed by Falandysz et al. (2014): Lower
chlorinated PCNs (i.e. up to tetraCNs) can undergo metabolic
transformation by hydroxylation via arene oxide intermediates
or by hydroxylation-dechlorination. In animals, several phase
IT metabolites have been detected, such as conjugates with
glucuronic acid and mercapturic acid, for these lower chlorinated
congeners. For tetra- to hexaCNs, partial transformation to
methylthio and methyl sulfoxide metabolites has been found.

2.9.5 Modeling studies

Several modeling studies have been published on the prediction
of physical-chemical properties of PCNs including the QSPRs
(Chen etal.,2003; Puzyn and Falandysz, 2007; Puzyn et al., 2008).
Based on QSPR and an atmospheric concentration of 9.4x10°
OH- radicals/cm’, Puzyn et al. (2008) calculated atmospheric
half-lives for all PCN congeners (Table 2.57). Even for the most
volatile congeners, the persistence criterion for defining POPs
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Table 2.57 Average atmospheric half-lives determined by quantitative
structure-property relationships (QSPRs) and based on a concentration
of 9.4x10° OH- radicals/cm?® (Puzyn et al., 2008).

Homolog group Half-life, d
MonoCNs 2
DiCNs 5
TriCNs 10
TetraCNs 19
PentaCNs 39
HexaCNs 79
HeptaCNs 163
OctaCN 343

according to the Stockholm Convention was met (t; > 2 days).
Recently, new quantum-mechanical models were developed
to calculate the vapor pressure, water solubility and partition
coefficients of PCNs (Vikas and Chayawan, 2014; Chayawan and
Vikas, 2015). Electron-correlation contributions were found to
have a central role in these predictions, which showed significant
correlations with experimentally determined values. Using multi-
linear regression, a QSPR was developed to predict the enthalpy
of vaporization for a large number of POPs, including some PCNs
(Sosnowska et al.,2014). From these results, vapor pressures were
estimated for a wide temperature range (213-323K).

2.9.6 Environmental concentrations

2.9.6.1 Air and precipitation

The previous AMAP assessment showed PCNs were widespread
in Arctic air, with the highest concentrations of up to